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Interestingly, the invention of the first plastic was closely linked to the conservation of the African 
elephant. The material was invented as a low- cost replacement for ivory used to make Billiard balls 
back in the 1800s. With a single elephant tusk yielding just three balls, the expense, difficulty, and 
perhaps even the brutality of securing ivory, drove Michael Phelan, a star player of the game and 
an entrepreneur of his day, to announce a prize for anyone with an apt substitute for the unique 
ivory. That led the US inventor Wesley Hyatt, in 1869, to come up with hardened nitrocellulose 
(which he called celluloid) as a good substitute. Though he did not receive the prize, his efforts 
ushered in an era of plastics, a defining feature of the anthropocene epoch. It was soon followed by 
Bakelite in 1907 and then by a series of other plastics that continue to serve us even today. In fact, 
all the common plastics in use today were discovered by the early 1950s. An early success was 
nylon (invented by Carothers at Du Pont) introduced to the consumer at the 1939 World Fair, 
causing a sensation with 64 million pairs of stockings sold in a year. As nylon was a replacement 
the natural silk used in hosiery, the discovery of this first synthetic textile fiber saved millions of 
silkworms from an early demise as the demand for fine natural silk leggings dropped.

Plastics captured the imagination of the public and much was expected of this miraculous mate-
rial which lived up to public expectations, quickly finding applications in fabric, packaging as well 
as in numerous other consumer products. The August 1955 issue of the Life magazine proudly 
announced the dawn of a plastic era with “throwaway living,” where housewives would finally 
be relieved of having to clean utensils after each meal. Not only did this ominous claim come true 
with every single item in the Life magazine illustration becoming a common household product, 
but also introducing a host of innovative single- use plastics products widely used today. With 
nearly half the commodity plastics produced today devoted to disposable products, the unman-
aged or carelessly disposed post- use plastics have now ended up in our environment, ironically 
harming wildlife, especially marine organisms. Today every aquatic system including the Marianna 
trench, the Arctic ice masses, and rivers on even uninhabited islands around the world are con-
taminated with post- use plastics. Marine convergence zones, like those in the Northern Pacific, 
concentrate small fragments of plastics, the microplastics, counted in the trillions in the upper 
ocean. As some plastics in the ocean sink to the sediment, what is sampled in surface water is only 
the tip of the proverbial iceberg. Their abundance in the water column, especially the bottom sedi-
ment, is reported to be much larger than in either surface water or the dry beach sediment. How 
much plastic enters the oceans is not precisely known. An estimate places the influx in 2010 at 
4.8–12.7 MMT but it keeps growing each year.

Preface
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 An Already Stressed Ocean

The ocean that ends up receiving an annual increment of plastic waste from both land- generated 
debris via riverine transport and also directly from coastal areas, is already under stress. The burn-
ing of fossil fuels over the past several hundred years has already increased the acidity of surface 
waters by 30% threatening the survival of hard- shelled species; it’s impact on the global fishery is 
not reliably known. Rampant unsustainable overfishing depleting the fishery, also leaves behind 
enormous amounts of derelict plastic gear each year, to continue on wasteful “ghost fishing” into 
the next generations. Ocean also has to contend with industrial or medical wastes that introduce 
either pathogens or toxic chemicals into the water, creating dead zones at sea. Over- enriching local 
patches of the sea by excess nutrients cause eutrophication, toxic algal blooms or fish kills. More 
than half the coastal and estuarine waters in the contiguous US are already affected by one or more 
of these phenomena to some extent.

To this already stressed ecosystem, human activity now introduces an annual load of at the very 
least, 8 MMT of plastic (even not counting ocean- generated plastic debris) with no known mecha-
nism that can remove these plastics even in the long term. All the plastic debris discharged into the 
ocean, except for what gets washed ashore, accumulates in the bottom sediment, but little is known 
about how these plastics affect the benthic ecology. Recent studies estimate the floating plastics in 
the ocean in 2010 at 0.5 MMT; but this is only what can be sampled by plankton nets (mesh size 
300 μm) and most of the plastic debris might be smaller, below the threshold size for plankton nets. 
Also, net- sampling of floating plastics excludes the majority of the plastic debris that resides in the 
water column or the benthos. Not surprisingly, what is counted is therefore far less than one might 
expect based on global plastic production.

Isita Causefor Concern?

In common with all highly visible environmental problems with potential human health impacts, 
microplastics in the ocean has also been subject to media hype and exaggeration. But beyond the 
hyperbole, there lies a very real emerging problem that deserves the prompt attention of the 
research community. Exponentially growing research literature on the topic and many interna-
tional professional forums addressing microplastics demonstrate some level of public commit-
ment to the quest. Again, as with all environmental issues, some researchers do not agree that a 
serious problem does exist. Some point out that oceans are rich in natural micro- and nanoparticles 
in any event and the impact of the small fraction of microplastics would be minimal. Others cite 
the much higher microplastics concentrations (compared to levels likely to be present in the ocean), 
used in toxicology studies that show adverse impacts, to justify their stance. However, given that 
plastic waste will continue to be emptied into the ocean year after year, at the rate of about a 
garbage truck load a minute, (that will increase to four per minute by 2050), these arguments are 
not particularly persuasive. In fact, these are reminiscent of the complacency in the days before the 
Minamata tragedy in Japan in 1950s, where organic mercury was emptied into that river (coinci-
dentally by a plastic manufacturer) on the expectation that the water concentrations would be far 
too low to cause any adverse health impact. Microplastics unlike the inorganic fines in the ocean 
are continually fragmenting organic particles that also absorb and concentrate persistent organic 
pollutants (POPs) dissolved in seawater. At least in some species ingesting them, POPs bio- 
accumulate and bio- magnify along the marine trophic chain, delivering progressively higher doses 
of the POPs, pharmaceuticals, metals, and enzyme- mimicking endocrine disruptor compounds to 
a range of marine organisms. With nanoplastics that can permeate the gut wall, these compounds 
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can be delivered systemically. Microplastics present a threat that is very different from that of com-
mon toxicants and may well require criteria and methodologies beyond those in classical toxicol-
ogy in their study. Even the toxicological data on the effects of microplastics ingestion often pertain 
to short- term studies and provide limited information. Virtually nothing is known of dose- response 
curves, long- term effects, embryonic toxicity, and intergenerational effects or their potential 
synergy with conventional toxic compounds. Not only do they have direct effects on the ingesting 
organisms but also indirect effects such as changing local marine biota by introducing rafter 
species, especially antibiotic- resistant bacteria developing on their surface biofilms.

HowMuchof aThreatdoPlasticsin theOceanPose?

MPs are ubiquitous in aquatic environments with about the same surface concentrations (from 
0.01 to 1000 particles/m3 of surface water) in the ocean and rivers around the globe. Over 50 tril-
lion MPs were estimated as merely the floating stock in the ocean in 2017. Plastics are persistent 
and do not mineralize in an observable timescale, especially in the ocean. The threat of microplas-
tics in the ocean persists beyond the present generation as their levels will keep increasing in 
future years and their ecological effects are likely to be irreversible. Available data show bioaccu-
mulation of microplastics in several species and biomagnification by predation, while moving 
along the marine food web to reach the human consumer. For instance, some bivalves as well as 
commercial fish species are already reported to be contaminated with microplastics. That only two 
to three microplastics (discernible by eye or low power microscope) are found in a sample of fish 
or seafood species is not reassuring, because the fish could have been ingesting that amount of 
microplastics routinely and potentially bioaccumulating POPs sorbed by these in its tissue.

Their growing abundance indicated by an expanding body of research findings on microplastics 
in the ocean raises the question of their wider impacts on the ecosystem as a whole. Has the 
impact of microplatics now evolved beyond that of a mere pollutant, challenging planetary 
sustainability to exert a systemic influence on Earth’s resilience? While they do not satisfy all 
criteria presently used to qualify as a planetary boundary threat, some have suggested that they 
would be a serious candidate phenomenon. There are, of course, many unknowns and the 
research that would address these gaps in knowledge needs to be undertaken without delay. The 
magnitude of microplastic- related impacts at the population level and how seriously they might 
impact the functioning of the physical and biological cycles in the ocean, remain unclear. So is the 
ingestion- related distress across the spectrum of marine organisms. Valid methodologies to allow 
decisions making despite these limitations need to be developed. Inadequate funding, especially 
in the US, to study such impacts especially at global hot- spots for plastic pollution, holds back this 
important task. Of the reviews on the topic published over the last few years, less than half are by 
scientists in Asia, the prime hotspot for plastic pollution. Also, a great majority of the research 
reports tend to be qualitative and the scarcity of relevant hard numbers to gauge the impacts, 
impedes this assessment.

Plastics in the ocean is a serious man- made problem that affects the present as well as future 
generations. A few decades from now, it may assume proportions that complicate or even defy any 
reasonable efforts at mitigation or containment. That the threat of plastic pollution of the ocean 
environment is serious and its effects irreversible are well established. Consistent with the precau-
tionary principle, despite the scientific uncertainty of their full impact, adopting measures to 
curb the problem is prudent.

Anthony L. Andrady
Apex, NC 27523
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As I began writing this Foreword in the waning days of 2020, the media was replete with reviews 
of the year soon to be thankfully gone. Besides 2020 being one long battle against COVID- 19, the 
narrator of the Columbia Broadcasting System’s (CBS) year in review made the following state-
ment: “2020 was the year the plastic pollution problem got the world’s attention.” Apparently, the 
problem was baking in the world oven for a good half- century and finally came out in a form that 
caught “the world’s attention.” For those of us working for decades to draw back the plastic curtain 
of ignorance that has kept the public from a general understanding of the material that character-
izes the modern era, this was a belated yet welcome assertion.

The study of marine plastics arose before plastics were acknowledged to be problematic for the 
ocean. At first, marine scientists were simply noting that plastics had been found in birds and on 
the sea surface and were unsure of what this meant. The problematic nature of synthetic polymers 
in our water world could have been inferred from the fact there is no background or natural level 
of these persistent anthropogenic compounds anywhere. This makes them a priori a pollutant; 
they do not belong in or to any natural system. Small amounts of synthetic polymers in the envi-
ronment might have been ignored by science, but the quantities rapidly increased and became 
impossible to ignore. Sadly, it is because of plastic pollution that we study ocean plastics. In this 
volume, an esteemed publisher of scientific literature and a world- renowned expert on environ-
mental plastics have teamed up to give you widely varied perspectives that together demonstrate 
clearly that marine plastic pollution its own field of science. If science can be characterized as a 
branch of knowledge that provides answers by carefully studying a phenomenon from as many 
areas of expertise as possible, then the study of plastic pollution of the marine environment has 
surely become its own field of scientific inquiry. For a deep and broad understanding of the issues 
surrounding ocean plastics, Wiley could not have found a better editor for this volume than 
Dr. Anthony Andrady. His 2003 volume Plastics and the Environment, was the most comprehen-
sive treatment of the subject ever written with contributions from twenty- two authors.

No scientists are exempt from the world views known as paradigms that reign in their historical 
milieu. Scientists are slow to acknowledge the need for a completely new field of research, and 
academic institutions and their funders are slow to divert resources to a new scientific discipline, 
so it has taken over half a century to create awareness and a consensus so that institutions can seek 
and give funding that opens wide the doors to plastic pollution research. The production of 1000’s 
of peer- reviewed studies and several textbooks over the last quarter- century is strong evidence that 
plastics and the ocean are now linked in a novel, though highly undesirable marriage for the 
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foreseeable future; an unhappy union whose dissolution will be messy and unknowably prolonged. 
A world polluted by plastic is indeed a new world, and its discovery and elucidation could be 
described as a scientific revolution.

Thomas Kuhn stated in The Structure of Scientific Revolutions, “Though the world does not 
change with a change of paradigm, the scientist afterward works in a different world. . .” May we 
not take exception to this dictum in the case of plastic pollution? The world has changed, since its 
water, air and soil, as well as the space around it, are infected with synthetic polymers never before 
seen in its long history. The contemporary scientific paradigm is an anthropogenic one, and the 
modern scientist works in a world, in many ways, made by humans.

The field of marine plastic research may conveniently be divided into three chronological phases:

1) The Discovery Phase, 1960–1999, when the phenomenon of ocean plastic was first reported and 
confirmed.

2) The Consolidation Phase, 2000–2014, when ocean plastic research produced considerable 
quan-  titative data and highlighted areas of concern, mainly entanglement and ingestion. Other 
areas considered collateral were aesthetics, increasing international production of plastic con-
sumer goods leading to increasing ocean plastics, biofouling, three- dimensional movement in 
the water column, transport of exotics and effects on the health of marine species.

3) The Rapid Growth Phase, 2015- present, when large institutions and governmental organiza-
tions began to see ocean plastics as worthy of high- level research and remedial action, and 
nongovernmental organizations focusing on plastic pollution worldwide.

The dawn of the Age of Plastic can be traced to its increased development and use in 
WWII. During the Pax Americana that followed, synthetic polymers spread rapidly from wartime 
to peacetime consumer and industrial applications. The famous LIFE Magazine article entitled 
“Throwaway Living,” made single- use foodservice “modern” in 1955, but never addressed the 
after-  life of the items thrown away. Away was far, not near. After three decades of this growing 
single- use lifestyle, the public became aware of problems with finding a faraway place for waste. 
This was highlighted by the long but circular voyage of the barge Mobro 4000 from New York to 
Belize and back, when despite repeated attempts, no U. S. state, territory, or foreign country would 
accept 3000 tons of New York’s garbage. Upon the barge’s return to New York, symbolizing a  
very expensive and failed attempt to find “away,” the refuse was burned and the ash buried in a 
landfill. To this day, many forms of burning and burying continue to dominate plastic disposal, 
both of which are polluting “solutions” that waste the energy and resources used to make the 
original products.

The question of what happens to trash in a landfill was explored in the 1970s by William Rathje, 
a professor of anthropology at the University of Arizona. He found that when buried deep in a 
landfill, common biodegradable items, such as carrots, hot dogs, and newspapers did not biode-  
grade. A similar result for the ocean was observed after the sinking of the deep submergence vehi-
cle Alvin, operated by Woods Hole Oceanographic Institution. Carl Wirsen and Holger Jannasch 
recovered the soup, sandwich, and apple lunch that sank to a depth of 1500 meters when Alvin’s 
lowering cable broke during surface launching. After 11  months of inoculation with seawater, 
“The apples were in a condition equal to that of conventional careful storage, and the bread, may 
onnaise, ham, and bouillon appeared to fare considerably better than they would have under nor-
mal conditions of refrigeration.” Jannasch and Wirsen conducted subsequent experiments, using 
specially designed vessels lowered to great depths with biodegradable materials inside and then 
inoculated with seawater. They concluded that, “if the true removal of pollutants is intended, then 
the slow rates of microbial degradation argue clearly against deep ocean disposal.” (Oceanus)
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Seventeen years after the end of World War II, Steve Rothstein was studying seabirds and found 
certain petrel species (collected in 1962) had eaten plastic. As he told an interviewer compiling the 
early history of plastic pollution: “I didn’t quite realize the significance of things. I figured, well, 
there’s probably, maybe some plastic out there in the ocean and the birds are swallowing it. And I 
assumed that maybe everyone knows this, or it’s not that worth reporting that much” (Plastisphere). 
As it turned out, it was indeed “worth reporting,” but it would take two decades of such reports, 
mostly in journals and reviews characterized by Peter Ryan in “A Brief History of Marine Litter 
Research” as “not such good places,” before the First International Marine Debris Conference was 
convened by the Southwest Fisheries Science Center in Honolulu in 1984.

Ed Carpenter, the first scholar to characterize floating marine plastics in the “good” peer- 
reviewed literature, (Science 1972), recognized potential problems associated with plastics in the 
ocean, such as their ability to sorb PCBs, and then be ingested by marine animals due to their abil-
ity to mimic natural prey, but he let the subject lapse after getting pressure from the Society of the 
Plastics Industry, leading him to wonder if his position as a marine biologist at Woods Hole might 
be placed in jeopardy by the industry complaining to his superiors. (Plastisphere Interview) 
Another paper published in a “good” journal, Nature, in 1974 by Wong et al. looked at “Quantitative 
Tar and Plastic Waste Distributions in the Pacific Ocean.” The surface tows done for this study 
were conducted during the 1972 San Francisco to Honolulu Transpac sail race and would have 
avoided areas of light winds where debris concentrations may have been higher.

The initial response of the plastic industry to environmental plastic pollution was to consider 
plastic “litter” merely an aesthetic problem. After Carpenter’s papers were published in Science, 
and Wong’s in Nature, W.C. Ferguson, a member of the Council of the British Plastics Federation 
and a fellow of the Plastics Institute stated that “Plastics litter is a very small proportion of all litter 
and causes no harm to the environment except as an eyesore.” This may still be the general public’s 
attitude. Their nearly constant contact with the material, its lack of taste, smell, and obvious physi-
cal effects, have led most people to consider consumer plastics inert. If it were harmful in any way, 
why would it be used for our clothing, our home furnishings, and to serve and contain our food?

The need for a volume on plastics and the ocean before a volume on plastics in the soil or the air, 
or even in earth orbit, arises from the fact that the land we live on slopes down to the sea and grav-  
ity, coupled with wind and rain results in the ocean being the first receiving body to absorb massive 
amounts of vagrant plastics. The first plastics found by ocean scientists were a mix of discarded 
plastic consumer objects, but also pre- production plastic resin beads that came to be known as 
nurdles, the form that thermoplastic resin raw material is shipped to “converters,” as the fabrica-  
tors of plastic objects for the marketplace are known. These pellets showed up in the bellies of 
seabirds and in small mesh nets towed mostly at the ocean surface. In the decade following 
Carpenter’s paper, larger objects came to be noticed and spawned the National Atmospheric and 
Oceanographic Administration (NOAA) international marine debris conferences. The early con-
ferences focused primarily on derelict fishing gear as indisputable harm was being done to ships by 
blockage of intake ports and entanglement around propellers and drive shafts. To try to stop dere-
lict nets and lines from being caught in propellers, several companies developed knives that could 
be attached to driveshafts to cut these lines as they wound around them. This fouling with debris 
had been a rare problem for vessels before the age of plastic, but as the age progressed, and less 
expensive and more persistent plastic fishing nets and lines proliferated, entanglement increased, 
and with its high cost to remedy, interest in tracking concentrations of this material became a new 
focus. Increasing reports appeared on derelict nets and fishing gear killing thousands of marine 
mammals through entanglement. This led to an interest in observing and recording the occurrence 
of floating marine debris. In 1987, two NOAA scientists at the National Marine Fisheries Service 
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Auke Bay Laboratory, Steve Ignell and James Seger, prepared a paper on methods for observing 
debris using line transects of vessels in transit. It was apparent to the authors that sunlight reflected 
by wavelets or “glare” would be “the most important single environmental factor affecting the 
sighting probability. . .” The paper was never submitted, probably because “Extensive analyses of 
sighting probabilities relating distance, wave height, and light conditions to type, sizes, and colors 
of marine debris will be needed to incorporate these data into debris estimation procedures.” 
(Manuscript provided by Steve Ignell). The year before, Ignell had written another paper with Day 
and Clausen that emanated from the Auke Bay, AK laboratory entitled: “Distribution and Density 
of Plastic Particulates in the North Pacific Ocean in 1986.” This paper preceded a more comprehen-
sive study by Day, Shaw, and Ignell in 1990, “The quantitative distribution and characteristics of 
neuston plastic in the North Pacific Ocean, 1985–1989,” published in the proceedings of the Second 
International Conference on Marine Debris in 1989. Plastic particulates were becoming more 
interesting, but the term “microplastics” was not yet used.

Surface drift up to this time had been in large part focused on the transport of fish eggs and lar-
vae, especially those of commercially important species like salmon. James Ingraham Jr. had 
developed the Ocean Surface Current Simulator (OSCURS) for this purpose while working for 
NOAA in the Pacific Northwest. Collaborating with oceanographer Curtis Ebbesmeyer, he was 
able to adapt this simulator to track a container spill of Nike sneakers and predict where they 
would wash ashore on the West Coast. He expanded on this work to focus on North Pacific accu-
mulation zones and presented his findings in the year 2000 at the 4th International Marine Debris 
Conference in Honolulu. The results showed two major areas of drifter accumulation: (i) off 
southern Japan, which has come to be known as the Western Garbage Patch and (ii) the middle of 
the eastern North Pacific which has come to be known as the Great Pacific Garbage Patch. The 
work by Day and colleagues never focused on the east- central North Pacific. When I crossed the 
area in 1997, I was impressed by the abundance of floating plastics. Two years later, I returned and 
sampled the area, finding three times the abundance and seven times the weight of the highest 
concentrations per km2 found by Day a decade earlier in the western Pacific. In order to assess the 
potential for ingestion of plastics by open ocean filter feeders, we compared the abundance and 
mass of the zooplankton caught to that of the plastic in our manta trawls. We found the number of 
zooplankton was five times greater than the number of plastic pieces >0.3mm in diameter, but the 
weight of the plastic was six times greater than the zooplankton. We published our findings in 
Marine Pollution Bulletin (42,12, 2001). This finding was shocking and controversial, but to have 
more plastic than life anywhere in the ocean, no matter how you look at it, was explosive. Another 
important paper linking floating plastics to absorption of persistent organic pollutants was pub-
lished the same year by Mato and Takada et al., “Plastic resin pellets as a transport medium for 
toxic chemicals in the marine environment.” They found the pellets could sorb hydrophobic pol-
lutants up to one million times their level in the surrounding seawater. This gave credence to the 
description of small ocean plastics as “poison pills” for marine creatures.

Of course, during these developments, the plastic industry and its professional organizations 
were becoming aware of calls to label plastic waste in the environment as pollution. I was invited 
to speak at a meeting of the Southern California Film Extruders and Converters Association and 
was introduced to an industry response that focused on making plastic waste “disappear” using an 
“OxoDegradable” plastic additive. There were two benefits promoted by the producer of the 
OxoDegradable additive. The first was that it would accelerate the breakdown of the polymer 
chain, minimizing the risk of entanglement, such as was seen to occur with plastic six- pack rings 
used to hold canned beverages. When discarded into the marine environment, they had been pho-
tographed choking several species. The second supposed benefit of the additive was more rapid 
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biodegradation. The idea was that no matter how slowly, plastic polymers will undergo some bio-
degradation in the environment, and this process could be accelerated by mixing fragmenting 
agents into plastics to make them smaller. Although oxo additives did not themselves improve 
biodegradation, the fact that they produced smaller pieces of plastic suggested that they would 
disappear sooner through greater exposure per unit of mass to biodegradation organisms. A repre-
sentative of the company was showing a jar of soil with fragmented plastics to make his point. 
However, when asked to produce proof of final degradation, none was forthcoming. This did not 
stop the company from telling its customers to label their plastic products biodegradable if they 
contained oxo- degradable additives. Experiments with the six- pack rings showed OxoDegradable 
additives to be ineffective in the cold, wet environment of the ocean, making their effectiveness in 
preventing entanglement questionable.

So, if you are the plastic industry, and you can’t show that vagrant plastic waste will go “away,” 
you might find it advantageous to blame consumers of plastic products for their failure to properly 
dispose of plastic waste. An extremely effective campaign was mounted by an industry-  sponsored 
organization in the US called “Keep America Beautiful.” Its focus was the “litterbug,” who did not 
properly dispose of their used products. If only people would not litter, the problem of plastics in 
the ocean would go away. Even scientists studying the problem of ocean plastics believed this 
theory. After listing potential (though not actual) solutions in their paper: “Global research priori-
ties to mitigate plastic pollution impacts on marine wildlife,” Vegter and 26 co- authors con cluded 
that, if their potential solutions were implemented “. . .it would be feasible to deal with what is 
ultimately an entirely avoidable problem.” It seems at just this point; the scientists stop being 
objective, and revert to fantasy. There is no avoiding the problem of ocean plastic pollution in any 
sense, nor is there any way for it to reach some sort of equilibrium or begin to diminish in any 
realistic near- term scenario. Plastic use will surge with the conversion of oil for fuel to oil for plas-
tic. 3- D printing of everything imaginable with plastic feedstocks along with plastic packaging for 
nearly every manufactured product and many fruits and vegetables will contribute to the projected 
doubling or tripling of plastic production by mid- century. Therefore, it is very important to have a 
broad view of the resulting issues that you will get from studying the subjects covered in this vol-
ume. Plastic pollution and its effects will continue to plague the ocean for many future generations 
of scientists.

After my discovery or, more accurately, my confirmation of the existence of the “Great Pacific 
Garbage Patch,” and publication of my findings in Marine Pollution Bulletin 42:12 (2001), I resolved 
to work diligently to highlight the issue of ocean plastic pollution, not only with the public but also 
with industry and the scientific community. I believed the role of “popularizer” of scientific find-  
ings to be an important one, and that I had sufficient speaking and writing skills to fill that role 
successfully. The most widely read article I wrote appeared in Natural History magazine. The arti-
cle titled “Trashed, Across the Pacific Ocean, plastics, plastics, everywhere,” appeared in November, 
2003. After this article, I was besieged with requests for interviews with writers for many different 
publications from “Best Life, Our oceans are turning into plastic . . . are we,” to “US News and World 
Report,” and “Rolling Stone.” Audio- visual media were also interested and I never turned down a 
single interview, from a student classroom to Late Night with David Letterman. Documentaries 
were made by the likes of Academy Award winner Jeremy Irons, who sailed aboard my research 
vessel to do the film, Trashed. Also sailing with me were the crews of Nightline and CBS Sunday 
Morning, among many others. I even took a public television film crew from the Korean 
Broadcasting System out to the Great Pacific Garbage Patch to film our research As the media 
began to produce more content on the issue of ocean plastics, the scientific community also began 
to show greater interest in the topic. A little- known Italian scientific organization, The World 
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Federation of Scientists, started by a physicist and scientific advisor to the Pope, had been holding 
annual conferences to discuss what they considered “planetary emergencies,” such as climate 
change and pollution. For their 2006 meeting at their head quarters in Erice, Sicily, they wanted to 
include “Pollution of water by plastic” as a new planetary emergency. They reached out to Jean 
Michele Cousteau, President of the Ocean Futures Society, who had given a keynote address, 
“Trashing the Sea” at the 3rd International Marine Debris Conference in 2000. The organizers 
wanted him to present data on ocean plastic pollution, but his group had done no studies of the 
subject and had no data to present. They then contacted me to see if I would be willing to present 
my data at the conference, and I agreed. This meeting of top scientists was to become more produc-
tive than I could have imagined. There was a small press room, and a past editor of the Transactions 
of the Royal Society overheard me talking to someone about plas tic pollution. He approached me 
and offered to create a dedicated issue on the topic in one of the oldest and most prestigious scien-
tific journals. Up to this time, no researcher had published on the transmission of chemicals sorbed 
to plastic into wildlife. Several papers were presented at the conference in Erice on the endocrine- 
disrupting effects of compounds in plastics such as BPA and phthalates, but the connection had 
never been established linking them directly to wildlife through plastic ingestion. The Theme Issue 
was edited by Richard Thompson, author of the paper “Lost at Sea: Where is all the plastic?,” 
Shanna Swan, a researcher on phthalates at the USEPA and author of Countdown, Fred vom Saal, 
a pioneering researcher on the effects of BPA, and myself. The theme issue in Transactions of the 
Royal Society B, was titled “Plastics, the environment and human health.” It contained the article 
by Teuten et al., “Transport and release of chemicals from plastics to the environment and to wild-
life,” which was an important milestone in the field of ocean plastic research. I bring up these 
personal experiences for two reasons: (i) some of these aspects of the history of plastic pollution 
research have not before been reported and (ii) to show how scientific progress may in some cases 
be advanced by individuals who straddle the line between research and activism.

After the Royal Society publication in 2009, research papers on the effects of chemicals associ-
ated with plastics became commonplace and we began to enter the rapid growth phase of ocean 
plastic research. The paper that created the most interest in ocean plastics after my actively prom-
ulgated finding that plastic outweighed zooplankton in the central Pacific was Jenna Jambeck’s 
paper published in Science in 2015 titled “Plastic waste inputs from land into the ocean.” The editor 
of this volume and the author of chapter 12 were co- authors. Both the scientific community and 
the public were shocked at the median figure of eight million tons of plastic waste per year enter 
ing the ocean, and that this amount would be likely to grow into the next century, since “peak 
waste” would not be reached before 2100. In 2016, based on this paper, the Ellen MacArthur 
Foundation predicted that there would be more plastic than fish in the ocean by 2050 and that one 
refuse truck’s worth of plastic is dumped into the sea every minute. I would speculate that few 
major newspapers or online news platforms failed to mention one or both of these estimates. 
Images that showed the sea surface covered with plastic in near coastal areas became more com 
mon. Many had requested similar images of the “trash island” because of my work in the Great 
Pacific Garbage Patch. However, because debris there occurs in Langmuir windrows (long lines) 
that can stretch for more than 50 miles, and the debris is rarely touching, no areas covered in debris 
existed in the gyre, even in the areas with the highest concentrations of surface plastic. I have 
emphasized the point that plastics in the ocean are pollutants, but there is still considerable debate 
concerning their harmfulness. A milestone 2013 paper linking plastic ingestion in fish to negative 
physiological outcomes was by Chelsea Rochman and colleagues, “Ingested plastic transfers haz-
ardous chemicals to fish and induces hepatic stress.” Consumption of plastic particles that had 
sorbed pollutants while floating in San Diego Bay resulted in liver abnormalities in fish.
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There remained what many considered the most important aspect of plastic pollution, its effect 
on human health, as papers quantifying the plastics consumed in seafood were becoming com-
mon. In 2017, Fred vom Saal and Aly Cohen edited an Oxford University Press Publication titled 
Integrative Environmental Medicine intended for medical practitioners. Their goal was to main-
stream cutting-  edge concepts that were not taught in traditional medical courses. Sara Mosko, a 
physician and I contributed a chapter: “The Plastic Age: Worldwide Contamination, Sources of 
Exposure and Human Health Consequences.” The Key Concepts included this provocative state-
ment: “The list of human health problems that correlate with exposure to chemicals in plastics 
reads like a catalog of modern Western diseases.” Although correlation is not causation, correla-
tions do merit further investigation. We are now in the phase of plastic pollution research where 
the dividing line between environmental effects and medical research has been breached and med-
ical researchers are looking seriously at potential human health effects. While at first, concerns 
about eating fish that had consumed plastic were paramount, we now have ample evidence that 
exposure through respiration is a greater threat, and that plastics at the nanoscale have invaded 
consumables of all kinds.

An implication of the dictum that the dose makes the poison is that as the dose of a substance 
increases, so does its potential toxicity. There are certain substances in plastics that contradict this. 
I imagine a crowd unable to get through a door when an individual could. Binding to receptors can 
exhibit a U- shaped curve where a very low dose given at the right time binds to a receptor and 
larger doses have less effect until the system is eventually overwhelmed at very high doses. Future 
ocean plastic research will examine such questions and others as they relate to population- level 
effects.

This volume concludes with two chapters on behavior change and legal remedies, which are 
certainly important in stemming the tide of vagrant plastics invading the ocean and the entire 
biosphere. However, the economic drivers of plastic pollution are in the ascendant, and until 
the  worldwide growth of infinitely variable plastic products is redirected by a major paradigm 
shift, scientists will continue to work in a “different” plastic world.
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We live in an era where human beings dominate and control most geochemical processes on 
Earth’s surface, including some aspects of the ocean system. It is impressive that Homo sapiens 
accounting for a mere 0.01% of the biomass on Earth, can exert such control; the mass of structures 
built on Earth by man now exceeds the total biomass on the planet (Elhacham et al. 2020). The 
present epoch of man deserves to be formalized a distinct period, the Anthropocene, within the 
geological time scale (Crutzen and Stoermer  2000). This era started in the post- World War II 
(WWII) years (Steffen et al. 2015; Zalasiewicz et al. 2016) and is ongoing. Plastics, a unique identi-
fier of the Anthropocene, survives as stratigraphic markers in the soil to guide future archeologists 
exploring our era. Historical origins of plastics, however, can be traced further back in history, 
perhaps to 1869, when Wesley Hyatt invented nitrocellulose as a potential substitute for elephant 
ivory that was used to make billiard balls at that time. Even though Wyeth’s celluloid billiard balls 
were a failure (as some of them exploded on impact), this unique product opened the floodgate for 
 synthetic plastic products in to the consumer world. But, the commodity plastics we are familiar 
with today, came of age much later when the War effort spurned a rapid expansion of the materials 
industry in the US with public funding allowing new plastic resin plants to be built to produce vital 
plastics for the military supply chain.

Postwar years saw the enthusiastic acceptance of plastics by consumers worldwide, thanks 
mostly to the efforts of industry to promote plastics as a unique “wonder material,” and much was 
expected of this novel semi- utopian material that promised a wide range of affordable products. 
Today, plastics have emerged as the material of choice in a variety of applications ranging from 
food packaging to spacecraft design. The abundant societal benefits of plastics (Andrady and 
Neal 2009) are evidenced by the rapid substitution of conventional materials used in packaging, build-
ing, transportation, and medicine, with plastics. Plastics have, by now, become indispensable to 
the modern lifestyle, with their per capita consumption governed generally by the affluence of the 
country. While the US, Canada, and Japan, for instance, use over 100 kg  per capita of plastics 
annually, India and some countries in Africa or Central Europe, use less than 50 kg per capita 
(e- Marketer 2021). To meet this steadily increasing global per capita demand of an average ~46 kg 
annually, plastic resin production had grown to 359 million metric tons (MMT); 432 MMT inclu-
sive of the polymer used in synthetic textile fibers) in 2019. China accounted for about 30% of the 
production, and with ~50% of the global resin demand in Asia, the country is well poised to remain 
as the leading resin manufacturer in the world. The annual global production of plastics in the year 
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2015 alone, if processed into a thin plastic “cling film,” was estimated to be large enough to wrap 
the entire earth in plastic wrap (Zalasiewicz et al. 2016).

An estimated (Geyer et al. 2017) 7300 MMT of plastic resin and fiber was manufactured globally 
from just after WWII until the year 2015. By 2020, this figure rose to 8717 MMT. More than half of 
this was either PE (~36%) or PP (~21%). In addition, the thermoplastic polyester (e.g., poly(ethylene 
terephthalate) [PET]) used in beverage bottles, polystyrene (PS) in packaging, and poly(vinyl chlo-
ride) (PVC) as a building material, were also produced. Reflecting their high- volume use, these 
same 4–5 classes of plastics typically dominate the plastic content in the municipal solid waste 
stream (MSW), in urban litter, as well as plastic debris in the marine environment. The current 
discussion is therefore focused on this limited set of plastic types: PE, PP, and PS foam that domi-
nates floating plastic debris in surface waters of the ocean and nylons or polyamide (PA). PET, PS, 
and PVC, mostly found in the deep sediment. Deep- sea sediment is the most important sink or 
repository of waste plastics that enter the ocean every year. While no systematic quantitative 
assessment is available, there is little doubt that plastics accumulate in the benthic sediment and a 
recent estimate places it conservatively at about 14 MMT (Barett et al. 2020).

1.1  What Are Plastics?

The term “plastic” is used in common parlance as if it is a single material. But it is, in fact a broad 
category of materials that include hundreds of different types. Plastics are a sub- class of an even 
larger group of materials called the polymers, characterized by their unique long chain- like 
molecular architecture, made up of repeating structural units. They tend to be giant molecules 
with average molecular weights (g/mol) in the range of 105–106 (g/mol). Being a subset of polymers 
that can be melted and re-formed into different shapes repeatedly, they are therefore called 
 thermoplastics. The word “plastic” is derived from ‘thermoplastic [See Box 1.1]. Hundreds of 
chemically distinct types of thermoplastics exist, even though only a few are used in most consumer 
plastic products.

This is somewhat analogous to the about 95 elemental examples in the group ‘metals’ and their 
numerous commercially available blends, even though only a few common ones such as copper or 
aluminum are extensively used. The same is true of plastics, but even within a single type of plastic 
such as polyethylene (PE)1 several different varieties of resins with different characteristics are 
available. For instance, the common varieties of PE are low- density polyethylene (LDPE), high- 
density polyethylene (HDPE), medium- density polyethylene (MDPE), and linear low- density pol-
yethylene (LLDPE) resins. Each of these varieties includes different grades of that plastic with 
range of properties despite their identical repeat-unit chemical structure. For instance, one grade 
of LDPE (low molecular weight grade) is a soft wax used as a lubricant, while another (ultra- high 
molecular weight grade) of PE, is spun into fibers so strong that they are used as an antiballistic 
material in military hardware. Therefore, in research reports, identifying a material just as a “plas-
tic” or even as “polyethylene” is not particularly informative; details of at least the type, if available 
the grade, and its basic properties should be mentioned in order to compare data across 
publications.

1 The term should really be “polyethylenes” because any given class of plastic such as PE includes many different 
grades of the same polymer that differ in their average molecular weight, molecular weight distribution, and 
polymer chain architecture such as the degree of branching. Despite the identical chemical structure, their key 
properties including strength, melting point and levels of crystallinity are very different.
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Plastics owe their impressive success as a material to their unusual molecular structure that 
obtains a unique combination of advantages (Singh and Sharma 2008). Very long, chain- like mol-
ecules in polymers result in strong attractive forces between them that allow for the development 
of unusual strength in the material. If the long- chain molecules are flexible enough, they can also 
profusely entangle with each other, resulting in resistance to deformation, contributing to the 
strength of plastics. Thermoplastics can easily be formed into different shapes at relatively low 
temperatures to obtain lightweight (low density) products that are strong, transparent, bio- inert, 
and gas- impermeable, thereby making them ideal as packaging materials. Thermosets, especially 
polymer composites reinforced with fillers or carbon fibers, serve as a durable, high- strength, and 
corrosion- resistant material that allows a new degree of design freedom that is exploited in build-
ing design and transport applications. It is this combination of characteristics that impart the ver-
satility of plastics in numerous applications. No wonder we now annually produce enough plastics 
that exceed the global biomass of human beings. Figure 1.1 shows the classification of common 
plastics in the marine environment.

Figure 1.2 shows a breakdown of the mix of plastic resins manufactured worldwide along with 
the main application sectors for different resin types. PE is the resin produced in the highest 
volume(~50%) followed by PP and PET. The figure shows that over 35% of resins produced are 
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Figure 1.1 Classification of plastic types commonly found in the marine environment. 

Box 1.1 Thermoplastics and Thermosets

All plastics are polymers but not vice versa; plastics or thermoplastics include only those types 
of polymer that can be melted and re-formed into different shapes repeatedly. Therefore, poly-
mers such as tire rubber, polyurethane foam, or epoxy resin as well as cellulose or proteins, 
that do not melt on heating by virtue of their molecular architecture, are not thermoplastics but  
are thermosets. What is commonly described under “plastic debris” or “microplastics” in marine 
debris literature, however, often includes some thermosets such as epoxy resin, reinforced poly-
ester (e.g., glass- reinforced plastic (GRP)) and tire rubber particles. In this chapter, we will use 
the term “polymer” interchangeably with “plastic” for convenience of discussion.
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used in packaging where products are expected to have the shortest service life and are particularly 
likely to end up as urban or beach litter.

1.2  Plastics at Present and in the Future

At present, plastic production is a relatively energy- efficient operation supporting a vast global 
manufacturing industry providing an array of useful products at a resource cost of only about 4–6% 
of the annual global petrochemical demand (compared to the ~50% used for transportation). The 
embodied energy2 EE (MJ/kg) of a material is a useful measure of how “energy- expensive” a given 
material might be and is the sum of all energy expenditure associated with producing a unit mass 
of the material or a functional unit of a product. This energy is not “embodied” in a product in the 
sense that all such energy can be recovered from the material. Market cost, however, is an unreli-
able guide to the EE of a material or product. Common plastics generally have a lower EE com-
pared to metal, close to that of glass, but higher than that of wood. Most of this energy is typically 
derived from fossil fuel, a dwindling non- renewable resource that should invariably constrain 
global plastics production. But, a shortage of feedstock is not expected, especially in the US, at least 
in the foreseeable future; the boom in natural gas in the US (with about 500 trillion ft3 of proven 
gas reserves) guarantees the availability of low- cost feedstock for plastics at least the next couple of 
centuries. Also widely anticipated is the freeing up of about 45% of the demand on global crude oil 
for gasoline production because of the expected growth in electric vehicles worldwide (CIEL 2021). 
The petrochemicals sector, including plastics, will then become the major driver for the petroleum 
industry, accounting for about a third of the future oil demand (IEA 2020).

As shown in Figure 1.3, manufacturing plastic resin requires a regular supply of fossil- fuel feedstock, 
a source of processing energy, as well as commons resources such as air or water, a category often either 
overlooked or incompletely accounted for in calculating the cost of the product, shown on the left side 
of the figure. In the process, the carbon in the feedstock is sequestered in the plastic resin, while that 
used as fuel to generate energy for the operation is released as CO2. A suite of externalities that impact 
air, water, and the generation of solid waste accompany the manufacturing process. The result of this 

2 Embodied Energy (EE) is the energy expended in making a unit mass of the material from feedstock or the ore 
and includes energy used in raw material extraction, product processing, transportation, construction, use/
maintenance, and disposal or reuse.
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operation are plastic resin pellets. These resin pellets must be transported and further processed ther-
mally to be shaped into useful consumer products that we are familiar with. This also requires additional 
energy and results in emissions, though to a relatively lesser extent compared to in manufacturing. It is 
the combination of these externalities, referred to as “embodied impacts,” from manufacturing, use, 
and disposal, that is a major concern given the already- apparent signs of man- made climate change.

Global plastic production will keep increasing in the foreseeable future, especially given the avail-
ability of low- cost feedstock and the growing demand for resin. Even at present, the plant capacity for 
resin production both in the US and globally exceeds the current demand for resin. But, producers 
are already investing in additional plant capacity3 anticipating a higher resin demand in future years. 
By 2050, the consumption of oil used to manufacture plastics is expected to outpace that by automo-
biles (IEA 2018). As production volumes invariably determine future environmental impacts of the 
industry, estimating resin production in the medium term is of special interest. An approximate 
estimate of future demand for plastics might be based on the analysis given in Figure 1.4 that plots 
the global resin production (MMT) with the world population (in Billions), with the trend therein 
extrapolated into future decades. Historic data fit a second- order polynomial model (R2 > 0.99) and 
when extrapolated using projected future global population, the plot suggests an annual resin pro-
duction of about 1040 MMT in 2050 and 2410 MMT in 2100. However, implicit in the extrapolation is 
the assumption that current per capita consumption of plastics will hold in the future generations, 
that likely underestimate future plastic production; the per capita use of plastics in high- income 
countries such as the US are expected to increase by 19% by 2050 (Kaza et al. 2018). More sophisti-
cated predictive models estimate even a higher volume of future production of 1100 MMT (World 
Economic Forum 2016), 1800 MMT (Ryan 2015), or 4000 MMT (Rochman et al. 2013) by 2050. 
While accurate projections of production volumes are always difficult to estimate, it is reasonable 
to expect this volume to be at least 1000 MMT by 2050.

Manufacturing plastic resin at this unprecedented scale will entail a set of unique global environ-
mental challenges. Instead of the current demand of 4% of annual fossil fuel production, plastics 
will then require 20% of the production, and result in 15% of the global carbon emissions (World 
Economic Forum 2016). Particularly worrisome are the estimated unmanageable increases in global 
CO2 emissions in that scenario. This carbon footprint is primarily associated with manufacturing, 
use, and disposal of plastics and is referred to as “embodied carbon” or “aggregate emissions”. Zheng 

3 The multibillion-dollar plastic resin manufacturing plant coming up in Beaver County, Pennsylvania, is expected 
to produce 1.6 million metric tons of plastic pellets annually when it opens in 2022.
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Figure 1.3 Schematic representation of the manufacturing process for plastics resin.
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and Suh (2019), based on 2015 production data, reported annual lifecycle emissions of 1.8 GTCO2–e 
from plastics, that amounted to only 3.8% of the global emissions in 2015. With the entire chemical 
industry accounting for only about 15% (Edenhofer et al., 2014) share of global emissions, this is a 
reasonable figure considering the societal value of plastics. The future forecast, however, is bleak, 
with an estimated 6.5 GTCO2–e annually emitted by 2050 or nearly three times the present value 
attributed to plastics (Zheng and Suh 2019). This could even reach 8.0 GTCO2–e if all post- use plas-
tics are incinerated for energy recovery. That much of carbon emissions will not only be challenging 
to manage but will certainly make it difficult for the world to abide by the legally binding treaty 
agreed to by 197 parties (including the US) at the 2015 Paris Agreement, to hold global warming 
well below 2.0 °C (preferably to 1.5 °C) over the pre- industrial levels. With the global average tem-
perature being only 0.8 °C short of this limit in 2020, achieving this goal will be a challenge in any 
event. Dire effects consequent to human failure at controlling climate change, including heat waves, 
ice- free Arctic summers, sea- level rise, declining coral reefs, loss of biodiversity, and lower crop 
yields, are already evident (IPCC 2018).

While the above discussion centered around CO2, it is by no means the worst greenhouse gas 
responsible for warming; methane, nitrous oxide, and fluorocarbons are much more efficient as 
greenhouse gases.4 Offsetting combustive CO2 emissions by potentially better controlling the 
emission of greenhouse gases in other application areas may be of some help. With plastics, over 
60% of the emissions arise from feedstock extraction or the resin production stage (either from 
oil extraction or fracking5 for natural gas extraction), making material recycling an attractive 
strategy to reduce CO2 emissions. While carbon emissions were used here to illustrate the prob-
lems of embedded impacts, it is certainly not the only negative environmental impact of plastic 
manufacturing. Externalities include acidification of water, water pollution, marine aquatic toxicity, 

4 Taking the global warming potential of CO2 to be unity, that of methane is 28–36, nitrous oxide 265–298 and 
fluorocarbons is 104 or 105!
5 Fracking is a technology used to recover natural gas (or even oil reserves) from shale, sandstone, limestone, and 
carbonite. The fracking liquid (water with dissolved chemicals) pumped under high pressure into the deep vertical 
fracking wells can contaminate the water table as well as streams or lakes from the invariable leaks and spills. Air 
pollution due to release of gas (venting or flaring) during the process is also a serious problem. With a majority of 
the producing wells using hydraulic fracking the cumulative effect on the environment is believed to be very 
significant. But, it is the boom in fracking that guarantees low-cost natural gas in the US.
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Figure 1.4 Global plastic resin production versus the population.
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photochemical oxidants, eutrophication potential, human toxicity, and ozone depletion potential 
(Stefanini et al. 2020).

A major consequence of higher production of plastics will be the increase in the post- consumer 
plastic waste stream, already ineffectively managed worldwide (Jambek et al. 2015; Lebreton and 
Andrady 2019). This burgeoning plastic waste not only impacts the municipal solid waste (MSW) 
stream that we poorly manage but also contributes to the unsightly urban litter. Unlike paperboard 
or wood, plastics do not biodegrade in any appreciable timeframe (see Chapter 11) and will persist 
as urban litter over an extended period of time. Cities with a high population density, such as 
Mumbai in India (76 800 persons/sq. mile), Karachi in Pakistan (49 000 persons /sq. mile), and 
Seoul in Korea (45 000 persons /sq. mile), will be particularly affected by the future plastic litter 
problem. A recent model based on population density (LandScan data), the GDP, and country- level 
plastic consumption data, identified future global “hot spots” for plastic waste generation, assum-
ing a “business as usual” scenario (Lebreton and Andrady 2017). Worst affected regions in the next 
decades were identified as South Asia, East Asia, and South East Asia on a regional basis and 
China, India, and the Philippines on a country basis.

Geyer et  al. (2017) estimated 42% of the plastics entering the waste stream at present to be 
packaging- related. The MSW in affluent countries is already rich in plastic packaging waste (Kaza 
et al. 2018). The fraction of all plastics in the MSW stream in the US has grown from negligible levels 
in 1970 to 16.3% by weight (357 MMT) by 2018, with PET, PE, and PP making up 32% of the total 
plastic waste. Plastic waste generation (PWG) per capita varies with the affluence of the country. 
Compared with the PWG of 88 ̶ 98 kg/year per capita for affluent countries such as Korea and the 
UK, less wealthy countries like India, China, and Pakistan generate only 13–19 kg/year per capita. 
The US has the highest PWG of 130 kg/year per capita (Law et al. 2020).

Proliferation of single- use plastic packaging, including beverage bottles, single- serve sachets, 
dessert cups, and disposable bags, has exacerbated the situation, especially in the more affluent 
countries (Geyer et al. 2017). How the generated plastic waste is managed also varies geographi-
cally, depending on the availability of adequate infrastructure. In affluent countries, a combination 
of landfilling and incineration is used, with the US relying heavily on landfilling.

1.2.1 Plastics in the Ocean Environment

In the 1970s, yet another dimension of plastic waste came to light with the discovery of plastic lit-
ter in the marine environment. The very first observations of plastics in the ocean dates back to 
1972 (Carpenter and Smith 1972) and was followed by reports in the 1970s and 1980s on the high 
concentrations of plastics in the North Pacific (Day et al. 1990; Merrell 1980), North west Atlantic 
Ocean (Coltonet  al. 1974), Mediterranean Sea (Morris  1980), and the Spanish Costa del Sol 
(Shiber 1982). A study of the ocean influx of plastics for the year 2010 (Jambeck et al. 2015) 
estimated that of the 270 MMT of plastics produced that year, about 32 MMT that ended up mis-
managed waste was generated in coastal regions (constituting 50  km from the coastline). And 
assuming 3% of this waste to reach the ocean, the global marine influx was calculated to be between 
4.8 and 12.7 MMT. The fraction of mismanaged waste plastics would not only be much higher 
today, compared to that in 2010 but the original estimate excluded plastics influx from marine 
activity such as fishing and riverine transport. Riverine transport of plastics from land into the 
ocean was identified as an important route in accumulating plastics waste (Leberton et al. 2017; 
Leberton and Andrady 2017; Schwarz et al. 2019), with the 20 top- polluting rivers accounting for 
as much as 67% of the annual input of plastic debris (i.e., 1.15–2.41 MMT annually) into the ocean 
(Lebreton et al. 2017). Plastic debris from commercial fishing activity also contributes a significant 
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amount of gear- related debris (dolly ropes, net fragments, or floats) into the ocean, estimated at 
0.6 MMT per year (Boucher and Friot 2017). Gear- related plastics are mostly PE and PP that are 
positively buoyant, as well as nylons (PA) used, for instance, in gill netting, that sinks in seawater. 
Also included in this category are the crab pots deployed in large numbers each season. With a 
significant fraction of 12–20% of them lost each season, ending up as ghost- fishing gear in the 
ocean. Ten thousand such pots are lost annually in Puget Sound alone.

In 1997, Moore et al. (2001) reported an unusually high incidence of plastic micro- debris in the 
North Pacific Gyre, a swirling vortex of water in the ocean, a couple of hundred miles North of 
Hawaii. In this 1.6 million sq. km. area (approximately 135°W to 155°W and 35°N to 42°N), the 
abundance of floating plastic fragments (some too small to be visible) was statistically higher than 
elsewhere at sea. A 2018 study estimated this garbage patch to carry 80 TMT of plastic, including 
~1.8 trillion pieces of MPs (Lebreton et al. 2018). Misleadingly called the “Pacific Garbage Patch” 
in the media, the area is not a visible “patch” with obvious plastic floating debris, nor is it a floating 
island of dense plastic litter. The swirling water collects the micro- plastic fragments at a statisti-
cally higher abundance and its center is calm and nonturbulent. Oceanographic modeling of par-
ticles subject to water currents predicts the formation of five such gyres, of which the North Pacific 
Gyre would be the largest (Eriksen et  al.  2014; Van Sebille et  al.  2015). How much plastic has 
accumulated in the deep water or the sediment at the gyre location, is not known. But, the floating 
stock of plastic debris is known to be a minuscule fraction (Eriksen et al. 2014) of what is estimated 
to reach the ocean each year, and a majority of ocean plastics are not visible at the surface. What is 
especially worrisome is that no mechanism in nature is able to remove the plastics from the ocean 
at a significant rate. With little or no degradation in the low- temperature, anoxic sediment where 
the plastic debris ends up (Andrady 2011; Hurley et al. 2018), it is safe to assume that nearly all the 
plastic that ever entered the ocean still persists there in the sediment.

Plastics are now known to be present in all ocean basins (Andrady  2011; Cole et  al.  2011; 
Derraik 2002; Peng et al. 2020; Law and Thompson, 2014), shorelines the world over (Li et al. 2016), 
in Antarctica (Ivar do Sul and Costa 2014; Waller et al. 2017), in the frozen polar ice masses (Peeken 
et  al.  2018) (with the possibility of global warming releasing them gradually into the ocean) 
(Obbard et al. 2014), in remote alpine lakes (Gateuille et al. 2020), and even karst groundwater. 
Figure 1.5 shows the trend in plastics debris in aquatic environments.
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Plastic waste in the ocean poses a variety of well- known environmental problems and most of 
these are discussed throughout this volume. The main concerns might be summarized under the 
following eight categories.

a) Aesthetic damage to shorelines by beach plastic litter. Entanglement (Ryan  2018; Reinert 
et al. 2017) of marine life in plastic netting, rope, six- pack rings, containers, and “ghost fishing” 
by lost and abandoned fishing gear (Richardson et al. 2019).

b) Sorption and adsorption of chemical species in seawater, river water, and wastewater by plastic 
debris. Some hydrophobic chemicals in seawater may concentrate in the plastic fragments and 
be transported elsewhere (see Chapter 9).

c) Ingestion of plastics (Reynolds and Ryan 2018; Santos et al. 2015), especially microplastics by a 
wide range of marine animals. Any chemicals the plastic carries may be bioavailable and lead to 
toxicity (Avio et al. 2015; Guo and Wang 2019; Rochman 2013; see Chapter 12).

d) Accumulation of waste plastic debris in the bottom sediment affecting its ecology (Barett et al. 
2020; see Chapter 6).

e) Introduction of alien species to new ecosystems by “rafters” or foulant species on the surface of 
floating plastic debris (Kiessling et al. 2015; Rech et al. 2018).

f) Possible development of antibiotic-  and metal- resistant microorganisms on foulant layers on 
plastics that have sorbed antibiotics through exposure to wastewater (Yang et al. 2019).

g) Interference with the operation of seagoing vessels by derelict fishing gear (Hong et al. 2017).
h) Potential contamination of fish and seafood leading to the increased human intake of MPs and 

NPs (Cox et al. 2019; see Chapter 13).

Of these problems, their ingestion by organisms, especially seafood species, is widely discussed 
because of the potential threat it poses to human health, in addition to the ocean ecosystem.

1.2.2 Microplastics in the Ocean

While the entanglement hazard of plastic macro-debris such as derelict net fragments or six- pack 
rings on large marine animals is easier to observe, it is the small-sized debris not discernible visu-
ally that will have the more significant impact as they can interact with a much wider range of 
marine species. Particularly significant are fragments of plastics (<5  mm to 250 μm) generally 
referred to as “microplastics” (MPs) (Arthur et al. 2009). The term, however, is a misnomer as 
reports of “microplastics” in the ocean invariably include fragments with dimensions that are 
orders of magnitude larger than a micron. MPs constitute a very small weight fraction of the plastic 
debris in the ocean but are predominant in terms of their numerical abundance. It is their abun-
dance rather than their mass per unit volume of water/sediment, that is directly related to poten-
tial threats to marine life.

There is obvious merit in subdividing the size range encompassed by microplastics into several 
narrow subranges, for instance, as in the classification proposed by the GESAMP (2016). Consistent 
with the nomenclature used by some researchers (Andrady 2011; Lusher 2015; Nelms et al. 2019), 
it is reasonable to specify the narrower size range of 1 mm to 1 μm as “true” m icroplastics (with 
those smaller, as nano plastics (NPs), and larger as mesoplastics). MPs also occur in different 
geometries, including microfibers, plastic fragments, films, pieces of foam (such as PS foam and 
polyurethane), and virgin resin pellets that are believed to “leak” into the environment from 
plastic processing operations as well as during the transportation of resin (Karlsson et al. 2018). 
Geometry- specific physiological impacts are possible with the ingestion of MPs, especially the NPs 
(Danopoulos et al. 2021). Nanoplastics derived from MPs or larger debris are an especially impor-
tant category because their size allows a very large range of marine animals to ingest these.
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Secondary MPs derived from mesoplastics by fragmentation may degrade further yielding NPs 
(Andrady 2017; Chapter 8). Some data suggests the NPs that are extensively weathered contribute to 
the pool of dissolved organic carbon (DOC in seawater (Zhu et al. 2020; Romera- Castillo et al. 2018).

Plastic micro- debris is further categorized as primary and secondary, based on their origin.

a) Primary MPs are intentionally manufactured in that size scale for use in a specific applica-
tion; and

b) Secondary MPs result from the fragmentation of plastic macro litter in the ocean environment, 
often assisted by their weathering degradation as discussed in Chapter 8 (Andrady 2017; Barnes 
et  al.  2009). Though fragmentation may also occur with virgin material, plastics that have 
undergone extensive weathering under exposure to solar UVR, and therefore weakened or 
embrittled, tend to fragment far more easily in the environment (see Chapter 8.) 

Examples of primary MPs include manufactured microbeads used as exfoliant additives in 
personal care products such as facial creams and toothpaste (Fendall and Sewell 2009). These micro-
beads typically have a size range of 164–327 μm (Napper et al. 2015) and are predominantly made of 
polyethylene (Gouin et al. 2015); therefore, at least initially, float in seawater (Van Cauwenberghe 
et al. 2015). They are accessible for ingestion by a range of smaller marine organisms that populate 
the photic upper layer in the ocean. However, the use of microbeads in rinse- off type cosmetics has 
been phased out in 2019–2020 in both the US and the EU, preventing 1500 tons per year of these from 
entering the aquatic environment (Sun et al. 2020). But noncosmetic uses of microbeads that include 
plastic- blasting media, textile printing, and biomedical applications (Leslie 2014) continue worldwide.

Microfibers (MF) in the environment can originate from either textile manufacturing or fabric 
laundering (Cesa et al. 2020), especially when using top- loading washing machines. A single 
wash cycle of a garment (a fleece jacket) in detergent- free water in a household washing machine 
releases about 0.3% of its weight as MFs (Hartline et al. 2016) while studies have found 1079 to 106 
fibers per kg fabric in five repeated washes to be released into wastewater (Zambrano et al. 2019; 
Falco et al. 2019). Furthermore, textile fibers such as nylon or polyester can undergo fragmentation 
consequent to weathering on exposure to solar UVR (Sait et al. 2021). These microfibers can be 
micro- (<100 μm) as well as nanoscale (<100 nm) (Mintenig et al. 2017) and pose a similar threat 
to marine biota as MPs (Henry et al. 2019). How much fiber exists as debris in the ocean, is difficult 
to assess, especially because textile fibers are denser than seawater. A recent estimate places it at 
~0.2 MMT released annually; as with MPs, the ecological significance of MFs does not scale with 
the tonnage but with the particle abundance of these in seawater. However, fibers found in sea-
water collected from six ocean basins turned out to be predominantly (79.5%) cellulosic with 
synthetic fibers constituting only 8.2% of the microfibers (Cesa et al. 2017). This observation is 
inconsistent with >50% volume production being synthetic recalcitrant fibers; but the denser 
synthetics fibers are more likely to be in the sediment. The high percentage of inherently biode-
gradable cellulosic fiber in the ocean is yet to be explained.

A summary compilation of available datasets on the abundance of MPs in the ocean (particles/m3) 
is shown in Figure 1.6 for particles in the size scale of 100–5000 μm. But floating- stock assessments 
are invariably underestimates because of the size limit imposed by the mesh size of the sampling 
nets and the collecting effectiveness of different sampling gear (Zheng et al. 2021). Lindeque et al. 
(2020) found the MPs concentrations to be an order of magnitude larger when sampling with a 10 
μm mesh as opposed to a 500 μm mesh net. For instance, N. Atlantic surface water sampled at 23 sites 
using a 10 μm mesh net (Enders et al. 2015) yielded MPs in the size range of 10–150 μm,while using 
a 200 μm mesh net to collect samples at 141 sites during a global circumnavigation cruise (Cozar 
et al. 2014), yielded MPs in the size range of 0.4–15 mm. Even taking into account the differences in 
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location and identification, these samples likely belong to statistically different populations. 
Regardless of such drawbacks, however, all efforts at quantifying sea- surface plastics will still capture 
only ~1% of the total influx of plastics into the ocean as most would have sunk into the sediment.

Because 1.5–4.1% of the annual production can end up in the ocean (Jambeck et  al. 2015), 
7800 MMT of plastics hitherto produced should have resulted in at least 57–160 MMT of plastics 
in the ocean. However, inventories find less than 0.25 MMT of plastics in surface waters (Eriksen 
et al. 2014; Van Sebille et al. 2015) and their abundance does not correlate with production vol-
umes over the recent years (Thompson 2004). This disparity has led to the notion of a “missing 
fraction” of MPs, especially the smaller fragments in the ocean (Kvale et al. 2020; Woodall et al. 
2014). However, floating plastics essentially represent a “snapshot” view of the MPs in the short 
window of time they float before extensive fouling sink them into the water column. Also, the 
search for a missing fraction assumes that all floating MPs will be larger than the mesh size of col-
lecting gear (around 330 μm) excluding most of the small MPs and NPs from the count. The miss-
ing fraction reflects limitations of the sampling gear and not taking into account the MPs below the 
surface water level, especially in the sediment (Kanhai et al. 2019; Nakki et al. 2019; Ramirez- 
Llodra et al. 2011). A recent estimate (though based on only six sampling sites) estimates 14 MMTs 
of MPs that are >50 μm in the sediment (Barrett et al. 2020).

Beaches worldwide routinely accumulate plastic debris, including large amounts of microplas-
tics (Kako et al. 2020; Koongolla et al. 2018; Tavares et al. 2020). Unlike larger plastic litter, the 
MPs are not removed during beach clean operations, or routinely collected on managed beaches. 
Worldwide beach clean exercises (Ocean Conservancy 2019) annually covering 36,000 miles of 
coastline yield a consistent list of highly abundant plastic litter items, with cigarette filters topping 
the list with 5.7 million collected. Plasticized cellulose acetate fibers used in cigarette filters are 
recalcitrant in the ocean environment, explaining their ubiquity in coastlines around the world. 
All of the top seven beach litter items reported are made of plastic; if MPs and NPs could also be 
somehow included in the count, the abundance of beach plastic debris would be higher by several 
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orders of magnitude. Table 1.1 summaries the seven most abundant plastic debris items found in 
beach cleaning operations in different parts of the world by the Ocean Conservancy, Washington 
DC, in 2018. Their global beach cleaning operation is an annual event.

1.2.3 Chemicals in Plastic Debris

Plastics used in products typically include a suite of chemicals intimately mixed with the base 
resin. These include (i) intentionally added chemicals or additives to modify the properties of the 
base resin to suit the needs of the product (Groh et al. 2019; see Chapter 2); (ii) low levels of the 
relevant residual monomer trapped in the plastic (not an issue with PE or PP with gaseous mono-
mers, but relevant with PS, PVC or polycarbonate [PC]); and (iii) unintended compounds sorbed 
from seawater and concentrated by partition (Hüffer and Hofmann,  2016; Pascall et  al.  2005; 
Rochman et al. 2013; see Chapter 9). Some of these sorbed chemicals are persistent organic pol-
lutants (POPs) that are toxic compounds as well, and remain in the environment for extended 
durations, allowing them to be widely distributed via water, soil, and air. These tend to accumulate 
in the fatty tissue of animals that ingest them and may bio- magnify as they move to higher trophic 
levels. Any POPs in seafood are of special interest to human consumers. Despite their very low 
dissolved concentration in seawater, the equilibrium concentration of POPs in the MPs and NPs 
tends to be very high, reaching concentrations that are ~2 to 6 orders of magnitude higher than in 
sediment (Mato et al. 2001) or seawater (Wright et al. 2013). Sorption cleans the water of these 
 pollutants but in the process, also generates MPs loaded with POPs, heavy metal compounds, and 
pharmaceuticals, ingestible by marine biota.

1.3  Ingestion of Microplastics Marine Organisms

That the marine environment contains numerous natural particles in the same size range as MPs/
NPs that in any event constitute only a small fraction of all particles, is often pointed out. Marine 
organisms having evolved in this particle- rich environment are reasonably expected to be not par-
ticularly affected by them. However, it is the high level of both sorbed or adsorbed chemicals in 
MPs that set them apart from the many inorganic “fines” abundantly found in seawater that may 
carry only surface-adsorbed pollutants. The MPs and NPs with sorbed POPs are well known to be 

Table 1.1 Abundance of the top seven items found in global coastal cleanup by Ocean Conservancy 
(Washington DC) and types of plastics commonly used in them.

Litter item Count in millions Plastics typically used

1) Candy wrappers

2) Cigarette filters

3) Beverage bottles

4) Bottle caps

5) Straws and stirrers

6) Cups and plates

7) Bags

5.72

3.73

3.67

1.97

1.75

1.39

0.94

PE, PP, PET

Cellulose acetate

PET

PP

PE

PE, PS, EPS

PE

Data pertain to 36 000 miles of coastline in different global locations. Based on data by Ocean Conservancy on the 
2018 Coastal Cleanup.
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ingested by organisms ranging from zooplankton (Cole et al. 2013; Sun et al. 2017) to whales (Fossi 
et  al.  2014; see Chapter  12), providing a pathway for these chemicals into biota (Hartmann 
et al. 2017). Particular attention has been paid to marine birds (Fry et al. 1987), where over 25% of 
the species (Pham et al. 2017), and sea turtles, where all species, are reported to ingest plastics 
(Kühn and van Franeker 2020). A particular concern is the ingestion of MPs and NPs by commer-
cially important fish and seafood species (see Chapter 13). How the entanglement and ingestion 
risk of MPs relate to their particle size is illustrated in figure 1.7.)

But, presently, there is no consensus on whether the POPs in ingested MPs do adversely affect the 
organism. Such effects would be compound-  and species- specific, but only a limited combination 
of POPs/species have been investigated as yet. Relevant data are therefore, quite variable even 
on species ingesting virgin plastics. For instance, adverse outcomes of ingesting virgin “clean” MPs 
have been reported for fish species (Jovanović et al. 2018) but were ruled out with sea urchins 
(Kaposi et al. 2014). An important focus of ingestion studies should also be to asses if the relevant 
POPs are bioavailable (Avio et al. 2015) to ingesting organisms at a high enough dosage to result in 
any physiological impacts. Bioavailability (Avio et al. 2015) of POPs is determined by (i) the resi-
dence time of MPs in the gut environment, (ii) hydrophobic gut contents that encourage release, 

Plastic size

1 m

2.5 cm

1 mm

1 um

Identification
method

Naked eye

Microscope

FT-IR

Raman

SEM
TEM
AFM
AFM-IR

100 m

10–2 m

10–4 m

10–6 m

10–8 m

m
eg

a
m

ac
ro

w
ha

le
, d

ol
ph

in
se

a 
lio

n,
 tu

rt
le

bi
rd

fis
h

in
ve

rt
eb

ra
te

s,
 o

th
er

 fi
lte

r 
fe

ed
er

s

m
es

o
m

ic
ro

na
no

m
ic

ro
(N

O
 A

A
 d

ef
in

iti
on

)

w
ha

le
, d

ol
ph

in
se

a 
lio

n,
 tu

rt
le

, b
ird

Entanglement

Isolation
method

Shape

Size

Microplastics

1 μm 5 mm 2.5 cm 1 mm

MegaMacroMesoMicroNano

Primary

PE, PP, PS, PVC, PA, PET, CA, PU

Fishing
Industry

Land – Based
Litter

Secondary

FragmentedManufactured

Fragment, fiber, sphere, film, sheet, microbead
5 mm

330 μm

50-80 μm

0.2-1 μm

Sieve

Zoo- P net

Phyto-P net

Conventional
filter

Nano filtration
Field Flow
Fractionation ???

Ingestion

Figure 1.7 Left: Categories of marine plastic debris developed by GESAMP (2015) indicating the size ranges 
for potential ingestion, and the techniques for their analysis. Right: A schematic showing the origin of plastic 
micro- debris. Source: Adapted from the same report. SEM - Sacnning Electron Microscopy; TEM - Transmission 
Electron Microscopy; AFM - Atomic Force Microscopy; and AFM-IR - AFM with infra-red Spectroscopy.



1  Plastics in the Anthropocene14

and (iii) if POPs molecules can permeate the gut wall to enter systemic circulation (as opposed to 
being egested). However, data supporting the bioavailability of POPs are available only for several 
marine species (Bakir et al. 2016; Chua et al. 2014; Schrank et al. 2019), including mussels (Browne 
et al. 2008) and zebrafish embryos (Batel et al. 2018; Pitt et al. 2018). Bioaccumulation and biomag-
nification are introduced in Box 1.2.

The bioavailability and toxicity associated with MPs in fish have been recently reviewed (Wang 
et al. 2020). But, the kinetics of leaching and the mechanism of bioaccumulation remains undefined 
(Qu et al. 2020). It is also reasonable to expect the bioavailability of POPs in the MPs to ingesting 
animals to be low (Koelmans et al. 2016; Ziccardi et al. 2016), and the MPs may instead even “clean” 
the gut environment by removing any existing hydrophobic pollutants (Lee et al. 2019; Scopetani 
et al. 2018). Black Sea Bass (Centropristis striata) presented with PVC pellets loaded with 10 wt% of 
dioctyl phthalate (DOP) plasticizer, ingested them at the same rate as “clean” or virgin PVC pellets, 
but the egested pellets showed no change in the DOP level (Joseph et al. 2020). Ingestion of MPs of 
PE spiked with benzophenone by rotifers, copepods, bivalves, echinoderms also did not result in any 
toxic outcomes (Beiras et al. 2018). The level of POPs delivered to organisms may be low as the fraction 
of MPs in the diet has to be minuscule. But, pollutants such as endocrine disruptor chemicals or 
antibiotics, act at very low concentrations, some displaying a non- linear dose- response curves, 
allowing them to elicit adverse physiological responses at unexpectedly low doses. Also, the physi-
ological effects in these studies were monitored only over the short term. The data taken together do 
not rule out the possibility of MPs transferring POPs to biota via ingestion, at least in some species.

Pathways that potentially contribute to the dietary intake of MPs, and especially NPs, in humans 
are now receiving the focused research attention they deserve (see Chapter 13). While the presence of 
MPs/NPs in food (Kosuth et al. 2018) and beverages (Schymanski et al. 2018; Shruti et al. 2020), and 

Box 1.2 Bioaccumulation and Biomagnification

Bioaccumulation is the gradual build- up of the concentration of a compound in an organism 
relative to that in its environment, due to ingestion or other modes of intake. Biomagnification 
is an increased concentration of the compound in the predator relative to that in its prey 
(Miller et al. 2020). A compound that is ingested, but neither metabolized nor excreted at a rate 
faster than it is consumed by the organism bioaccumulates in its tissue. This is especially true 
of compounds with a high partition coefficient, (see Chapters 2 and 9). Where the compound 
is toxic, as with organic mercury, this is a serious concern. Biomagnification results when a 
predator organism ingests multiple prey organisms, each with a high bioaccumulation of the 
compound or pollutant (Drollliard 2008; Mizukawa et al. 2009). This leads to a faster build- up 
of the chemical compound in predator tissue compared to that in the prey. For instance, when 
DDT was used liberally, it ended up in the water and invariably in fish. The insecticide was 
biomagnified in predatory birds such as Ospreys feeding on the fish, resulting in an abnormal 
thinning of the shells of their eggs.

A highly bioavailable compound is readily transported from the gut into the systemic circu-
lation. When a contaminated plastic fragment is ingested, the contaminant must leach out in 
the gut and permeate through the gut wall, for it to be bioavailable to the organisms. Otherwise, 
it is egested and has a little physiological effect. Bioavailability can therefore also, depend on 
lipid levels in the diet, the presence of gut surfactants, and the gut pH (Koelmans et al. 2014; 
Kwon et al. 2017).
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especially seafood (Smith et al. 2018), is well established, no adverse effects on human health have yet 
been linked to them (see  Chapter 13). But, the relevant data, when considered together, suggest the 
accumulation of NPs and small MPs may have adverse long- term effects (Yong et al. 2020). An inter-
esting and worrisome development are the findings that show NPs enter systemic circulation via the 
gut (Revel et al. 2018); some report (Hussain et al. (2001) unexpectedly find MPs as large as 100 μm to 
translocate into lymphatic circulation from the gut in humans. Ragusa et al. (2021) recently reported 
5–10 μm MPs in the human placenta; 5 particles were isolated from 4 placentae, with less than 5% of 
the placental mass being analyzed. At this size range, however, MPs may even compromise the blood- 
brain barrier (Barboza et al. 2018), and those <20 μm have been shown to access all internal organs 
(Campanale et al. 2020). A few in vivo studies (Deng et al. 2017; Jin et al. 2019) on mice, including one 
on effects on offspring (Luo et al. 2019), show physiological effects of ingesting particles ~5 μm in size. 
However, an in vitro study on human cell lines (human colon epithelial cell) co- cultured with BeWo 
b30 (human placental trophoblast cell) did not show the same (Hesler et al. 2019). The study found 
that 0.5- μm PS NPs did not significantly compromise the in vitro placental and intestinal barriers. 
This is a topic with profound implications that deserves focused research attention.

1.4  Sustainability of Plastics

The notion of environmental sustainability is a complex one (well outside the scope of this chapter) 
and according to its original definition, refers to a mode of development that “meets the needs of the 
present generation without compromising the ability of future generations to meet their own needs.” 
It is a laudable, qualitative statement, but the strategy to achieve this objective is not clear, especially 
where development involves depleting a fixed reserve of a natural resource such as rare earth elements 
or oil. Not only is the number of future generations not specified, but they are also assumed to have the 
same set of needs as the present generation does. A tempting approach is to “decouple” growth in GDP 
from environmental impacts (Luo et al. 2019), allowing sustainable development to proceed unhin-
dered. This, however, is not realistic (Ward et al. 2016), especially in the future plastics industry.

But what can be realistically implemented to improve the sustainability of plastics in the near or 
medium term? The goal should be to ensure that the rapidly depleting resource base for resin pro-
duction lasts long enough for technological advances to perhaps make those resources obsolete by 
discovering substitutes. Finding ways to minimize the environmental impact of plastics, given the 
future increase in production levels, is also critical to ensure sustainability. Specifically, three 
strategies towards sustainability deserve close attention.

a) Energy economy: Plastic resin manufacture and processing into consumer products needs to be 
more energy- efficient and, wherever possible, rely on renewable energy instead of conventional 
fossil-fuel derived energy. Innovations to capture process waste energy such as low- grade heat 
for reuse needs to be enabled.

b) Feedstock economy: Using the minimum amount of plastic materials to deliver the necessary 
functionality for the performance of the product, needs to be implemented. Conserving fossil-
fuel feedstock by material recycling (as well as chemical or energy recycling) of post- use plas-
tics and where feasible, by substituting bio- based plastics in place of fossil- fuel- derived resins 
should be incentivized.

c) Minimizing toxicity: Minimizing the release of toxic chemical by-products from resin produc-
tion, processing, use, and waste disposal of plastics especially into the ocean environment, is a 
priority. This requires urgently substituting some of the toxic legacy additives with known 
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adverse ecological impacts, with non- toxic alternatives. Also, capturing CO2 and process gase-
ous emissions for conversion into useful products to reduce the environmental footprint of the 
material should be encouraged.

In 2020 with the COVID- 19 pandemic slowing down economic activity, the energy demand also 
decreased, with that for oil and coal dropping by 7–8% each, accompanied by a consequent decrease 
in the global carbon emissions. Despite this respite, the world energy demand is still expected to 
grow by nearly 50% by 2050 to reach 240 Quads (quadrillion BTU; EIA 2020), led primarily by 
industrial growth in Asia. While more renewable energy will be available in the future, their 
percent contribution to the overall energy supply will still be only about 16%, as opposed to the 
present 11%. Therefore, conserving energy, along with using more renewable energy and 
improving efficiency in plastic processing (for instance, with all- electric molding technology) will 
be important in making plastics more sustainable in the future.

Moves to encourage economy in using energy and material, conveniently align well with good 
business practices, and should therefore be driven to some extent by future market competitive-
ness. There are many examples, such as the down- gauging of plastics film or improved plastic 
bottles; with the 0.5L PET soda bottle, a 48% decrease in weight was achieved over the last decade, 
without compromising neither the functionality nor consumer appeal, saving valuable resin mate-
rial resources. Similarly, reductions in secondary packaging of goods with minimal impact on the 
level of protection afforded by the package, have contributed to conserving material.

Two major strategies that conserve valuable fossil- fuel resources and reduce the embedded envi-
ronmental impacts are worth emphasizing: (i) extending the service life of plastic products; and (ii) 
increasing the use of bio- based plastics, reducing the dependence on fossil fuel in manufacture.

1.4.1 Recycling of Post- Use Plastics

Material recycling saves the energy expended for producing consumer plastic goods because it is 
the resin production (extraction, refining, and polymerization into resin) step, as opposed to the 
processing step, that has the higher embodied energy, EE (Schyns and Shaver 2020). Especially 
with single- use products such as plastic cups, straws, or bags, the item is used only for a short dura-
tion and the quality of the plastic resin is barely affected by use. Being thermoplastic materials, the 
post- use products can be collected and re- melted for use in another generation of products. With 
most of the EE and embodied impacts associated with the manufacturing phase avoided, the strat-
egy yields significant advantages (see Table 1.2). As seen from the table, savings in energy and in 
carbon emissions associated with recycling are substantial for plastics generally met with in the 
marine environment.

Even the leading type of plastic to be recycled in the US, PET bottles, are only recycled at a rate 
of ~28% presently. Even with bottles, the common use of the recyclate (r-PET) resin is to 
“downcycle” into other products ( products of lower market value relative to the original high-
value bottle.) Alternatively, the r- PET may be mixed with virgin PET (or used as a layer in multi- 
layer extrusions) in fabricating original high-value products. For instance, PET resin from plastic 
soda bottles might be downycled into textile or carpet fiber (Leonas 2017) and then downcycled 
again (mixed with other plastics) into lower value “plastic lumber” (Wan et al. 2019). Downcycling, 
however, is not the only recycling option available, as illustrated by the bottle- to- bottle recycling of 
PET, consistent with the paradigm of “circular economy.” To be sustainable, however, the US plas-
tic industry also must join the ranks of high- recyclers of the Word such as Norway, Sweden and 
South Korea, to recycle much higher fractions of at least the post- consumer PET and HDPE, and 
encourage the recycling of other plastic resins as well.
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Low recycling rates in the US and elsewhere often result from the lack of readily- accessible recy-
cling infrastructure at the local level and the minimal market cost differential between virgin and 
recycled resin. Also, it is not always practical to mechanically recycle a mixed stream of plastic 
waste. For example, producing high- quality recyclate is simply not possible with blends or multi- 
layer laminated plastic products (Kaiser et al. 2018) or with products that are rendered photode-
gradable or enhanced biodegradable (a 0.5  wt% of biodegradable PLA contaminating a PET 
recycling stream discolors the rPET) (Alaerts et al. 2018). Some of waste plastics, however, may be 
amenable to recycling into chemical feedstock and energy via either pyrolysis or incineration. 
Recycling of waste fishing gear into plastic resin pellets, and their conversion to energy by incin-
eration, are practiced at a small scale in the US, but much progress needs to be made.

Recycling does involve significant costs for collection, sorting, classifying, and cleaning of waste 
plastics, and there are incidental losses of material during the process that preclude a 100% mass recov-
ery as the recyclate. Even with such losses, the savings in energy are substantial. There are, however, 
embedded impacts associated with the recycling process as well, and LCA must be carried out to make 
sure that most of what is saved in energy is not negated by increased environmental impacts. Also, 
each time a resin is recycled its mechanical characteristics detriorate; with PET, 3–5 repeated recycling 
results in ~50% decrease in tensile strength and extensibility of the resin (La Mantia and Vinci 1994).

1.4.2 Using Bio- Based Feedstocks for Plastics.

Plastics can be classified based on the feedstock used in their synthesis, into those that are fossil 
fuel- based and those derived from biological resources. Conventional plastics are mostly synthe-
sized using feedstock derived from fossil fuel while the second category of plastics is synthesized 
using plant biomass as feedstock, and ISO, as well as the ASTM, refer to these as “bio- based” plas-
tics. The carbon in the plant biomass is derived from the present- day atmosphere or the carbon 
cycle. However, it is important to recognize that “bio- based” plastics defined in this manner 
include two distinct categories of plastics; those made from monomers derived from biomass and 
polymers synthesized by living organisms (or biopolymers) that are modified by man. Thus, three 
broad classes of biologically derives plastics might be identified.

a) Biopolymers that are synthesized by living organisms and exist as polymers in the biomass, 
including cellulose and poly (hydroxyl alkanoates) [PHAs]. These are extracted and used with 
no further chemical modification of the polymer.

Table 1.2 Comparison of the embodied energy (GJ/kg) and carbon footprint (kgCO2- e) for virgin and 
recycled resin.

Plastic
Embodied energy
Virgin (GJ/kg)

Embodied energy
Recycled (GJ/kg)

Carbon footprint
Virgin (kgCO2- e /kg)

Carbon footprint
Recycled (kgCO2- e /kg)

Polyethylene 77–85 45–55 2.6–2.9 2.7–3.0

Polypropylene 75–83 45–55 2.9–3.2 2.0–2.2

Polyester (PET) 81–89 35–43 5.7–4.1 2.1–2.6

Polystyrene 92–102 43–52 3.6–4.0 2.6–3.1

Poly(vinyl chloride) 56–62 32–40 2.4–2.6 1.9–2.4

Nylon 6 116–129 38–47 7.6–8.3 2.3–2.8

Poly(lactic acid) 49–54 3.4–3.8 3.4–3.8 2.9–2.4

Based on data from Ashby (2013).
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Figure 1.8 Hybrid PET with ~23% of bio- based content (a fifth of carbon atoms is from biomass).

b) Modified biopolymers where a biopolymer is extracted from biomass and chemically changed prior 
to use, as in the case of cellophane. Dissolving plant cellulose in carbon disulfide (in the xanthate 
process) or copper salt/ammonia (in viscose process), and re- precipitating the solution in dilute 
acid yields cellophane and rayon. The material is still plant- derived cellulose but with an altered  
secondary and tertiary structure of the cellulose molecule. Similarly, in the alkaline de- amidation 
of chitin from crab shells to obtain chitosan, the primary structure of the polymer is changed with 
the substitution of the amide with an amine group.

c) Bio- based plastics use plant- based biomass feedstock to synthesize monomers that are polymer-
ized into plastics such as PE or PP. For instance, the sugars in waste sugarcane or sugar- beet 
residue are fermented into alcohol that is easily converted into ethylene, a monomer used to 
synthesize Bio- PE or PLA. Using renewable bio- based feedstocks can help conserve fossil fuel 
reserves.

The Bio- PE for instance, is identical in its properties to the conventional PE made from fossil 
fuel, except that it is “bio- based.” Bio- PE, Bio- PP, and Bio- PET all have processing characteristics 
identical to their conventional counterparts, allowing easy substitution (or drop- in) in standard 
processing operations practiced in the plastics industry. Bio- based resin and conventioniral resin 
(from fossil fuel) are chemically indistinguishable except for the isotopic ratio of the carbon in the 
molecules or the (13C:12C) or ( 13C) (Suzuki et al. 2010). Measured ( 13C) values of a polymer reveal 
the lineage of its carbon atoms, distinguishing between those derived from renewable biomass and 
those from fossil- fuel resources. The carbon in the latter is ancient, having formed millions of years 
back in time, while that in biomass carbon is derived recently from the CO2 in today’s atmosphere, 
accounting for this difference in their isotopic ratio. Most of the carbon in chemically modified 
biopolymers is also derived from the atmosphere.

With polymers synthesized by polycondensation of two monomers, one monomer can be bio- based 
while the other is derived from fossil- fuel feedstock, leading to a hybrid or a partially bio- based plastic. 
This is the case with hybrid poly(ethylene terephthalate) (PET) resin that is popularly used in “green” 
beverage bottles in the market, that are only about 22% bio- based; the ethylene glycol monomer is bio- 
based while terephthalic acid is derived from fossil fuel (Figure 1.8).

There is confusion in the literature as to how the environmental biodegradability of plastics 
might relate to the above categorization. The biodegradability of plastics in a biotic environment is 
determined by their chemical structure; the polymer molecule must have main- chain bonds that 
are hydrolyzable by enzymes secreted by the microorganisms in the relevant environment. There 
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is no relationship between the source of feedstock and the biodegradability of the resin, as seen 
from Table 1.3 and Figure 1.9. Biopolymers such as cellulose or chitin have been in the environ-
ment for a very long time allowing biochemical pathways that degrade these to evolve and there-
fore they tend to be biodegradable. This is not the case with synthetic man-nade plastics that have 
existed in the environment only since the beginning of the anthropocene. Some authors (Brizga 
et al. 2020) confusingly include blends of a synthetic polymer with a degradable additive such as 
starch under “biodegradable” plastics. In these materials such as blends of starch/PE, the polymer 
component does not biodegrade appreciably.

As already pointed out, increases in plastic production will further deplete fossil fuel reserves and 
be accompanied by significant emissions, especially CO2, into the atmosphere (Spierling et al. 2018). 
Both these negative environmental impacts might be reduced to some extent by using more bio- based 
plastics (Narancic et al. 2020; Zhu et al. 2016). Using biodegradable plastics made of bio- feedstocks 
will also help in waste management (Calabrò and Grosso 2018), especially in the marine environ-
ment. Presently, their annual supply is limited with only 2.1 MMT (2019 data) of bio- based resins 
accounting for only ~1% of total global plastic production. Over 57% of their production was PLA and 
PBAT (poly [butylene adipate- co- terephthalate]), the highest volume biodegradable resin manufac-
tured. In the bio- based category, PE, Nylon, and PET were the highest- volume resins manufactured.6

6 Bioplastics market data. https://www.european-bioplastics.org/ market/. Accessed March 1, 2021.

Table 1.3 A simple classification of plastics based on their feedstock.

Category Criterion Example

Fossil- fuel based 
polymers

Man- made polymers made from 
monomers derived from fossil- fuels

PE, PP, PS

Biomass- based polymers Man- made polymers are derived from 
monomers derived from biomass.

PE, polyurethane, PLA

Biopolymers synthesized 
by a living organism

Polymers are synthesized by a living 
organism.

Cellulose, Chitin

Structurally modified 
biopolymers

Biopolymers that are chemically 
altered to improve properties

Rayon, cellulose 
acetate, chitosan

NON-BIODEGRADABLE PLASTICS

READILY BIODEGRADABLE PLASTICS

Polyethylene

Poly(caprolactone) Cellulose Cellophane Poly(Iactic acid)
Poly(glycolic
acid)

Rayon
Chitosan

Chitin
Proteins
Poly(butylene
succinate)

Poly(butylene
adipate)

Lignins Cellulose acetate Bio-PE
Bio-PP

Bio-Nylon

HumusPolypropylene

Polystyrene

Nylon

CONVENTIONAL
PLASTIC

BIO-PLASTICS
PLASTIC

BIO-DERIVED
PLASTIC

BIOBASED
PLASTIC

Figure 1.9 Classification of plastics according to inherent biodegradability.
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In evaluating the merits of substituting conventional petrochemicals with bio- based feedstocks, 
close attention must be paid to the scope of the relevant life- cycle analyses (LCA). Bishop (2020), 
in a review of 44 studies comparing bio-based with conventional feedstock for plastics, found that 
84% of them did not account for additives in the inventories used in their analyses and most did 
not adopt a broad enough domain of impacts. For instance, using either sugar beet or wheat, yields  
a biomass yield of 73 T/ha and 8.6 T/ha, respectively, but the crop needed per ton of PE was 23.9 T 
and 6.84 T, respectively. On an area cultivated basis, sugar beet yielded a benefit in reducing 
climate change, that was at least two times greater than that by wheat bran biomass, underling the 
complexities of selecting the proper biomass source for feedstock (Belboom and Léonard 2016). 
The bio- based and biodegradable plastic PLA, is often used in food- service items. A “cradle- to- 
grave” comparison of PLA, PP, and PET for the fabrication of beverage cups found that PLA was 
superior (by 40–50%) to PP and PET, both in terms of climate change impacts as well as fossil fuel 
conservation (Moretti et al. 2021). But, in other impact categories such as eutrophication, acidifica-
tion, particulates, and photochemical ozone formation, PLA was found to be worse than both 
conventional plastics. Mainly due to the lack of harmonization, it is difficult to compare different 
LCA studies on biobased resins (Cheroennet et al. 2017; Papong et al. 2014; Simon et al. 2016) with 
each other. Spierling et al. (2018), in their review of LCA on bio- based plastics, concluded them to 
significantly contribute to environmental sustainability, potentially eliminating the emission of 
240–315 MMT of carbon equivalents at a 65.8% substitution of conventional plastics in use. As 
with using any material in a given application, there are environmental and economic trade- offs to 
be considered when using bio- based resins as well. A full environmental assessment of the candi-
date bio-plastic, based on LCA for the particular application, is a prerequisite for their adoption.

1.5  Plastic Manufacturing

Plastics manufacturing is too broad a subject to be discussed in any detail here, and the following is 
a minimal introduction to allow readers who are not familiar with plastics to better appreciate the 
following chapters. Feedstock for polyolefin production are gaseous chemicals, called monomers, 
that are derived from oil, natural gas, or coal. Generally, a distilled fraction of oil, such as naphtha, 
is thermally cracked into these olefin monomers. Hydrocarbons in natural gas can also be converted 
to olefins; alternatively, biomass- derived ethanol can also be converted into ethylene for use as a 
monomer. The ethylene made by any of these processes is polymerized using specialized catalyst 
systems,such as the Ziegler- Natta or metallocene catalysts, to obtain olefin polymers with closely 
controlled molecular weight, chain geometry, and crystallinity. Pressure and temperature are the 
key variables that determine the structure and properties of the resin formed. The reaction is a cata-
lyzed free- radical polymerization, but several different reactor technologies, such as autoclaves, 
tubular reactors, stirred tanks, and fluidized bed reactors, are generally used in the manufacture of 
polyolefin resins. Mostly the same types of reactors are used in the manufacture of PP as well. 
Styrene monomer used in the manufacture of PS by free- radical polymerization is a liquid, allowing 
emulsion polymerization in the liquid phase. The result of this resin manufacturing process are the 
virgin plastic pellets used by processors who convert these into useful plastic products.

An important part of this latter operation is ‘compounding’, where the plastic is melted and inti-
mately mixed with chemical compounds called additives, meant to improve the properties of the 
plastics to obtain their best performance in the intended product (see Chapter  2). Mixing can 
be  conveniently carried out in a compounding extruder at a temperature high enough to melt 
the plastic. The compounded plastic is then used to mold products by one of many techniques, the 
ones popular with thermoplastics being injection molding, extrusion, and blow molding. These 
approaches do not work well with thermoset plastics that need to be compression molded.
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The energy expended and the greenhouse gases such as CO2 emitted (expressed as the global 
warming potential, GWP (kgCO2- e)) in producing common plastics, estimated in 2011 by 
Franklin Associates (for the American Chemical Council), is given in Figure  1.10 and com-
pared with that for copper, alumina ceramic, paperboard, and thermoplastic rigid foams. 
Similar data for other plastics such as composites, metals such as nickel or aluminum, and for 
materials such as wood, clay, and stone lie outside the scale of this diagram. These estimates 
depend on several variables, including the feedstock used, the mix of energy employed in the 
process, the reaction engineering employed, and the specific grade of the resin produced. 
Estimates will therefore vary from location to location and even temporally. Still, the figure 
provides a general appreciation for the magnitude of energy and emissions associated with 
manufacturing different materials. Most of this energy is expended in extracting and purifying 
the feedstock rather than in polymerizing the monomer.

Individual plastics cannot be “ranked” for environmental desirability based on the figure, as 
many other externalities are associated with manufacturing resins. Acidic emissions that poten-
tially acidify the oceans, nitrogen release that can result in eutrophication, ozone- depleting gases 
that affect the stratospheric ozone layer, and ground- level smog- forming emissions are some of 
these. A detailed life cycle (LCA) analysis based on reliable inventory data is needed to evaluate the 
impact of these on the environment. Estimated impacts were recently reported for three classes of 
polyethylenes (Table 1.4). Again, the impacts will vary with the location as well as the process 
employed in the manufacture.
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Figure 1.10 A plot of the GWP (kg CO2- e) versus Embodied Energy (GJ) per 1000 kg of common plastics. 
Ranges of values for non-plastic materials are indicated by shaded rectangles, for comparison.

Table 1.4 Estimated environmental impacts of plastic manufacture (per 1000 kg) of plastic.

Plastic Water (L)
Acidification
(kg SO2- e)

Eutrophication
(kg N- e)

Ozone Depletn.
(kg CFC- 11- e)

Smog
(kgO3- e)

HDPE 8143 5.22 0.26 12 × 106 129

LDPE 11553 6.54 0.30 1.3 × 106 148

LLDPE 7383 4.69 0.25 1.2 × 106 125

Based on American Chemical Council/Franklin Associates.
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1.6  Polymers: A Basic Introduction

Structurally, all polymers have very long chain-like molecules but their chemical formulae are rela-
tively simple because often, the same structural unit repeats throughout the long molecular chain. 
For instance, polyethylene (PE), the plastic manufactured in the highest volume globally, has a 
long structural formula, a part of which may looks like the following:

H H H H H H H H H H H

H H H H H H H H H H H

C C C C C C C C C C C

It is merely a repetition of (- CH2- CH2- ) units placed end to end. Its structural formula is there-
fore, conveniently written as (- CH2- CH2)n, where n is the number of repeat units in the chain 
molecule, that can run into hundreds or thousands. As each repeat unit has a molecular weight of 
28 (g/mol), that of the entire molecule is (28 × n) g/mol. Regardless of the length of the chain mol-
ecule, chemically, it is still a polyethylene. Since all PE molecules will not have identical chain 
lengths but different values of n, there is no unique molecular weight for polyethylene or for any 
other polymer (in contrast with simple organic molecule that have fixed molecular weights). 
Typically, a sample of a polymer is a mixture of structurally similar chains of different lengths and 
one can only refer to an average molecular weight for the entire distribution of molecules in the 
sample. Generally, two types of such averages, namely number- average (Mn in g/mol) and weight- 
average (MW in g/mol), are used to express the molecular weights of plastics.

 
M N M

Nn
i i

i  

 
M N M

N Mw
i i

i i

2

 

where Ni is the number of chain molecules having a molecular weight, Mi, and N is the total num-
ber of molecules in the sample (N = Ni). Note that (NiMi)/Mn) is the weight fraction of molecules 
with a molecular weight Mi.

However, the average molecular weight (Mn) is generally insufficient to fully describe the poly-
mer as one can have the same average value of (Mn) for two samples of the same polymer with two 
very different distributions of chain lengths, as illustrated in Figure 1.11. The broadness of the 
distribution (called the polydispersity index D) is quantified as the ratio (MW/MN). The value of D 
can vary from sample to sample, but the most probable value is D = 2. In addition to the average 
molecular weight and D, other variables such as branching of the linear chain or the amount of 
crystallinity contribute to the properties of the polymer.

1.6.1 Crystallinity in Plastics

Polymer chains are not only attracted to each other by Van der Waals forces but are also copiously 
entangled with each other (as in a serving of cooked spaghetti). It is difficult to pull out a single 
strand from the mass of entangled chains and that contributes to the strength of the polymer. This 
is particularly true at low temperatures where chains are less flexible.

When the mass of plastic is heated, however, the energy gained by the chain molecules 
makes  them flexible enough for partial mobility and the material becomes softer and pliable. 
The molecular structure of plastics such as PE is more complicated than illustrated by this simple 
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homogeneous model. In these polymers, short sections of several neighboring long molecular 
chains, rather than being randomly oriented as elsewhere in the mass, show a regular arrangement 
somewhat resembling the ordering of molecules in a crystal. These domains are therefore called 
“crystalline domains” as opposed to the “amorphous” regions of the bulk polymer where the chain 
molecules are randomly arranged (see illustration in Figure 1.12). Plastics that show crystalline 
domains in their structure are “semi- crystalline” plastics. With these plastics, one can assess a frac-
tion of the mass as being crystalline; for instance, a given HDPE sample may be 80% crystalline. 
Though these are not true crystals, they still melt or undergo a phase transition on heating but 
only to reform on cooling. Individual crystallites of PE have dimensions in the tens of nm, but their 
agglomerates in crystalline domains are large enough to be seen by light microscopy. Because of 
the higher packing densities of chains, the density ρ(g/cm3) of crystalline regions is higher than 
that of amorphous regions in the polymer. That of the bulk plastic, therefore, depends on its per-
cent crystallinity F(%). In PE, for example, crystalline and amorphous regions have densities, ρC = 
1.004 and ρA = 0.853 g/cm3, respectively.

Values of F (%) can be experimentally determined for a given plastic sample using either pyc-
nometry, differential scanning calorimetry (DSC), or X- ray diffraction methods (Kong et al. 2002; 
Seidlitz et  al. 2016), allowing the average density to be calculated. But, the crystallinity F of a 
 plastic is not an inherent property and thermal treatment or mechanical stress can often increase 
crystallinity while crosslinking or the presence of solvents can decrease its value. But, the maxi-
mum crystallinity achievable by a plastic still depends on its structure, with the highest levels 
reached in textile fibers as a result of the high levels of the orientation of molecules obtained in 
spinning and drawing.

Most of the thermoplastic debris commonly found in the marine environment are semi- 
crystalline plastics. There are exceptions; for instance, PS and expanded foam as well as PVC debris 
found in bottom sediment are nearly 100% amorphous. Percentage crystallinity, in turn, determines 
density, sorption capacity and permeability of the plastic. The solubility of organic pollutants 
picked up from seawater, as well as oxygen essential for abiotic degradation (that are generally 
oxidative reactions) are reduced as the fractional crystallinity increases.

The chemical structures of common plastics encountered in marine debris are summarized in 
Table 1.5. The density of the plastic determines if the debris will float in seawater and therefore 
degrade to some extent by exposure to sunlight, the main mode of degradation of plastics in the 
marine environment (see Chapter 10.) However, the densities of the base resins can easily change 
when additives, especially fillers, are used in high volume fractions, are compounded into plastic 
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Figure 1.11 A schematic of the molecular weight distribution of two samples of polyethylene.
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products. Also, products such as foams of PS or bottles of PET may float because of entrapped air, 
even though the density of the plastic is greater than that of seawater.

1.6.2 Thermal Transitions

When the temperature of an amorphous polymer is increased, the heat energy acquired by the 
polymer allows increasing degrees of mobility to the polymer chains. At a specific temperature, 
depending on the plastic, the mobility of chain molecules becomes high enough to make the plas-
tic transition from a “glassy” material to a “rubbery” one. This critical temperature is the Glass 
Transition temperature, Tg (°C) (Milles et  al. 2020). Glassy materials are hard and brittle as 

Table 1.5 Common plastics litter found in the marine environment.

Polymer Symbol Structure
Density 
ρ (g/cm3) Tg (°C)a

Polyethylene PE CH2( )CH2 n - 125

- Low- density PE LDPE Chain structure with long branches 0.89–0.93 
85–125

- High density PE HDPE Chain structure with minimal branches 0.94–0.98 
130–140

Polypropylene PP CH2 CH

CH3 n

0.83–0.92 -20 to 
-5

Polystyrene PS CH2 CH

n

1.04–1.1
0.05 (Foam)b

90–100

Poly(vinyl 
chloride)

PVC CH2 CH

CI n

1.16–1.58 87

Poly(ethylene 
terephthalate)

PET
O CH2 CH2 O C C

O O n

1.37–1.45 67–80

Polyurethane PU C NH NH C R′O O

OO

R

n

1.2
0.05–0.96
(Foam)b

- 20

Polyamide
(Nylon 66)

PA NH CH2 (CH2)4NH C C

O O n

6
( ) 1.31 50–60

Cellulose acetate CA

O
O

HO OAc
n

CH2OAc

D.S ~ 2.45c

1.29–1.31 ~187

a Glass transition temperature
b Density of foamed plastics depends on the fraction of air or other gas in the plastic
c D.S, the degree of substitution for CA used in cigarette filters (a the predominant constituent of marine beach 
debris), is about 2.45 but CA is available different values of D.S from 0–3.0 for various applications.
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polymer chains are not free to move in response to stress imposed on the material, but heated 
above this critical temperature, they become more flexible. Above the TG (°C), the polymer chains still 
remain entangled, unable to move about freely, with only some local movement of chain segments 
possible. This is, however, a reversible change, and cooling the plastic reverts it back to the glassy 
state. Chewing gum is usually a polymer below its Tg (°C) at ambient temperatures, but when 
warmed to body temperature in the oral cavity (to a temperature >Tg [°C]) it becomes rubbery and 
flexible. Alternatively, soft polymers such as rubber, polyethylene, or protein, that are all above 
their Tg (°C) at ambient temperature, become glassy, hard, and brittle when cooled to below their 
Tg (°C) (by dipping in liquid nitrogen [- 195.8 °C]).

With semi- crystalline plastics, however, the thermal behavior is somewhat different. The amor-
phous fraction of the plastic behaves the same as described above and soften above its Tg (°C), but 
this temperature has no impact at all on the crystalline domains. But, when the plastic is heated to 
even higher temperatures well above the Tg, the melting temperature of the crystallites, Tm (°C) is 
reached, when the material changes into a fully amorphous polymer. Further heating above the 
Tm (°C) (and therefore >Tg [°C]), converts the polymer into a viscous liquid. Neither the Tm (°C) 
nor Tg (°C) are inherent properties of polymers but can be changed by its thermal and stress history.

The structure of PE was given above simply as (- CH2- CH2- )n, a linear chain molecule. Commercial 
grades of polyethylene, however, are generally manufactured with a controlled amount of chain 
branching in their molecules and therefore have a range of different densities. The type of catalyst 
used to polymerize ethylene as well as co- monomers (short- chain olefins) mixed with ethylene, 
determine the stereo- specificity and the chain-branching in the polymer. Chain branching in PE 
interferes with the development of crystallinity and results in a polyethylene lower density. The 
density of the polymer is controlled by how much (the percentage) of branching is introduced, and 
whether these are long (>20 carbon chain) or short (5–10 carbon chain) branches. Nearly- linear 
PE chains with virtually no branching can crystallize easily and results in a high-density grade of 
PE called HDPE. Where significant branching is introduced, a relatively low- density and low- 
crystallinity grade of LDPE (or low- density PE) results. A grade with branching, but mostly with 
shorter lengths relative to branch chains in LDPE, is the linear- low density grade, LLDPE. Table 1.6 
below summarizes the properties of common plastics encountered in the marine environment. 
The more crystalline HDPE is stronger than LDPE and is used, for instance, in fabricating milk- jugs. 

Figure 1.12 Left: Scanning Electron Micrograph of an ultra- high molecular weight HDPE fiber heated at 
110 °C for one hour. The crystallites oriented in the direction of the fiber axis (indicated by the arrow) can 
be seen. Right: Schematic of a semi- crystalline polymer showing oriented chains in “crystalline” regions. 
Source: Left: Courtesy of Miao et al., (2018).
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Figure 1.13 illustrates the branching in LDPE, HDPE, and LLDPE varieties of polyethylene; there 
are many other commercially- available PEs of different ρ (g/cm3). (Medium- density PE- MDPE 
ρ = 0.926–0.940; very low density PE- VLDPE ρ = 0.890–0.895; high molecular weight PE- HMWPE 
ρ = 0.947–0.955; and ultra- high molecular weight PE- UHMWPE ρ = 0.940.) Also in the figure are 
two examples of common applications of PE.

1.7  Societal Benefits of Plastics

Behind the dramatic success of plastics as a material is the unique combination of properties that 
makes them particularly versatile and suitable for a broad range of applications. Plastics offer a 
combination of engineered functionality with a high degree of design freedom, delivered at a price 

Table 1.6 Characteristics of plastics typically encountered in marine debris.

Crystallinity (%) Melting point (°C) Extensibility (%)
Young’s Modulus, G
(Pa)

LDPE 50–60 105 200–600 0.13–0.3

HDPE 60–80 125 500–700 0.266–0.525

LLDPE 40–60 125 300–900 0.5–1.1

PP 40–60 150–175 100–600 0.9–1.55

PS (GPPS) — — 1.2–2.6 1.2–2.6

PS (HIPS) — — 15–65

PVC 10–30 — 11.9–80.0 2.14–4.14

PET 30–40 260 30–300 2.76–4.14

Nylon 6 — 255 25–50

Cellulose Acetate

Source: Polyethylene data from Peacock (2000).

HDPE (Linear) HDPE (Long Branched)

LLDPE (Short Branched)

CH3

CH2

CH2 CH2 CH2 CH2

CH2

CH2

CH2

CH2HC
n

HC

Figure 1.13 Left: Illustration of the molecular geometry of LDPE and HDPE. Middle; LDPE sandwich bag. 
Right: HDPE milk jug. (Images: Courtesy of Alana Andrady)
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that is competitive with alternative materials. To understand the consistently increasing demand 
for plastics worldwide, it is useful to briefly survey the main benefits of the material in several of 
their key application areas. Figure 1.2 that compares the mix of plastics produced worldwide annu-
ally (2015 data from Geyer et al. 2017 recalculated to exclude additives as they are not polymers) to 
their application areas, is a convenient starting point for the discussion. The advantages of PE and 
PP that account for about half the global resin in popular applications are especially impressive. 
Table 1.7 lists the common application areas for thermoplastics with typical uses.

Table 1.7 Applications of common types of plastics.

Application Plastics Commonly Used Specific Use

Packaging PET, HDPE, PP, LDPE, PVC
PP, HDPE, LDPE, PVC
LDPE, PP, PVC, PET
LDPE, HDPE, PP
PP, HDPE, LDPE, PVC

Bottles, flasks
Closure items, bottle caps
Films
Bags, sacks
Jars, boxes, tubs

Building PVC, PP, HDPE, LDPE, ABS
PU, EPS, XPS
PVC
PE, PVC
PS, PMMA, PC, POM, PA

Pipes and ducts
Insulation
Windows and other frames, flooring, and 
wall coverings
Lining
Interior fittings

Automative PP, ABS, PC/PBT
PU, PP, PVC, ABS, PA
PP, ABS, PPE, PC
HDPE, POM, PA, PP, PBT
PP, PPE
ABS, PP, PBT, POM, PP
PC, PBT, ABS, PMMA

Bumper
Seats
Dashboard
Fuel system
Body
Interior trim
Lighting

Agriculture LDPE, LLDPE, PP
LDPE, LLDPE
LDPE, HDPE
PP
PVC, LDPE
HDPE, PS, PP

Bale bags, seed bags
Greenhouse covers, silo covers, mulch film
Nets and mesh
Rope, strings
Pipes and fittings
Pesticides containers, nursery pots

Electronics PS, HIPS, SAN, ABS, PP
ABS, PC/ABS, HIPS, POM
PPE/PS, PC/ABS, PET
PC/ABS, ABS, HIPS
ABS, PC/ABS, HIPS
PS, ABS, PU, PVC
PP, PS, ABS, PVC

Printers/faxes
Telecommunications equipment
Televisions
Monitors
Computers
Refrigeration
Dishwashers

Source: Rudolph et al. (2017).
Abbreviations: ABS – Acrylonitrile- butadiene- styrene copolymer; PC – polycarbonate: PMMA (poly(methyl 
methacrylate); POM – poly(oxymethylene); and XPS – expanded extruded polystyrene.
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1.7.1 Packaging Food and Beverage

Packaging, the leading application of plastics has a global market size exceeding US$240B. Over 
half the plastic packaging is used in the food and beverage sector. Industrial packaging and non- 
food consumer packaging, each account for less than half of that volume. About 56% of plastic 
packaging is PE, with PP (22%), PET (10%), while some PS is also used (Mackenzie 2019).

Packaging addresses a key problem of the Anthropocene, the unprecedented wastage of food in 
the supply chain as well as by consumers. Globally, an estimated 1/3 of food intended for human 
consumption invariably ends up as waste (Gustavsson et al. 2011); food wastage in the US is even 
higher, by at least a third, compared to that in other countries. Along with food, all the resources, 
including fossil fuel invested in their production, are also wasted and it is critical to minimize 
this waste. An industry study in the US recently found significantly less food wastage with pack-
aged, compared to unpackaged, food (Ameripen 2018). Plastics packaging achieves this reduc-
tion primarily by extending the shelf life of food throughout the supply chain and by managing 
portion sizes. The weight fraction of packaging needed for this purpose is relatively low, com-
pared to that of food or beverage. This is also true both in terms of the monetary, and the envi-
ronmental cost of the package, compared to that of the food. Life cycle analysis (LCA) comparing 
different packaging materials for beverage, highlight the minimal environmental impacts of 
plastic packaging relative to that of the food it protects (Ghenai 2012; Sivenius et al. 2011; Vignali 
et al. 2016).

Spoilage of produce and meats is controlled by reducing the oxygen they are in contact with, to 
dramatically increase their shelf life. One way to achieve this is by vacuum packaging food with 
flexible plastic films having high barrier properties. Vacuum sealing extends the shelf life of refrig-
erated vegetables three-  to four-fold and frozen meats from weeks, to months, or even years. Fresh 
meats in refrigerated displays, for instance, typically retain their desirable color only for three to 
seven days. Modified atmosphere packaging (MAP) used to pack the meat in an atmosphere of 
high oxygen (70–80%) with 20–30% CO2 gas, extend its shelf life up to two weeks. The oxygen- rich 
environment in the package retains the red color of meat, the criterion used by consumers in judg-
ing its freshness, for a longer duration. Transparent skin packaging of cured meat products, is in 
fact, only possible with plastic barrier films. Vegetable and fruit packaging with MAP helps reduce 
the use of preservatives in produce. Other approaches such as gas flushing, scavenging/desiccant 
sachets, or on- package valves are all used extensively with plastic packaging to modify the atmos-
phere inside the package.

The use of any packaging incurs an environmental cost and often creates a post- use solid waste 
issue as well. In Figure 1.14, E1 is the embodied energy of the material made from feedstock such 
as aluminum from ore, or PET from fossil fuel, and E2 is the processing energy expended to form 
the material into the package. Energy expenses E3 onwards are the increments of energy expended 
in display at store, transporting, cooling prior to use by consumer, cooking, and its post- use dis-
posal. Quantities C1, C2, and C3 (onwards) are the corresponding emissions associated with each 
step, that include the carbon footprint, the water footprint, and the solid waste generated. The 
scheme allows a simple comparison of the footprint of different packages such as glass or plastic, 
provided detailed, reliable, inventories for each step are available. Reported data for (E1 + E2) and 
(C1) for different beverage containers (Ghenai 2012) are shown in Table 1.8. Note however, that 
these values are based on LCA and therefore, may vary with location, time, and technology used 
(Figure 1.14).

The limited analysis has several shortcomings, but shows the plastic jug to have the second- 
lowest embedded energy as well as carbon emissions. Not captured in Table  1.8 is the water 
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demand, especially in pulping and bleaching of paperboard, as well as the impact of toxic releases 
from any of the steps. Paperboard enjoys the unique advantage of being based on a renewable 
feedstock, partly reflected in the value of E1 (it is also biodegradable in the environment). These 
estimates assume that only virgin materials are used, and if recycling is included, given the high 
contributions of of E1 and C1 to EE nd EC, these estimates can decrease considerably.

Using packaging with a high environmental cost is justified with food that also has high EE 
(MJ/kg) and a large carbon footprint (e.g. meats, cheese, coffee, chocolate) as it minimizes waste, 
and extends shelf life, assuming the consumer will responsibly dispose the packaging waste. If 
responsible disposal can be assured, plastics would indeed be the ideal packaging material avail-
able. A common product that does not conform to the above criteria is bottled water, a popular 
beverage in the US, with 13.85 Billion gallons sold worldwide in 2018. The environmental cost of 
the packaging, however, is several orders of magnitude higher than that of the water. The embod-
ied energy of the PET bottle of ~8  MJ/L is enormous by comparison to that of the water of 
(<0.2 MJ/L) Also, the carbon footprint of the PET bottle is ~42 kg CO2- e while it is negligible for 
the water! When transportation, labeling, display, and promotional costs are added, the environ-
mental price tag of bottled water is unacceptably high, especially for water imported from other 
countries. It is still popular because of its convenience in serving large numbers of people and 
the misperception that it is more hygienic compared to tap water. An interesting, related  com-
parison is between the environmental merits of paper grocery bags versus plastic bags is pointed 
out in Box 1.3.

FEEDSTOCK MATERIAL CONTAINER

C1 C2
C3 C4 C5 ...

E1 E2
E3 E4 E5 ...

Figure 1.14 Schematic representation of manufacturing a package.

Table 1.8 Energy and carbon footprint associated with packaging milk in various containers. 
(The percentage of embodied energy and carbon associated with material production phase is shown 
in parantheses).

Container
Mass of 
package (kg) Volume L

Embedded energy 
(1010 J) (E1%)

Carbon footprint 
(kg) (C1%)

HDPE jug 0.051 0.946 2.95 (82.2) 1219 (67.7)

Aluminum can 8.1 50 17.52 (95.9) 10263 (94.7)

Glass bottle 0.41 1 5.82 (68.7) 3820 (62.0)

Paperboard carton 0.057 0.942 0.65 (84.8) 278 (73.4)

Data from Ghenai, 2012
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1.7.2 Plastics in Building

As with packaging, only a handful of different plastics are used in building construction; these, 
along with the percentage of global production used in building, are PVC (69%), HDPE (20%), PUR 
(29%) and PS (28%). The percentages shown are for that of the global production in 2015 (Geyer 
et al. 2017). Some LDPE and PP are also used in building, but to a lesser extent of only about 6% of 
their respective production volumes.

The most- used resin type in building construction is PVC, both as (i) rigid unplasticized com-
pounds, uPVC, in cladding (siding), window frames, water pipes/fittings, pipes, and rainwater 
goods; and (ii) plasticized, flexible compounds, pPVC, in laminates as membrane roofing, flooring 
tiles, and cable sheaths. PVC pipes are widely used in water transport because of their low cost and 
convenience in installation using quick connections compared to competing water pipes. Some 
chlorinaed PVC (or CPVC) is also used, especially in hot- water applications, because of its rela-
tively higher softening temperature compared to PVC. Plastic window or door profiles, also made 
of uPVC, are widely used because of their ease of installation and relatively low lifetime costs. 
Flooring made of PVC in laminate or engineered flooring, the most- used flooring in the US, is also 
popular in Asia, Australia and some parts of Europe (Pickard and Sharp 2020). HDPE, competes 
with PVC as a material for pipe applications but has a relatively shorter service life, but is the plas-
tic of choice in constructing storage tanks for water. Table 1.9 gives a comparison of the environ-
mental characteristics of several different pipe materials for the distribution of potable water. The 
savings in embodied energy (EE) on using lower- density, lower melting, non- corrosive, and easy- 
to- assemble PVC, in place of conventional ductile iron, concrete, or clay pipes is easy to appreciate 
(Uni- Bell 2017).

Another important application is the use of plastic foam insulation in building and refrigeration, 
that exploits their low density as well as their very low thermal conductivity. The closed cells in 
polyurethane foam contain inert gases that are very good thermal insulators. Until recently, the 
inert gas used as a blowing agent for PU foam was Freon (especially, trichlorofluoromethane), but 
after these were identified as ozone- depleting chemicals, pentanes were substituted in their place. 
The thermal conductivity of PU foam depends on the cell size and generally varies between 0.02 and 

Box 1.3 Paper or Plastic?

A cradle- to- grave LCA study in the US (Chet and Yaros 2014) compared the environmental impacts 
of HDPE bags, biodegradable PE/PLA bags, and Kraft paper bags (with 30% recycled fiber content). 
The embodied energy for the HDPE bag was 71% lower, and the gobal warming gas (GWG) emis-
sions,  50% lower, compared to the heavier paper bag. Water demand in the manufacture of the 
HDPE bags was only ~5% of that used to make the paper bags. A 2018 Danish study (DEPA 2018) 
that included 7 bag types, as well as a 2011 British study (Edwards and Fry 2011), were in general 
agreement with the conclusions. A plastic bag was the better choice based on these criteria.

The two main problems with HDPE bags, not captured in such studies, are the recalcitrance 
of plastic bag litter in the environment (not an issue with biodegradable paper bags) and the 
toxicity of water/air emissions from the manufacture of either type of bag. The acid rain emis-
sions (NOx and SOx) for HDPE bags was ~11% of that associated with paper bags (Chaffee and 
Yaros 2014). These values are are highly variable, depending on the location of manufacture 
and consumer littering behavior, and therefore difficult to quantify. The debate on whether the 
paper or the plastic grocery bags are better for the environment has been in the news for years. 
With ~5 trillion paper bags used globally each year (or over 150 000 bags a second!) clear 
guidance to the conscientious consumer will help the environment.
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0.03 W/m K, at atmospheric pressure. PU foam is used in applications such as refrigeration and 
cold storage as well as in insulation.

1.7.3 Plastics in Transportation

The advantage of plastics in construction, that combines strength that can exceed those of metal, but 
at a much lower density (mass per unit volume), is best illustrated by their applications in transporta-
tion. Airplane design, where weight and strength are particularly critical, presently uses increasing 
amounts plastic composites in place of aluminum. An exceptional example is the Boeing 787 
Dreamliner aircraft that is 50% by weight (and 80% by volume) made of plastics or composites. Not 
only is the molded modular construction faster and less tedious to assemble compared to aluminum 
structures, but the finished lighter aircraft incurs 20% fuel savings in operation as well as significantly 
lower carbon emissions during its manufacture. With close to 1000 of these in the air at the time writ-
ing and another 500 on order, the energy savings achieved in the aviation industry by the use of plas-
tics are considerable. Other models of aircraft also use increasing amounts of composites in their design.

The same is true of watercraft, a prime example being the Visby class submarine of the Swedish 
Navy, that uses composites for hull manufacture. The weight advantage of using plastic composites 
in the vessel is close to 50%, with the added strategic advantage of lower radar, magnetic, and acous-
tic signatures, compared to traditional metal designs (Rubino et al. 2020). Automobiles where light- 
weight is critical to ensure fuel savings, also use increasing amounts of plastics. Most of the plastic 
components in automobiles in the North American market in 2017 were made of PP, PU nylon, and 
PVC (32%, 17%, 10%, and 6%). In addition to the fuel efficiency that comes with a reduced weight of 
the automobile, plastics also contribute to corrosion resistance and design flexibility, allowing 
appealing and safe innovations at a reasonably low cost compared to traditional materials.

1.7.4 Plastics in Textile Fibers

A significant tonnage of plastic resin is used to spin textile fibers (73.5 MMT in 2019) but three 
plastics dominate the application. In 2020, of the total textile fiber market (including natural fiber) 
was >52% polyester, 5% Nylon, and 6% rayon fiber (Textile Exchange 2020). Unlike in the early days 
of the industry, the recent trend of fast- changing fashions, results in a very short service life, often 
less than a season, for comfort fabric. Clothing today provides physiological as well as psychological 
well- being to the consumer and needs to be easily laundered. Post- consumer clothing can in theory be 
recycled, but, only about 15% of all textile is globally recycled at present despite the benefits of the 
strategy in terms of savings in embodied energy and reduced externalities. Recycling textiles, how-
ever, introduces a serious complication. The process generates microfibers from mechanical frag-
mentation, that are difficult to contain and are released to the environment with waste water.

Table 1.9 Embodied energy and carbon data for 8- inch diameter water pipes.

Iron- concrete 
lined (DICL) PVC

Concrete 
(reinforced) Cast Iron HDPE

Embodied Energy (MJ/100- ft) × 103 33.94 19.18 9.53 25.5 23.79

Embodied Carbon (MTCO2- e/100 ft) 14.4 9.69 2.08 10.76 218

Weight (Lbs/ft) 22 5.619 60 34 6.65

Expected pipe burst (50 years) 1 1 18 3

Source: Calculated from Du et al. (2013).
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1.7.5 Plastics in the Energy Industry

Wind turbines generate about 11% of the energy used in the US (especially electricity) and 10–15% of 
that in Europe. It is the fastest- growing renewable energy source at this time, but they have signifi-
cant infrastructure costs. Blades of windmill installations span 100–150 ft and have to be made of a 
lightweight material such as wood. Polymer composites fit the requirement ideally, and glass fiber, 
carbon fiber, aramid, and basalt fibers are used to reinforce either thermoplastics or thermoset poly-
mers in the design of windmill blades (Mishnaevsky et al. 2017). Plastic blades can be conveniently 
molded into the complex aerodynamic geometries and are now beginning to be even recycled.

Plastics also play a significant role in the design of photovoltaic (PV) panels for production of 
solar energy. The active layer is encapsulated in plastic, sealing it from moisture and oxygen. Other 
parts of the module such as the back sheet, adhesive, and the protective film over glass, are made 
of plastics in modern PV modules. Another application of plastics in the energy industry is their 
use as a transparent exposure chambers for suspensions of microalgae in vertical algae farms 
employed in biodiesel production. To get high yields of oil, it is important to have a monoculture 
of selected oil- rich algae, by growing them in media enclosed in thin plastic tubes or bags and 
exposed to solar radiation. With hundreds of closely spaced transparent algae bags exposed out-
doors, plastic (rather than glass) is best suited for the application.
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2.1   Function of Plastic Additive Classes

The ecological and toxicological effects of plastic in the marine environment are generally discussed 
or modeled as if they were “pure” polymers (Cole et al. 2015; Kaiser et al. 2019; Yin et al. 2018); yet, 
no plastic that exists in the waste stream today is manufactured without additives or as a “barefoot” 
formulation. Every piece of plastic is made up of a unique combination of the host polymer, with 
some residual monomers or catalysts, as well as chemical additives added during processing of the 
plastic (Hahladakis et al. 2018; Hermabessiere et al. 2017). A staggering amount of different kinds of 
additives are used in plastic formulations and each of them plays a distinct role in delivering/enhanc-
ing the functional properties, performance, or appearance of a plastic product (Marturano et al. 2016). 
Depending on the formulation, plastics may contain anywhere from <1 to 50% or more by weight of 
plasticizers (Chaudhary et al. 2016; Marturano et al. 2016). Typically, plasticizers, fillers, and flame 
retardants (FRs) are used at high weight fractions in plastic formulations and, therefore, account for 
about three- quarters of all additives produced. Other additives, such as antioxidants and light stabi-
lizers, are used at much lower loadings. Despite the popular conception that plastics last forever, they 
are organic materials that undergo significant degradation when exposed to processing or environ-
mental conditions, including high temperatures, ultraviolet (UV) radiation, oxygen in the atmos-
phere, and water (see Chapter 8). The durability and performance that is expected from thermoplastics 
would not be possible without these intentionally added chemical compounds. The production and 
use of plastics (and, therefore, plastic additives) has continued to increase exponentially since the 
mid- 20th century (Binetti et al. 2008). If current production rates continue, a total of 2000 million 
metric tons of additives will have been produced by the end of 2050 (Geyer et al. 2017). This is based 
on an estimate of plastics containing on average 7% additives by mass (Geyer et al. 2017). It has been 
estimated that at least 190 metric tons of additive chemicals entered the ocean in 2015 alone, a rate 
that is expected to double by 2025 (De Frond et al. 2019). The decades’ worth of plastics already in the 
ocean was formulated without consideration for marine disposal.

This chapter aims to introduce plastic additives with a focus on their chemistry and function, trans-
port and fate, detection in marine environments, and toxicities. The extensive list of additives can be 
simplified by dividing the types of additives into three groups: functional additives, colorants, and 
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Table 2.1  Classes of plastic additives, typical loadings, and percent share in plastics production.

Type Additive Class
Typical 
loadings (wt%) Share (%)

Market size 
(USD million)a Examples Purpose

Plasticizers Functional 10–70 34 1550 Phthalates, tris(2- chloroethyl) phosphate Soften polymer and make more flexible

Flame retardants Functional 3–25 13 7000 Poly(bromo diphenyl ethers), 
organophosphorus

Prevent ignition or flame propagation

Antioxidants Functional 0.05–3 6 5770 Hindered phenols, alkylphenolsb, 
phosphitesc, lactones, hydroxylamines

To prevent discoloration and degradation 
during processing, use, and weathering

Heat stabilizers Functional 0.1–8 5 3630 Dialkyl maleates or laureates and dialkyl 
mercaptides of tin in PVC formulations to 
retard HCl evolution during processing

To prevent thermal degradation during 
processing

Fillers Fillers 1–50 28 10 000 Clays, silica, glass, chalk, talc, asbestos, 
alumina, rutile, carbon black, carbon 
nanotubes

To provide mechanical reinforcement or 
formulation cost reductions

Impact modifiers Functional 0.5–30 5 3280 Acrylonitrile butadiene styrene (ABS), 
acrylonitrile styrene acrylate (ASA)

To increase flexibility and impact strength 
to meet physical property requirements of 
rigid parts

Colorants Colorants 0.25–5 2 37 000 Cadmium, chromium, lead, and cobalt 
compounds, titanium dioxide, carbon 
black; organic dyes

To impart a desired color on the finished 
product

Lubricants Functional 0.1–3 2 4558 Waxes, oils, long- chain esters of polymeric 
alcohols

Allows easier processing of the plastic (i.e., 
lower temperatures, faster processing times)

Light stabilizers Functional 0.05–3 1 373 Hindered amine light stabilizers, 
benzo- phenone light- absorbing 
compounds

To prevent degradation of the plastic 
upon exposure to light sources

Other (anti- static, 
anti- microbial, etc.)

— — 4 — Silver, thiabendazole, aliphatic amines — 

Monomers, catalysts Unintended 
Additives

— — — Bisphenol- A, styrene, antimony Unreacted monomers or residual catalyst 
left over from the polymer synthesis

Source: “Typical loadings” are the max and min ranges reported by Geyer et al. 2017, Zweifel et al. (2001), Hahladakis et al. (2018), Andrady and Rajapaske (2019), and Ambrogi et al. (2017).
a These are market sizes for all applications, not just in plastics.
b The majority of alkylphenols (APs) found in the environment are degradation products of surfactants, not plastic additives.
c If phosphites are used, the loadings can be higher than the range indicated.
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fillers/reinforcements. The most common types of additives used are outlined in Table 2.1 along with 
typical loadings in the polymer, percent share in global plastics production, market sizes, key 
examples, and desired effects.

2.2   Functional Additives

2.2.1  Plasticizers

Plasticizers are added to plastics to improve their flexibility, durability, and elasticity over a broad 
range of temperatures while also reducing the glass transition temperature (Tg) and the melt flow. 
The dissolved plasticizer molecules, not being covalently linked to the polymer backbone (Greco 
et al. 2010), can migrate freely within the resin matrix. The exact mechanism of plasticization is 
not fully understood; however, studies demonstrate that strong association of the polymer chains 
with the plasticizer molecules creates additional free volume in the bulk plastic matrix, yielding a 
softer and more flexible material (Greco et al. 2010; Ramos- Devalle and Gilbert 1990).

Relatively high concentrations of plasticizers are required to achieve these desired changes in 
plastics, accounting for 34% of the total additives used in global plastics production from 2000 to 
2014 (Geyer et al. 2017). Phthalic acid esters, or phthalates, are the most widely used plasticizers. 
Of the reported 8.4 million metric tons of plasticizers manufactured worldwide in 2017, about 65% 
were phthalate plasticizer used by the poly(vinyl chloride) (PVC) industry (IHS Markit 2018), with 
di(2- ethylhexyl) phthalate (DEHP) being the most widely applied phthalates in PVC (Table 2.2). 
Because DEHP is highly regulated, it has gradually been replaced by diisononyl phthalate (DiNP), 
diisodecyl phthalate (DiDP), and di(2- propylheptyl) phthalate (DPHP). In 2015, DPHP represented 
57% of plasticizer consumption in Europe (ECPI 2016). However, the high loadings and migration 
of plasticizers from plastic materials have led to significant concern about the effects of phthalates 
in the marine environment as early as 1978 (Giam et al. 1978).

2.2.2  Flame Retardants

Plastics, especially those with a high carbon content, are inherently flammable. For many resins, 
the most cost- effective method for increasing fire safety is to blend a FR additive into polymer for-
mulations (Troitzsch and Antonatus 2021; Zweifel et al. 2001). FRs can be classified into halogen-
based, phosphorus-based, and metal hydrate compounds. Halogen- based FRs can vary widely in 
chemical structure, but the most common types are brominated organic compounds (BFRs), 
including polybrominated diphenyl ethers (PBDEs), hexabromocyclododecane (HBCD), tetrabro-
mobisphenol A (TBBPA), and polybrominated biphenyls (PBBs; Figure 2.1). HBCDs are the most 
widely used BFRs, with 31 000 metric tons produced in 2011 (UNEP 2015).

These FRs work in the vapor or gas state and interfere with the radical mechanism of the com-
bustion process. Plastics, such as polyethylene (PE), high- impact polystyrene, ethylene- vinyl ace-
tate copolymer, and acrylonitrile- butadiene- styrene (ABS) copolymer, use PBDEs as FRs (Andrady 
and Rajapakse 2019; Delva et al. 2018; Rahman et al. 2001). Recently, many PBDEs, such as penta- 
BDE, octa- BDE, and deca- BDE, have been phased out due to their significant persistence and tox-
icity. New BFRs, such as 1,2- bis(2,4,6- tribromophenoxy) ethane, have been developed as substitutes 
(Sun et  al.  2019). Phosphate- based FRs, such as tri(2- chloroethyl) phosphate (TCEP) or tris(2- 
ethylhexyl)phosphate are char formers that produce phosphoric acids that react with the substrate 
to generate a char that protects the polymer itself from combustion (Ambrogi et al. 2017; Samani 
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Figure 2.1  Chemical structures of (a) PBDE, (b) HBCD, (c) TBBPA, and (d) PBB.

and van der Meer 2020). Metal hydrate FRs are typically aluminum trihydroxide and magnesium 
hydroxide that hydrates decompose under high heat to release water, preventing propagation 
(Innes and Innes 2002).

FRs have a high propensity to migrate out of the plastic into surrounding environments. Some 
FRs are used as mixtures of congeners, such as commercial PBDEs, with certain congeners more 
toxic than others. Although some commercial PBDEs (penta- BDE, octa- BDE, and deca- BDE) have 
been phased out (Sharkey et al. 2020), they will remain in the environment for many years because 
of their persistence.

Table 2.2  Eight of the most commonly used phthalate plasticizers in PVC.

Name Abbreviation Common metabolites

Banned in toys 
and childcare 
articles in EU

Banned in 
U.S. toys or 
childcare articles

Butyl benzyl 
phthalate

BBP Mono benzyl phthalate (MBzP) X X

Di- n- butyl 
phthalate

DnBP Mono- n- butyl phthalate (MnBP); 
mono- isobutyl phthalate (MiBP)

X X

Di- (2- ethylhexyl) 
phthalate

DEHP Mono- (2- ethylhexyl) phthalate 
(MEHP); mono- (2- ethyl- 5- 
hydroxyhexyl) phthalate (MEHHP); 
mono- (2- ethyl- 5- oxohexyl) phthalate 
(MEOHP); mono- (2- ethyl- 5- 
carboxypentyl) phthalate (MECPP)

X X

Diethyl phthalate DEP Monoethyl phthalate (MEP)

Di- isodecyl 
phthalate

DiDP Mono- (carboxynonyl) phthalate 
(MCNP)

X

Di- isononyl 
phthalate

DiNP Mono- isononyl phthalate (MiNP) X X

Di- n- hexyl 
phthalate

DnHP X

Di- n- octyl 
phthalate

DnOP Mono- (3- carboxypropyl) phthalate 
(MCPP); mono- n- octyl phthalate 
(MOP)

X

Source of data: Zero Breast Cancer. (2014). “Phthalates: The Everywhere Chemical.”   Retrieved October 8 2020, 
from https://www.niehs.nih.gov/research/supported/assets/docs/j_q/phthalates_the_everywhere_chemical_
handout_508.pdf.
Note: Several phthalates have been banned by the European Union (EU) or the United States for use in toys or 
childcare articles at concentrations >0.1% (ZBC 2018).

https://www.niehs.nih.gov/research/supported/assets/docs/j_q/phthalates_the_everywhere_chemical_handout_508.pdf
https://www.niehs.nih.gov/research/supported/assets/docs/j_q/phthalates_the_everywhere_chemical_handout_508.pdf
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2.2.3  Antioxidants

Plastic materials are organic substances that are susceptible to oxidative degradation. For example, 
polyolefins (i.e. PE, polypropylene) degrade by autoxidation, a cycle that can be slowed by the action 
of antioxidants. Throughout a plastic’s life cycle (i.e. production, processing, use, and disposal), the 
polymer is subjected to a variety of damaging stresses. This includes high temperatures and shear 
rates from the multiple melt compounding steps as the product is transformed from reactor powder 
or pellets into a finished article and ultimately processed again through recycling. In addition to 
temperature and shear, catalyst residues, entrained oxygen, and other types of impurities might also 
play a role in promoting further degradation of the polymer (Zweifel et al. 2001).

During these repeated heat histories, polymers undergo a series of free- radical- mediated oxida-
tion reactions. These result in the formation of polymer hydroperoxides that thermally dissociate 
into additional free radicals (see Chapter  8 for detailed reactions). In addition to introducing 
oxygen- containing functionalities into the plastic, the oxidative reactions also facilitate chain scis-
sion altering its average molecular weight (MW), MW distribution, and structure of the polymer 
backbone. When not stabilized adequately, the plastic will ultimately begin to lose its mechanical 
integrity; this will also limit the recyclability of the polymer and can lead to the formation of 
microplastics (Zweifel et al. 2001).

Antioxidants are used to prevent the formation of free radicals. Phenolic antioxidants scavenge 
oxygen- centered free radicals, such as alkoxy- , hydroxy- , and peroxy- type species, and prevent 
reaction with the polymer backbone (see Chapter 8). These substances include hindered phenols 
their and APs. Phosphites and thioesters are used to decompose the hydroperoxides into relatively 
inert products. These additives are used to impart longevity and stability in the plastic article. Since 
they are designed to remain active in the matrix for a long time, they continue to protect the article 
after disposal, which leads to long life spans of polymers in the environment. The most common 
antioxidants are listed in Table 2.3 along with their corresponding class and structures.

2.2.4  Heat Stabilizers

Heat stabilizers are added to plastics to protect the material from heat during processing and 
using the product. The most common application of heat stabilizers is in medical grade PVC 
where it is used at a concentration of 10–15% to protect the polymer during autoclaving 
(Sastri 2013). Due to the labile chlorine group, PVC is particularly susceptible to heat. Heat stabi-
lizers work by trapping the hydrogen chloride (HCl) that is generated when PVC thermally 
degrades. They are also used in recycled materials, where they play the double role of inhibiting 
degradation and re- stabilizing post- use plastic waste (Ambrogi et al. 2017). Heat stabilizers are 
typically either metallic salts, organometallic compounds or nonmetallic organic stabilizers. 
Metallic salt heat stabilizers used in PVC, polystyrene (PS), and PE are commonly based on bar-
ium, cadmium, lead, or zinc and often used together to obtain a synergistic effect. Organometallic 
heat stabilizers are typically tin based.

2.2.5  Impact Modifiers

Impact modifiers (IMs) are a class of toughening functional additives that increase the impact 
strength of the plastic articles. Many commodity thermoplastics, such as PVC and PS, are brittle 
at ambient conditions (i.e., poor impact strength) and easily undergo cracking and crazing. In 
order to meet the physical requirements for certain applications, an IM additive is used. IMs are 
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elastomeric and rubbery and have a lower modulus than the host polymer system. When effec-
tively dispersed into the polymer matrix, the rubbery phase of the IM acts to absorb or dissipate 
the energy from impact in order to stop craze or crack propagation. IMs can be grafted to the 
polymer during polymerization or physically blended during compounding. Styrenic oligomers/
copolymers, such as ABS and methyl methacrylate- butadiene- styrene, make up the largest cat-
egory of IMs, accounting for about 45% of the market (Markarian 2004). These along with acryl-
ics that command 30% of the market and are used mostly in PVC. Elastomers, including 

Table 2.3  Examples of common antioxidant additives used in plastics.

Chemical name Antioxidant class Structure

Pentaerythritol 
tetrakis[3- [3,5- di- tert- 
butyl- 4- hydroxyphenyl] 
propionate

Hindered phenol

HO

O

O C

4

Octadecyl- 3- [3,5- di- tert- 
butyl- 4- hydroxyphenyl] 
propionate

Hindered phenol

HO

O

C18H37

Tris(2,4- di- tert. 
- butylphenyl)phosphite

Phosphite

O P

3

Trisnonylphenyl 
phosphite

Phosphite

O
O

O

P

Dialkyl ester of 
thiodipropionic acid

Thioester O O

OHSHO

N,N- Octadecyl 
hydroxylamine

Hydroxylamine OH

N
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ethylene- propylene- diene terpolymer (EPDM) and thermoplastic elastomers, make up about 
10% used with polyolefins. The remainder is made up of chlorinated polyethylenes (CPE) and 
other types. IMs, such as ABS, EPDM, and CPE, are also “stand- alone” plastic products. These 
materials are used as IMs in their oligomeric forms (i.e. MWs of 5000–20 000 g/mol; Ambrogi 
et al. 2017). Similar to plasticizers and FRs, IMs are often used at relatively high concentrations 
in the plastic formulation. However, since most IMs are large molecules, leaching from the plas-
tic into the environment has not been a major concern.

2.2.6  Lubricants

Lubricants are added to polymer formulations to ensure homogenous flow, uniform compositions, 
and quick release during processing and molding. There are three main types of lubricants: anti- 
slip agents that reduce the coefficient of friction of the plastic laminates; external lubricants that 
coat the metal/polymer interface during processing to minimize the plastic from sticking to the 
machinery; and a third group of low mass compounds that promote the flow of the polymer in the 
melt (Brydson 1999). Some of the most commonly used lubricants in thermoplastics are fatty acid 
amides (primary erucamide and oleamide), fatty acid esters, metallic stearates (e.g. zinc stearate), 
silicones, and waxes (Bhunia, et al. 2013). There is not much information available on the toxicity 
of lubricants (Andrady and Rajapakse 2019). However, some lubricants are nonylphenol based, 
which are known as endocrine disruptors (Boehme et al. 2010).

2.2.7  Light Stabilizers

Plastics are also susceptible to degradation via photo- oxidation, which is the result of the combined 
action of light and oxygen, that follows a similar oxidation cycle as in thermal oxidation that was 
previously discussed (see also Chapter 8). Light stabilizers interfere with the physical and chemical 
processes of light- induced polymer degradation. The most important light stabilizer classes are ben-
zophenones, benzotriazoles, organic nickel compounds, and sterically hindered amines (HALS; Jia 
et al. 2007). UV absorbers, such as benzophenones and benzotriazoles, are extensively used to stabi-
lize thick sections of polyolefins, poly(ethylene terephthalate) (PET), polyurethane (PU), poly(vinyl 
acetate) (PVA), natural rubber, and epoxy formulations. Organic nickel compounds quench or deac-
tivate the excited states of chromophores arresting oxidation. HALS is a particular potent free- radical 
quencher that is effective at very low concentrations (≈0.1%).

The protection of plastics from the effects of light can also be achieved through the addition of 
carbon black (CB) and other pigments such as titanium dioxide (Accorsi et al. 2001) that essen-
tially shield the plastic from UV radiation. Light stabilizers significantly control the weathering of 
plastics exposed to sunlight as well as fragmentation via loss of MW from photo- oxidation of the 
polymer. Typical loadings in plastics are relatively low, with <1%, and migration and toxicity have 
not received special attention.

2.2.8  Colorants

Colorants are chemical compounds that not only impart color to plastic materials but can also 
affect other properties, such as weather resistance, light stability, and transparency of the plastic. 
Colorants fall into two distinct classes: dyes and pigments; main distinction being dyes are soluble 
in the plastic matrix while pigments are insoluble. Most commonly used are the azo dyes that 
make up >50% of all dyes listed in the Color Index (Ambrogi et al. 2017) and used in textiles, paper, 
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leather, rubber, or even foodstuffs (Ambrogi et al. 2017). Since organic dyes  dissolve in the poly-
mer, they do not scatter but only absorb light. Therefore, even at high concentrations of the dye, 
the plastic tends to be transparent or translucent. Some dyes such as aromatic amines, are known 
carcinogens and phthalocyanines have detectable estrogenic activity (Yang et al. 2011).

Pigments remain discrete particles that are well dispersed in the polymer matrix (Bolgar 
et al. 2016). Scattering and absorption of light by the pigment particles makes the plastic partly 
opaque (Andrady and Rajapakse  2019). Pigments are classified as either organic or inorganic. 
Organic pigments include benzimidazoles, quinacridones, and mono- azos and provide the most 
brilliant opaque colors available (Ambrogi et al. 2017). Inorganic pigments are based on metals and 
can be divided into three classes: white pigments (TiO2), carbon black (CB), and special effect pig-
ment (Huckle and Lalor 1955). TiO2 is the most widely used pigment in the plastic industry due to 
its high refractive index and ability to provide a high degree of opacity and whiteness. In addition, 
TiO2 is known for its excellent durability and general nontoxicity. Black pigmentation in plastics is 
typically based on CB, the second most used pigments in volume by the plastic industry. CB also 
has dual functionality in that it can also act as a reinforcing filler, conductive filler, and light stabi-
lizer improving the weatherability and stability of the plastic (Huang  2002). Special pigments 
impart vibrant colors to plastic materials and include fluorescent pigments, pearlescent pigments 
(mica coated with TiO2), and metallic pigments (aluminum bronzes, copper, copper- zinc alloys, 
and zinc).

2.2.9  Fillers and Reinforcements

Fillers are relatively cheap, solid substances that are added to plastic formulations in high percent-
ages to adjust volume, weight, and mechanical performance (Zweifel et al. 2001). Inert fillers often 
do not compromise the functional properties of the plastic; they are cheaper than resin and can 
significantly reduce the cost of the formulation. Fillers can also serve as reinforcing agents that 
improve the mechanical performance and durability of the plastic. They are used as powders, fib-
ers, or nanotubes.

Filler consumption globally in 1999 was 66% calcium carbonate, 6% talc, 6% clays, 3% wollas-
tonite (CaSiO3), and the remaining 19% included silica, glass, asbestos, alumina, rutile, CB, and 
carbon nanotubes (CNTs; Civancik- Uslu et al. 2018; Zweifel et al. 2001). Reinforcements are gener-
ally strong fibers including glass, carbon, or aramide fibers (Alam et al. 2019; Hansen et al. 2013). 
Fillers and reinforcements are used virtually in all polymers, but the largest fraction (i.e. over 90%) 
is used primarily in rubbers, PVC, and polyolefins. The improved mechanical properties in a filled 
plastic are derived from the interface layer between the polymer and the filler. The stronger the 
interfacial interactions, the better the mechanical performance of the composite (i.e. polymer/
filler mix). The efficacy of the filler is also dependent on adequate dispersion in the polymer matrix. 
Good dispersion is achieved through extrusion, dispersing agents, or by surface treatment of the 
filler to improve compatibility with the polymer matrix.

Fillers can be microscopic (1 μm) or macroscopic (<100 μm) in size and have a very low 
 propensity to leach out of the plastic. However, degradation and wear of a filled plastic can release 
fibers into surrounding environments either during use or after disposal (Froggett et al. 2014). In 
addition, the use of nano- particulate fillers, such as CNTs or silica nanoparticles (silica- NPs), has 
gained popularity over the past 20 years due to the superior material properties of nanocomposites 
when compared to conventional composites. Currently, commercial availability is low as these 
materials are relatively new. Nonetheless, production volumes are increasing with market sizes 
projected to grow significantly (Hendren et al. 2011).
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2.3   Sources, Transport, and Fate of Additives in the Ocean

Despite the growing concerns of plastic waste accumulation in the ocean, the environmental trans-
port and fate of plastic additives are not well understood (Tian et al. 2020). Additives in plastics can 
be released from products into the air, water, and soil in all phases of the product life cycle and can 
be transported to the marine environment by numerous, interconnected, pathways (Figure 2.2).

Additives are well known to leach from plastics in the marine environment (De Frond et al. 2019; 
Koelmans et al. 2014; Paluselli et al. 2019; Pereao et al. 2020; Sun et al. 2019; Teuten et al. 2009). 
However, in addition to leaching, there are other sources of the same chemicals present in the 
ocean, some of which may even be more important, including direct industrial releases, wastewa-
ter effluents, atmospheric deposition, runoff, and river transport resulting from all human activi-
ties, including tire wear and application of sewage sludge in agriculture, resuspension from 
sediments, among other routes (Figure  2.2). For example, 14,742  metric tons of styrene were 
released into the environment from U.S. industries in 2019, independent from its leaching from 
plastic products, as reported to the U.S. Environmental Protection Agency’s Toxic Release 
Inventories (Table 2.4). Studies have shown that effluent from wastewater treatment plants and 
runoff, especially near plastic product manufacturing, as well as atmospheric deposition, are major 
sources of already leached plastic additives to aquatic environments (Kim et al. 2021; Liu et al. 2020; 
Peng et al. 2007; Staples et al. 1997; Zhang et al. 2013, 2018c).

Many discussions on movement of plastic additives within the ocean focus on the plastic itself 
as the main carrier but it is not the only significant transport mechanism (Zarfl and Matthies 2010). 
Koelmans et al. (2016) states that the fraction of hydrophobic organic compounds (HOCs), includ-
ing organic additives, held by plastic is negligible compared to that held by other media (i.e. seawa-
ter, atmosphere, sediment, and biota), implying the plastic- mediated transport to be generally 
unimportant in terms of HOC abundance.

The fate of plastic additives in the marine environment often differs from that of the plastic itself 
and is complicated (Figure 2.2). For example, additives that leach out of plastic can bioaccumulate 
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Figure 2.2  Complex sources and transport of plastic additives to, from, and within the ocean.
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in organisms or degrade, while the plastic itself might drift away. Alternatively, additives dissolved 
in water may be adsorbed by a different plastic particle that originally did not contain that chemi-
cal. Sorption and desorption of additives among multiple environmental compartments (plastic 
debris, water, sediment, air, and organic matter) are constantly and simultaneously happening 
through chemical equilibrium kinetics.

2.3.1  The Simple Release of Additives From Plastics to Water

Since additives are not covalently bound to the polymer, they can migrate from plastic into sur-
rounding environments (Bieber et al. 1984; Garde et al. 1998; Yagoubi et al. 1993). The leaching of 
plastic additives can be described in four major steps: (i) diffusion of the chemical through the 
polymer matrix, (ii) desorption of the chemical from the polymer surface, (iii) sorption of the 
compound at the polymer–water/biota/sediment interface, and (iv) absorption of the compound 
into the surrounding environment (Bhunia et al. 2013). Step 1, the mass diffusion process, is the 
rate- limiting step and governed by Fick’s second law.

The diffusion rate is influenced by MW, concentration, and solubility of the additive in the plastic 
matrix, as well as the thickness and the fractional crystallinity of the plastic material (Hansen 
et al. 2013). Small molecules with low boiling point, such as residual monomers, migrate quickly 
through plastic materials, whereas larger additive molecules migrate more slowly. This has led 
to the innovative design of larger molecules for use as antioxidants, FRs, and plasticizers to slow 
down their migration and leaching. Good solubility of the additive in the plastic leads to stronger 
physical interactions with the polymer chains and therefore a lower propensity to leach out. 
Therefore, formulators aim to use hydrophobic additives with low water solubility. Plastic additives 
migrate almost exclusively through the amorphous phase of a polymer matrix and will leach much 
faster from amorphous polymers (e.g. PS) than crystalline polymers (e.g. high- density polyethylene 
[HDPE]). In fact, this has been demonstrated in HDPE systems with varying degrees of crystallinity 
(Teuten et al. 2009). Another example is organotin heat stabilizers that are more readily released 
from flexible polymers than from rigid ones (Teuten et al. 2009).

Steps 2 through 4, or the migration of additives at the plastic–seawater boundary, are mainly deter-
mined by the partition coefficient between plastic and water (Kpw; Endo et al. 2013). Additives with 
higher Kpw (more hydrophobic) will leach slower because they diffuse away from the polymer–water 

Table 2.4  Industrial releases of toxic plastic additives as reported to the U.S. EPA’s Toxic Release Inventory 
in 2019.

Chemical name Abbreviation Additive class
Total onsite and offsite 
disposal (metric tons)

Styrene — Monomer 14,742

Nonylphenol NP Antioxidant/surfactant 142

Dimethyl phthalate DMP Plasticizer 69

Dibutyl phthalate DBP Plasticizer 135

PBBs PBB Flame retardant 0.6

Hexabromocyclododecane HBCD Flame retardant 60

Tetrabromobisphenol A TBPPA Flame retardant 98

Source: United States Environmental Protection Agency (2021). Toxic Release Inventory National Analysis 2019.
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interface toward the plastic core. Despite its importance, Kpw values for most additives in common 
plastics have not been measured or reported. Fortunately, the water solubility and octanol−water 
partition coefficient (Kow) can be used as chemical properties to estimate the leaching kinetics of 
plastic additives in seawater (also see Chapter 9). Table 2.5 provides these properties for a list of 
additives commonly identified in the marine environment.

Leaching of additives into seawater is strongly influenced by environmental conditions, such as 
temperature, sunlight, and salinity (Reimann et  al.  2012; Westerhoff et  al.  2008; Zaki and 
Shoeib 2018). Several studies show the leaching kinetics of common additives (Fikarova et al. 2019; 
Kedzierski et al. 2018; Koelmans et al. 2014) and even residual monomers (Koelmans et al. 2014; 
Tian et al. 2020) from plastics into seawater to be highly dependent on additive type, environmen-
tal conditions, and the host polymer. High temperatures can accelerate the diffusion of chemicals 
in polymers leading to greater leaching from plastics in warmer climates (Joo et al. 2004).

Photo- oxidation leads to dramatic changes in the plastic surface structure, such as increased crys-
tallinity, changes in chemical properties, and cracking which perpetuates fragmentation (Gewert 
et al. 2015; ter Halle et al. 2017). Fragmentation increases the surface area- to- volume ratio, acceler-
ating plastic additive leaching. Likewise, styrene is released at higher rates upon degradation of PS 
in aquatic conditions (Date et al. 2002; Kwon et al. 2014), as are bisphenol A (BPA) and isocyanates 
from polycarbonate (PC) and PU, respectively (Biles et al. 1997; Kubwabo et al. 2009). Furthermore, 
BFR release rates greatly increase from PE as it degrades, and the process is even more accelerated 
by the actions of digestive fluid once the plastic is ingested by organisms (Sun et al. 2019). Field 
evidence of enhanced additive leaching with increased fragmentation was demonstrated, in which 
levels of UV stabilizers were lower in “small” versus “large” plastic fragments collected from the 
same beach (Tanaka et al. 2020).

Additive concentrations measured in collected marine debris are typically lower than the target 
loadings in original plastic formulations (Table 2.1), indicating that some degree of leaching into 
seawater has occurred (Hermabessiere et al. 2017). Tanaka et al. (2020) found that concentrations 
of UV stabilizers in large plastic fragments were within the range of typical loadings. These results 
indicate that some additives are sufficiently stable in the polymer even after being fragmented or 
exposed to harsh conditions. Diffusion of additives from within plastics is rate limiting, and is why 
phase equilibrium between plastic and water may not be attained in marine conditions (Kwon 
et al. 2017). Recently, evidence of this was provided in highly weathered and fragmented PE marine 
debris (Tanaka et al. 2020). Lower concentrations of UV stabilizers were measured in the surface 
layers of these fragments compared to the inner core.

2.3.2  The Complexity of Intentionally Added Versus Adsorbed Additives

The reverse of the above process of leaching results in plastics absorbing free additives and other 
chemicals or acting as a sink for these compounds in the ocean (see Chapter 9; Amelia et al. 2021; 
Liu et al. 2016; Menéndez- Pedriza et al. 2020). In fact, the sorption of nonadditives, such as metals 
and HOCs, to the surface of the polymer can even affect the leaching kinetics of intended additives 
from a plastic (Kedzierski et al. 2018).

Field studies investigating environmental transport of additives are, therefore, confounded by 
additives that contain contributions from intentionally added compounds as well as those 
adsorbed by the plastic from water. Chen et al. (2019) found higher additive concentrations in 
smaller versus larger marine plastic fragments, a finding opposite to that from Tanaka et al. (2020). 
The two studies examined the same polymer type, highly weathered PE fragments, from the same 
 general region, central North Pacific, but differed in the additive classes targeted. Chen et  al. 



Table 2.5  Reported log Kow values, water solubility, molecular weight, and LD50 values of common plastic additives.

Chemical name Abbreviation Additive class Log Kow

Water 
solubility (μg/L)

Molecular weight 
(g/mol)

D. magna 48 h 
LD50 (mg/L)

Butyl benzyl phthalate BBP Plasticizer 4.70 2.7 312.65 3.24

Di(2- ethylexyl) phthalate DEHP Plasticizer 4.88–7.73 23–340 390.57 0.35

Diethyl phthalate DEP Plasticizer 2.54 1 080 000 222.24 86

Diisodecyl phthalate DiDP Plasticizer 9.46–10.36 0.0022 446.68 >0.02

Diisononyl phthalate DiNP Plasticizer 8.60–9.37 0.023 418.62 >0.06

Di- n- butyl phthalate DnBP Plasticizer 4.27 11 200 000 278.34 2.99

Di- n- octyl phthalate DnOP Plasticizer 7.73 22 390.6 >0.16

Tris- (2- chloropropyl) phosphate TCPP Plasticizer 2.59 1 600 000 327.6 81

Di- 2- ethylhexyl adipate DEHA Plasticizer 8.12 0.53 370.58 >54

Acetyl tributyl citrate ATBC Plasticizer 4.92 1700 402.48 5.1

Hexabromocyclododecane HBCD Flame retardant 5.07–5.47 2.1–48.8 641.7 146

2,2′,4,4′- Tetrabromodiphenyl ether PBDE 47 Flame retardant 6.81 15 485.79 0.00789

2,2′,4,4′,5- Pentabromodiphenyl ether PBDE 99 Flame retardant 7.39 9.0 564.7 0.00261

Decabromodiphenyl ether PBDE 209 Flame retardant 9.97 <0.1 959.2 >2.5

Tetrabromobisphenol A TBBPA Flame retardant 4.50 171.00 543.9 0.69

2,2- bis(bromomethyl)- 1,3- propanediol BBMP Flame retardant 0.85 38 000 261.94 653

Tris- (2- chloropropyl) phosphate TCEP Flame retardant 2.59 1600 285.48 381

2,6- ditert- butyl- 4- methylphenol BHT Antioxidant 5.03 5.7 220.36 0.42a

Pentaerythritol tetrakis(3- (3,5- di- tert- 
butyl- 4- hydroxyphenyl)propionate)

Irganox 1010 Antioxidant 19.6 0.0052 1177.67 86b

Octadecyl 3- (3,5- di- tert- butyl- 4- 
hydroxyphenyl)propionate

Irganox 1076 Antioxidant 13.8 0.00004 530.9 >100

Tris(2,4- di- tert- butylphenyl)phosphite Irgafos 168 Antioxidant 15.5 0.0010 646.937 >180b
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Triphenyl phosphate TPP Antioxidant 4.59 1900 326.3 1.7

2- Tert- butyl- 6- (5- chlorobenzotriazol- 2- 
yl)- 4- methylphenol

UV326 Light stabilizer 5.55 0.68 315.8 100b

2,4- Di- tert- butyl- 6- (5- chloro- 2H- 
benzotriazol- 2- yl)phenol

UV327 Light stabilizer 6.91 0.026 358 N/A

2- (benzotriazol- 2- yl)- 4,6- bis(2- 
methylbutan- 2- yl)phenol

UV328 Light stabilizer 7.25 0.015 351.5 >0.083

Nonylphenol NP Multiple 4.48–4.80 4.9 220.35 0.31

Styrene Styrene Monomer 5.23–5.64 300 104.15 23

Bisphenol A BPA Monomer 3.40 120–300 228.29 11.9

Titanium dioxide TiO2 Colorant 2.23 1.634 79.87 5.5

Carbon black CB Colorant 3.97–5.74 Insoluble 12.011 >5,600b

Basic Red 51 BR51 Colorant N/A 97.91 279.77 0.10

Cadmium Cd Colorant, etc. N/A N/A 112.41 0.054

Copper Cu Colorant, etc. N/A N/A 63.55 0.10

Zinc Zn Heat stabilizer, etc. N/A N/A 65.4 0.928

Calcium carbonate CaCO3 Filler – 2.12 1000 100.09 >>>800

Source:
Note: a Not experimentally derived, rather estimated from ECOSAR program.
b 24- hour exposure.
> means the LD50 is above the water solubility; >>> means the LD50 is well above this measured concentration of water hardness in toxicity test water.
Red shades indicate >5 log Kow (concern for bioaccumulation/biomagnification) or LD50 < 1 (concern for acute aquatic toxicity).
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Figure 2.3  Transport and fate of hydrophobic organic chemicals to/from marine plastic particles, seawater, 
and biota. Source: Adapted from Kwon et al. (2017).

(2019) measured BPA and APs, which are not common additives in PE, but instead are globally 
distributed chemicals free from plastics, whereas Tanaka et al. (2020) measured UV stabilizers 
that are almost always added to PE. The findings contradict because the dominant transport 
mechanisms were different for the two cases. UV stabilizers were leaching out of, while the BPA 
and APs were sorbing to the smaller fragments. Both leaching and adsorbing, however, were 
enhanced by the smaller fragments’ increased surface area- to- volume ratio.

These two mechanisms influence the modeling of additive transport, leading to another 
 comparison of seemingly conflicting results. Koelmans et al. (2016) concluded that most plastic 
additives in the ocean had already reached equilibrium between seawater and plastic debris. This 
interpretation was based on the estimate that 80–90% of plastic in the ocean has been there for two 
to four years, much longer than it takes free additives to reach equilibrium between the plastic and 
water. In contrast, Kwon et al. (2017) concluded that plastic additives intentionally added may not 
ever attain equilibrium between plastic and water in the marine environment. Both perspectives 
can be correct – certain additives especially those that have already escaped plastics (e.g. BFRs, 
APs, BPA) may already be at sorption equilibrium with plastics in the ocean. Incorporating both 
perspectives into models will make for the most accurate real- world estimates of plastic additive 
mass balance and fluxes.

2.3.3  The Complexity of Multiple Compartments

The ocean consists of multiple compartments, not just plastic and water, that can carry additive 
chemicals (Figure 2.2). Some of the dynamic processes that determine the transport and fate of 
plastic additives in the marine environment, and the role of the host plastic, are presented in 
Figure 2.3. For the complete understanding of chemical additive transport and fate in the ocean, 
all environmental compartments must be considered, including air, soil, sediments, freshwater, 
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seawater, and biological matter. For this reason, several physicochemical properties beyond Kpw, 
water solubility, and Kow are important. Vapor pressure, Henry’s constant, octanol–air partition 
coefficient (Koa), and the organic carbon partition coefficient (Koc) also dictate the transport and 
fate of plastic additives, especially exchanges between various compartments (Net et al. 2015).

2.3.3.1  Transport of Plastic Additives to/From Marine Sediment
Marine sediments are thought of as the final sink compartment for plastic additives and often have 
the highest concentrations among all compartments. Sources of plastic additives to sediment 
include leaching from sunken plastic debris into the sediment, partitioning from overlying water 
or pore water, and settlement of sinking organic material (Figure 2.2). Resuspension of sediment 
constituents into the water column from bioturbation or currents can transport additives back to 
the water column (Gallo et al. 2018). Additives with low polarity and high Koc values likely accu-
mulate in sediment. Koc values are commonly correlated with hydrophobicity or lipophilic proper-
ties, measured by Kow.

2.3.3.2  Transport of Plastic Additives to/From Marine Biota
Marine organisms may be exposed to plastic additives via inhalation, dermal sorption, or ingestion 
of plastics or the free additives. Significant debate exists in the scientific literature whether the 
dominant route of exposure is from additives leaching from ingested plastics in the gut or from 
direct exposure to additives in water or prey. Early studies argued that plastic ingestion is a domi-
nant exposure route since a wide range of marine animals eat plastics, and experimental studies 
have proven this mechanism in laboratory animals (Browne et al. 2013; GESAMP 2015; Rochman 
et al. 2013; Tanaka et al. 2013; Teuten et al. 2009). Other studies argue that the contribution of 
plastics to the bioaccumulation of additives in marine organisms is likely small; rather bioaccumu-
lation is predominantly from ingesting prey tissues that already contain these compounds (Bakir 
et  al.  2014; Clukey et  al.  2018; Koelmans et  al.  2014,  2016; Rochman et  al.  2013; Zarfl and 
Matthies 2010). In fact, ingesting “clean” plastics reduces HOC concentrations in the body by sorp-
tion of the compounds to plastic as it moves through the gut and elimination via feces (Koelmans 
et al. 2014). Koelmans et al. (2016) provides a critical review of the literature concerning the role 
of plastic as a carrier/vector of additives and concluded that for the majority of marine habitats, 
bioaccumulation of HOCs from microplastic is likely overwhelmed by uptake via natural diet. 
However, in some cases, exposure to additives by the ingestion of plastic may be substantial if the 
amount of additives in ingested plastic is sufficiently larger than the amount in other diet items 
(Koelmans et al. 2016).

2.4   Degradation of Plastic Additives in the Marine Environment

Like their plastic counterparts, plastic additives are also susceptible to oxidative degradation and 
biodegradation. The final products from degradation of plastic additives and the kinetics of these 
processes in the ocean are not well understood. Basic understanding of the effects of UV, oxygen, 
water, pH, and temperature certainly allow scientists to predict potential degradation/transforma-
tion structures to some extent. The biological degradation pathways that can occur in marine envi-
ronments remain, for the most part, a mystery.

With phthalates, biodegradation is likely the most important removal process from water (Net 
et al. 2015). Many phthalates biodegrade into less toxic metabolites, for instance DEP to MEP and 
phthalic acid (PA) in soils (Cartwright et  al.  2000). Both aerobic or anaerobic microorganisms, 
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Figure 2.4  Mean concentrations of additives measured in plastics found in the marine environment, shown 
in logarithmic units of percent content of the plastic sample. Note: Sample size, polymer type, and reference 
are shown inside the bars. Data bars are color coded by polymer of samples (light blue = mostly PE and 
PP; dark blue = only PE and/or PP;  yellow = PS only).

including marine- derived fungi, biodegrade phthalates, and higher order animals, also can rapidly 
biotransform phthalates (Net et al. 2015, Carstens et al. 2020). Paluselli et al. (2019) found that 
DnBP, DiDP, BzBP, and DEHP were >85% degraded within 49 days of incubation in aerobic seawa-
ter. In marine sediments, half- lives of monoalkyl phthalate esters were between (18 ± 4 and 35 ± 
10) hours (Otton et al. 2008). Phthalates can also degrade in the marine environment via photodeg-
radation and hydrolysis of the ester moiety to PA and the corresponding alcohols via the monoesters. 
These processes, however, are recognized to be less important than biodegradation (Yan et al. 1995).

2.5   Detection in the Marine Environment

To write this chapter, we compiled a database of 193 studies that reported concentrations of plastic 
additives in marine plastic pollution, seawater, marine sediment, and marine organisms from 1978 
to 2021.

2.5.1  Plastic Samples

The diversity of detected chemical additives in plastic samples from the marine environment is 
staggering (Gauquie et al. 2015), but often, the measured concentrations of pollutants are lower 
than typical loadings expected in plastic consumer goods (Table 2.1). In fact, all additives were 
lower than 1% by weight of the debris (Figure 2.4). Possible reasons for the lower than expected 
levels are numerous.

The first reason is that not all polymers are expected to have high loadings of particular addi-
tives. Polymer composition of the marine debris samples is fundamental to interpreting the meas-
ured additive concentrations, as only some of the diverse polymers require high additive loadings. 
For example, flexible PVC products often contain high loadings of phthalates, but PVC is a rare 
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polymer in marine debris unless the study focuses on the seafloor (Brignac et al. 2019). PE and 
polypropylene (PP) that do not contain phthalates are abundant in ocean surface and beach debris 
(Brignac et al. 2019; Hermabessiere et al. 2017; Figure 2.4). In another example, HBCDs were found 
at the highest concentrations within plastic debris in expanded polystyrene (EPS) fishing buoy 
debris (Figure 2.4). But, the HBCD levels were four orders of magnitude lower in PE and PP frag-
ments, indicating that HBCD was intentionally added to the EPS, but not to the PE or PP products.

Plastic goods tend to contain higher concentrations of additives than in preproduction resin pel-
lets, although pellets also contain some additives (Prunier et al. 2019; Teuten, et al. 2009). Plastic 
debris originating from fisheries, which is a pervasive and large problem (UNEP 2009), had higher 
concentrations of Irganox 1076, BHT, 2,4- DTBP, UV320, and UV327, whereas Irganox 1010  was 
found at relatively higher levels in food- contact plastic debris (Rani et al. 2017a). These differences 
stem from the optimal levels selected by manufacturers driven by the desire to make fishing gear as 
durable as possible in harsh exposure environments and to meet regulations for food packaging. 
Some concentrations can be lower than the detection limits; and nondetects should never be ignored 
and were included as zeros while calculating the average additive concentrations, as shown in 
Figure 2.4.

A second reason why additives are in lower concentrations than expected is prior leaching from 
plastic into the environment or degradation of the additive (Rani et al. 2017b; Tanaka et al. 2020). 
The third reason is some of the additives detected in marine plastic debris could be adsorbed from 
the surrounding environment rather than being intentionally added. Plastic polymers are rou-
tinely used as passive samplers to monitor environmental pollutants in water, because they are 
excellent at adsorbing compounds from the surrounding environment (Koelmans et  al.  2016). 
Because of this difficulty in determining the source of additives, the use of plastic debris samples 
to assess global spatial and temporal trends is complicated. Even so, Prunier et al. (2019) noted that 
mesoplastics from English coastal areas (Massos and Turner 2017; Turner and Solman 2016) or 
Chinese littoral areas (Wang et al. 2017) had element concentrations in the same order of magni-
tude as those from the open ocean (Prunier et al. 2019). This differs for organic pollutants, whose 
concentrations are greater in plastic debris from coastal areas than from the open ocean (Hirai 
et al. 2011). These findings are likely driven by the global distribution of naturally occurring ele-
ments in seawater and point sources influx from human activities in coastal regions (Net et al. 2015).

2.5.2  Abiotic Samples

Water and sediment are more frequently sampled than biota in plastic additive studies. For organic 
additives the sediment concentrations are routinely two to three orders of magnitude greater com-
pared to that in water (Figure 2.5), as expected based on their log Kow or sediment water partition 
coefficients.

Monitoring surface water for additives is particularly well suited for assessing global spatial and 
temporal comparisons, because many plastic additives are soluble enough in water to be detectable 
by standard monitoring techniques. Also, seawater is a globally accessible sampling matrix that is 
regionally influenced by local point sources. By performing a meta- analysis of phthalate concen-
trations in surface waters, Berge et  al. (2013) reported that the European and Chinese coastal 
waters had higher median DEHP concentrations of approximately 1 μg/L, compared to North 
American waters (approximately 0.3 μg/L). However, an updated analysis of DEHP in marine 
waters only shows that the range of means in Asia are relatively higher than America, followed by 
Europe (Figure 2.6). The variability within each continental region, and the differences in sam-
pling times, are too large to make definitive spatial comparisons. Berge et  al. (2013) observed 
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temporal trends in the phthalate concentrations in European fresh and seawaters, which were 
increasing until around 2000, then decreasing due to regulatory influence (Berge et al. 2013). The 
marine surface waters do not reflect this trend, but no studies before 2000  were included 
(Figure  2.6). Zhang et  al. (2018b) found a vertical distribution of phthalates in seawater with 
greater concentrations at the surface of the ocean that decreased slightly with depth until increas-
ing near the bottom.

Sediment cores can offer an in situ sample archive for environmental monitoring programs to 
signal when regulations were needed and also to track changes in pollutant levels resulting from 
regulations or societal shifts. Radionuclide dating is especially valuable in determining when dif-
ferent sediment layers with additives were deposited. Five studies have used sediment coring 
methods to understand temporal trends in plastic- related chemical concentrations in Asian coastal 
waters only (Hashimoto et al. 2005; Moon et al. 2009; Peng et al. 2007; Wang et al. 2018; Zhang 
et al. 2013). Three of these studies focused on APs and/or BPA, revealing temporal trends that 
could be explained by local/regional land- use or policy changes. Wang et  al. (2018) observed 
increasing concentrations of plastic additive phenolic antioxidants, such as BHT, from the bottom 
to the top of cores collected close to the coast, indicating increasing temporal trends of these com-
pounds in Chinese marine habitats. Zhang et  al. (2013) explained complex periodic spikes in 
HBCDs measured in layers of a sediment core by China’s national economic development initia-
tives and the opening of a nearby corporation in 2005.

2.5.3  Biotic Samples

Within biota studies, plastic additives were detectable in tissues from at least 134 species. The first 
sampling began before 1978 (Giam et al. 1978), and most studies have focused on fish, bivalves, 
and other invertebrates with a few studies addressing plants, turtles, birds, and mammals 
(Figure 2.7).

Attempting spatial and temporal comparisons in similar species for a particular compound class, 
other than PBDEs and HBCDs, is difficult because the published data is sparse. Past reviews have 
shown elevated levels of HBCDs in samples near chemical production or application facilities, 
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indicating that some plastic additives are released directly into the environment instead of being 
leached from plastic products (Covaci et al. 2006). Several temporal trends show increasing BFR 
concentrations until approximately 2000, reflecting usage of the compounds in developed coun-
tries (Law et al. 2014). The continual increasing trends observed in the Arctic indicate their trans-
portation to polar regions. For the other additive classes, fish offers the best sample type, but data 
are very limited after filtering the data for similar trophic level, habitat type, tissue analyzed, par-
ticular chemical reported in the same or convertible units, and summary statistic (e.g., mean or 
median). Filtering criteria are critical because additive concentrations can vary widely among fish 
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Figure 2.6  An updated spatial comparison of mean concentrations of DEHP measured in marine surface 
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species even from the same location (Gu et  al.  2016), and additives do not distribute evenly 
throughout the body (Barboza et al. 2020). Filtered data available for comparison often include 
<20 individual fish from two or three locations on the global map and at different snapshots in 
time (Figure 2.8). It is not advisable to make global spatial generalizations with data like these.

For human dietary intake studies, the tissue that is most frequently consumed (e.g. fillets) was 
analyzed. In trophic transfer studies, the whole fish was analyzed including the gastrointestinal 
tract which may contain ingested plastics. On fewer occasions, fish liver was analyzed and com-
pared to muscle tissue for APs (Lye et al. 1999), bisphenols (Barboza et al. 2020), and also to gill 
and kidney for phthalates (Adeogun et al. 2015). Seabird eggs offer lipid- rich samples suitable for 
long- term monitoring programs (Law et al. 2014), and have been analyzed for additives beyond 
BFRs (Lundebye et al. 2010) and compared to liver concentrations (Hallanger et al. 2015). Likewise, 
marine mammal blubber is commonly analyzed for BFRs, because of their accumulation in fatty 
tissues. Blubber and plasma have been analyzed for benzotriazole UV stabilizers and for substi-
tuted diphenylamine antioxidants (Lu et al. 2016; Nakata et al. 2010). Phosphate- based additive 
concentrations have been compared among the blubber, brain, kidney, liver, muscle, and plasma of 
marine mammals (Hallanger et  al.  2015; Sala et  al.  2019). Phthalate concentrations have been 
compared among sea turtle fat, gonads, liver, and muscle (Savoca et al. 2018), detected in seabird 
preen oil (Provencher et al. 2020) and in marine mammal liver (Rian et al. 2020). Since phthalates 
are quickly metabolized and eliminated from the body (Staples et al. 1997), some studies have 
targeted phthalate metabolites, instead of or in addition to the parent compound, in fish muscle 
(Fossi et al. 2014). Also, marine mammal blubber (Fossi et al. 2012), skin (Fossi et al. 2016), and 
urine (Hart et al. 2018, 2020) have also been studied in this regard. Urine concentrations of phtha-
lates are the most widely used approach in human biomonitoring studies (Wang et al. 2019).

Certain additives can biomagnify in food webs, while others, like plastics themselves, do not 
(Covernton et al. 2021; Koelmans et al. 2016; Tomy et al. 2008). From our database, 12 studies 
investigated biomagnification of additives in marine food webs (see Box 1.2  in Chapter 1 for a 
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 discussion of biomagnification). Phthalates did not biomagnify significantly (Mackintosh et al. 2004; 
Morin 2003). Certain congeners of PBDEs biomagnified in several marine food webs (Brandsma 
et al. 2015; Mizukawa et al. 2009; Tomy et al. 2008), but conflicting results have been obtained for 
HBCDs (Brandsma et al. 2015; Tomy et al. 2008; Zhang et al. 2018c). One study provided evidence 
of TBBPA biomagnification (Li et al. 2021). Phosphate- based FRs also did not biomagnify in three 
marine food webs but tentatively did in a benthic food web (Brandsma et al. 2015; Garcia- Garin 
et al. 2020; Hallanger et al. 2015). There is some tentative evidence of biomagnification of benzo-
triazole UV stabilizers (Nakata et al. 2010; Peng et al. 2017). BPA most likely does not biomagnify 
(Corrales et al. 2015; Gu et al. 2016), and there is only weak correlative evidence for the biomagni-
fication of 4- t- OP and 4- n- NP (Gu et al. 2016). We are unaware of trophic transfer studies for addi-
tive classes such as other antioxidants, heat stabilizers, fillers, IMs, colorants, or lubricants.

2.6   Toxicity of Additives

The toxicity of plastic additives is quite variable given the diversity of their chemical classes. 
Determining the dose that kills 50% of a test animal (LD50), such as Daphnia magna in 48- hour 
exposures, is a basic standard aquatic toxicity test that allows for simple comparisons of toxicity 
across compounds. The range of LD50 values for plastic additives exemplifies this diversity 
(Table 2.5). Acutely toxic additives (e.g., LD50 values <1 mg/L) include lower brominated PBDEs, 
APs, some phthalates, such as DEHP, Basic Red 51 azo dye, cadmium, copper, and zinc. In con-
trast, other additives, considered not harmful because their LD50 values are >10 mg/L, include 2,2
- bis(bromomethyl)- 1,3- propanediol (BBMP), TCEP, and DEP. The antioxidant, Irganox 1010 has a 
high LD50 for D. magna (86 mg/L, Table 2.5) and other animals; therefore, it is allowed in food- 
contact plastic packaging (USFDA 2019). Lower toxicity provides some justification for replacing 
conventional additives with newer replacements. Even so, many replacements still exhibit some 
level of toxicity, some even at similar concentrations than the original additive, and should be 
more thoroughly studied (Behl et al. 2016; Luo et al. 2021).

The toxicity of many plastic additives has been reviewed previously (Table 2.6). Endocrine dis-
ruption is a prominent toxicological mechanism noted in the literature for many plastic additives. 
Endocrine- disrupting chemicals (EDCs) are so- called because they disturb any step in the complex 
feedback systems of hormones that regulate reproduction, growth, metabolism, and many other 
biological functions. Mechanisms of toxic action include interfering in the synthesis, activity, or 
elimination of hormones or their receptors. Phthalates, FRs, antioxidants, monomers, and metal- 
based additives are known as EDCs, disrupting a range of different hormonal systems (Table 2.7). 
The main concern over EDCs is that they act at concentrations much lower than lethal concentra-
tions and results in sublethal effects, such as reduced reproduction or slower growth, both of which 
could significantly harm populations or communities of marine organisms. For example, thyroid 
disruption and neurobehavioral effects were observed in crucian carp (Carassius auratus) at con-
centrations of HBCDs 10–100 times higher than environmental concentrations, leaving only a 
small margin of safety for wild fish populations (Dong et al. 2018).

Additives can also exert neurological, carcinogenic, developmental, immunotoxic, and organ 
toxicities. DEHP, for instance, is an animal and human carcinogen (Campanale et  al.  2020). 
Toxicity tests of organophosphorous flame retardants (OPFRs) with mammals, birds, and fish 
resulted in neurotoxicity, oxidative stress, altered metabolic processes, developmental toxicity, and 
effects on the liver, kidney, and other organs (Du et al. 2019). Hindered phenolic antioxidants, 
including 2,6- di- tert- butyl- 4- methylphenol (BHT) and butylated hydroxyanisole (BHA) and their 
metabolites, exhibit diverse toxicities, including endocrine disruption, kidney and liver effects, 
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Table 2.6  Examples of review articles discussing the toxicities of plastic additives.

Reference Chemical class Toxicological effect
Organismal focus for 
toxicology

Hermabessiere et al. (2017) Multiple Multiple Marine

Liu et al. (2020) Multiple Ecotox proteomics Aquatic

Pérez- Albaladejo et al. 
(2020)

Multiple Oxidative stress Human and Aquatic

Oehlmann et al. (2009) Phthalates, bisphenol A Multiple Aquatic and terrestrial

Staples et al. (1997) Phthalates Acute and Chronic Aquatic

Bradlee and Thomas (2003) Phthalates Multiple Aquatic

Yost et al. (2019) Diisobutyl phthalate Multiple Human and mammals

Weaver et al. (2020) Diethyl phthalate Multiple Human and mammals

Caldwell (2012) De(ethylhexyl) phthalate Genotoxicity Human and Rodent

Brehm and Flaws (2019) Phthalates, BPA Transgenerational Human

Luo et al. (2021) Phthalate replacements Multiple Multiple

de Wit (2002) BFRs (PBDEs, HBCD, 
TBBPA)

Multiple Environment

Yu et al. (2015) PBDEs Thyroid, 
reproduction

Fish

Akortia et al. (2016) PBDEs Multiple Environment

Covaci et al. (2006) HBCD Multiple Mammal

Koch et al. (2015) HBCD Multiple Mammal, bird, fish

Du et al. (2019) OPFR Multiple Mammal, Bird, Fish

Liu and Mabury (2020) Phenolic antioxidants Multiple Mammal and aquatic

Servos (1999) Alkylphenols Multiple 
(endocrine)

Aquatic

Tchounwou et al. (2012) Metals Multiple Environment

Canesi and Fabbri (2015) Bisphenol A Multiple Aquatic

Bhandari et al. (2015a) Bisphenol A Multiple 
(endocrine)

Aquatic Vertebrates 
and humans

Liu et al. (2021) Bisphenol A Multiple Aquatic

Sharma (2009) Titanium oxide 
nanoparticles

Multiple Aquatic

Turan et al. (2019) Engineered nanoparticles Multiple Aquatic

genotoxicity, tumor promotion or enhancement, reproductive effects, and lipid disruption (Liu and 
Maybury 2020). The diverse toxic effects of priority metals, such as As, Cd, Cr, Pb, and Hg, to mul-
tiple organs are well known (Liu et al. 2008).

Data on toxicity of the newer nanoscale inorganic fillers are well under way. Titanium oxide 
nanoparticles, smaller than 100 nm in diameter, may be toxic to aquatic organisms because of their 
bioavailability (Sharma 2009). Suspensions of CB nanoparticles causes oxidative stress and acti-
vates lysosomal biomarkers in the digestive gland of mussels (Canesi et al. 2010), but the extent to 
which nanoparticles leach out of polymer nanocomposites is unknown. Estrogenicity of BPA and 
NP is well documented, but more recently, immunotoxicity their has also been observed in fish 
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(Canesi and Fabbri 2015; Rastgar et al. 2019; Servos 1999). Benzotriazole UV stabilizers changed 
many immune response genes in zebrafish brain, liver, and embryos, as revealed by transcriptomics 
(Li et al. 2020). As toxicological tests become more sophisticated, such as rapidly advancing omics 
research (Liu et al. 2020), and our understanding of chronic, chemical mixtures, and multigenera-
tional effects grows, and toxicological effects may be observed at even lower concentrations.

For ideal risk assessments, the doses, route of exposure, and species used in toxicity tests must 
be relevant to environmental exposures. Many studies use doses far higher than those found in the 
environment (Brehm and Flaws 2019). These tests may miss sublethal, chronic effects or U- shaped 
dose responses. Toxicology studies on marine species are rare in the literature. Studies that use rats 
and mice are common and important for assessing mammalian toxicology, but are not relevant to 
most marine species. The use of freshwater model species, such as D. magna and zebrafish, is more 
relevant but may not always be the best surrogate for marine organisms (Duran and Beiras 2017). 
For example, toxicity thresholds of BPA and NP spanned two to three orders of magnitude across 
saltwater species alone. Current regulatory standards for admissible concentrations in water are 
often based on freshwater organisms and may not adequately protect marine organisms (Duran 
and Beiras 2017). More testing is needed on model and nonmodel marine species, like the studies 
of Duran and Beiras (2017) and Delorenzo et al. (2008).

A common method for testing the toxicity of mixtures of plastic additives is to expose cells or 
organisms to leachate from plastic products. Sometimes, but not always, the chemicals are identi-
fied in the leachate to understand which could be causing the toxicity. For example, the leachate 
from three polymers (PVC, PET, and polybutylene adipate co- terephtalate) in seawater was tested 
for in  vitro estrogenic activity (Kedzierski et  al.  2018). Microplastics collected from the North 
Pacific gyre leached chemicals that were estrogenic in in vitro bioassays, but upon analysis of the 
leachate they detected estradiol, a natural hormone found in pharmaceuticals but not a plastic 
additive, indicating that plastics are perhaps absorbing environmental contaminants that may 
interfere with studies that intend to focus only on plastic additives (Chen et al. 2019).

2.7   NIST Disclaimer

Certain commercial equipment, instruments, or materials are identified in this paper to specify 
adequately the experimental procedure. Such identification does not imply recommendation or 
endorsement by the National Institute of Standards and Technology nor does it imply that the 
materials or equipment identified are necessarily the best available for the purpose.

Table 2.7  Plastic additives that are endocrine- disrupting compounds.

Additive class Chemical Endocrine- disrupting action

Plasticizers Phthalates Anti- androgenic

Flame retardants PBDEs Thyroid disruption

Flame retardants HBCDs Thyroid disruption

Antioxidants Nonylphenol Estrogenic

Monomers Bisphenol A Estrogenic

Monomers Styrene Inconclusive

Multiple Cd, Pb, Zn Multiple

UV stabilizer Benzotriazoles Thyroid disruption
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3.1  Introduction

Pollution of plastics to the environment is uninhibitedly increasing, from densely populated city 
centers to remote oceans (Lebreton et al. 2018; van Emmerik et al. 2019b). Causes for this increase 
are a combination of a growing world population, rising plastic consumptions, and poor waste 
management (Lebreton and Andrady 2019; Borrelle et al. 2020; Lau et al. 2020). It becomes increas-
ingly apparent that plastic pollution in the environment has damaging consequences to species, 
ecosystems, and human health (Gall and Thompson 2015; van Emmerik and Schwarz 2020). Since 
the ubiquity of environmental plastic pollution and its negative effects have become more evident, 
the common goal of NGOs, government, science, and industries is to solve the environmental 
plastic pollution problem. Examples of initiatives include the European Union implementing the 
single- use plastics ban (SUPD; Elliot et  al. 2020), Indonesia pledging to reduce marine plastic 
debris with 70% by 2025 (Nurhati and Cordova 2020), and the industry- led alliance to end plastic 
waste (Peake 2020).

For science, environmental plastic pollution is a relatively new field of research. Early scientific 
work was mainly focused on observational data of both micro (<5 cm) and macroplastics (>5 cm) 
in aquatic environments, to increase awareness of this new and upcoming environmental threat 
(Carpenter et al. 1972; Ryan and Watkins 1988; Yates and Simmons 1999; Moore et al. 2001). Since 
then, studies related to plastic pollution have increased in both number and diversity, displaying 
the complexity of the topic (Blettler et al. 2018; Aetoulaki et al. 2020). New scientific goals are 
included on determining the magnitude and significance of plastic pollution sources, but also on 
plastic ‘behavior’ in the environment, including interactions with ecosystems, degradation, trans-
port, and removal. With the growing role of science in tackling the plastic pollution problem, new 
methodologies and approaches are applied to find new insights, hypotheses, and conclusions on 
the sources of plastic pollution. These include methods from other scientific fields (Kawecki and 
Nowack 2019; Meijer et al. 2021). However, a sprawl in terms of methodology can result in scien-
tific hurdles. With these alternative methods and approaches, also the results, data, and conclu-
sions are becoming more diverse, scattered, and often incompatible with other studies in the plastic 
pollution field. Such incompatibility results in different perspectives on where and how to tackle 
plastic pollution sources, creating confusion and ambiguity with stakeholders who have to develop 
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best practice solutions for plastic pollution reduction (Borrelle et  al.  2020; Lau et  al.  2020). 
Additionally, when results and conclusions are extracted from studies without their methodologi-
cal context, this can result in misinterpretations of scientific work. These include conclusions that 
are outdated or have been revised by other studies but can still be found in popular works. One of 
these is the contribution of marine- based sources to plastic pollution in oceans. This is estimated 
at 6.4 million tonnes per year by the US academy of sciences in 1997, but this value has not been 
revised since. Furthermore, another discrepancy is created by the contribution from rivers, where 
more recent studies have shown that 80% of plastic pollution originates from more than 1000 rivers 
(Meijer et al. 2021). This is opposed to earlier studies that mention an 80% emission from 10 major 
rivers (Schmidt et al. 2017). Another example is the so- called Teflon theory, which assumes that all 
plastics leaked into the riverine environment flow directly into the ocean, and contribute to the 
garbage patches. Literature and observations show that this is not the case (Schwarz et al. 2019; 
Olivelli et al. 2020). In short, both the increase of methodologies to collect plastic pollution data, 
values and conclusions, and extraction from their original context and methodology can obstruct a 
clear perspective on solving the plastic pollution problem.

A clear and uniform scientific perspective on tackling this problem is essential for the role of 
science to deliver efficient and useful approaches for plastic pollution reduction measures. By 
supplying knowledge on methodological approaches for plastic pollution source studies in a 
structured manner, results and conclusions can be better understood and context can be given 
back to the scientific background. Additionally, when presented in a structured manner, a valuable 
perspective can be given to a future vision for the methodological future of determining sources of 
plastic pollution.

In the following chapter, different methodologies and approaches for scientific studies on ocean 
plastic pollution are identified and discussed. We present three general methodologies with a focus on 
the scientific background and the contributions to plastic pollution research. Furthermore, the main 
methodological struggles and open questions are identified, including several solution pathways, 
remaining knowledge gaps, and the potential synergies stated with other plastic pollution source 
methods. The chapters finish with an outlook and recommendations for future research. Subsequently, 
we present three strategies to stimulate synergies between the three determined methodologies.

3.2  Methods for Determining Plastic Pollution Sources

Besides effective clean- up operations, the main mechanism to reduce plastic pollution in the 
environment is to prevent plastic emissions at its source. However, determining these sources is 
complex. A main factor is the high diversity in potential sources, as plastics are used in all aspects 
and sectors of human society (Thompson 2006). However, not all sectors contribute in the same 
extent to environmental plastic pollution and ecosystems are not equally affected (Schwarz 
et al. 2019). Additionally, plastic items have the tendency to be transported in the environment, 
potentially over long distances. This is the result of their lightweight characteristics (Lavers 
et al. 2019; Dunlop et al. 2020). Transport through the environment occurs through natural pro-
cesses, including water flow (river or oceanic currents), wind, and slopes (Yadav et al. 2020). It is 
often hypothesized that plastics transport may be driven by similar processes as natural material 
transport, where microplastics behave as suspended particles and low- density plastics as woody 
debris (Liro et al. 2020). This results in plastic pollution observed in environments far from their 
presumed emission sources, such as observed in the subtropical accumulation zones (Maximenko 
et al. 2012; Cózar et al. 2014; Eriksen et al. 2014). It is widely assumed that observed plastic pol-
lution in these remote oceans originated from areas with high human activities, such as coastal 
areas and rivers (Jambeck et al. 2015; Schmidt et al. 2017). Hence, the emission source and fate 
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location of plastic pollution can differ considerably from each other because of environmental 
transport. Interestingly, available estimates on plastic pollution emissions to the environment are 
orders of magnitude higher than that observed afloat in oceans (Eriksen et al. 2014; Table 3.1). 
Hence, floating ocean plastics are only a fraction of the environmental plastic mass budget, with 
plastics are accumulating in other  environmental sinks, such as oceanic beaches and sediments, 

Table 3.1 (A) Emission rates and quantities of plastic to the environment and (B) estimates of quantities 
floating plastic pollution. The studies are selected based on size of the study (global level). Material flows 
to the environment are still only assessed on local scale and included as well. The studies are sorted 
from lowest estimates to highest estimates

Emission type
Average quantity plastic 
pollution High and low estimate Study

(A) Material flows (losses) to 
environment

628.1 g/capita/year 
(Switzerland)

±160 g/cap/year Kawecki and 
Nowack 
(2019)

(A) Material flows (losses) to 
environment

0.75 million metric tons/
year from China to ocean

0.65–0.87 million metric 
tons/year from China to 
ocean

Bai et al. 
(2020)

(A) Plastic from littering and 
mismanaged waste, 
transported from river to ocean

1.78 million metric tons 
enters the ocean from 
rivers/year

1.15–2.41 million tonnes/
year

Lebreton 
et al. (2017)

(A) Plastic from littering and 
mismanaged waste, 
transported from river to ocean

1.8 million metric tons 
enters the ocean from 
rivers/year

0.8–2.7 million metric 
tons per year

Meijer et al. 
(2021)

(A) Plastic from littering and 
mismanaged waste, 
transported from river to ocean

2.2 million metric tons 
enters the ocean from 
rivers/year

0.41–4 million metric 
tons/year

Schmidt et al. 
(2017)

(A) Plastic transport from land 
to ocean during floods

1.8 million metric tons per 
year (accounting for 
existing flood defenses)

0.8–9.6 million metric 
tons per year between the 
non- flooded and 500- year 
return- period flood

Roebroek 
et al. (2021)

(A) Plastics from littering and 
mismanaged waste, 
transported from land to ocean

8.8 million metric tons 
entering the ocean per 
year

4.8–12.7 million MT/year Jambeck 
et al. (2015)

(A) Plastic from littering and 
mismanaged waste, emitted to 
aquatic environments

21 million metric tons 
(average) in 2016 (~11% of 
generated waste)

19–23 million metric tons Borelle et al. 
(2020)

(B) Floating plastic debris in 
the Mediterranean ocean

295 metric tons (average) 
remains afloat in the 
Mediterranean ocean in 
2015 (~11% of input from 
land).

170–420 metric tons Kaandorp 
et al. (2020)

(B) Floating plastic debris in 
the ocean

14 400 metric tons afloat 
in oceans ranging from 
0.2 mm to 100 mm 
(2010–2011)

6600–35 200 metric tons Cózar et al. 
(2014)

(B) Floating plastic debris in 
the ocean

165 000 metric tons 
(average) in 2014 for small 
plastics (<200 mm)

93 000–236 000 metric 
tons

Van Sebille 
et al. (2015)

(B) Floating plastic debris in 
the ocean

269 000 metric tons which 
are 0.33–200 mm in size

Eriksen et al. 
(2014)
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but also within river systems, estuaries, or terrestrial environments (Woodall et al. 2014; Egger 
et al. 2020; Kaandorp et al. 2020; Olivelli et al. 2020; van Emmerik et al. 2020a, 2020b). Hence, the 
different plastics pollution sinks in the environment and their extent are still unknown due to the 
imbalance of the environmental plastic mass budget. Therefore the identification of all plastic 
pollution sources is still far away as well.

In order to effectively reduce plastic pollution, including remote ecosystems like oceans, any method 
to identify where the item could be used, potential transportation mechanisms, and/or identification 
of the material are important tools to identify plastic pollution sources. In the last decades, multiple 
studies try to identify and quantify sources of plastic pollution. We summarized and categorized the 
available methods in the published studies over the last decade. From this desk study, three general 
methodological approaches were identified to obtain knowledge on sources of environmental plastic 
pollution. The first two are model- based approaches and the third an observation- based approach:

 ● Assessing plastic emissions from source to the environment, based on production and use data 
of plastics, in combination with local waste management data, littering rates, population, and in 
some cases hydrometeorological data. This method focuses on the source of the problem, and 
from source, the potential emissions of plastic pollution to the environment can be modeled. 
Well- known studies that use this method include Jambeck et al. (2015), Schmidt et al. (2017), 
Lebreton et al. (2017), Kawecki and Nowack (2019), and Lebreton and Andrady (2020).

 ● Tracking plastics in the environment through transport models. This method identifies plastic 
pollution ‘behavior’ in the environment and the transport pathways through the environment. 
These pathways are used to determine both accumulation zones of floating debris in rivers and 
oceans, but can also work inversely to determine potential emission locations. Studies that work 
with these models are studies observing riverine transport or accumulation in oceanic regions, 
including gyres: van Emmerik et al. (2018), Lebreton et al. (2018), van Sebille et al. (2012), van 
der Mheen et al. (2020), and Kaandorp et al. (2020).

 ● Assessing plastic pollution through pollution identification. Through determining and iden-
tifying specific characteristics of plastic items in the environment, it can be estimated how, 
where and when the plastic was released to the environment. A plastic item can give various 
clues on this which can be studied and observed. This is often done with consumer articles or 
packaging items, which are well recognized by a large audience. Studies that actively use item 
identification to track down emission sources are Lebreton et al. (2018), OSPAR Commission 
(2010), van Emmerik et al. (2020a), and Strietman et al. (2020).

Furthermore, studies using either one of these three methods can also be divided based on the 
spatial scale they are applied on. Roughly, they can be divided into global assessments and local 
assessments. Global assessments try to give a global overview on the plastic pollution problem, 
where at least multiple countries or river systems are addressed simultaneously in order to shed 
light on the severity of the total problem. Often, assumptions are made to overcome unknown 
parameters, or generalizations are made for effects that vary strongly. Local plastic studies focus on 
one region up to one country, and tackle unknowns in these areas which result in a high level of 
detail on plastic pollution in a specific area.

The three methodologies and spatial scales are displayed in Figure 3.1, where exemplary studies 
are categorized depending on their methodological approach. There are only several studies avail-
able that combined methodologies to obtain more insight in plastic pollution sources. In the fol-
lowing chapters, the three methodologies are explained more in depth, with additional attention to 
open questions and future research suggestions. Furthermore, potential connections to the other 
two methodologies are explored.
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3.2.1 Approach 1: Plastic Emission Rates

3.2.1.1 Methodology Description
The first method determined in this study is the assessment of plastic pollution to the environment 
directly from the emission source. When the plastic pollution sources are identified, a quantifica-
tion in terms of volume or mass can be determined, which can be considered the ‘plastic emission 
rate’ from source to environment. Two main approaches can be identified to determine a quantifi-
cation: Material flow analysis, and using littering and mismanaged waste values.

Material flow analysis (MFA) is an analytical method to track material and substances through-
out the economic system. This methodology is used widely in the study of industrial ecology. 
A plastic MFA can be described as the flow from plastics through different ‘nodes’ within the sys-
tem; from raw material to polymer production, to manufacturing, to use sector, and to waste or 
recycling afterward (Figure  3.2). Several studies have executed an MFA for plastics (Kawecki 
et al. 2018; Bai et al. 2020; Deshphande et al. 2020). When sufficient data are available, an MFA can 
be used to estimate losses of plastics to the environment (Kawecki and Nowack 2019; Bai et al. 
2020; Deshpande et al. 2020). This can be extracted when flows from one node to another do match 
in terms of quantity. In various studies, this is done on a country level. For example, Kawecki and 
Nowack (2019) determined plastic pollution to the environment on a polymer level in Switzerland 
through detailed data on littering of plastic flows. Bai et al. (2020) assessed plastic pollution from 
China on a temporal scale. These studies demonstrate that a high level of detail and data is required 
to use MFA for plastic pollution data, as plastic flows in the system are large, and plastic pollution 
quantities are dispersed and relatively small compared to the total amount of plastic in the system. 
The high level of detail can pose barriers for a global MFA.

Pollution
identification

Linking
transport
and
observations

Linking
emissions
to
transport

Plastic
transport

Plastic
emissions

Kawecki & Nowack, 2019 Jambeck et al., 2014

Schmidt et al., 2017

Van Sebille, 2012

Van Mheen et al., 2020

Tramoy et al., 2019

Kaandorp et al., 2020 Lebreton et al., 2018

OSPAR commission, 2010

Local
studies

Global
studies

Figure 3.1 Schematic overview of three methodological approaches to identify plastic pollution sources, 
ranked from global to local scale. Studies that are exemplary for the overall method are visualized along 
the axes. Studies that combine methodologies are placed in between the categories.
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Plastic pollution can also be quantified through determining littering and mismanaged waste 
values. Data on mismanaged waste and littering are available on country, region or global level 
(Hoornweg and Bhada- Tata 2012; The Waste Atlas 2020). When combined with waste composition 
data, an estimate on mismanaged plastics and hence potential plastic pollution rates are available. 
This resembles the methodology of Jambeck et al. (2015), who assesses plastic pollution with the 
population living in coastal areas in combination with mismanaged waste percentages. This study 
was the first to use this methodology. Following this study are Lebreton et al. (2017) and Schmidt 
et al. (2017), who use mismanaged waste data on a country level, together with country population 
data, discharge, and dams to estimate plastic pollution quantities emitted to rivers. Lebreton and 
Andrady (2019) and Lau et al. (2020) apply this method on a global scale, using future scenarios for 
plastic generation and disposal. Tramoy et al. (2019) apply the method on a local scale (one catch-
ment) and linked to plastic litter observations within the catchment.

Determining plastic emission rates results in valuable insights in the scope of the problem in 
terms of total production and use quantities. Furthermore, plastic pollution hotspots can be are 
located, either spatially (country or region), per sector or in terms of life cycle stage. So far, the 
plastic pollution hotspots are determined in densely populated areas in countries with a failing 
waste management system (Jambeck et al. 2015; Schmidt et al. 2017). Here, the end of life phase 
of plastics seems to contribute in high quantities to environmental plastic pollution. In countries 
with adequate waste management, littering during use contributes in significant quantities to plas-
tic pollution. MFA models (Kawecki and Nowack  2019) have determined that during the use 
phase, on- the- go packaging and agriculture to be the main release sources in a country with ade-
quate waste management (Switzerland). Littering rates are found to be often close to about 2% of 
total plastic production (Jambeck et al. 2015; Kawecki and Nowack 2019). However, persistency 
seems to be a significant problem when 2% of littering accumulates over the years.

3.2.1.2 Open questions and missing data
3.2.1.2.1 Determining Plastic Pollution Transport Coefficients
In global studies, mismanaged plastic waste is often used to address the littered plastics to the envi-
ronment, by which all of the plastic mismanaged can potentially end up in oceans and rivers (the 
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Figure 3.2 A visualization of a material flow analysis for plastics from production to use and to end- of- life, 
where plastic flows are illustrated by arrows and nodes by figures. Source: Figure adapted from Geyer et al. 
(2017) (Artwork: Cher van den Eng).
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‘teflon theory’). However, by assessing mismanaged waste also landfilling in various forms is often 
included (Hoornweg and Bhada- Tata 2012). What is still unknown is plastic pollution behavior in 
the environment, mainly the distribution over different ecosystems (terrestrial or aquatic). Of all 
plastic waste mismanaged, most (macro) plastic pollution is most likely to be littered on land, hence 
affecting terrestrial ecosystems (Kawecki and Nowack 2019). When these ecosystems act as a sink, 
these plastics come with risks for terrestrial species and human health. Jambeck et  al. (2015) 
assumed that mismanaged waste would be transported to the ocean with a ratio between 15% and 
40%. However, the transport of plastics, such as from land to ocean, depends on various aspects that 
can instigate plastic movement. This includes topography, proximity to water, rainfall and runoff, 
urban drainage infrastructure, wind, clean- up efforts, and waste management (van Emmerik and 
Schwarz 2020). Additionally, leakage from landfills to the environment depends on the type of land-
fill, where in some cases leakages occur more easily than in others (Yadav et al. 2020). Furthermore, 
characteristics of plastics, such as shape and size, should be regarded. These mentioned sensitivities 
of plastic pollution to the environment are required, which can be addressed at local scales for vari-
ation, or on type of plastic flows. The missing sensitivity in plastic flows from land to river and to 
ocean can be a potential explanation of the large gap in estimations of plastic losses and the trans-
port and fate patterns in the environment, as summarized in Table 3.1. A parameter that also takes 
into account the temporal variation, such as monsoons, high tides, or extreme events, would give 
valuable sensitivity but is difficult to realize, especially for studies using static MFAs.

3.2.1.2.2  Bias in Sources Due to Available Data
For industrial sectors where a lot of data on plastic usage is available, studies can use this informa-
tion to assess potential losses properly. For example, data on plastics used in packaging is abun-
dant. Plastic pollution data from industries, electronics, automotive, agriculture, and building and 
construction are often incomplete, even though a significant amount of plastic production, waste, 
and pollution are linked to these sectors (Geyer et al. 2017). Packaging receives high attention for 
many studies, partially due to its single- use character, lowering its value, and increasing the risk of 
littering. Consumer plastics such as packaging might also be overrepresented in studies with citi-
zen science due to recognition bias (van Emmerik et al. 2020c).

Several studies observe that marine sources are the dominating source of pollution in oceans and 
remote beaches (Ribic et al. 2012; Jang et al. 2014; Lebreton et al. 2018). Still, it is often referred to 
as ‘80% of ocean plastic pollution comes from rivers’. This might be partially a result from scarce 
available data on marine- based plastic pollution. The aquaculture and fishery sector has little data 
available in terms of plastic production annually and which polymers are used. Hence, release and 
loss quantities from marine- based sources to the environment are difficult to grasp in a material 
flow analysis. Deshpande et al. (2020) succeeded in estimating fishery gear loss for Norway only, 
with a static MFA, where losses to the ocean are about 2% of total plastic in stock. Combining sec-
tor growth estimates and fishing gear lifespan data, a potential loss percentage can be obtained as 
well. Determining a littering or loss rate from marine- based littering is difficult as well, since scarce 
littering estimates are available. Several survey studies with fishers have been executed to assess 
the loss rates from fisheries and aquaculture sector in terms of percentages (Macfadyen et al. 2009; 
NOAA Marine Debris Programme 2015). These studies mainly focus on trap gear losses, gillnets, 
and longline fisheries, often for small- scale fisheries. Some of these studies show high loss rates, 
such as for longline fisheries where losses are ranging from 15% to almost 80% in small- scale 
artisanal fisheries (Ayaz et al. 2010; Yildiz and Karakulak 2016). Most of these gear types likely 
accumulate on ocean floors (Matthews and Glazer 2010). Fisheries operating on significant larger 
scales, using large trawls or purse seine gear, are rarely surveyed and losses from this huge sector 
are underrepresented. Loss data from plastics from aquaculture is also scarce, and spatial sources 
can be estimated through identifying aquaculture types and location from satellite imagery (Liu 
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et al. 2020). Furthermore, country production levels can be used for rough littering estimates, as 
89% of global aquaculture is located in Asia (FAO 2020). In short, losses of fishing gear in studies 
that are done are significant and have the most impact on marine life from all types of plastic 
pollution available due to entanglement (Ryan 2018). Therefore, it is valuable that MFA and littering 
studies extend their focus and assess the marine- based sources as well.

3.2.1.3 Future Research Suggestions
As described in the past section, studies executing the plastic emission methodology are valuable 
and can be very efficient methods to determine and subsequently tackle main plastic pollution 
sources. However, a lack of data can give a bias toward sources with available data, and might 
therefore give a wrong representation of the true magnitude of plastic pollution sources. Plastic 
pollution identification, as discussed in section 2.3, can be used to correct this bias, such as with 
marine- based sources. Additional effort to improve emission estimates of these sources through 
littering estimates or MFA, would be effective to determine the contribution of this plastic pollu-
tion source. The same is the case for calculations and models that determine plastic pollution from 
rivers to the ocean. It would be valuable when studies can apply assumptions for item dependent 
plastic transport (section 2.2) and potential transport behavior in the environment. This ‘transfer 
coefficient’ between ecosystems is important to determine plastic inputs from land to rivers, and 
from rivers to oceans. It can indicate whether plastics remain to pollute terrestrial systems, estuar-
ies, shorelines, or sediment, and how much is buoyant and transported to the ocean. Within the 
transfer coefficients, effects can be concluded regarding plastic type (e.g., foils transporting easily 
through wind), geography (large height variations can mean more gravitational transport) or effect 
of biota and human population density (Yadav et al. 2020), or distance to nearest water. These 
plastic pollution emission rates, with the transfer coefficients, can be determined by using trans-
port models, which are discussed in section 2.2.

3.2.2 Approach 2: Plastic Transport Models

3.2.2.1 Methodology Description
Ocean current data from oceanic drifters were used to develop the first global floating particle models 
in seas and oceans (Maximenko et al. 2012). Through tracking Lagrangian particles in combination 
with models on the wind- driven oceanic currents and Ekman pumping (the net transport of water as 
a result of wind- induced surface drag and Coriolis forces), the development of plastic accumulation 
zones in subtropical gyres was visualized, which were from then on assumed to be the major global 
plastic pollution sinks (Maximenko et al. 2012). These models have been elaborated with seasonal 
cycles and particle emissions from coastal areas (van Sebille et al. 2012). Later, this modeling approach 
was combined with historical observations of plastics to identify exponential growth of the 
accumulation zones (Lebreton et al. 2018). According to the Lagrangian particle models, plastic in 
the ocean and especially in the subtropical gyres are to increase exponentially with growing production, 
consumption, and emissions (Lebreton et al. 2018). Such transport models can be applied for inverse 
modeling to connect floating debris observations and transport to estimate plastic emission sources 
and other sinks in the environment, closing the plastic mass budget (Kaandorp et al. 2020). According 
to this study, only a fraction of emitted plastics to the ocean end up afloat in oceans, which was a 
conclusion opposing earlier plastic transportation models.

Local currents may deviate from these global, large- scale oceanic currents. For example, currents 
along coastlines are highly variable and affect plastic pollution transport from land- based sources to 
the open ocean (Liubartseva et al. 2016; van der Mheen et al. 2020). Other transport variations in 
ocean currents can affect plastic transport on smaller levels, such as mesoscale eddies (Brach et al. 
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2018). The studies above focus on the horizontal transport of floating plastic pollution in oceans. 
Studies on vertical transportation of plastic pollution demonstrate the important role of wind and 
waves, as they cause a temporary redistribution of plastics from the surface to the water column 
(Kulkula et al. 2012). Furthermore, other studies have elaborated on the interactions of buoyant plas-
tics and biological growth, called biofouling, and its effect on vertical transport. Biofouling may lead to 
decreased degradation due to UV blocking (Gerritse et al. 2020) and function as a surface removal 
process (Fazey and Ryan 2016; Kooi et al. 2017). Additionally, studies have shown vertical transport of 
microplastics occurring through ingestion by marine life and fecal pellets (Katija et al. 2017).

For riverine macroplastics, van Calcar and van Emmerik (2019) synthesized observations from 
over twenty rivers, and found that plastics are often not uniformly distributed over the cross- 
section. Instead, plastics are often concentrated in specific sections (sides or center) of the river, 
depending on geometry and flow conditions. With these plastic transport models, the main sources 
of the plastic waste can be estimated through ‘backtracking’, estimating the best fitting source 
releases following observations in oceans and rivers through model- based transport pathways. 
This method is very effective to determine general sources, such as waste management from land, 
rivers, beaches, or oceanic sources and hence source reduction measures.

3.2.2.2 Open Questions and Missing Data
3.2.2.2.1  Integration of Transport Models
Movement and transport of plastics in the environment is complex, and as observed in local stud-
ies, numerous other factors can play an important role. The importance of the role of these local 
varieties, like flow velocity, estuaries, wind, eddy’s, coastlines, and biological interactions, is yet 
unknown on a global scale. This can result in an inaccurate potential source emission estimate, 
such as summarized in Table 3.1. Kaandorp et al. (2020) combined the vertical transport with the 
horizontal models to estimate plastic pollution sinks in the Mediterranean. This resulted in a high 
percentage of plastic pollution that is beaching or sinking instead of remaining buoyant (~11%). 
Through this approach, closing the global environmental plastic mass budget is coming closer. 
Additionally, studies on local scale are required for calibration of the global models, where global 
models need to adapt upon. The importance of calibration is shown on a basin scale for plastic 
transport from rivers to ocean (Tramoy et al. 2019).

Except for local deviations in oceanic transport patterns, plastic particle characteristics also have 
to be taken into account. Plastic item characteristics play a key role in transport and fate of plastics, 
and dominate in whether the particles sink, beach, or are buoyant, where the latter group can 
potentially be transported over long distances. Not all plastic types afloat in rivers will be trans-
ported to oceans. Plastics can sink to the riverbed, beach on riverbanks, get stuck in biomass along 
rivers or in hydraulic structures, and in riverine vegetation (van Emmerik et  al.  2019a; van 
Emmerik and Schwarz  2020). One of the simplest integrations into plastic transport models is 
polymer type, which affects product density and hence transportation potential. For example, only 
low- density polymers (density >1 g/cm3) are able to remain afloat for longer periods of time 
(Schwarz et  al.  2019). Also. degradation rates depend on polymer type (Gerritse et  al.  2020). 
Additionally, shape (such as fiber, flexible or hard plastics) and size play a key role in transport 
pathways. For example, flexible plastics tend to accumulate in higher quantities in riparian vegeta-
tion or hydraulic infrastructure (Williams and Simmon 1999; Honingh et al. 2020).

At last, studies suggest that the role of rare events can cause ‘super littering’, where high quantities of 
plastic pollution are transported in a very short period of time (Maximenko et al. 2012; Eriksen et al. 2016; 
Roebroek et al. 2021). These events include heavy or long rainfall resulting in floods, storms, high tides, 
or earthquakes and tsunamis. The monitoring of these events can result in important data on transport 
of littered plastics but also on the significance of these potential super littering contributions.
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3.2.2.3 Suggestions for Future Research
Integration of important parameters assessed for plastic transport from local scale studies to global 
scale studies can result in additional valuable data on transport of plastics through the environ-
ment. These insights can aid with determining potential plastic pollution sinks. Additionally, plas-
tic particle characteristics are potentially another complicating dimension in plastic transport, 
which can be included in models to observe the effects on pollution source and sink determination. 
Besides transport within the environment, these characteristics can also aid in determining trans-
port coefficients of plastic pollution sources to the environment, as described earlier in sec-
tion 2.1.3,. Another local factor that should be included in models is flow velocity, which can result 
in retention of buoyant plastic pollution, for example in city areas with canals or small rivers 
(Tasseron et al. 2020). Subsequently, study efforts have to be used to couple river plastic emission 
models directly to marine transport models, including estuary effects, to calibrate both river emis-
sion data and marine transport models (Tramoy et al. 2019).

3.2.3 Approach 3: Plastic Pollution Identification

3.2.3.1 Methodology Description
Observational data of plastic pollution in the environment can be valuable in terms of quantity, where 
mass or number of objects are the main data points. This type of plastic pollution identification is 
purely quantitative and does not give additional information on where the plastic pollution came from 
and how it ended up there. However, this information can be extracted, as the observed plastic pollu-
tion exists of various plastic items varying in such as polymer type, shape, size, item type, and state of 
degradation. Identifying and characterizing these individual plastic items can provide important 
insights in their emission sources, pathways, potential sinks, and associated risks. Studies have 
observed that polymer composition in different terrestrial and aquatic ecosystems can vary consider-
ably (Schwarz et al. 2019). Other comparative studies show that the most abundant plastic item or 
polymer category is different for rivers within and across countries (van Calcar and van Emmerik 2019), 
which in turn can be related to local consumption and waste management practices. Plastic item iden-
tification data contain crucial supplementary information to complement plastic transport and emis-
sion estimates. Quantifying the total flux of plastic from river mouths into the ocean leaves the 
question where and how this leaked into the environment in the first place. Plastic pollution is gener-
ally assumed to travel from land to ocean. However, plastics from the ocean can also enter an estuary 
during flood tide and get (temporarily) trapped in this system, which could imply marine sources 
(Galgani et al. 2015; Pasquini et al. 2016; Tramoy et al. 2019). Furthermore, abundance of specific 
items can be directly associated with risks, as this might vary per item type. As mentioned earlier, fish-
ing gear leads to high risk of entanglement (Ryan 2018). Other plastics might be more likely to be 
ingested, leach potentially toxic additives, accumulate in such as mangrove forests, or blocking 
hydraulic infrastructure (Honingh et al. 2020). Plastic characteristics contain clues about the sources 
(e.g., consumers, industry, fishers) but also aid in determining transport mechanisms (e.g., wind, sur-
face runoff, direct littering, transport through sewage). Here, we provide a brief overview of the pos-
sible item identification and characterization methods, and discuss what insights may be obtained 
from specific analyses. The different item characteristics are summarized and illustrated in Figure 3.3.

3.2.3.1.1 Item Category
One of the main characteristics of plastic litter is the item category, or type of item. Plastic items are 
identified by how they were used before littering. Various protocols are available to determine the plastic 
item categories during surveys and monitoring efforts, with different levels of detail (Vriend et al. 2020). 
The OSPAR and NOAA protocols are the most frequently used item lists of beach litter, which contain 
very specific categories such as “bottle”, “lid”, “fish line” and more. Similar (Bruge et al. 2018) or adapted 
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(González- Fernández and Hanke 2017) lists are also used to characterize riverine plastics, where over 
100 item categories can be included (van Emmerik et al. 2020b). The advantage of a high level of detail 
is that plastic litter can directly be linked to specific sources, such as fishing activities or recreational 
areas. However, detailed classification methods risk being too complicated for observers, leading to 
misclassification (Rambonnet et al. 2019). Simpler protocols therefore only categorize plastics in general, 
and some use a sub- set of specific categories such as “cigarettes” (Kiessling et al. 2018).

3.2.3.1.2 Release Location
A commonly used method to classify items is by assumed release location, or source. This source 
classification is to be executed following item identification. A source division that is applied 
for oceanic plastic pollution is through identifying where the litter entered the environment, which 
can be either land or marine based (Galgani et al. 2015). Items related to oceanic activities, such as 
fishnets, are quite clearly marine based. Abandoned, Lost or Discarded fishing gear (ALDFG) is 
included in the source category of marine- based sources, which also includes aquaculture gear 
and material from maritime shipping (Galgani et al. 2015). It is more difficult to determine the 
emission source for other items, as they are used in both terrestrial and marine environments (e.g., 
crates, jugs, bottles, toothbrushes). In remote oceanic environments, where land- based plastic 
input is less likely, debris from marine sources tends to dominate (Faris and Hart 1994; Macfadyen 
et al. 2009; Ribic et al. 2012; Galgani et al. 2015; Lebreton et al. 2018).
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Figure 3.3 Illustration of a plastic bottle which can be identified when littered in the environment. From the 
item several characteristics can be registered, which are summarized around the item (Artwork: Cher van den Eng).
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3.2.3.1.3 Polymer Type
An important property of plastic items is the polymer type. This information can be linked to plas-
tic production and waste handling data, per sector, as these data are mainly collected at polymer 
levels (Geyer et  al. 2017; Plasticseurope  2019). Additionally, data on the abundance of specific 
polymers in a certain area can be used to determine the mass balance for different polymers, as 
polymer characteristics affect transport potentials (Schwarz et al. 2019). Additives, which can be 
supplemented with a plastic polymer to form a product, can also have a significant effect (Turner 
and Filella 2020). Additives can make up to 50 wt% of a plastic item beside a polymer (Hahladakis 
et al. 2017). Determining the polymer type is not always easy, specifically not under field condi-
tions. Plastic items can have the polymer type printed, but when items are bio- fouled, degraded or 
fragmented, this may not be visible. The polymer type can sometimes be inferred from the item 
category (e.g., most transparent bottles are PET; PVC is mostly rigid and brittle), although in some 
cases lab analysis may be required, which are potentially expensive and time- consuming. The lat-
ter includes using Raman spectroscopy or Fourier transform infrared spectroscopy (FTIR) (Reisser 
et al. 2013; Lebreton et al. 2018). Alternative field protocols can use polymer categories to allow for 
fast characterization in the field. Examples include the CrowdWater citizen science app, which 
uses seven polymer categories, where item shape and polymer are combined (van Emmerik 
et  al.  2018). Although the data is not highly detailed, it can provide adequate information for 
source identification and waste management practices.

3.2.3.1.4  Geometry (and Other Numbers)
More detailed analyses of plastic pollution include determining the item mass, shape, and size. Item 
mass, and mass distributions, are crucial to establish plastic mass balances, transport, and transport 
into the ocean (van Emmerik et al. 2018; Schwarz et al. 2019). Together with the shape and size 
distribution, these data give insight in the potential retention of plastics in a specific ecosystem, and 
the relative contribution of certain size classes. Understanding the contribution of the total mass of 
each size class may support prioritizing research, and clean- up activities focused on specific size 
classes. Additionally, geometrical data can give source insights as well. For example, foamed particles 
are often made of expanded polystyrene, or Styrofoam. In turn, these can be linked to aquaculture 
buoys, as these dominantly are made of expanded polystyrene (Jang et al. 2014). Another example 
includes fiber particles, which are likely to originate from textiles or fishery equipment.

3.2.3.1.5 Language
Plastic items, especially packaging related, often have written text printed or molded on the item. 
The language used can be linked to the location of production, consumption or leakage into the 
environment. For example, through language analysis, items in the North Pacific Ocean were 
hypothesized to be linked to the 2011 tsunami in Japan (Maximenko and Hafner 2014; NOAA 
Marine Debris Programme 2015; Lebreton et al. 2018). One should be careful however when inter-
preting results from language- based analysis. Beached plastics may have been leaked into the 
ocean from shipping, which could bring plastic items from anywhere to anywhere. Moreover, “for-
eign” items in river systems may be either leaked locally through tourists or have traveled down-
stream after being littered in an upstream country.

3.2.3.1.6  Brand
Some item identification protocols also register visible brands. This includes the globally used 
Litterati app, which is mainly used by citizens scientists to identify plastics in riverine systems. 
Here, brand information may help to identify specific plastic leakage locations, related to stores or 
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restaurants. In the ocean, brand identification can contribute to source estimations, as some brands 
are unique to a country, hence the product can be linked to the country of origin. Again, one has to 
be careful as it can be leaked from a ship located at a foreign port, or in the open ocean. Brand data 
does not directly contribute to calculating mass balances, but may contribute to increasing aware-
ness among producers and consumers. Targeted data collection has for example resulted in bans of 
specific items, change in design of food packaging, and support for the introduction of item deposit 
systems (Elliott et al. 2020).

3.2.3.1.7  Biofouling, Degradation, and Bitemarks
Depending on the location and matrix, items may experience biofouling. Quantifying and qualifying 
the bio- fouling on items can be used to determine the retention time, and the interaction with the 
ecosystem (Hollein et al. 2014). Similar information can be obtained by investigating the state of 
degradation and bitemarks on the items. Recent research showed the differences in degradation rates 
of (bio)degradable plastics in terrestrial and marine environments (Napper and Thompson 2019). UV 
degradation is found to be the most important degradation mechanism, which is affected by the 
amount of sunlight available in the environment. Biofouling can affect the level of UV exposure 
received (Gerritse et al. 2020). Also, beaches and buoyant plastics have higher UV exposure than sedi-
ments. Hence, the rate of degradation may therefore indicate the environmental transportation of the 
analyzed item. Bitemarks on plastic debris can be used to determine its interaction with specific spe-
cies, contributing to improved risk assessments of plastics in the environment (Eriksen et al. 2016).

3.2.3.1.8  Date Stamps
Like polymer types, a plastic item can include date stamps. These may either be production dates 
or dates of expiration. Although it is impossible to reconstruct an item’s journey based on a single 
date, it does provide an estimate of the retention time in the system. In addition to explicit dates, 
determining the time of production may be used to better understand transport processes. In the 
Seine, items produced in the 1970s were found to be ubiquitous along the riverbanks, suggesting 
that macroplastics can be retained within river systems for nearly half a century (Tramoy 
et al. 2020). The same is the case for oceanic environments wherein the North Pacific Subtropical 
Gyre, 50 items had a date stamp: 1 in 1977, 7 in the 1980s, 17 in the 1990s, 24 in the 2000s, and 1 
from 2010 (Lebreton et al. 2018).

3.2.3.2 Open Questions and Missing Data
Littered plastic items can contain clues about origin, transport through the environment, and the 
risks it poses on the environment. Beside oceanic beaches, in freshwater systems, terrestrial envi-
ronments, open oceans, and estuarine zones there is still a lack of studies that allows for more 
detailed analysis, such as assessments and comparisons between sites (Pedrotti et al. 2016). Especially 
for oceanic environments, the labor and cost- intensive sampling options related to the vast and 
remote large oceanic study sampling area can pose a significant barrier for this methodology.

Especially for identification in the open ocean, additional barriers occur. Linking marine- based 
plastic debris to a country of origin remains challenging as open oceans are no man’s land 
(UNCLOS 1982). Furthermore, buoyant plastic is transported through sea surface currents and 
therefore not retrieved where they are lost. During monitoring and observations, it could occur 
that the majority of the items samples contain little to no explicit clues, such as logos, language, or 
date stamps. This is a possible result of fragmentation and degradation occurring over time in 
oceanic environments. Hence, a significant number of buoyant plastics can remain without any 
identification (Lebreton et al. 2018).
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Despite these limits, item identification and characterization demonstrates to provide crucial 
information to tackle the global plastic pollution challenge. Recent studies in urban water systems 
demonstrated the valuable link between plastic identification data and negative impacts (e.g., soft 
plastics increase flood risk, Honingh et  al. (2020), fishing gear entangles individuals (Gall and 
Thompson 2015). Such data can also be used to identify plastic pollution hotspots (foam and soft 
plastics around the market, Tasseron et al. 2020). It is optimistic to expect that observation and moni-
toring efforts will all include detailed characterization of plastic litter. We emphasize that there is no 
perfect protocol, and optimizing monitoring strategies always includes the trade- off between avail-
able resources and the research questions to be answered (Vriend et al. 2020). For any observation 
and monitoring effort, it is important to ensure that the selected protocol links back to the research 
question. If that question can be answered by only collected quantitative data on plastic abundance, 
no further characterization is required. The saved resources can in turn be allocated to increasing 
the temporal and spatial coverage of data collection. If the research question relates to risks or 
identifying sources, it is absolutely necessary to characterize the sampled litter in more detail.

3.2.3.3 Suggestions for Future Research
Item identification protocols vary between studies and between ecosystems, such as beaches or 
sediments. Future efforts may focus on the harmonization of methods, to facilitate better transfer-
ability of data over time and space. Item identification can be a valuable addition to transport and 
emission estimates, given that the collected data is consistent. There are always practical reasons 
to use a tailor- made protocol, such as resources limitations or specific questions that need to be 
answered (Vriend et al. 2020). However, data collected at different levels of detail can still be com-
pared as long as the overall method is aligned.

A promising new method is the Litter ID method (Strietman et al. 2020), which analyses litter 
together with stakeholders and citizens. All collected litter is jointly separated into predetermined 
item categories. After sorting, all items are weighed and further analyzed per category. The in- 
depth analysis includes an interactive approach that may result in additional anecdotal evidence 
about potential sources and transport pathways. For example, all found plastic bottles are generally 
reported as a single number by the observers. However, by joint analysis additional patterns can 
emerge. Stakeholders may recognize the brands, shapes and colors, pointing toward local sources. 
On the other hand, if items are not recognized at all, this may indicate remote sources. Future 
research may further expand on this method, especially in other domains, such as the terrestrial 
and riverine environment. Once data from land to ocean can be coupled, an improved estimate of 
sources, sinks and pathways can be made.

Finally, an important challenge is international collaboration. The OSPAR Commission has 
demonstrated the value of a consistent monitoring protocol for beach litter (OSPAR 
Commission 2010), which now allows the comparison of long- term data series around the North 
Atlantic Ocean. For rivers, the RIMMEL project made a first step to harmonize quantitative and 
qualitative data collection of floating macroplastic (González- Fernández and Hanke 2017). Similar 
efforts should be made at the global scale, and for other environmental compartments, such as 
rivers, estuaries, and terrestrial ecosystems.

3.3  Discussion

As described in Chapter 3.2, three methods were identified to study plastic pollution sources to the 
environment. Most of the studies discussed are executing one of three methods, and explain the 
plastic pollution problem using the selected approach. Using the three methods independently has 
resulted in significant knowledge gain in a short period of time. For example, because the estimates 



3.3 iscussion 91

of plastic pollution from land and rivers to the ocean were orders of magnitude higher than observed 
in surface waters (Table 3.1), additional studies discovered new environmental plastic sinks such as 
the deep sea (Woodall et al. 2014). However, a fully closed environmental plastic mass budget is still 
to be developed and the plastic pollution problem is still to be solved. Most studies on plastic pollu-
tion, using one method only, are still individual and isolated attempts, and synergies between stud-
ies are rare. Hence, the field of plastic pollution can be visualized through the metaphor of individual 
islands in an ocean of plastic pollution research (Figure 3.4a). When exploring these methodologies, 
it is evident that the plastic pollution problem is too complex and cannot be solved using only one 
of the three methods. If we want to solve the environmental plastic problem, combining multiple 
approaches is required to determine efficient and effective reduction measures and actions. A syn-
ergy strategy is required to effectively match existing knowledge from the studies to identify open 
questions and, at last, solve the plastic pollution problem. To describe the various strategies to stim-
ulate synergies, also metaphors of islands are used (Figure 3.4b–d).

3.3.1 Strategy 1 (Figure 3.4b): The Ferry Method—Input–Output Data Sharing

The first strategy is a highly feasible approach to link together existing studies using different 
methods. This ‘ferry’ strategy is already executed in some studies, for example, calibrating global 

(a) (b)

(c) (d)

Figure 3.4 The scientific field of plastic pollution research and potential synergies, visualized through the 
metaphor of individual islands in an ocean of plastic pollution research. a) The situation as it is, where study 
methods are used individually. b) Input- output data exchange between studies, visualized by a ferry. c) Hard 
connections between methodologies, visualized by a bridge. d) a universal plastic litter model, where all 
studies are connected. Visualized by a drained landscape (Artwork: Cher van den Eng).
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plastic littering studies (Jambeck et al. 2015) at one river basin (Tramoy et al. 2019). Other exam-
ples include using mismanaged plastic waste estimates (Lebreton and Andrady 2019) to model 
plastic mobilization through rivers (Roebroek et  al. 2021). For plastic pollution studies, output 
from models and calculations are often open source and data sharing is possible through well- 
established contacts. However, using input- output data sharing can be unsuitable for integration, 
and often do not include feedback loops between models. Level of detail and measured parameters 
which can seem irrelevant in one approach can be important for another approach, and hence 
crucial information can be missing for input- output data sharing. Furthermore, assumptions taken 
in one study can deviate from another, resulting in a suboptimal result when data is shared. In 
short, the ferry method approach is valuable, especially for first explorations whether a match is 
possible between approaches, which would be required for any hard connections between 
methodologies.

3.3.2 Strategy 2 (Figure 3.4c): The Bridge Method—Feedback 
between Methodologies

As discussed in the first strategy, it is a challenge to connect data from existing methodologies due 
to varying assumptions, level of scale and detail or chosen parameters. Through input- output data 
sharing, these variations can be overcome as no feedback is given between methods. However, 
when connecting studies in such a way that allows for feedback between methodologies, as used 
in the ‘bridge method’, the methodologies can ‘learn’ from one another and improve simultane-
ously. One example of a study using feedback between methodologies is through inverse modeling 
of oceanic plastic transport, where the plastic mass budget could be closed (Kaandorp et al. 2020). 
Although the results and outcome of this strategy are way more valuable, feasibility is lower and 
effort required higher compared to input- output data sharing. Calculations and models in plastic 
pollution studies are often designed for the study’s individual approach and purpose, making it 
inflexible and too specific for establishing a connection with feedback between methodologies. 
This challenge is to be tackled by studies designed to adapt and prepare existing models and data 
for use in other methods. Additional fieldwork or significant adaptations are required when it is 
discovered that models or sampling methods miss crucial data for a hard connection strategy. 
When establishing connections with feedback, also the insight in other methodologies will 
increase, and hopefully, missing information and different assumptions will be a problem from the 
past. The connected methodologies will become available and lead to new knowledge to answer 
the open research questions. Additionally, existing efforts and details in individual studies are not 
lost but are used. This is very useful for tackling the open research questions without losing impor-
tant information from individual studies.

3.3.3 Strategy 3 (Figure 3.4d): The Polder Method—A Universal Plastic 
Pollution Model

A universal plastic pollution model might be a point on the horizon, where all individual studies are 
integrated in one universal model to illustrate plastic pollution on a global level without losing any 
valuable small scale data. However, the feasibility of the universal plastic litter model would require 
high effort, labor, maintenance and management. Not only feedback between all three methodolo-
gies is required for this strategy, full integration has to be in place. During integration of studies, a 
selection has to be executed, and details simplified, extrapolated or left out. Similar to the previous 
strategy, a slight variation in study design, approach or methodology might already result in prob-
lems connecting studies. For a universal model, this can result in a loss in level of detail. Furthermore, 
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the added value of a universal plastic litter model to local scale plastic pollution problems should be 
defined as well. Although a universal model is the most desirable outcome in terms of closing the 
global plastic mass budget in the environment, the goal of such a large and complex operation might 
not contribute most efficiently to solving the environmental plastic pollution problems.

In short, the three strategies that are presented above require different levels of integration of 
studies and approaches, but some level of integration between different model- based and 
observation- based studies is always required. Future studies should recognize that for solving the 
plastic pollution problem, a smooth exchange between their study effort and existing studies 
should be ensured. This might require collecting additional data, inputs or exploring alternative 
modeling approaches. Additionally, research questions and study efforts can focus specifically on 
integration efforts of existing studies, also to identify potential gaps that can occur between meth-
odologies. The strategies that are mentioned here are not silver bullets. This is presented by the 
trade- offs mentioned between feasibility and how useful the methodological integrations can be in 
the light of the open research questions. However, the strategies can also be combined, and to use 
the metaphors available, while some islands are connected with a ferry, others might be connected 
by bridges to a partially reclaimed land.

3.4  Conclusions

In this review study, different scientific methodological approaches to the plastic pollution problem 
are identified and reviewed. The three approaches identified are as follows: plastic emission rates, 
plastic transport models, and pollution identification. All three methods give important insights in 
the sources, sinks, and pathways of plastic pollution in the environment, including for land, rivers, 
and oceans. What method or approach to use strongly depends on questions to be answered by the 
study. As more research is done, the larger question on how to solve the global plastic pollution prob-
lem is still to be tackled. In this review study, it was found that integration of methods is required to 
solve the plastic pollution problem. Future efforts should focus on integration of studies and approach 
and provide possibilities for a smooth exchange between approaches. Three strategies for future and 
better collaboration between studies are presented, where neither strategy is found to be a silver bul-
let but rather represents a trade- off between required resources, integration, and effectiveness.
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4.1  Introduction

Global plastic production has increased remarkably over the past decade, reaching 359 million 
metric tons in 2018 (Giacomucci et al. 2020; PlasticsEurope 2019). Plastic debris is currently found in 
the marine environment in different sizes, ranging from micrometer to meter. Microplastics (MPs) are 
usually defined as plastic debris or a polymeric matrix with regular or irregular shape and with size 
ranging from 1 μm to 5 mm (Hartmann et al. 2019; Kershaw et al. 2019). The occurrence and abun-
dance of MPs in the marine environment were first reported in the 1970s (Carpenter and Smith 1972; 
Silva et al. 2018b), while in recent years, MP particles have been reported by numerous researchers in 
all environmental compartments worldwide, ranging from the Arctic Sea ice to agricultural lands.

Although the impact of MPs on public health and aquatic ecosystems remains poorly understood, 
the ubiquity of MPs in the oceans has become a serious concern. An increasing number of studies 
that investigated the potential effects or associated risks of MPs, not only in marine environments 
but also in freshwater environments, have been published (Zarfl 2019). The small size of MP enables 
its ingestion by several marine species from different trophic levels and with different feeding 
strategies, resulting in direct physical damage (i.e. sheer mechanical harming potential in the 
gastrointestinal tracts) and potential toxicity effects due to plastic additives or unbound monomers 
(Wright et al. 2013; Zhu et al. 2019). Up to now, many research questions in this field have emerged 
or remained open. For example, knowledge on aging, weathering, and fragmentation of MPs and 
the impact of particle degradation products on health and the environment is lacking.

Analytical procedures for MPs in environmental samples include sampling, separation, purification, 
extraction, identification, and quantification. A standardized or unified procedure for routine analysis 
of MPs, however, is still lacking, and methodologies used in different studies vary widely leading to 
incomparable data between different studies (Renner et al. 2018). Method development in MP analysis 
is a relatively young exercise that builds upon the experience from related fields such as analytical 
chemistry, material science, and nanoscience. In this chapter, we will explore the key procedures for 
sampling, collection, identification, and quantification of the abundance of MP particles in the 
marine environment. We will focus particularly on the more commonly used techniques and strategies 
recently applied for MP analysis. Special emphasis will be given to challenges in the current practices 
for identifying environmental MP from complex matrices and possible solutions.
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4.2  MP Sampling

In marine ecosystems, MP debris exists ubiquitously in seawater, sediments, macrophytes (e.g. 
macroalgae and seagrasses), plankton (e.g. phytoplanktons including microalgae and photo-
synthetic bacteria; zooplanktons including zooflagellates, foraminifera, radiolarians, some 
dinoflagellates, and marine micro animals), shellfish (e.g. mollusks and crustaceans), and fish 
species.

4.2.1 Seawater

The presence of microplastics was found on both the surface and subsurface of seawater (Amélineau 
et al. 2016; Castillo et al. 2016; Cózar et al. 2014; Kanhai et al. 2018). MPs derived from plastics that 
are less denser than seawater are buoyant but finally sink after entanglement and biofouling 
(Ioakeimidis et al. 2014), while denser polymers (e.g. nylon, poly(ethylene terephthalate) [PET], 
and poly(vinyl chloride) [PVC]) merge into the subsurface of seawater column (Castillo et al. 2016). 
MPs from surface water have been sampled from the Atlantic, Pacific, Indian, and Arctic oceans 
and gulf areas (Amélineau et al. 2016; Castillo et al. 2016; Kanhai et al. 2018) primarily using a 
Neuston- net or a Manta trawl with 100–390 μm mesh sizes (Hidalgo- Ruz et  al.  2012; Isobe 
et al. 2014; Ivar do Sul et al. 2013) attached to a research vessel and submerged for ca. 0.25 m 
beneath the surface. Normally, the net should be towed for approximately 10–15  minutes at a 
speed of 2–3 knots. A flow meter fitted to the mouth of the net was used to measure the volume of 
water passing through the net during sampling. By using a manta trawl, the trawling time varied 
between 20 and 50 minutes depending on the bio productivity of the region; the skimmed area was 
estimated using the recorded vessel speed. A sampling of subsurface seawater has been reported 
from a continuous intake at the depth of ca. 8.5 m using a rotary positive displacement pump at an 
optimal flow rate ca. 85 L/min; sea water was transported in the laboratory via stainless steel pipes 
with a stainless steel primary filter (2.5 mm pore size; Kanhai et al. 2018).

4.2.2 Beach Sediment

Dry sediment samples can be collected from sandy beaches from the intertidal to the supralit-
toral zones. However, the distribution of MPs was less known earlier as they are mainly driven 
by particle aggregation or animal activities (Hidalgo- Ruz et al. 2012). Generally, MPs are more 
abundant in the subtidal zone sediments than on dry sandy beaches or in estuarine habitats 
(Browne et  al.  2011; Ismail et  al. 2009). They may be retained on the surface and/or buried 
underneath sands in various depths of sediment during the accretion periods (Browne 
et al. 2010; Carson et al. 2011; Martins and Sobral 2011; Rusch et al. 2000). Therefore, sampling 
should ideally be performed at variable depths (0–32 cm) below the sediment surface (Hidalgo- 
Ruz et al. 2012).

4.2.3 Macrophytes

MPs can also be trapped on the surfaces of macrophytes’ blades (Gutow et al. 2016; Seng et al. 2020; 
Sundbaek et al. 2018) or encrusted in the epibionts on the seagrasses (Goss et al. 2018). Macrophytes 
are collected from the subtidal reef flats 2–3 m- depth during low tide of less than 1 m depth using 
scuba. At least 20 blades of each macrophyte species are harvested by cutting at the blade base for 
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at least 1 m in length. Collected blades from various species and different collecting areas are kept 
in individual bags to avoid cross- contamination prior to lab analysis (Seng et al. 2020).

4.2.4 Plankton

Adsorption and aggregation of MPs have been observed in scanning electron microscopic images 
of microalgae (Wang et al. 2020; Zhang et al. 2017). The plastic particles adsorbed on the surface of 
microalgae by wrapping around caveolae on the surface of the microalgae cells (5–1000 μm diam-
eter). MP debris can also be embedded in the cell wall of microalgae and even cause physical dam-
age to the cells. Zooplankton species (<31 μm diameter) are well known to ingest minute MPs 
(7.3–30.6 μm) (Cole et al. 2014). Research on the abundance of MPs associated with plankton, over 
large areas of the ocean is particularly challenging. A 5- year research data of a designed instru-
ment unit – Continuous Plankton Recorders (CPR) by the Sir Alastair Hardy Foundation for Ocean 
Science (SAHFOS) recorded the abundance of MPs associated with the plankton samples of the 
gyres and coastal lines of the Northwest Atlantic. The CPR instrument was specifically designed to 
be towed from merchant ships to capture plankton samples from 10 m over very large areas of the 
ocean. Sample planktons were constantly collected using a continuously moving band of silk 
screen with the mesh size of 280 μm and towed behind the vessels; filtered plankton samples along 
with any MPs loaded with the filter silk were sent to the laboratory (Crawford and Quinn 2017).

4.2.5 Shellfish and Fish Species

MPs (ca. 0.0001–5 mm in length) are found in many shellfish and fish species (Alnajar et al. 2021; 
Convernton et al. 2019; Jahan et al. 2019; Marić et al. 2018; Ohkubo et al. 2020; Ory et al. 2018a. 
2018b; Phuong et al. 2018a, 2018b; Rochman et al. 2016) due to direct or indirect ingestion, adher-
ence, bioaccumulation, and cross- contamination at all trophic levels of the marine food web. 
Sediment- dwelling blue mussels (Mytilus edulis), for instance, are frequently used in research on 
MPs (Browne et al. 2008; Van Cauwenberghe et al. 2015). Mussels, oysters, clams, scallops, crabs, 
lobsters, and shrimps were collected from estuaries and coastal areas of North South America, 
North- South West of Australia, and the Atlantic, Pacific, and Mediterranean seas and have been 
studied for the abundance of MPs associated with them (Convernton et al. 2019; Jahan et al. 2019; 
Waite et al. 2018; Walkinshaw et al. 2020). Microplastic ingestion in shellfish was not found to be 
species- specific, and the particles were mainly located in epithelial cells; hepatopancreatic tissues 
and gills of mollusks; and in the stomachs, ovary, hepatopancreas, gills and hemolymph of crusta-
ceans (Farrell and Nelson 2013; Gaspar et al. 2018; Walkinshaw et al. 2020). Most MP fibers were 
found localized in the gastrointestinal tracts and adhered on the gills of many different edible 
demersal, pelagic, and reef fish species sampled across the globe (Walkinshaw et al. 2020), as well 
as in their pseudo feces and feces.

Shellfish and fish species can be sampled using a water column trawl net with a 50- mm mesh 
size at selected sampling locations (Goswami et al. 2020) or acquired from shellfish and fish farms 
or fish markets but without knowing the sampling details. Post- sampling, live shellfish and fish 
have various gut evacuation times: 10–52 hours for fish and 30 minutes to 150 hours for crusta-
ceans (Lusher et al. 2017; McGaw and Curtis 2013; Santos and Jobling 1992). MP debris can be 
evacuated from the GI tracts of fish or shellfish during this period. Therefore, collected samples 
should be stored and frozen at −20 °C prior to analysis. To avoid cross- contamination, samples of 
different species collected from different sampling sites should be separately placed in sealed glass 
jars or freezer bags during transportation to the laboratory.



4  Collection and Characterization of Microplastics Debris in Marine Ecosystems102

4.3  Sample Processing

4.3.1 Physical Separation

Physically separating the MPs from seawater and sediment samples relies mainly on density separa-
tion, sieving, and filtration. Densities of MP debris range from 0.9 to 2.4 g/cm3 based on data from 
42 studies with values for a majority of plastics (e.g. polystyrene (PS), polyamide (PA), acrylic, poly 
(oxymethylene), poly(vinyl alcohol), polyvinyl chloride (PVC), poly(methyl acrylate) (PMA), poly-
ethylene (PE) and poly(ethylene terephthalate) (PET)) in the range of 1–1.6 g/cm3. The densities of 
polyethylene (PE) and polypropylene (PP) are in the range of 0.9–1 g/cm3 and those of polyester and 
alkyd are around 1.2–2.3 g/cm3 (Hidalgo- Ruz et al. 2012). Low- density MP debris (i.e. PE, PP, PS, 
PA, PVC, and PET) float in the supernatant of a mixture of sediment or seawater with concentrated 
saline solutions (e.g. NaCl of 1.2 g/cm3 or Na6O39W12 of 1.4 g/cm3; Andrady 2011; Hidalgo- Ruz 
et al. 2012). Different salt solutions have been used in a density separation process, as shown in 
Table 4.1. A novel instrument, namely Munich Plastic Sediment Separator (MPSS), also demon-
strated successful density separation of MP particles of 5–1 mm and even <1 mm (Imhof et al. 2012).

MP debris in sediment and seawater can also be separated using a cascade of sieves with mesh sizes 
ranging from 0.038 to 4.75 mm, with the MP debris retained on each sieve tier sorted in different 
sizes. The supernatant obtained after density separation can also be similarly sieved using a mesh 
size of 380 μm or 500 μm followed by vacuum filtration through a filter paper with the pore size of 1 
or 2 μm. The materials retained at each step of separation using sieves or filters can be transferred 
into Petri dishes or glass slides for further visual sorting using microscopy or spectroscopy.

Visual sorting is commonly used to separate MP debris attached to or embedded in macrophytes. 
These MPs can be imaged on the microphyte blade surface and identified by structure, color, and 
thickness of the fragment or fibers in stereomicrographs (Lim et  al.  2014; Mohamed Nor and 
Obbard 2014). In visual sorting of MP debris in plankton samples collected with the CPR, plankton 
with microplastics collected on the filter silk is examined under a dissecting microscope. 

Table 4.1 Summary of density separation methods used to separate microplastics from marine sediment.

Method Density (g/L) MP recovery (%) Reference

NaCl 1.2 PE, chlorinated PE, chlorosulfonated PE 
(80–100%)

Fries et al. (2013)

NaI 1.6 PS, Nylon (93–98%) Claessens et al. (2013)

NaBr 1.37 PE, HDPE, PS, PVC, PET, Nylon (88–98%) Quinn et al. (2017)

ZnBr2 (25%) 1.7 PE, HDPE, PS, PVC, PET, Nylon (90–98%) Courtene- Jones et al. (2017)

ZnCl2 1.37 PE, PP, PS, polyester- PET, PVC, Nylon 6 
(>97%)

Maes et al. (2017)

CaCl2 1.30–1.35 PE (60–100%) Stolte et al. (2015)

Castor oil ~1 PP, PS, PMMA, and PETG (95–99%) Mani et al. (2019)

Sodium 
polytungstate

1.2 PP, PE Corcoran et al. (2009)

K2CO3 1.54 PVC (~92%) Gohla et al. (2020)

Note: Microplastics (MP), polyethylene (PE), polypropylene (PP), polystyrene (PS), poly(ethylene terephthalate) 
(polyester- PET), poly(vinyl chloride) (PVC), polyamide (nylon 6), poly(methyl methacrylate) (PMMA), glycol- modified 
poly(ethylene terephthalate) (PETG).
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Zooplankton samples (in 1–2 hours of collection) retained on the plankton mesh or the CPR filter 
silk can also be removed and transferred into a vial of 0.22 μm Millipore filtered seawater to achieve 
complete gut depuration in 24 hours (Cole et al. 2014). To observe the interaction and ingestion of 
MP debris by zooplankton species (i.e. Acartia clausi, Calanus helgolandicus, Temora longicornis, 
Doliolidae tunicata, Euphausiidae, Bivalvia [larvae], Brachyura [megalopa], Caridea [larvae], and 
Oxyrrhis marina), the specimens were exposed to fluorescent polystyrene beads for 1 or 24 hours, 
and then microscopy was used to assess MP ingestion by zooplankton species (Cole et al. 2014).

4.3.2 Chemical Digestion

To isolate MPs ingested by marine biota or embedded within their tissues, digestion using acid, alka-
line, oxidizing agents, and enzymes, is commonly employed to remove tissue and organic matter 
from the sample. Prior to digestion, frozen samples should be defrosted. The surface of both fresh and 
defrosted samples was rinsed in order to remove the externally adhered microplastics. For larger 
marine biota such as fishes, mollusks, crabs, and lobsters, dissection to collect their GI tracts, gills, 
and normal tissues for digestion is convenient; with smaller organisms and plankton, it is more com-
mon to digest the whole organism (Lusher et al. 2017). However, the MP debris can also be degraded 
or damaged by digestion. Many previous studies have been conducted to find the sensitivity of plastic 
polymers to different digestion reagents, as shown in Table 4.2. Compared with hydrochloric acid 
(HCl) and perchloric acid (HClO4), nitric acid (HNO3) is more effective in digesting >98% tissue or 
organic matter. Several studies have successfully used 65–100% nitric acid to digest all soft tissues 
from blue mussels, oysters, lugworms, zebra fishes, euphausiids copepods, and manilla clams 
(Claessens et al. 2013; Desforges et al. 2015; Santana et al. 2016; Van Cauwenberghe et al. 2015). To 
approach complete digestion, 69–71% nitric acid or 100% nitric acid for 2–4 hours at 90 °C has been 
used with blue mussels, manilla clams, and zebrafish (Lu et al. 2016; Santana et al. 2016). Furthermore, 
100% nitric acid for 30 minutes at 20 °C was used for Euphausiids copepods (Desforges et al. 2015) 
that could effectively isolate MP debris from organic matters. However, MPs can also be obscured by 
the oily residue obtained in acid digestion (Davidson and Dudas 2016). To avoid the oily residues, 
some other studies reported the use of an acid mix of 65% HNO3 and 68% perchloric acid (HClO4) in 
a ratio of 4:1 (v/v) at room temperature for approx. 12 hours followed by boiling at 100 °C for 10 min-
utes, to digest soft tissues of blue mussels or brown shrimps (Devriese et al. 2015). However, treat-
ments with strong acid at a high temperature can reduce the recovery rates of certain MP polymers 
such as PA, PE, PS, and PET due to either their relatively higher pH sensitivity or lower thermal 
resistance than other plastic polymers (Dehaut et al. 2016; Lusher et al. 2017).

Dehaut et al. (2016) compared the digestion effectiveness of 10% (w/w) potassium hydroxide 
(KOH) at ca. 22 °C for 3 weeks, 10 M sodium hydroxide (NaOH) at 60 °C for 24 hours, an oxidizing 
solution composed of 0.27 M peroxodisulfate potassium (K2S2O8), and 0.24 M NaOH at 65 °C for 
24 hours. Results indicated that alkaline digestion methods, especially using a KOH 10% solution 
with incubation at 60 °C for 24 hours, achieved good digestion without significant degradation of 
the polymers in MPs (i.e. high-  and low- density polyethylene [HDPE and LDPE], polylauryllactam 
[PA- 12], polycaprolactam [PA- 6], polycarbonate [PC], PET, poly(methyl methacrylate) [PMMA], 
PP, PS, crosslinked polystyrene [PSXL], poly tetrafluoroethylene [PTFE], polyurethane [PUR] and 
unplasticized polyvinyl chloride [uPVC], and expanded polystyrene [ePS] with the exception of 
cellulose acetate [CA]). Digestion of fish tissue using a mixture of 9% sodium hyperchlorite 
(NaClO, alkaline) and 65% HNO3 (1:10 v/v) with ultrasonication has also been successfully used 
(Collard et al. 2015). Another successful method that considerably shortens the digestion time of 
fish gut tissue used 1 M NaOH, 65% HNO3, followed by density separation using sodium iodide 



Table 4.2 Summary of chemicals used for digestion of marine organisms to extract microplastics.

Chemicals Processing Organism Efficiency (%) MP recovery (%) Reference

HNO3 (22.5 M) RT (overnight) + 
boiling (15 min)

Mussel Santana et al. (2016)

HNO3 70 °C (2 h) Zebrafish (liver, 
gut, gill)

PS Lu et al. (2016)

HNO3 (69–71%) 90 °C (4 h) Manila Clam Davidson and Dudas (2016)

HCl (12.1 M) 80 °C (1–3 h) Copepod, 
Euphausiid

Desforges et al. (2015)

1:1 v/v of HCl (12.1 M) and HNO3 
(15.9 M)

80 °C (1–3 h) Copepod, 
Euphausiid

Most digested Desforges et al. (2015)

HNO3 (100%) 80 °C (1–3 h) Copepod, 
Euphausiid

~100 PS (>90%) and Nylon (98%) Desforges et al. (2015)

H2O2 (0.9 M) 80 °C (1–3 h) Copepod, 
Euphausiid

Desforges et al. (2015)

1:1 v/v of HCl (12.1 M) and H2O2 
(0.9 M)

80 °C (1–3 h) Copepod, 
Euphausiid

Desforges et al. (2015)

HNO3 (69%) RT (overnight) + 
boiling (2 h)

Blue mussel, 
Lugworm

Van Cauwenberghe et al. 
(2015)

HNO3 (69%) RT (overnight) + 
boiling (2 h)

Blue mussel, 
Oyster

Van Cauwenberghe and 
Janssen (2014)

HNO3 (65%) + HClO4 (68%) (4:1 
v:v)

RT (overnight) + 
boiling (10 min)

Blue mussel Synthetic fiber De Witte et al. (2014)

HNO3 (65%) + HClO4 (68%) (4:1 
v:v)

RT (overnight) + 
boiling (10 min)

Brown shrimp Synthetic fiber Devriese et al. (2015)

KOH (10%) 60 °C (24 h) Mussels, crab, 
seabream

99.6–99.8 Dehaut et al. (2016)

Pepsin (0.5% (w/v)) + HCl 
(0.063M)

35 °C (2 h) Mussels, crab, 
seabream

Dehaut et al. (2016)

HNO3 (65%) RT (overnight) + 
60 °C (2 h)

Mussels, crab, 
seabream

Dehaut et al. (2016)
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HNO3 (65%) + HClO4 (65%) (4:1 
v:v)

RT (overnight) + 
boiling (10 min)

Mussels, crab, 
seabream

Dehaut et al. (2016)

NaOH (10 M) 60 °C (24 h) Mussels, crab, 
seabream

98.2–99.7 Dehaut et al. (2016)

K2S2O8 (0.27M) + NaOH (0.24M) 65 °C (24 h) Mussels, crab, 
seabream

Poor Dehaut et al. (2016)

H2O2 (30%) RT (7 d) Sediment PE (99%), PP (96%), PVC (97%), PET 
(91%), PS (92%), ePS (68%), PUR (96%)

Nuelle et al. (2014)

H2O2 (30%) 55 °C (7 d) Fish (liver and GI 
tract)

PE and PS (~70%) Avio et al. (2015)

NaCl + H2O2 (15%) 50 °C (overnight) Fish (liver and GI 
tract)

PE and PS (~95%) Avio et al. (2015)

NaClO (9%) + H2O (1:3 v:v) RT (overnight) Fish (stomach) PE, PP, PET, PS, and PVC Collard et al. (2015)

NaClO (9%) + HNO3 (65 %) (10:1 
v:v)

RT (5 min) Fish (stomach) Collard et al. (2015)

Proteinase K (500 mg/mL) + 
Tris- HCl buffer (400 mM) + EDTA 
(60 mM) + NaCl (105 mM) + SDS 
(1%) + NaClO (5M)

50 °C (2 h) Copepod >97 PS, PE, and Nylon Cole et al. (2014)

Trypsin + deionized water 
(0.3125% (v/v))

38–42 °C 
(30 min)

Blue mussel ~86–88 PET, HDPE, PVC, PP, PS, and PA Courtene- Jones et al. (2017)

Corolase 7089 + MilliQ water (1% 
(v/v))

60 °C (1 h) Blue mussel PVC, HDPE (98%), PET (97%), and 
Nylon (85%)

Catarino et al. (2017)

Alcalase + deionized water (0.25% 
(v/v))

37 °C (overnight) Blue mussel >98 PS (~100%) Rist et al. (2019)

Pancreatic enzyme + Tris- 
aminomethane)/Tris- HCl buffer 
(0.1 M)

37.5 °C 
(overnight)

Smoothcockle ~97 PE (~92%), Nomex (~91%), PET 
(~92.5%), PLA (~97.5%), PP (~95%), 
Modacrylic (~93%), ePS (~90.5%), PP 
(~97%), and LDPE (94% or 98%)

von Friesen et al. (2019)

Microplastics (MP), high-  and low- density polyethylene (HDPE & LDPE), polyamide (PA), polycarbonate (PC), poly(ethylene terephthalate) (PET), polypropylene (PP), polystyrene 
(PS), polyurethane (PUR), polylactic acid (PLA), expanded polystyrene (ePS), polyethylene (PE), polypropylene (PP), poly(vinyl chloride) (PVC).
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(NaI) solution (Roch and Brinker 2017) and obtained ≥95% of MP recovery for all tested polymer 
types (i.e. ePS, HDPE, LDPE, PA, PS, PP, PET, uPVC, and plasticized poly(vinyl chloride) [pPVC]).

An oxidizing agent such as hydrogen peroxide (H2O2) can also be used in the digestion of biological 
tissue to isolate MPs. For instance, 30% hydrogen peroxide (H2O2) was used to digest soft tissue of 
several different bivalve species at 65 °C in an oscillation incubator at 80 rpm for 24 hours and then 
at 20 °C followed by 24–48 hours at room temperature. MPs were isolated from digestate by floatation 
in NaCl solution (Li et al. 2015). This is consistent with the observation (Nuelle et al. 2014) that 
treatment with 30–35% H2O2 solution can easily dissolve biogenic materials without significantly 
degrading or discoloring the MPs. However, some minor visual changes such as changes in the 
degree of transparency, size, or thickness were observed in the plastic after exposure to H2O2, and a 
6.2% loss in size for PP and PE particles (<1 mm) was estimated to result from the treatment (Nuelle 
et al. 2014). Other studies identified H2O2 digestion for fish stomach resulting in only about 70% 
recovery of spiked MPs due to complications from foaming of H2O2 (Avio et  al.  2015). Use of 
hypersaline (NaCl) solution for density separation of fish stomach contents followed by 15% H2O2 
digestion resulted in 95% recovery of spiked microplastics (i.e. PE; Avio et al. 2015).

Compared with acid, alkaline, or oxidized digestion, treatment with enzymes is known to be gentle 
enough to recover plastic polymers from the tissue without significant chemical changes to the plas-
tic. This approach is desirable, especially for plastics that are pH- sensitive (Cole et al. 2014; Nuelle 
et al. 2014). Cole et al. (2014) reported using proteinase K (500 mg/mL) mixed with 400 mM Tris- HCl 
buffer, 60 mM EDTA, 105 mM NaCl, 1% SDS, and 5M NaClO for the digestion of 0.2 g dried plankton- 
rich seawater sample and obtained >97% of digestion efficiency. MPs ingested by zooplankton could 
be quantified after digestion without any apparent degradation (Cole et al. 2014). Other proteases 
including trypsin, collagenase, and papain were investigated with mussel (Mytilus edulis) soft tissues 
containing MPs (i.e. PET, HDPE, PVC, PP, PS, and PA) in the size range of <0.5 mm to 0.5–5.0 mm. 
These were also successful, again showing no apparent damage to the plastic. Trypsin in the optimal 
concentration (0.3125%) demonstrated the highest digestion efficiency ((pre- weight -  post- weight)/
pre- weight × 100) at approx. 88% for frozen, 86% for fresh, and 78% for formaldehyde preserved mus-
sel tissues without changing the overall particle shape, color, and size of plastic polymers (Courtene- 
Jones et al. 2017). An industrial protease, Corolase 7089, at the minimum concentration of 0.5% (v/v) 
was reported to completely digest mussel soft tissue at 60 °C within 12 hours of incubation with the 
recovery rates of approx. 85%, 97%, and 98% for PA (Nylon), PET, and HDPE (<500 μm), respectively 
(Catarino et al. 2017). Corolase 7089 is obtained from Bacillus subtilis cultures, and it is active in 
water at pH range 6–9 without the need for a buffer medium as other proteases do. Rist et al. (2019) 
investigated six different proteases (i.e. Alcalase, Neutrase, NovoBate, Peltec, Ronozyme ProAct, and 
Savinase) and found that Alcalase was very promising for the digestion of soft tissues of blue mussels 
(Mytilus edulis). It achieved high digestion efficiencies (>98%) of mussel soft tissues, when Alcalase 
was used at a low concentration (ca. 0.25% v/v) and without adding oxidant chemicals (i.e. H2O2 or 
NaClO) as mentioned using proteinase K (Cole et al. 2014). The recovery rate for MP beads (i.e. PS) 
when using Alcalase (2.5% v/v) for digestion was around 100% (Rist et al. 2019).

The porcine pancreatic enzyme that contains lipase (40 000 Ph. Eur), amylase (25 000 Ph. Eur), 
and protease (1600 Ph. Eur) as active substances was employed to isolate MPs from bivalve soft 
tissues. von Friesen et al. (2019) reported using a 5:100 ratio (w/w) of the pancreatic enzyme to 
tissue, to digest smoothcockle (Serripes groenlandicus) tissue. Tris (tris(hydroxymethyl)ami-
nomethane)/Tris hydrochloride solution was added as a buffer to maintain the optimal pH range 
(pH – 8.0 ± 0.1) for the pancreatic enzymes. The digestion process was carried out at 37.5 °C with 
shaking at 126 rpm overnight and achieved a digestion efficiency of ca. 97% for soft tissues and 
>90% recovery rates for all the tested MP particles (>20 μm) including PE, Nomex, PET, poly(lactic 
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acid) (PA), PP, expanded polystyrene (ePS), and LDPE. There were no morphological changes in 
shape or color observed on the recovered LDPE particles (von Friesen et al. 2019).

To isolate the recovered MP particles from digestion, chemical or enzyme solution is sieved or 
filtered, and undigested residues are observed directly under the microscope. The larger retained MP 
particles can be picked up using forceps and placed on slides or petri dishes for further characterization. 
The filter membranes used are typically made of either polycarbonate (0.8 μm, 10 μm), cellulose ace-
tate (5 μm), cellulose nitrate (5 μm), glass microfiber filter (0.2 μm, 0.7 μm and 1.2 μm) or metal mesh 
(50 μm, 250 μm)). The invisible micro- sized or transparent MP particles can be removed by soaking 
the filters or filter membranes in >70% ethanol or methanol solution under ultrasonication at 50 Hz 
to release the MPs adhering to the filter membranes. This solution is subsequently transferred into 
glass-  or stainless steel centrifuge tubes and centrifuged at 3000–5000 rpm for 5–10 minutes at 
different temperatures (e.g., 4 or 20 °C). Isolated pellets can be dried at 60 °C for further analysis using 
spectroscopy or microscopy (Cole et al. 2014; Collard et al. 2015; Davidson and Dudas 2016; Desforges 
et al. 2015). Figure 4.1 illustrates the schematics of chemical digestion of the marine organisms and 
the MP isolation process assisted by ultrasonication and centrifugation.

Whole organism digestion

Plankton Small Crustacean Small fish Mollusc Crustacean Big fish

Dissection

soft tissue, gill, liver,
stomach, ovarysoft tissue, gill, ovarysoft tissue, gill

Chemical digestion

Sieving

Filtration

Ultrasound
assisted
extraction from
filtration
membrane

Centrifugation
with ethanol or
methanol

Transfer pellets

Microplastics
collected and
dried at 60° C

Microplastics
collected using
forceps

Visual sorting

Acid (e.g., HNO3),
Alkaline (e.g., KOH),
Oxidizing agent (e.g., H2O2),
Proteinase enzyme

Partial organism digestion

Figure 4.1 The schematics of chemical digestion and MP isolation from marine organisms (assisted by 
ultrasonication and centrifugation).
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4.3.3 Novel Extraction and Isolation

Novel extraction techniques for MP are rarely discussed in the literature except for the use of ultra-
sonication in assisting extraction. However, use of these techniques can help minimize the genera-
tion of contaminants during separation, extraction, and digestion processes. Collard et  al. (2015) 
reported the use of ultrasonication at 50 Hz for 5 minutes to remove small particles retained on a 
cellulose acetate membrane filter (5 μm porosity). Pulsed ultrasonic extraction was also employed 
successfully to remove ingested particles from the stomach of small fish – Japanese medaka, sus-
pended in ultrapure water (Ghosal et al. 2018) without using any chemicals. Using shorter bursts of 
ultrasonic energy minimizes potential physical damage to the MPs. Pressurized fluid extraction 
(PFE) using methanol at 100 °C for pre- extraction followed by dichloromethane at 180 °C was used 
to recover MPs (i.e. HDPE, PP, PVC, PS, and PET) from the waste solids (Fuller and Gautam 2016). 
The recovery rate reports are in the range of 85–100% and the whole operation was carried out in less 
than 20 minutes. PFE will likely be useful, especially with marine sediments or plankton- rich seawa-
ter after initial filtration as it can efficiently extract plastic particles (<30 μm) that are not amenable 
to isolation by floatation and other physical separation procedures. However, PFE extraction could 
potentially damage the morphology of MP particles due to the high temperature and solvent used.

Wang et  al. (2019) demonstrated the use of photocatalytic TiO2 micromotors to remove MPs 
from environmental water samples. As self- propelled and micro- scaled devices, photocatalytic 
micromotors employ H2O and light to generate H2 to propel themselves autonomously during the 
photocatalytic reactions on the particles. These micromotors could attract and remove passive MP 
particles from water (Eskandarloo et al. 2017; Jurado- Sánchez and Wang 2018). MPs are attracted 
by micromotors that induce the formation of clusters of MPs during the photochemical reactions, 
and they can be collected from water by developing assembled chains of the MP particles under an 
external magnetic field (Wang et al. 2019). Acoustic focusing using piezo elements attached to a 
microfluidic device with trifurcated microchannel can collect suspended MP particles (i.e. PS, PET, 
Nylon 6, etc.) in the microchannel by an acoustophoretic force; this acoustic focusing device was 
able to collect MP particles of 5 μm in diameter (Akiyama et al. 2020).

After MPs are extracted from the surrounding environmental matrices, they need to be charac-
terized and quantified. In recent years, because of growing scientific and public interest in the 
topic, an increasing number of methods have been proposed for their qualitative, quantitative, or 
combined analysis from marine samples. Methods development in MP analysis requires a multi-
disciplinary approach that builds upon the experience from related fields such as nanoscience, 
analytical chemistry, and materials science. In general, the analysis comprises two steps: the physi-
cal characterization of candidate particles (e.g using an optical microscope) followed by chemical 
characterization (e.g. using chromatography) for identification of plastic types (Shim et al. 2017).

4.4  Characterization and Quantification

4.4.1 Physical Characterization

4.4.1.1 Visual Identification
Visual identification is the simplest, oldest, and most straightforward strategy of MP analysis (Shaw 
and Day 1994). MPs ranging from 1 to 5 mm, large enough to be discerned by the naked eye, such 
as plastic pellets, can be easily identified visually depending on the transparency, shape, and color 
of particles. For instance, Heo et  al. (2013) quantified the abundance of small plastic debris on 
Heungnam beach, in which identification and sorting were performed solely by the naked eye (Heo 
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et al. 2013). Although widely used, the result from visual sorting is not quite reliable, because the 
accuracy and effectiveness of the approach strongly depend on the observer. In the case of marine 
samples that normally contain a high level of interfering inorganic and organic materials, the 
chance of misclassification could be significant. Even with more experienced researchers, a plastic 
material with colors close to those of natural particles or other materials such as quartz particles, 
glass pieces, small plant fragments is difficult to discern, and there is a high probability of underes-
timating or overestimating the counts without the aid of further analytical methods (Zarfl 2019).

4.4.1.2 Microscopic Observation
Identification under a light microscope is employed for smaller MPs usually < 1 mm. Magnified 
images using microscopy play an important role in characterizing ambiguous and plastic- like parti-
cles because they provide detailed surface textures and structural features of objects. However, sub- 
hundred micron- sized MPs are usually not identifiable microscopically that lead to estimation errors 
(Renner et al. 2018). The error rate of plastic- like particles using microscopic observation was usually 
more than 20%, and was as high as 70% for transparent objects which were confirmed with the fol-
lowing spectroscopic analysis (Hidalgo- Ruz et al. 2012; Shim et al. 2017; Song et al. 2015). The mis-
classification rate often increased with the decreasing particle size, and it was challenging to identify 
synthetic and natural fibers by using microscopy alone (Song et al. 2015). In addition, subjectivity 
also contributes to the large observational error. In a study of quantifying MPs of the sediment sam-
ple by counting under a microscope, Dekiff et al. (2014) showed discrepancies of 1–4 MP particles in 
the same sample when counted by three different observers (Dekiff et al. 2014). With the presence of 
much biogenic organic material, purification is usually recommended in order to discriminate 
between MPs and other fragments. In this sense, attention has to be paid to the fact that the clarity 
and color of plastics might change during extraction or purification steps, leading to an increased 
probability of misjudgments. Taken together, microscopic visual sorting strongly depends on (i) the 
experience of the observer, (ii) the quality of the magnified images, (iii) sample preparation, and (iv) 
the complexity of the sample matrix. To facilitate a proper identification, it is recommended to apply 
additional chemical analytical methods, such as spectroscopy (Löder and Gerdts 2015).

An improvement proposed for visual sorting to identify plastics from other debris involves the 
“hot needle test” that takes advantage of the thermoplastic properties of many synthetic plastics 
(Lusher et al. 2017; Silva et al. 2018a). For example, Zhang et al. (2018) introduced a simple and 
cost- saving method for the identification of MPs by comparing microscope images collected both 
before and after heating the sample for 3–5 seconds at 130 °C. Melted particles were then identified 
as thermoplastic polymers (Zhang et al. 2018). Despite being simple and fast, this approach has 
some limitations: (i) it is destructive, (ii) it cannot provide chemical information in terms of plastic 
types, (iii) it does not take into consideration that some natural substances such as wax also melt 
at certain temperatures, and (iv) it does not identify thermoset fragments. The use of polarized- 
light optical microscopy (PLOM) is a better alternative to visual sorting, particularly in complex 
biological matrices. PLOM works by placing a particle between crossed polarizers while allowing 
polarized light to transmit. Isotropic substances appear dark while anisotropic birefringent materi-
als tend to be bright. Several reports have confirmed PLOM as a viable and cost- affordable tech-
nique for rapid MP analysis (Abbasi et al. 2019; Collard et al. 2017). More recently, Sierra et al. 
(2020) demonstrated the strong identification capability of PLOM, as compared with spectroscopic 
techniques (Sierra et al. 2020). They also pointed out that PLOM identification is inclined to show 
potential false negatives (particularly non- optically active particles of PVC) and false positives 
(such as cellulose fibers) findings. Therefore, an additional spectroscopic procedure was suggested 
in the whole analytical workflow when using PLOM to confirm ambiguous findings.
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Another aid to visual sorting under the microscope is the application of a staining dye, reported 
to be useful in MP quantification (Hengstmann and Fischer 2019; Prata et al. 2019). The use of Nile 
Red, a lipophilic fluorescent dye that specifically binds to neutral lipids and synthetic polymers in 
environmental samples and makes them fluoresce under a microscope, was first proposed by 
Andrady (2010); it has since been adopted in many studies (Dowarah et  al.  2020; Karakolis 
et al. 2019). This method provides rapid staining rates and a strong fluorescence signal. Moreover, 
Nile red is well known for its higher recovery rates (>96%) for different plastic types including 
nylon, polyethylene (PE), polystyrene (PS), and polypropylene (PP) with a particle size > 500 μm 
(Maes et al. 2017). Compared to visual sorting with the naked eye, staining facilitates the identifica-
tion of some hidden MP particles buried in the complex matrix. Additionally, it can largely reduce 
misinterpretations since some mineral and organic materials (e.g. wood and algae) are weakly 
stained or not stained at all. Nevertheless, some limitations are also pointed out. Dye molecules tend 
to be desorbed from MPs due to the weak affinity of their physical adsorption on the surface. In 
addition, Nile red is unsuitable for plastic types with low hydrophobicity, such as polycarbonate and 
poly(vinyl chloride), leading to the underestimation of MPs in a mixed sample. Stanton et al. (2019) 
examined Nile red’s ability to stain a range of MP particles and common natural substances found 
in environmental samples. In their study, another fluorescent dye that almost exclusively stains 
biological substances, 4′,6- diamidino- 2- phenylindole (DAPI), was applied to assess the extent to 
which Nile red stained biological materials. Their results showed that the use of Nile red dye alone 
led to a maximum 100% overestimation of MP particles. Therefore, Stanton et al. (2019) advocated 
an urgent need for rigorous assessment of the use of Nile red to quantify MP abundance.

4.4.1.3 Electron Microscopy
Scanning electron microscopy (SEM) is commonly used for the identification of MPs from envi-
ronmental samples (Chen et al. 2020). In this technique, high- resolution images (< 0.5 nm resolu-
tion) of a surface are produced by scanning with a high- intensity beam of electrons that interact 
with atoms in the sample, generating different signals indicative of the surface topography and 
composition. High- resolution images show clear surface features that facilitate discrimination 
between MP from other organic particles. Further examination of surface features such as pits, 
fractures, and grooves allows a better understanding of the mechanical degradation process of 
MPs. For instance, the action of the wind contributes to fractures on airborne MPs (Cai et al. 2017).

The combination of SEM with energy- dispersive X- ray spectroscopy (SEM- EDS) yields informa-
tion on the elemental composition of particles making it possible to discriminate carbon- rich MPs 
from inorganic objects (Dehghani et al. 2017). Although widely used for MP analysis, SEM- EDS is 
a time- consuming and labor- intensive method with laborious sample pre- treatment. Only a lim-
ited number of samples can be analyzed in a given timeframe, making it unsuitable when a large 
number of particles need to be tested. Moreover, SEM is unable to use the color property of the 
object, leading to potential misjudgments on the identification and quantification of MPs’ abun-
dance in the marine environment.

Dehghani et al. (2017) applied the SEM- EDS to detect MP particles of various morphology (e.g. 
spherule, hexagonal, irregular polyhedron fibers), sizes, and colors. Their results suggest the pres-
ence of additives in plastic polymers or adsorbed debris with Al, Na, Ca, Mg, and Si on the MP 
surface. Although the chemical composition of representative samples can be obtained from SEM- 
EDS, visual features can be used by the operator to identify MPs in the sample again leading to 
erroneous estimates.

Winkler et al. (2019) investigated various sources of MPs found in plastic mineral water bottles 
that were exposed to mechanical stress by using SEM- EDS. While EDS facilitated elemental 
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analysis, SEM images were employed to quantify MPs’ abundance. Specifically, the area and shape 
of all particles were computed from the SEM images. Winkler et  al. (2019) confirmed that 
SEM- EDS was suitable for the detection and quantification of MP particles in filtered water based 
on the analysis of high- resolution images. They pointed out the limitations of this technique with 
different plastics that had only carbon and hydrogen in their structure.

To improve its performance, SEM- EDS can be used in conjunction with other techniques. Wang 
et  al. (2017) applied SEM- EDS combined with light microscopy to characterize MP particles 
extracted from ocean trawls and fish guts to assess their shape, size, and chemical signatures. Light 
microscopy facilitated the assessment of morphological properties and quantification of particle 
size ranges. Their results revealed that it is easy to identify chlorinated plastics, for example, PVC 
and mineral species due to their unique elemental signatures. By integrating SEM- EDS with opti-
cal microscopy, the authors found some ingested MPs by fish were degraded fragments from larger 
plastic pieces as well as some were manufactured MPs. The surface texture from high- resolution 
SEM images indicated characteristic cracks consistent with environmental exposure.

SEM- EDS is also applied as a complementary approach to spectroscopic techniques (e.g. Fourier- 
transform infrared (FTIR) spectroscopy) since it provides significant extra information useful for MP 
analysis. In a study on the release of fibers from a polyester, polyester- cotton blend, and acrylic fab-
rics, SEM was used for morphological analysis followed by micro- FTIR for identification of specific 
plastic types. Li et al. (2016) investigated MP pollution in mussels (Mytilus edulis) and initially identi-
fied a large amount of uniform transparent spheres as aluminum silicates using micro- FTIR. Yet, 
SEM- EDS images confirmed the presence of regular holes on the surface. These findings highlight 
the need to apply different complementary strategies to further valid those plastic- like particles. 
Taken together, SEM is useful for the evaluation of any modifications on the surface of MP particles, 
such as pits and cracks which provide information on plastic degradation in the marine environment.

4.4.2 Chemical Characterization

4.4.2.1 Infrared Spectroscopy
Infrared (IR) spectroscopy measures transitions between molecular vibrational energy levels in a 
measured sample by absorption of IR radiation. In general, vibrational modes observed in infrared 
spectroscopy arise from bond stretching (which is associated with a change of the bonding length) 
and bending (which involves a change of the bonding angle). An IR- active bond is a bond that 
changes its dipole during vibration. For example, C=O, O–H, N–H. Few bonds such as the C–C 
bond in symmetrical alkene and alkyne are IR inactive transitions. Plastics consist of several, often 
repeating, functional groups bound to a carbon backbone (see Chapter 2) making IR spectroscopy 
useful, particularly in MP identification. The infrared energy band is usually divided into three 
regions: near- infrared (NIR, 12 800–4000/cm), mid- infrared (MIR, 4000–200/cm), and far- infrared 
(FIR, 200–10/cm).

The broad and overlapping spectral peaks in NIR make spectral interpretation difficult though 
this radiation allows high penetration depth compared to MIR (Türker- Kaya and Huck 2017). MIR 
absorption peaks are more straightforward to assign to different functional groups due to the funda-
mental vibrations of molecular bonds. Therefore, this range produces well- resolved absorption 
bands (Bevilacqua et al. 2013) and could be more useful in polymer identification. An IR- microscope 
allows MIR to detect particles down to a diameter of a few micrometers. NIR combined with hyper-
spectral imaging (HSI) could also potentially identify and quantify plastic types due to the specific 
overtone vibrations of their C–H bonds (Workman and Weyer 2012). HSI integrates conventional 
imaging and spectroscopy to attain both spatial and spectral information from the object (Gowen 
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et al. 2007). A hyperspectral image described as I(x, y, λ) can be viewed either as a separate spatial 
image at each individual wavelength λi, or as a spectrum at each individual pixel (Xu et al. 2021), as 
illustrated in Figure 4.2. Few researchers (Karlsson et al. 2016; Serranti et al. 2018) confirmed the 
possibility of using NIR- HSI for the detection of MPs in the millimeter size range. More recently, 
Shan et  al. (2019) detected common plastics down to the size of 200 μm using this technique. 
Compared to MIR microscopy, NIR- HSI enables fast collection and less demanding sample prepara-
tion to scanning, resulting in an overall short analysis time (Shan et al. 2019), yet it is unfeasible for 
small/thin MP particles.

4.4.2.2 Mid- infrared MP Characterization
Fourier- transform mid- infrared (FT- MIR) is a common technique for MP identification (Xu 
et al. 2019), providing fast measurement, as well as a spectral profile with well- defined, character-
istic peaks for each polymer. For MP analysis, three different operating configurations: transmit-
tance, reflection, and attenuated total- reflectance (ATR), are widely used in FTIR (see Figure 4.3). 
In the transmittance mode, the IR beam passes through the sample, and transmitted energy is 
collected to produce a spectrum. Light passes completely through the sample cross- section maxi-
mizing the sensitivity. Hence, even transitions with low extinction coefficients are detectable, an 
advantage with some polymers due to the enhancement of their very low absorption rates of C–C 
and C–H vibrational mode transitions. However, where changes in bond dipole moments are 
strong during the vibrational process as in C–O vibrations, this enhancement leads to detector 
overflow effects, thereby causing opaque spectral intervals. The transparency of the test sample is 
the key to obtaining a transmittance spectrum. This mode is not suitable for colored plastics that 
absorb intensely as insufficient transmitted light reaches the detector.

Some of the aforementioned disadvantages might be reduced to some degree by using the reflec-
tance mode. The ATR mode is one of the most common configurations for MP analysis by FTIR 
spectroscopy. A reflectance spectrum is acquired when the incident beam passes back through the 
sample by a combination of diffuse reflectance from the sample surface/subsurface and transfec-
tion from an IR reflective substrate. Although reflectance spectra might produce a measurable 
signal even for thick and partly absorbing materials, the reflected signal tends to be affected by 

Image at λi

x

y

A
bs

or
ba

nc
e

Wavelength

Spectra from two pixels

λ1
λ2

λ3

λn

Figure 4.2 Schematic representation of a 
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variations caused by light scattering due to the morphology (size, shape, and refractive index) of 
the MP particle.

As seen from Figure 4.3, the IR beam travels through an ATR crystal of a high refractive index 
and interacts with the sample on the surface. Total internal reflection occurs and generates an 
evanescent wave that extends a short distance (of the order of 1 μm) beyond the surface in the form 
of waves (called evanescent waves), leading to a slightly attenuated total reflection. Because of the 
short light penetration depth in ATR configuration, it is ideal for strongly absorbing or thick sam-
ples which often produce intense peaks when measured by transmittance. In some instances, MPs 
extracted from environmental matrices are covered with biofilms as well as other contaminants. 
Accordingly, the low penetration depth of ATR can be a disadvantage because the IR beam might 
not pass through the surface layer to reach the MP. In addition, the ATR crystal should be covered 
by the analyzed particle, thereupon, particles with a size smaller than the crystal are unlikely to 
generate a desirable spectrum due to the incomplete coverage. There is also the possibility of small 
particles sticking to the crystal causing spectral aberrations. Transmission and ATR spectra of a 
plasticized PVC sample (thickness of 130 μm) collected using Nicolet iN10 MX infrared imaging 
microscope (Thermo Fisher Scientific Inc.) is shown in Figure  4.4. Further details about this 
instrument can be found in Xu and Gowen (2019). As seen in the figure, ATR- mode spectra de- 
emphasizes absorption bands with higher wavenumber (e.g. 3500–2500/cm) because the depth of 
penetration in ATR decreases with the wavenumber decreases.

Vibrational chemical imaging systems were developed to simultaneously acquire spectral and 
spatial features to allow mapping of the distribution of different chemical species throughout the 
samples. Chemical imaging of MP is commonly achieved by micro- spectroscopy, that is, integrat-
ing an optical microscope with a highly sensitive spectrophotometer. Following three strategies are 
applied to yield the chemical imaging dataset:

1) point mapping (a spectrum is collected at one position, and a further spectrum is recorded 
when it moves to the next measurement point on the grid until covering the whole defined area),

2) line imaging (a series of spectra are collected from pixels along a line before moving to the next 
spatial location), and

3) focal plane array (FPA) mapping which allows fast acquisition of several thousand spectra 
within an area through one single measurement due to several detectors placed in a grid pattern.

4.4.2.3 Data Analysis for Mid- infrared MP Characterization
For MP characterization based on FT- MIR, the first step is generally to inspect the spectral quality 
and then decide on suitable strategies for subsequent data processing. In most cases, FT- MIR spec-
tra of MPs are disturbed by physical and chemical interferences, which may potentially reduce the 
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accuracy of identification (Renner et al. 2017). Accordingly, employing data- preprocessing tech-
niques to obtain uncontaminated spectral data for subsequent processing is useful (Xu et al. 2020a). 
Spectral preprocessing eliminates the effects of unwanted signals, such as detector noise, Mie scat-
tering, calibration errors, and enhances subtle differences between different samples. Atmospheric 
water vapor and carbon dioxide are strongly absorbed in the MIR region, interfering with the 
detection of weak sample peaks. Water vapor displays a complex set of sharp molecular rotational 
bands in the regions of 4000–3400/cm and 2000–1400/cm in the FT- MIR spectrum. As a straight-
forward and practical approach, subtraction of background spectrum is widely used to compensate 
for water vapor interferences, as expressed in Equation 1

 A v A v k A v( ) ( ) ( )Corrected Original Water vapor  (1)

where k is an empirical factor that is updated iteratively. However, the correction is unable to 
remove residuals entirely because the intensity ratios of rotational bands can be easily altered by 
many complex factors such as pressure, temperature, and airflow. Other common actions to mini-
mize background interference include improving the control of atmospheric conditions or resort-
ing to frequent background calibration.

Characterization of MPs requires high- throughput analysis due to a large number of individual par-
ticles within a sample. Since the interpretation of spectral data is a complex and time- consuming pro-
cedure, multivariate analysis is sometimes adopted to provide valuable exploration information. Instead 
of focusing on individual MP, this approach considers the data structure of all samples, as well as few 
included references. The combination of spectroscopy and multivariate methods of data analysis 
allows the investigation of intrinsic relationships of samples according to their spectral similarities. A 
common method for exploratory multivariate characterization of MP is principal component analysis 
(PCA) (Avio et al. 2015; Pearson 1901). For example, ATR- FTIR spectra (spectral resolution of 8/cm 
with 160 scans) were collected from eight commonly used plastics: poly(vinyl chloride) (PVC), poly 
(tetrafluoroethylene) (PTFE), polystyrene (PS), polysulfone (PSU), polypropylene (PP), polyethylene 
(PE), poly(ethylene terephthalate) (PET), and Nylon 6/6 using Thermo Scientific Nicolet iN10  MX 
imaging system. PCA model was then developed from 49- pixel spectra of each plastic. The score plot 
of the first three PCs (explaining the total variance of 86%) is shown in Figure 4.5. Nylon 6/6 is seen far 
away from the rest of plastics, indicating its distinctive spectral features.

Different strategies might be applied to identify an unknown particle. Some researchers inter-
pret spectra manually based on characteristic peaks of the functional groups (Xu et al. 2019). The 
mean spectrum of each plastic sample from Figure 4.5 was obtained and plotted in Figure 4.6. 
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Some band areas represent common vibrations, such as CH stretching (2980–2780/cm), CO 
stretching (1760–1670/cm), and CH deformation (1480–1400/cm). This visual comparison has the 
disadvantage of being labor- intensive and subjective. It is a common practice to assign relevant 
functional bands with the aid of a reference table similar to Table 4.3.

1

0.5

0

–0.5

–1

2

1

0
PC2 (30%)

PC1 (35%)

Nylon

PVC

PS

PP

PSU

PTFE

PE

PET

P
C

3 
(2

1%
)

–1 –1
–0.5

0
0.5

1

Figure 4.5 Principal component analysis score plot of eight plastics.

4000

PET

PE

PP

PSU

PS

PTFE

PVC

Nylon

3500 3000 2500 2000

Wavenumber (cm–1)

1500 1000

Figure 4.6 ATR- FTIR spectral profiles of the commonly used plastics.



4  Collection and Characterization of Microplastics Debris in Marine Ecosystems116

Another more popular strategy is to compare and identify samples by matching their measured 
spectra with those in a polymer reference library, For example, Omnic spectral library, Nicodom 
polymers library, Sadtler Library, and Shimadzu materials library (Xu et al. 2019). Such compari-
son is usually performed using automated library searching, which is installed in most modern 
FT- MIR software (Xu et al. 2019). The procedure computes a numeric score that represents the 
similarity between the reference spectra and the unknown one. A correlation coefficient r is usu-
ally used to calculate this score (Wang et al. 2006). Although r allows estimating the level of the 
spectral similarity between the unknown and reference spectra of the database. There is no con-
sensus regarding how to determine whether or not the score value is adequate to identify an 
unknown MP sample. It is typical to assign a particle to a specific polymer with an r value > 0.80 
since the discrepancy might come from random effects such as the presence of a chemical additive 
in the plastic or the presence of spectral noise (Mecozzi et al. 2016). Still, it is not advisable to rely 
blindly on score values. Testing the researching results is strongly recommended for plausibility 
(Renner et al. 2017). It should also be noted that the discrepancy between different libraries used 
might result in incomparable results (Cai et al. 2019).

Table 4.3 The assignment for ATR- FTIR spectral features of some plastics.

Sample Spectral features (per cm) Peak/band assignment

PVC 2914, 2850
1730
1430
1330–1250

C–H stretch
C=O stretch
C–H bend
C–H stretch

PTFE 1203
1147

Symmetric CF2 bend
Asymmetric CF2 bend

PS 3000–2840
1409
1247

C–H stretch
C–C aromatic ring stretch
Asymmetric C–O–C stretch

PSU 2966
1585–1502
1238
1149

C–H stretch
Aromatic groups
Asymmetric C–O–C stretch
C–O stretch

PP 3000–2800
1456
1375

C–H stretch
C–H bend
C–H bend

PE 2916–2848
1470–1460

C–H stretch
C–H deformation

PET 3000–2840
1714
1340
1247

C–H stretch
C=O stretch
C–H2 bend
C–O stretch

Nylon 6/6 3295 N–H stretch

2935, 2862 C–H stretch

1632–1535 C=O stretch

Source: Xu et al. (2020b) and Lin et al. (2020).
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Moreover, environmental exposure often leads to polymer aging and mechanical and oxidative 
weathering of the plastic surface. Weathering- related changes in infrared spectra have been reported 
from previous research, largely in the following regions: hydroxyl groups (broad peaks ranging from 
3100 to 3700/cm, centered at 3300–3400/cm), alkenes or carbon double bonds (1600–1680/cm), and 
carbonyls (1690–1810/cm, centered at 1715/cm) (Brandon et  al.  2016; Rajakumar et  al.  2009). 
Accordingly, the aging of MP in the environment has the potential to alter the spectral features; 
therefore, it could influence the accuracy and reliability of library searching results.

4.4.2.4 NIR- HSI for MP Characterization
NIR- HSI is typically used for quality control and process monitoring, which is fast and non- destructive, 
facilitating real- time and in- line analysis. Compared to MIR, another noticeable advantage of NIR is 
the deeper penetration of light, making it suitable for particles covered with biofilms or other contami-
nants. NIR- HSI can be performed directly on the filters which are commonly used to concentrate the 
digested organismal soft tissue. Since there is no need for particle pre- sorting, this technique limits the 
risk of losing or incorrectly sorting the particles and reduces the time of analysis, costs, and procedural 
bias. Combined with chemometrics and machine learning algorithms, it is feasible to detect and 
identify MPs simultaneously from the spectral image in a short time. One of the earliest studies using 
hyperspectral imaging to detect polymers in seawater filtrates was carried out by Karlsson et al. (2016). 
In aid of multivariate analysis, this technique was effective in the determination of the spatial location 
of plastic debris on the filter and identification of plastic types. Three different wavelength ranges were 
evaluated, that is, 375–970  nm, 960–1662  nm, and 1000–2500  nm, in which short- wave infrared 
(SWIR, i.e., 1000–2500 nm) delivered the best result with 100% particle recognition on reference 
plastic. Karlsson et al. (2016) demonstrated that the near- infrared hyperspectral imaging technique 
has great potential for MP analysis down to the size of 300 μm.

Serranti et al. (2018) applied NIR- HSI to analyze marine MP litter collected by surface- trawling 
plankton nets from several parts of the world (i.e. Arctic, Mediterranean, South Atlantic, and North 
Pacific; Serranti et al. 2018). Hyperspectral images were collected in the SWIR (i.e. 1000–2500 nm) 
range. Using a combination of 2nd derivative, standard normal variate (SNV), and mean center 
(MC) algorithms, a classification model was developed adopting a partial least- squares discriminant 
analysis (PLS- DA) for the reorganization of different types of polymers constituting marine MPs. 
Their study showed that fragments ranging in the sizes of 1–5 mm were the most abundant, account-
ing for more than 70%, and PE was the most common polymer type found in the fishing line parti-
cles, followed by PP and PS. More recently, Zhu et  al. (2020) conducted a series of laboratory 
assessments based on near- infrared hyperspectral imaging for the identification of MPs enriched 
on  filter substrates. They realized that different plastic types display distinct spectral features at 
1150–1250 nm, 1350–1450 nm, and 1600–1700 nm, allowing the use of automatic recognition using 
spectral angle mapper (SAM) classification (Zhu et al. 2020). Their results confirmed the suitability 
of using HSI for the detection of three types of MP particles: polyethylene, polypropylene, and 
polystyrene, down to 100 μm in diameter. They further pointed out that a gold- coated polycarbonate 
filter showed constant reflectance over 900–1700 nm and a large radiative contrast against loaded 
plastic particles. Glass fiber filters might also serve as suitable substrates due to their low cost and 
commercial availability.

4.4.2.5 Raman Microscopy
Raman microscopy (RM) probes molecular vibrations within the MP which can be used for iden-
tification of the polymer type and is thus recognized as a well- suited method for MP characteriza-
tion. In principle, both infrared and Raman spectroscopy monitor the interaction of radiation with 



4  Collection and Characterization of Microplastics Debris in Marine Ecosystems118

molecular vibrations but differ in the manner how the photon energy is transferred to the molecule 
to change its vibrational state (Xu et al. 2019). The polymer sample is illuminated with a mono-
chromatic laser light source, and the inelastically scattered light from the sample is collected. 
Raman microscopy (RM) that couples a Raman spectrometer to an optical microscope, allows the 
collection of spectra from a two- dimensional area at high magnification, expanding its utility for 
MPs investigation. For example, confocal Raman microscopy has been utilized to produce 3D 
images of MPs inside living organisms including zooplankton and crab (Ribeiro- Claro et al. 2017). 
In addition, Raman spectroscopy can be combined with atomic force microscopy (Raman- AFM) to 
facilitate nanoscale imaging.

Raman spectra of PE and PTFE were collected using an InVia Micro- Raman spectroscopy sys-
tem (Renishaw, Wotton- under- Edge, Gloucestershire, UK) under 10× objective with a 785 nm exci-
tation laser and 1s exposure time at 100% output power. As demonstrated in Figure  4.7, each 
Raman spectrum features a series of peaks, showing the scattering intensity on the y- axis and the 
Raman shift on the x- axis. Each peak corresponds to a specific molecular bond vibration, including 
individual bonds such as C–C, C=C, N–O, and C–H. Accordingly, Raman spectra of PE and PTFE 
are distinctive due to their different chemical structures.

Compared to infrared spectroscopy, the advantages of RM include its high spatial resolution 
and low sensitivity to water. Theoretically, it is possible to detect particles up to 1 μm size using 
the technique. Nevertheless, there are not many reports on the identification of MP particles by 
RM due to demanding sample preparation procedures (e.g. separation and purification) and 
longer measurement time. RM is less disturbed by water signals, yet the interference of fluores-
cence is one of the biggest drawbacks, which hampers MP identification. In this sense, some 
level of preparation (e.g. density separation and purification) is recommended. Pigments or 
additives, which enable to provide some insight into the composition and possible origin of 
particles, are normally characterized with strong fluorescence which might mask the spectral 
features of the polymer.
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Figure 4.7 Raman spectra of polyethylene and poly(tetrafluoroethylene) plastic films obtained from a 
785 nm excitation laser.



4.4  Characterization and  Qantification 119

4.4.2.6 Chromatography
Chromatographic methods allow qualitative and quantitative identification of individual polymer 
types. Gel permeation chromatography (GPC) is widely used to measure the molecular weight distri-
bution of MPs, including the high- temperature GPC used with polyolefins that do not dissolve in 
solvents at ambient temperature. With plastics such as PS soluble at ambient temperatures in chlo-
rinated solvents, GPC is used popularly to assess the average molecular weights (Ceccarini et al. 2018). 
Promising results were also demonstrated by using pyrolysis gas chromatography- mass spectrometry 
(Pyr GC- MS), now recognized as a sensitive and well- established method for the mass quantification 
of polymer types together with their organic additives (Hendrickson et al. 2018; Möller et al. 2020). 
For Pyr GC- MS analysis, a sample is heated in the absence of oxygen and the evolved volatile pyroly-
sis products are analyzed using GC- MS. A cold injection system is used to trap the released gaseous 
compounds subsequently transported to a GC column often in combination with a mass spectrome-
ter. Generally, elucidation of specific polymer pyrolysis products is known and the acquired spectra 
of the pyrolysis products of unknown MPS are compared to a database of products of known com-
mon plastic types. Pyr GC- MS provides information on organic plastic additives (OPAs), which might 
be toxic as well (Fries et al. 2013). However, this method has several drawbacks. The size of the 
pyrolysis capsule can accommodate only if very small amount per run is exceedingly small, 1.5 mm 
(Fries et al. 2013) and 0.5 mg (Eisentraut et al. 2018), respectively. In addition, MPs have to be manu-
ally placed into the pyrolysis tube, resulting in the analysis of one particle per run taking approxi-
mately 70 minutes, making it rather unsuitable for bulk analysis. Moreover, the MPs need to be large 
enough to be placed into the tube by tweezer, ruling out the use of small- sized MPs with this tech-
nique. No information on the morphology of the plastics can be obtained using this method. 
Additionally, it is prone to contaminations or even blockages.

More recently, thermal extraction desorption gas chromatography- mass spectrometry (TED- 
GC- MS) has been proposed to overcome some of the shortcomings of Pyr GC- MS. Higher sample 
volumes (0.5–100 mg) are used with this technique and account for its higher sensitivity. But the 
method requires limited pretreatment of the sample other than grinding and mixing to homogenize 
them. Although measurement time per sample is long (approximately 2.5 hours), a higher through-
put might be achieved through full process automatization. Eisentraut et al. (2018) confirmed the 
suitability of using TED- GC- MS for the identification of microplastic types derived from tire wear 
in environmental samples. However, like pyrolysis GC, TED- GC- MS is also a destructive approach, 
and it does not provide sufficient information on the shape and size of MP particles, which could be 
crucial in the context of assessing the effects of MP on organisms and eco- systems. The bioavailabil-
ity of MP particles is linked to their size and shape in the ecosystem (de Souza Machado et al. 2018).

4.4.2.7 Thermogravimetric Analysis
Another thermal analysis method used with MPs is thermogravimetry using differential scanning 
calorimetry (TGA- DSC; Majewsky et al. 2016). The principle behind TGA- DSC is the change of 
heat capacity during the phase transition of a polymer. It is popular because the technique is widely 
available, low cost, and straightforward to use. In differential scanning calorimetry (DSC) analysis, 
the sample MP is heated at a well- defined heating rate (Majewsky et al. 2016). During such tem-
perature change, DSC calculates the heat flow difference between the sample and the reference 
material. Majewsky et  al. (2016) considered TGA- DSC as a potential detection method for the 
determination of polyethylene (PE) and polypropylene (PP). Nevertheless, few polymers such as 
PVC, polyamide (PA) could not be recognized due to overlapping phase transition signals. DSC is 
an especially useful tool for assessing the degree of crystallinity of polymeric material (Rodríguez 
et al.  2018). However, reference materials are necessary for the identification of polymer types 
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since each plastic product has different DSC characteristics (Huppertsberg and Knepper 2018). In 
addition, transition temperatures are affected by production parameters including additives, 
impurities, and branching of polymer chains.

4.4.3 Analytical Quality Assurance

During sampling, pre- treatment, and characterization, there is a high risk of contamination of the 
samples due to the ubiquity of synthetic polymers. For instance, environmental samples tend to be 
contaminated by the abraded particles from plastic equipment or airborne polymer fibers (Löder 
and Gerdts 2015). Special attention needs to be paid to sample collection and storage to avoid con-
tamination. Instead, plastic glass containers should be used for sample storage. The laboratory 
control sample (LCS) or validation trials should always be included as an integral part of the ana-
lytical process. A field blank should be prepared and treated to the same procedures as the actual 
samples to assess any ambient contamination (Möller et al. 2020). If contamination does occur, it 
is important to determine whether the laboratory environment can be controlled more easily com-
pared to collection/storage functions in the field. Without further validation studies and blanks, it 
is not possible to decide if the employed method was reliable, trustworthy, and valid. However, 
quality assurance/quality control has not been well recognized in past MP research. Möller et al. 
(2020) reported that even the reported validation of processing and interlaboratory comparisons of 
protocols are lacking in quality. They further pointed out the lack of regular internal quality 
control and external proficiency tests.

4.5  Summary and Outlook

The advantages and limitations of each technique in MP analysis, as discussed in this chapter are 
summarized in Table 4.4. Physical (e.g. size and color) and chemical (e.g. molecular structure) 
features are the two key characteristics of interest. Microscopy is a straightforward tool for the col-
lection of physical characteristics of MPs, and it is especially well suited for large particles. For 
small particles with the size of < 1 mm, microscopic analysis in combination with chemical analy-
sis such as vibrational spectroscopic or thermal analysis is generally suggested. Currently, infrared 
spectroscopy remains the routine method for the identification of the polymer type of MPs in 
environmental samples, due to the ease of handling and relatively short analytical time. When the 
size of the MP particle is <20 μm, Raman microscopy should be employed. Automated mapping 
spectroscopy (e.g. FPA- FTIR) is better suited for laboratory samples of known polymer types. 
Nevertheless, as Xu et  al. (2019) points out several unavoidable obstacles persist in automated 
mapping spectroscopy (Xu et al. 2019). For instance, the reliability of library matching software in 
the automated routine is questionable as the likelihood of successful matching greatly depends on 
the comprehensiveness of the spectral library as well as the robustness of the matching algorithm. 
FPA- based FTIR imaging allows fast acquisition; however, the analysis time is quite high (10.75 
hours for a filter size of 11 mm diameter (Löder et al. 2015). Chromatographic and thermogravi-
metric analyses are less commonly used for MP analysis and are time- consuming, labor- intensive, 
destructive, unsuitable for small particles, and unable to provide information on the shape or size 
of the MP. Overall, techniques for MP analysis can be characterized by trade- offs in precision (in 
resolution, polymer type identification, and quantification) and the time required to conduct the 
measurement, as displayed in Figure 4.8.

Several challenges make the collection and characterization of MPs from the complex marine 
environmental matrices complicated. The need to develop representative sampling designs is 
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crucial for accurately estimating the abundance of MPs at a given location. From a methodological 
point of view, estimations of abundance based on several limited samples do not reliably obtain 
that of the entire area being studied because of the high level of heterogeneity. Therefore selecting 
appropriate sampling strategies and locations to reliably represent the plastic contamination in a 
dynamic marine setting such as a beach is undoubtedly challenging (Löder and Gerdts  2015). 
Another challenge is that in aqueous environments the abundance changes temporally; the sam-
ple abundance only presents that at the time of sampling. There is also the possibility of changes 

Table 4.4 Advantages and limitations of the commonly used MP identification methods.

Techniques Advantages Limitations

Visual 
identification

 ● Simple, easy, fast
 ● Cost- effective
 ● Size, color and shape of particles 

can be detected easily

 ● Large errors due to subjectivity of 
the examiner

 ● No chemical information
 ● Time- consuming
 ● Size limitation

Microscopic 
observation

 ● Simple, easy
 ● Cost- effective
 ● Size, color, and shape of particles 

can be detected easily

 ● Time- consuming
 ● No chemical information
 ● Large errors due to the 

subjectivity of the examiner

Electron 
microscopy

 ● High- resolution (<0.5 nm 
resolution)

 ● Surface textures of MP particles
 ● Chemical composition of samples 

can be identified by SEM- EDS

 ● Time and effort consuming
 ● Sample needs to be well prepared
 ● Expensive instrument

Infrared 
microscopy

 ● Reliable and nondestructive 
methods (except ATR- FTIR)

 ● Smaller particles down to 20 μm 
can be analyzed by micro- FTIR

 ● FPA- FTIR can identify several 
thousand particles through one 
single measurement

 ● Automatic mapping (FPA- FTIR)

 ● Size limitation
 ● Expensive instrument
 ● Require experienced operators
 ● Sample pre- treatments needed
 ● Sensitivity to water

Raman 
microscopy

 ● Can detect with the size 1 μm
 ● Reliable method.
 ● Insensitivity to water
 ● Nondestructive analysis
 ● Non- contact analysis

 ● Fluorescence distortion
 ● Expensive equipment
 ● Sample pre- treatments needed
 ● Time- consuming and sometime is 

destructive

Pyr GC- MS  ● Polymer types and additives can be 
analyzed in one run

 ● Shape, size, and color of the 
samples does not affect result

 ● Reliable

 ● Time- consuming and destructive.
 ● Morphological characterization is 

unavailable
 ● Suitable for samples with sizes 

>100 mm

TED- GC- MS  ● Faster than Pyr GC- MS
 ● Higher sensitivity
 ● Limited sample pretreatment

 ● Destructive
 ● Lacks information on shape, size, 

and number of MP particles

Differential 
scanning 
calorimetry

 ● Cheap instrument
 ● Easy

 ● Lacks information on shape, size, 
and number of MP particles

 ● Destructive
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suffered by the MP samples during preparation, chemical weathering, natural aging, and biochem-
ical processes, which all have the potential to modify plastic features. Previous reports demon-
strated that ultraviolet radiation, thermal oxidation, and humidity could alter the chemical 
structure of MP through oxidation reactions (see Chapter 8). A general challenge in abundance 
studies is the lack of a low- cost, high throughput technique to identify enumeration of MPs, allow-
ing a larger number of samples to be processed quickly.

Size fractionation using sieves or filters with different pore sizes should be included prior to chemi-
cal analysis, as suggested by Uurasjärvi et al. (2020) who advised the reporting of particle sizes, num-
bers, and masses per sample in future studies (Uurasjärvi et al. 2020). The standardized application 
of size fractionation would facilitate better comparisons between different studies. Given a large 
amount of biological matter (e.g. fish gut contents, tissue, and suspended organic matter) typically 
encountered in marine environmental samples, and effective rapid digestion procedure is also 
needed. Additionally, Xu et al. (2020b) recommended the calculation of MP to the non- MP ratio for 
each sample; this ratio is useful for the comparison of different preparation protocols. This ratio is 
also beneficial to enhance toxicological research (Anger et al. 2018). Finally, reporting MP prevalence 
in a sample based on solely the number of particles per unit area or volume is not comprehensive 
since the size of particles and the relative sample size are also important. Therefore size distributions 
for each polymer category should be included for consistency and comparability.

4.6  Conclusions

Over all, an accurate and effective MP particle characterization underpins the basic understanding 
of the spatial and temporal prevalence of plastic contamination in the marine environment. It 
informs policy and plays an important role in influencing both industry and public opinions. 
However, the diversity of MPs that persist in the marine environment poses sampling and analytical 
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Figure 4.8 Comparison of some commonly used techniques in terms of precision (i.e. degrees of detail) 
and time required for data acquisition and analysis. Note: The relative location of each technique is 
estimated from the literature data (Elert et al. 2017; Silva et al. 2018b; Zarfl 2019).
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challenges to achieve reliable quantification. This requires more improvement of existing analytical 
methods and the development of novel methodologies to reduce the time and effort in analysis 
without compromising accuracy and reliability. It is anticipated that fully or semi- automated 
analytical methods that integrate image and spectral analysis methods to capture the physical 
characteristics and chemical analysis offer a future direction for MP characterization.
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5.1  Introduction

Over the last seven decades, since the mass production of plastic commenced, the quantities of 
mismanaged waste entering the environment have continued to increase (Borrelle et al. 2020), in 
line with global plastic consumption (Geyer et al. 2017; PlasticsEurope 2019). Since the 1950s, the 
total emissions of buoyant plastics into the marine environment is estimated to have amounted to 
tens of millions of metric tons (Geyer et al. 2017; Jambeck et al. 2015). The vast majority of plastics 
entering the marine environment originates from land- based sources and therefore enters the ocean 
at its surface, where they either sink or float depending on their density. Approximately two- third 
of the plastics produced annually consist of polymers with a density similar to, or lower than sea-
water (Geyer et al. 2017) and consequently float at the surface of the ocean where their transport 
is influenced by ocean currents, waves, and wind (Lebreton et al. 2012; van Sebille et al. 2020).

Extensive monitoring efforts of plastics within surface waters has yielded a reasonable global 
coverage (reviewed in Burns and Boxall (2018)) and furthered the understanding of quantities of 
plastics afloat in the ocean (Barrows et al. 2018; Suaria et al. 2020; van Sebille et al. 2015b). Yet 
empirical studies report up to 100 times less plastic afloat at the ocean surface than is expected (Cozar 
et  al.  2014; Eriksen et  al.  2014), with a conspicuous lack of microplastics <1  mm in diameter. 
Furthermore, while some multidecadal analyses indicate increasing trends in floating plastics as one 
might expect from increasing emissions into the ocean (Goldstein et al. 2012; Thompson et al. 2004), 
such trends are noticeably absent from other investigations (Beer et al. 2018; Law et al. 2010). The 
discrepancies between observational data and the estimated inputs (Geyer et  al.  2017; Jambeck 
et al. 2015) have prompted several scientific papers to pose the question, “where is the missing 
plastic?” (Cozar et al. 2014; Thompson et al. 2004).

A number of hypotheses were proposed to explain the lower than expected quantities of (micro)
plastics in surface waters (summarized in Andrady  2017; Kane and Clare  2019). These include (i) 
incomplete observations leading to under- reported quantities of plastics present in the oceans, (ii) the 
degradation of plastics into minute fragments below size detection limits, (iii) stranding of debris on 
coastlines, (iv) ingestion of microplastics by marine species, or (v) the settlement of plastics to the 
seafloor. As research focussed on understanding where these “missing plastics” are located has intensi-
fied, it has motivated investigation into the fate of microplastics beyond surface waters.
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While far from sight, the deep sea is of global importance and constitutes the largest habitat on Earth. 
The deep ocean not only supports some of the highest levels of biodiversity (Ramirez- Llodra et al. 2010; 
Serpetti et al. 2013; Snelgrove and Smith 2002) but also is a major sink of dissolved greenhouses gas, 
methane oxidation, nutrient regeneration, and valuable resources such as mineral deposits and energy 
reserves (Thurber et al. 2014). While localized activities such as trawling and seabed mining, as well as 
events such as oil spills, have exerted pressures on the deep- ocean environment, the sheer size and 
inaccessibility of the deep ocean have broadly limited direct anthropogenic impacts.

Easily dispersed pollutants, such as microplastics, have the ability to permeate throughout the 
ocean. Studies have documented the widespread presence of plastics within the deep sea (Bergmann 
et al. 2017; Courtene- Jones et al. 2017; Jamieson et al. 2019; Kanhai et al. 2018; Woodall et al. 2014), 
and it is considered that much of the aforementioned “lost” 99% of ocean plastics may have sunk away 
from the surface toward the ocean depths (Egger et al. 2020). Recent evidence suggests that microplas-
tics may rapidly reach the seabed and have been present for a number of decades (Courtene- Jones 
et al. 2019, 2020; Martin et al. 2017). While microplastics research has increased within this realm, the 
majority of studies have focused on deep- sea sediments, and by comparison, there is a paucity of 
knowledge regarding microplastics within the deep- water column. Yet such investigation is vital to 
elucidate the distribution and dynamic behavior of microplastics, which in turn will influence the 
associated ecological risks.

5.2  Sampling Methods

Based on sampling techniques, the collection of microplastic samples in the subsurface water 
could be universally ascribed into three protocols: (i) bulk water sampling (Bagaev et  al. 2017, 
2018; Cordova et al. 2018; Dai et al. 2018; Di Mauro et al. 2017; Ding et al. 2019; Kanhai et al. 2018; 
Peng et al. 2018; Uurasjärvi et al. 2021), (ii) net sampling (Castillo et al. 2020; Lattin et al. 2004; 
Lenaker et al. 2019), and (iii) submersible pumps/in situ filtration devices (Choy et al. 2019; Liu 
et al. 2019; Song et al. 2018; Zobkov et al. 2019). The aforementioned sampling methods could be 
applied to some aquatic environments, each with their own advantages but have led to difficulty 
when trying to make regional comparison. For the bulk collection, this sampling technique usually 
enables fast collection of water samples at specific depth, which greatly contributes to lower vol-
ume sampling of microplastics research. Sampling instruments include a plexiglass water sampler 
(Ding et al. 2019) (Figure 5.1c), a Rosette sampler system (CTD sampler) (Bagaev et al. 2017, 2018; 
Cordova et al. 2018; Dai et al. 2018; Di Mauro et al. 2017; Kanhai et al. 2018) (Figure 5.1b), and a 
lander system equipped with Niskin bottles (Peng et al. 2018) (Figure 5.1g). Especially for micro-
plastics sampling in deep- ocean water, a CTD sampler has been applied in some regions of North 
Atlantic Ocean (Courtene- Jones et al. 2017), Arctic Ocean (Kanhai et al. 2018), Pacific Ocean (Dai 
et al. 2018), Indian Ocean (Cordova and Hernawan 2018), and Baltic Sea (Bagaev et al. 2017). In 
addition, suspended microplastics in the water column could also be sampled using vertical or 
oblique trawls. The collection of microplastics samples was primarily performed using plankton 
trawls (Baini et al. 2018; Di Mauro et al. 2017; Doyle et al. 2011; Goldstein et al. 2013; Gorokhova 
2015; Güven et al. 2017; Lefebvre et al. 2019; Oztekin et al. 2015; Rowley et al. 2020) (Figure 5.1e), 
multinet trawls (Kooi et al. 2016; Reisser et al. 2015) (Figure 5.1f), and multiple opening and clos-
ing nets (Egger et al. 2020). Other sampling instruments to collect microplastics in the water col-
umn include submerged pumps (Ng and Obbard 2006; Song et  al. 2019; Zobkov et  al.  2019) 
(Figure  5.1d), sediment traps (Ballent et  al. 2016; Reineccius et  al. 2020), and in situ filtration 
devices (Choy et al. 2019; Li et al. 2020; Liu et al. 2019; Tekman et al. 2020) (Figure 5.1h). In par-
ticular in situ filtration instruments allow large water volumes to be sampled, which could be an 
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efficient and promising technique for future work, considering the heterogeneous distribution of 
microplastics. In addition, an underway water intake system was also used to collect subsurface 
seawaters at a constant and single depth (Lusher et al. 2015; Ryan et al. 2020).

5.3  Spatial Patterns of MPs in Water Columns

5.3.1 Global Mapping of microplastic Research in the Deep Ocean

Despite the water column representing the largest ecosystem on Earth, relatively few studies have 
examined plastic pollution within this oceanic realm when compared to surface water. It was not 
until 2013 that the first study documented the presence of microplastics in deep-sea sediment 
(Van Cauwenberghe et al. 2013), and subsequent research has tended to focus on plastic debris on 
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Figure 5.1 Geolocation of sampled water columns for MPs research (a). Sampling device used for collecting 
MPs in the water column (b: CTD sampler; c: plexiglass water sampler; d: submersible pump; e: plankton net; f: 
multinet trawls; g: lander system; h: plankton pump; i: remotely operated vehicle (ROV)). Source: Liu et al. (2020).
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the ocean floor (Bergmann et  al.  2017; Courtene- Jones et  al.  2020; Fischer et  al. 2015; Kane 
et al. 2020; Peng et al. 2018; Woodall et al. 2014) rather than within the water column.

Over recent years, this body of research is growing, providing evidence of the pathways by 
which neustonic microplastics may sink to the ocean interior. There have been some measure-
ments in Santa Monica Bay (Lattin et al. 2004), the Rockall Tough (Courtene-Jones et al. 2017), the 
Arctic Basin (Kanhai et al. 2018; Tekman et al. 2020), the Gulf of Lions, the Mediterranean Sea 
(Lefebvre et al. 2019), and the West Pacific and East Indian Oceans (Li et al. 2020) (Figure 5.1a; 
Table 5.1). The vertical distribution of microplastics have been shown to vary greatly between 
geographic regions and also within a particular area. For instance, Kanhai et al. (2018) sampled 
the microplastics at different locations (50–4,369 m depth) in the Arctic Basin using a CTD sam-
pler, and report an abundance of microplastics 0-375 microplastics/m3. However, an approximate 
order of higher content (0–1287 n/m3) was detected around HAUSGARTEN observatory (1–5350 m) 
also located within the Arctic (Tekman et al. 2020). This difference could possibly result from the 
sampling and analysis techniques, hydraulic conditions between the locations and the physical–
chemical properties of microplastics (Khatmullina and Isachenko 2017). Further research 
also indicated the depth-dependent profiles of microplastics in the water, where an exponential 
decrease of microplastics abundance or size with depth has been observed, especially in the 
pelagic zone (Kooi et al. 2016; Li et al. 2020; Reisser et al. 2015). However, some research has indi-
cated no significant relationship between microplastics abundance and sampling depth, and more 
abundant plastic microdebris was observed both in upper mixed water and deep water (Kanhai et 
al. 2018; Uurasjärvi et al. 2021). This vertical profile may be linked to the structure of water masses, 
and pycnocline (halocline and thermocline) which may hinder the deposition of microplastics 
into deeper water masses. As such a considerable number of microplastics may be stored within 
this layer, meriting further evaluation.

5.3.2 Modeling and Transport Simulations

Modelling the transport of microplastics in the subsurface water could be of great importance to 
decipher the ultimate sink and further assess potential ecological effects of microplastics. Currently, 
knowledge regarding the transport of microplastics in subsurface waters is limited. In addition to 
ocean currents (van sebille et al 2020), a number of biological processes, including biofouling 
(Katija et al. 2017; Kooi et al. 2017) can influence the vertical distribution of plastics. The contribu-
tion of these biological parameters to the vertical transport of plastics are not well quantified (dis-
cussed further in Section 5.4), and thus adds uncertainty when attempting to model or implement 
computational transport simulations in the water column. However recently some studies have 
used three-dimensional (3D) computational models to investigate transport pathways. Tekman et 
al. (2020) used a 3D backward particle tracking model (Lagrangian particle tracking algorithm) 
coupled with empirical data, to examine microplastic sources and transport pathways in the Fram 
Strait. They indicated that due to the localised water dynamics and the sinking velocity of micro-
plastics, particles may recirculate and be transported horizontally via lateral advection over 
considerable distances. Downward displacement of microplastics due to biofouling processes were 
modeled by Kooi et al. (2017). The model explored the vertical movement of microplastics in rela-
tion to the photoperiod, water density, temperature, salinity and viscosity of the surrounding water. 
The simulations indicated cyclical behaviour of microplastics, where biofouling caused them to 
settle, whereupon the removal of biofouling due to grazing for example, caused the particles to rise 
again. This behaviour was also found to be influenced by differences between the density of the 
seawater and the plastic particle, suggesting that the microplastics size and density are important 
factors in addition to fouling processes. 



Table 5.1 Summary of published studies quantifying microplastic pollution in subsurface waters.

Location
Water 
depth (m)

Method of sample 
collection

Filter aperture (μm) 
(lowest limit) Microplastic (MP) concentration Reference

Atlantic Ocean

Santa Monica Bay, USA 0–30 Multinet system (manta 
trawl, bongo net, and 
epibenthic sled)

333 3.92 MP/m3 Lattin et al. (2004)

Southern California 0–212 Bongo net (vertical 
trawl)

505 0–0.0248 MP/m3 Doyle et al. (2011)

North Atlantic Gyre 5, 10, 
and 20

Multinet trawl Not stated Observations confirmed presence in 
81% of trawls

Kukulka et al. (2012)

North Atlantic Gyre 0–5 Multinet trawls 150 Median: 1.69 MP/m3 Reisser et al. (2015)

Atlantic Ocean 3 Vessel underway system 10 13–501 MP/m3 Enders et al. (2015)

Rockall Tough, North 
Atlantic Ocean

2227 NISKIN bottles on a 
CTD sampler

80 66.7–70.8 MP/m3 Courtene- Jones et al. 
(2017)

Northern Gulf of Mexico 0–15 Bongo net and oblique 
tow

335 6.0 ± 1.0 MP/m3 Di Mauro et al. (2017)

Subtropical North 
Atlantic

2000–3000 Sediment traps 0.4 18–3039 fibers*/g1 of flux mass
*Only fibers were counted.

Reineccius et al. 
(2020)

Atlantic Ocean 5 Vessel underway system 20, 50, and 63 0.5 ± 0.49 fibers/L1 (mean, SD)
Corrected to account for variable filter 
aperture size

Suaria et al. (2020)

Atlantic Ocean 10–270 In situ stand- alone 
pumps

55 1602 ± 1551 PE/m3; 180 ± 822 PP/m3; 
180 ± 439 PS/m3 (mean ± SD) only 
PE, PP, and PS particles quantified

Pabortsava and 
Lampitt (2020)

Arctic Ocean

Barents Sea, Norway 6 Vessel underway system 250 0–11.5 MP/m3 (av. 2.68 ± 2.95 SD) Lusher et al. (2015)

Arctic Ocean 1001 –4369 NISKIN bottles on a 
CTD sampler

1.2 0–104 MP/m3 Kanhai et al. (2018)

Arctic Ocean 1–5350 Pump system 32 0–1287 MP/m3 Tekman et al. (2020)

(Continued)
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Table 5.1 (Continued)

Location
Water 
depth (m)

Method of sample 
collection

Filter aperture (μm) 
(lowest limit) Microplastic (MP) concentration Reference

Pacific Ocean

Mariana Trench, Pacific 
Ocean

2500–11000 CTD sampler 0.2–1.2 2.06–13.51 MP/L1 Peng et al. (2018)

Bohai Sea, Northwest 
Pacific Ocean

0–30 CTD sampler 5 0.2–23 MP/L1

(av. 4.4 ± 5.0 SD)
Dai et al. (2018)

Monterey Bay, Pacific 
Ocean

5–1000 In situ filtration attached 
to ROV

100 2.9–15 MP/L1 Choy et al. (2019)

North Pacific Gyre 0–2000 Multiple opening and 
closing net with an 
environmental sensing 
system

500 0.0004–0.352 MP/m3 Egger et al. (2020)

South Korea coastal 
waters

3–58 Pump 20 10–2200 MP/m3 (av. 412 ± 391.6) Song et al. (2018)

Korean coastal waters 3–58 Submersible pump 20 180 ± 106 to 4064 ± 1075 MP/m3 Song et al. (2018)

China Sea 4 In situ filtration device 60 0.13 to 5 MP/m3,
(av. 1.02 ± 1.19 SD. MP/m3)

Liu et al. (2019)

South China Sea 10–40 NISKIN bottles on a 
CTD sampler

0.45 0.2–11.2 MP/L1 Ding et al. (2019)

West Pacific Ocean 2–200
200–500
1000
2000–4000

In situ pump 60 1.20 ± 0.57 MP/m3

0.88 ± 0.45 MP/m3

0.84 ± 0.52 MP/m3

0.43 ± 0.22 MP/m3

Li et al. (2020)

Indian Ocean

Sumba, eastern 
Indonesia

5–300 Rosette water sampler 0.45 44 ± 24.59 MP/m3 Cordova and 
Hernawan (2018)

East Indian Ocean 2–200
500
1000

In situ pump 60 1.37 ± 0.58 MP/m3

1.27 ± 0.38 MP/m3

1.28 ± 0.58 MP/m3

Li et al. (2020)
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Southern Ocean

Southern Ocean 5 Vessel underway system 20, 50, and 63 2.03 ± 4.66 fibers/L1 (mean, SD)
Corrected to account for variable filter 
aperture size

Suaria et al. (2020)

Mediterranean Sea

Turkish coastal water. 
Mediterranean Sea

0–55 WP2 zooplankton 
sampling net
Manta trawl

200
 
335

16 339–520 213 MP/km2 Guven et al. (2017)

Tuscany coastal waters, 
Mediterranean Sea

0– 100 Plankton net – vertical 
trawl

200 0.16 ± 0.47 MP/m3 Baini et al. (2018)

Gulf of Lions, 
Mediterranean Sea

0– 100 Plankton net – vertical 
trawl

200 0.23 ± 0.20 MP/m3 Lefebvre et al. (2019)

Baltic sea

Baltic Sea, Sweden 0–100 Plankton net – vertical 
trawl

90 102–104 MP/m3 Gorokhova (2015)

Baltic Sea 0.5–217.5 NISKIN bottles on a 
CTD sampler

174 0–2.6 fibers*/L1

*Only fibers were counted
Bagaev et al. (2017)

Baltic Sea 1–217 NISKIN bottle 174 0.092 ± 0123 to 0.933 ± 0.844 MP/L1

(av. 0.400 ± 0.576/L1)
Bagaev et al. (2018)

Baltic Sea 0–106 In situ filtration: “PLEX” 
custom built system.

174 11.1–79.1 MP/m3

(av. 32.2 ± 50.4)
Zobkov et al. (2019)

Baltic Sea Vertical 
tows 
ranging 
between 75 
and 10 m

WP2 trawl net 100 0.92 ± 0.61 MP/m3 Uurasjarvi et al. (2020)

Baltic Sea 14–98 Jussi sampler 50 0.44 ± 0.52 MP/m3 Uurasjarvi et al. (2020)
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5.4  The Export of Microplastics from the Surface Water  
to the Deep Sea

To date, there have been thousands of polymers synthesized, varying in their chemical composition 
and density (Andrady 2011). Understanding the processes involved in vertical transport can be chal-
lenging, since the physical characteristics (e.g., density, size, shape) of microplastics vary widely. 
Further, the export of microplastics from surface waters can be modified by interactions with biotic 
and abiotic factors. As such, microplastics should be thought of as dynamic, rather than having 
fixed parameters.

Factors influencing the export of microplastics:

i) Intrinsic properties of the microplastic, such as its size, shape/surface area (fragment, pellet, 
film, and fiber), and the density of the polymeric material (Ballent et  al.  2013; Kowalski 
et al. 2016). These properties are modified by the addition of additives incorporated into the 
plastic during manufacture or adsorbed from the environment (Turner and Filella 2020).

ii) Biotic factors include the mass of biofilm on the surface of the microplastic (Rummel 
et al. 2017), the entrainment with natural marine particles, e.g., marine snow (Long et al. 2015; 
Porter et al. 2018; Summers et al. 2018), and incorporation into fecal pellets following con-
sumption and subsequent egestion (Cole et al. 2016; Coppock et al. 2019).

iii) Abiotic factors such as oceanographic processes, for example turbulent mixing and the sea-
water density profile.

There are a lack of studies, and in particular field- based assessments, considering the sedimenta-
tion of microplastics, which limits detailed investigation of transport processes. The majority of 
studies, which have been conducted, have considered the effect of each of the aforementioned 
transport mechanisms separately. However, in reality, these processes do not act in isolation, and 
the fate, settling behavior, and residence times of microplastics in the water column will be influ-
enced by complex interactions between the numerous factors (i–iii) listed above. This is empha-
sized through observational studies, which have documented the absence of clear vertical 
distribution patterns of polymer types within deep water (Peng et al. 2018; Tekman et al. 2020). 
Broadly, the processes discussed below (Sections  5.4.1–5.4.5) can act on an ocean- wide scale, 
potentially leading to the modification of microplastic sinking rates of up to hundreds of meters 
per day (Enders et al. 2015; Kooi et al. 2017) and thus having the potential to accelerate the removal 
of microplastics from the sea surface. Numerous studies have now documented both positively and 
negatively buoyant polymers within the deep- sea ecosystem (Bergmann et  al.  2017; Choy 
et al. 2019; Courtene- Jones et al. 2017, 2020; Tekman et al. 2020), indicating that export processes 
play an important, yet not fully understood, role in the redistribution of plastics through the ocean 
interior.

5.4.1 Intrinsic Properties of the Plastic Particle

The physical properties of microplastic particles, such as their density, size, and geometric shape, 
define their behavior in the ocean. Virgin resins of plastics range in density from ~0.8 to 1.4 g/cm3 
(Andrady 2011) and can be modified considerably depending on the manufacturing processes and 
chemical additives. Most often the sinking of plastics has been linked to the inherent density of a 
particle, with those plastics with a density close to or less than seawater, such as polyethylene, poly-
propylene, and polystyrene, displaying a positive buoyancy; while those with densities greater than 
the ambient water, such as polyester, PVC, and polyamide, having a negative buoyancy and sinking. 
This is however an over- simplified approach, and in reality, there are complex interactions between 
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ocean processes, biological interactions, and other physical properties of the plastic particles which 
influence their fate in the marine environment.

The geometric shape of a microplastic is a critical morphological parameter, which can broadly be 
divided into regular and irregular. The shape will largely depend on their origin and the fragmenta-
tion process (Ter Halle et al. 2016). Theoretical calculations of sinking velocities assume a smooth 
geometry, while natural sediment particles and microplastics are highly variable in their shape 
which is further influenced by aging and weathering processes to yield irregularly shaped particles 
(Waldschlager and Schuttrumpf 2019). Studies have found that theoretical sinking of an object can 
substantially deviate from experimental data (Chubarenko and Stepanova 2017; Khatmullina and 
Isachenko 2017; Kowalski et al. 2016). Shape can influence particle sedimentation rates due to its 
influence over the surface area to volume ratio (Filella 2015; Ryan 2015). For example, items with the 
same volume but with different shapes have different surface area to volume ratios, with spheres 
having the lowest ratios and thin rectangles, such as films or fibers, having the highest. This not only 
provides a greater exterior for biofilms to colonize and in turn increase the density of the particle but 
can also influence the drag forces and settling behavior of a particle (Chubarenko et  al.  2016). 
Experiments using three different shaped particles made of polycaprolactone (PCL) indicated that 
angular cylinders oscillated and rotated during settlings (Khatmullina and Isachenko  2017), and 
other studies show that fibers have a lower buoyant rise velocity compared to fragments of the same 
size (Kooi et al. 2016; Kukulka et al. 2012). This indicates that wind- driven mixing might redistribute 
small microplastics and fibers out of the surface layer and deeper in the oceans.

Particle size influences settling, with microplastics behaving distinctively different from meso/
macroplastics (Chubarenko et al. 2016). Small plastic particles loose buoyancy faster than larger 
items and thus sink more rapidly (Fazey and Ryan 2016) and have lower buoyant terminal veloci-
ties than larger plastics (Kooi et al. 2016; Kukulka et al. 2012). As such, small microplastics have 
an increased propensity to sink out of surface waters, suggesting size- specific sedimentation, 
which has been reported in both observational and modeling studies (Kooi et al.  2017; Reisser 
et al. 2015; Song et al. 2018). Small plastic pieces behave like colloidal particles and primarily exist 
as suspended particles in the water column (Filella 2015). Processes such as fragmentation, floc-
culation, and aggregation (discussed below) modify the size of microplastics and in turn further 
affect their behavior and residence times within the water column.

The influence of additives on the behaviour of marine microplastics has received notably less 
attention. The majority of manufactured plastic products contain a variety of mineral or organic- 
based additives, which have a range of functions including as stabilizers, fillers, flame retardants, 
and plasticizers. Some of the compounds used have high densities, which can modify the overall 
properties of the plastic sufficiently to facilitate sinking. For example, the use of barium as a filler 
modifies the density of polyolefins (polyethylene and polypropylene) to greatly exceed that of 
seawater. Barium- containing polyolefins are common in consumer products yet rarely found in 
beached litter (Turner and Filella 2020), which the authors attribute to the permanent deposition of 
these items to the seafloor. While factors such as the surface polarity of the plastic, its crystallinity, 
and functional groups included during manufacture may influence the potential for additives to 
leach from or accumulate environmental pollutants on its surface (Ma et al. 2020), further research 
is required to ascertain how this affects the behavior and fate of marine microplastics.

5.4.2 Biofilm

Biofilms are assemblages of microbial cells enclosed in an extracellular polymeric substance 
matrix (Donlan 2002). Biofilms have been shown to rapidly form on the surface of plastic particles 
when they are in aquatic systems (Lobelle and Cunliffe 2011). Indeed, the first organic films can 
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form in a matter of hours after initial contact between a surface with ambient water (Loeb and 
Neihof 1975; Rummel et al. 2017). From a hydrodynamic perspective, biofilm formation on plastic 
debris may have substantial implications (Chen et al. 2019; Rummel et al. 2017), as the fouling 
organisms themselves may lead to an increase in particle mass and thus a reduction in its buoy-
ancy (Kaiser et al. 2017; Lagarde et al. 2016; Ryan 2015). While the buoyancy of an item is gener-
ally related to its volume, the capacity for biofouling is related to the surface area. Laboratory 
experiments using different sized biofouled plastic particles (5–50 mm) demonstrated that smaller 
plastics sank faster than larger particles (Fazey and Ryan 2016). Indeed the rate of colonization and 
sinking is directly proportionate to the particle diameter (Chubarenko et al. 2016).

Once in the marine environment, plastics undergo weathering processes, which can alter their 
surface characteristics from smooth to rough with numerous cracks and pits (Ter Halle et al. 2016). 
This increases the surface area of a particle and its biofilm carrying capacity. Further, the presence 
of biofilm facilitates the accumulation of metals from the aquatic environment (Johansen 
et al. 2018; Richard et al. 2019), causing further modifications to particle mass. Studies have shown 
that microorganisms attach more rapidly to hydrophobic, nonpolar surfaces (such as plastics) than 
to hydrophilic surfaces (such as glass and stainless steel), and specific communities can differ 
between the material types (Oberbeckmann et al. 2016; Ogonowski et al. 2018; Pinto et al. 2019; 
Zettler et al. 2013).

The growth of biofilm- forming organisms largely depends on light, temperature, and the produc-
tivity of the ambient water (Kaiser et al. 2017; Oberbeckmann et al. 2016). Therefore, the role of 
biofilm in the export of microplastics might be more marked at certain geographic locations than 
other, for example this process may be less important in the oligotrophic ocean gyres (Hale 
et al. 2020). As biofouled microplastics sink below the photic zone and into unfavorable conditions, 
or are grazed upon by marine species, particles may become defouled. This causes the microplastic 
to regain buoyancy and rise/resurface, at which point biofilm may form once again, leading to sub-
merging−resurfacing cycles (Kooi et al. 2017). Kooi et al. (2017) modeled the dynamics of biofoul-
ing and predicted that larger particles (1–10 mm in diameter) remain in surface waters for longer 
due to them having a greater settling onset period, and when they do begin to settle, they oscillate 
within the water column at a faster rate than smaller particles. By contrast, plastics < 10μm in diam-
eter settle slowly but do not resurface and thus could be distributed within the water column. Over 
time, this causes a size selective vertical export of smaller microplastics, suggesting they are “lost” 
to mid- depths of the ocean, which corroborates the early observations of Cozar et al. (2014).

A further consideration is that the presence of nutrient- rich biofilm on the surface of microplas-
tics could cause them to be preferentially ingested by organisms mistaking them for food items 
(Vroom et  al.  2017). If microplastics are able to transit through the digestive systems of these 
organisms, they can be repackaged in fecal pellets, which could also facilitate their downward flux 
(see Section 5.4.3).

5.4.3 Fecal Pellets

Consumption of microplastics by a myriad of species is well evidenced (see Courtene-Jones et al 
(2022)). In some cases, microplastics can transit through the digestive systems of an organism and 
become egested within the fecal material. Naturally, the fecal matter will gradually sink to the 
seafloor, and it plays an important role in the ocean’s biological carbon pump (Turner 2015). Several 
studies have now investigated the potential for fecal pellets to transport microplastics. Cole et al. 
(2016) tested the sinking rate of polystyrene bead–containing copepod fecal pellets. The authors 
report an average settling velocity of 38.3 ± 2.6 m/day, which was significantly slower than com-
pared to a natural fecal pellet (2.25- fold reduction) but faster than the microplastic in its free state. 
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A recent study found this was also the case for polystyrene nanoparticles contained within the 
fecal pellets of Antarctic krill (Bergami et al. 2020). However, not all microplastic polymers display 
this trend. Further investigation considering different shapes and polymers (low- density polyeth-
ylene fragments, nylon fibers and fragments, and polyethylene terephthalate fibers) revealed that 
fecal pellets contaminated with high- density polymers (nylon and PET) sank at a faster rate than 
uncontaminated pellets (Coppock et al.  2019), while feces containing low- density polyethylene 
sank significantly more slowly than controls. The aforementioned studies also found that fecal pel-
lets containing plastics had a greater likelihood of fragmenting in the water column during set-
tling. Fecal pellets provide a food source to pelagic corophagic species, who may feed upon this 
plastic- contaminated matter. As these species intercept the sinking pellets, they could offer a pro-
cess which keeps the microplastics in suspension within the water column, repackaging the micro-
plastics several times before the particles reach the seafloor, and altering the timescale of removal 
to the seafloor.

5.4.4 Marine Aggregates

Aggregation of particles is a natural and well- documented process in the marine environment 
(Alldredge and Gotschalk 1988; Shanks and Trent 1979). Aggregation depends largely on the prob-
ability of particle collision and the efficiency with which two colliding particles stick together 
(Alldredge and McGillivary 1990; Engel 2000). The presence of cellular organisms, such as bacte-
ria and phytoplankton, contained within biofilms can encourage particle adhesion through exuded 
exopolymeric substances (EPS) (Flemming and Wingender 2010; Michels et al. 2018). EPS consists 
largely of long- chained polysaccharides that can link to form gels, mucilage, and slime aggregates, 
which promote the adhesion with other marine particles or suspended microplastics and the for-
mation of heteroaggregates (Long et  al.  2015; Summers et  al.  2018) which form particles with 
greater sizes and densities than in their free state. Aggregate formation strongly depends on the 
stickiness (or coagulation efficiency) of the particles involved (Michels et al. 2018), and EPS may 
play an important role in mediating coagulation (Summers et al. 2018).

Microplastics have been identified in natural marine aggregates (Zhao et al. 2018), and laboratory 
experiments have demonstrated that plastic particles readily attach and incorporate into existing 
aggregates (Long et  al.  2015; Möhlenkamp et  al.; Porter et  al.  2018). Opposing surface charges 
on microplastics and natural organic compounds and minerals facilitate their interactions in the 
aquatic environment (Oriekhova and Stoll, 2018). The flocculation of microplastics and particulate 
matter can modify the resultant flocs such that they are prone to gravity- driven settling in the water 
column. Indeed, the sinking rate of flocs could reach hundreds of meters per day compared with the 
settling rate of < 4 mm/day of microplastics in the free state (Long et al. 2015). Experimental work 
by Porter et al. (2018) demonstrated that for polyamide fragments the sinking rate increased by 
916 m/day, when incorporated into marine snow, than compared to their free state. A less conclu-
sive effect was noted for small agglomerates containing nanoplastics (Summers et al. 2018). While 
the authors reported altered sinking velocities, this was not significant as the values recorded were 
still within the broad range of measurements documented for marine snow sedimentation.

Katija et al. (2017) investigated the potential of the mucus housings produced by pelagic giant 
larvaceans to trap microplastics and act as a transport pathway. Giant larvaceans construct mucus 
structures to trap particulate food, which are discarded after use and sink to the seafloor. Larvacean 
“sinkers” were found to contain substantial numbers of microplastics (Choy et al.  2019; Katija 
et al. 2017), which could have been incorporated during filter feeding or become entrained from 
the water column; regardless of the specific mechanisms, this process may alter the fate and resi-
dence time of microplastics within the deep water column.
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When considering that each marine floc may contain multiple microplastic particles (Kvale 
et al. 2020), microplastic- contaminated marine aggregates constitute a vertical pathway for microplas-
tics through the water column transporting even low- density microplastics (such as PE and PP) out of 
the surface layers (Long et al. 2015; Porter et al. 2018; Zhao et al. 2017). The relative importance of this 
transport mechanism may vary geographically. Many temperate and subpolar regions can experience 
cyanobacterial blooms or spring phytoplankton blooms. During the bloom, EPS is produced in 
abundance, which is attributed to the rapid sedimentation of aggregates once the bloom terminates 
(Engel, 2000; Passow et al. 2001) and can export microplastics from surface waters in the process.

5.4.5 Environmental Factors

The majority of plastics enter the marine environment from land- based sources (Borrelle et al. 2020; 
Jambeck et al. 2015) introduced at the ocean surface. The main oceanographic processes involved 
in the surface transport of microplastics, such as wind and ocean currents, are relatively well 
understood (Onink et al. 2019; van Sebille et al. 2015a, 2020). Reconciling the vertical distribution 
of microplastics and the oceanic factors associated are more complex, as the vertical flow of the 
ocean is governed by several processes acting at different spatial and temporal scales (van Sebille 
et al. 2020). Wind- induced turbulence, breaking waves, bubble injection, and Langmuir circula-
tions can mix microplastics down to several hundreds of meters (Enders et al.  2015; Kukulka 
et al. 2012; Poulain et al. 2019). Often the microplastic particles will ascend back to the surface 
after waves and turbulence decay, yet for small microplastics, their rise velocity may not be suffi-
cient for them to resurface (Kooi et al. 2017).

As particles descend through the water column, they will encounter different water masses 
which vary in salinity, temperature and density. It is hypothesized that microplastics will sink until 
they reach a water mass with the same density as that of the plastic polymer. It is possible that 
isopycnal layers, and in particular the pycnocline, could create a density “boundary” limiting the 
further vertical export and so maintaining the microplastics in suspension. Such a phenomenon is 
most easily observed in locations with strong stratification, for example in the Baltic Sea. The Baltic 
Sea undergoes pronounced seasonal stratification, where marked differences in salinity and den-
sity exist between the bottom and surface waters. The differing water properties coupled with the 
warming of surface waters during summer prevents the water column mixing (Leppäranta and 
Myrberg 2009), and microplastics were shown to accumulate between the halocline and thermo-
cline (Uurasjarvi et al. 2020; Zobkov et al. 2019).

Where a stratified water column interacts with pronounced seafloor topography, internal tides 
often develop in response to surface tides. Internal tides can modify transport processes often act-
ing to resuspend and transport sediments within rugose areas such as canyons and around sea-
mounts (Inman et al. 1976; Lee et al. 2009; Zhao et al. 2012). For example, numerical modeling 
indicated that internal tides can resuspend and move microplastic particles within the Nazaré 
Canyon, Northeast Atlantic Ocean (Ballent et al. 2013). Such processes likely occur in other can-
yons, which are prevalent globally (Harris and Whiteway 2011), and can act to keep microplastics 
within suspension in deep water. Canyons are conduits for gravity- driven avalanches of sediment 
called turbidity currents, which transfer sediment and organic particles from shallow to deep water 
(Canals et al. 2013; Puig et al. 2014). Turbidity currents are important for the flow of sediment and 
other hydrodynamically light material into the deep sea and might be significant agents for dis-
persing microplastics (Ballent et  al.  2013; Kane et  al.  2020; Pierdomenico et  al.  2020; Pohl 
et al. 2020). A further transport route is within deep- water cascading events, which can carry plas-
tics to the ocean interior (Sanchez- Vidal et al. 2015; Tubau et al. 2015).
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5.5  Knowledge gaps and conclusion

In this chapter, sampling techniques, occurrence, and transport mechanisms of floating microplas-
tics sinking cross the water column had been summarized and demonstrated, and given the many 
deficiencies in this area, more efforts should be made on the following aspects:

i) Comparable dataset yielded by validated sampling techniques. So far, the knowledge for 
microplastics in water columns is quite limited, and though a variety of sampling methods 
were adopted, few researchers have ever tried to determine their efficiency capturing these 
suspended microplastics. For instance, limited bulk sampling would often lead to highly vari-
able results, compared with large- volume filtration methodology. Former techniques could be 
efficient to obtain fibrous microplastics using a finer pore size filter membrane, but fragmented 
microplastics could be underestimated since the uneven distribution. However, latter sam-
pling methods usually required extended time duration, which may be difficult to balance during  
a field sampling campaign.

ii) More field- based data by international collaborations. Field- based microplastic data in 
the water column is of great value to estimate the global plastic budget and understand their 
residence time in the ocean. Therefore, more cruises are urgently needed (especially in the 
open ocean), and there is no doubt that international collaborations would greatly facilitate 
this process. In addition, some collections from former cruises could be utilized unless they 
were not carefully preserved (free from airborne contamination).

iii) Deciphering the sinking mechanisms. To facilitate further tracking, it could be critical to 
understand why floating plastic debris and microplastics would sink to deeper layers of water 
columns. Although some studies reported biofouling on plastics which could greatly contrib-
ute to their vertical displacement, not all observations in the field could be explained by this 
hypothesis. In fact, this process could be a combination of fragmentation, gravitation, hydrau-
lic conditions, and biofouling, and thus work to decipher the importance of these mechanisms 
would be beneficial.

iv) Track the transport of oceanic microplastics and simulate their movement by ther-
mohaline circulation. In the end, to assess the potential interactions and effects on deep 
water ecosystems, a lifecycle of oceanic microplastics should be mapped with modeling 
approaches. First of all, their transport through water masses should be estimated, and their 
exchange within the pycnocline should be further studied.
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6.1  Introduction

Recent assessments of floating large debris and microparticles (Eriksen et al. 2014; Van Sebille 
et al. 2015) have shown that quantities located on the surface are limited and that the presence of 
sinks should be considered. With a surface area of 361 220 420 km2, of which 300 875 000 km2 is 
deep sea (worldatlas.com), the seafloor constitutes an important component of the marine envi-
ronment and is known for its important role, supplying abundant resources, and ecosystem ser-
vices (Canals et al. 2020). It is also the ultimate sink for all marine litter (Woodall et al. 2014).

The geomorphology of the global ocean floor includes the continental shelf, continental slope, 
the abyssal environments that include abyssal plains and mid- ocean spreading ridges, and the 
hadal zone found below a depth of 6000 m (Harris et al. 2014). The greatest depths occur in ocean 
trenches on subducting ocean margins, with the deepest location being at approximately 11 000 m 
in the Mariana Trench in the Western Pacific. The presence of plastic items (Peng et al. 2018) and 
ingested microplastics in amphipod populations in deep ocean trenches (Jamieson et  al.  2019) 
illustrates that microplastics contaminants occur in the very deepest, most remote places of 
the oceans.

Given that approximately half of the plastics produced is heavier than seawater (Geyer et al. 2017), 
the seafloor, from intertidal to abyssal and hadal depths, is an important long- term sink for marine 
macro and microplastics (Figure  6.1; Galgani et  al.  1996; Harris  2020; Kane et  al.  2020; Pham 
et al. 2014; Sanchez- Vidal et al. 2018). Accumulation in the deep sea is of particular concern, since 
most polymers are highly persistent in the marine environment and only degrade slowly as a result 
of photolysis (Andrady 2011) and physical wear and tear, which are processes that occur only over 
geologic timescales. Degradation is also likely to be decreased at depth where oxygen concentra-
tions are low in addition to the absence of light (Ioakeimidis et al. 2016). Estimates for the longev-
ity of plastics are variable, but are believed to be in the range of hundreds of years depending on 
the physical and chemical properties of the polymer and the size of the item.
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The first evidence of the presence of plastics on the seabed dates back to 1971 (Heezen and 
Hollister 1971) and then 1976 when Holmström (1975) was trying to understand why plastic poly-
ethylene bags were found on the bottom of the Baltic Sea. Although many fishermen or divers were 
aware of the presence of waste on the seabed, it was not until 1987 a first summary assessment and 
comparison of the quantity of waste was done between several sites in a coastal bay of Turkey in the 
Mediterranean Sea (Bingel et al. 1987). In the 1990s, several fish stock assessment surveys with a 
bottom trawl monitored waste presence/absence based on a limited number of categories, in par-
ticular plastics, glass, metals, etc. (Galgani et al. 1995; Galil et al. 1995). It quickly became clear that 
seafloor litter was causing an impact on the seabed (Laist 1997), fishing gear was omnipresent (Hess 
et al. 1999; June 1990; Laist 1997; Link et al. 2019; Macfadyen et al. 2009), and coastal canyons acted 
as litter traps (Galgani et al. 1996). The first large- scale studies and assessment of seafloor litter in 
European seas, integrating data from different surveys and areas, date from the end of the 1990s 
(Galgani et al. 2000). A recent study using the same approach looked at trends over a 25- year period 
(Maes et al. 2018), surprisingly no trends were actually found, possibly because the surveys did not 
distinguish between long- term depositional and transitory (or erosional) environments (Harris 2020). 
The desire to integrate litter monitoring into the European Marine Strategy Framework Directive 
(MSFD 2008/56/EC) and the consideration of an indicator relating to seafloor litter has undoubt-
edly been a powerful driving force for research and monitoring in Europe.

More recently, attention has shifted toward microplastics in seafloor sediments, which are consid-
ered to be the ultimate sink for all marine litter (Van Cauwenberghe et al. 2013; Woodall et al. 2014). 
Seafloor sediments are the topic of many studies addressing the various types of sediments in different 
marine environments and habitats including bays, mangroves, fjords, harbors, shelves, slopes, 
canyons, and deep sea sediments in the bathyal, abyssal, and hadal zones (Harris 2020).

Collecting substantial information on the quantities and ubiquitous distribution of litter on the 
seabed, in particular for those parts that are inaccessible by conventional methods, has become 
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critical. Together with data on harm to marine organisms, especially entanglement in lost fishing 
gear, ingestion by benthic species, and colonization of the deep sea, this information will greatly 
improve our knowledge, enabling more precise assessments of distribution, trends, and impacts, 
while also supporting dedicated reduction measures for seafloor litter.

6.2  Methods Used to Monitor Seafloor Litter

Some seafloor areas can be difficult to monitor due to differences in the seabed, e.g. structures and 
types, which can be sandy, muddy, or rocky (GESAMP 2019). A range of different approaches may 
be used to cost effectively monitor seafloor areas, e.g. using simple litter quantification protocols 
based on existing fish stock surveys. Some of the most common approaches use bottom trawls, 
visual surveys via SCUBA divers, and/or video imagery via remotely operated vehicles (ROVs; 
Figure 6.2). For shallow waters, the most common method used to estimate marine litter densities, 
alongside assessments of benthic species, encompasses diving activities that are sometimes cou-
pled with compliance surveys relating to, e.g. pipelines, marine- protected areas, oil platforms, 
inventories of biodiversity, since their methods are similar (Galgani et al. 2013).

In the past, benthic trawling techniques were recommended to monitor litter, often piggyback-
ing on fish stock assessment programs taking place regularly across many regions (Goldberg 1995). 
Fish stock assessment surveys have been designed to evaluate fish stocks and have been used in 
many surveys for marine litter; however, the approach has some critical drawbacks. Because the 
seafloor topography may affect the accumulation of litter on the seafloor and impose sampling 
restrictions in rocky areas, trawling is limited to shelf areas made of soft bottoms, between 10 and 
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a few hundred meters depth. Moreover, most trawling nets, except for beam trawls, are designed to 
roll over the seafloor while collecting epibenthos, leaving the upper sediments and items buried 
within the sediment more or less undisturbed. In addition, the significant differences between the 
catchability of the different trawling nets and their configurations, the diversity of gear types, 
vessel speed, mesh size, cod ends, and fishing methods used among countries and regions, 
programs, observers, and studies seriously limit cross- comparison of seafloor macrolitter numbers 
based on data obtained opportunistically via fisheries surveys.

Standardization on a local or national scale might be possible, e.g. the long- term MEDITS pro-
gram in the Mediterranean Sea, due to the promotion of one unique type of trawling (Spedicato 
et al. 2019). Such a situation is, however, difficult to achieve across larger regions since standard-
ized monitoring protocols of bottom trawl surveys differ between marine areas due to different 
substrate types and targeted fish stocks. Moreover, seafloor litter monitoring is mostly a secondary 
objective in fisheries surveys; therefore, the interpretation, interest, and attention given by observ-
ers differ from survey to survey and year to year, making temporal and spatial trend analysis very 
difficult. Due to the high variability in the observed seafloor litter concentrations, resulting from 
the many issues described earlier, the power of seafloor litter monitoring programs is rather low, so 
only reductions in the range of 40–60% can be measured with certainty (Maes et al. 2015).

Recent studies, based on model- based predictions of seafloor litter densities (review in Canals 
et al. 2020), might be useful to identify litter hot spots and accumulation zones. Such approaches 
must still be validated with field data. Last but not least, the degradation of seafloor habitats result-
ing from destructive trawling does not warrant obtaining marine seafloor litter data from the field 
solely; nonetheless, this balance certainly deserves future consideration.

Thanks to technological advances and the increasing accessibility of innovative instruments, 
imaging techniques using submersibles, ROVs, underwater autonomous vehicles (AUVs), and 
towed cameras, have allowed researchers to estimate litter distribution, while abundance and at 
the same time detect litter occurrence and impacts, describing litter interactions with marine 
organisms through direct visual observations (Angiolillo 2019). Video imagery has been increas-
ingly used, addressing the demand for new indicators of harm within the MSFD (Galgani 
et al. 2013). These techniques are also well adapted to the study of submarine canyons and other 
areas inaccessible by trawling, such as steep slopes, rocky bottoms, and ultradeep areas such as the 
oceanic trenches (Bergmann and Klages  2012; Chiba et  al.  2018; Galgani and Lecornu  2004; 
Hiroshi et al. 2011; Ioakeimidis et al. 2015; Tekman et al. 2017). When using video imagery, the 
area inspected during transects is measured by multiplying the transect length by the field of vision 
or width of the camera (using laser pointer scale or calculated altitude), and items are counted and 
results expressed in densities (per km2) or alternatively in the absence of lasers, in numbers of 
items per line kilometer. Recently, artificial intelligence has been proposed for the successful visual 
detection of litter in underwater environments (Fulton et  al.  2019). This automatic detection 
approach appears to support and facilitate future real- time surveys and analysis. In some specific 
cases, AUVs can also be used successfully in combination with acoustic tools to detect lost/derelict 
fishing traps (Clark et al. 2012).

The disadvantages of these image- based approaches include the minimum area and size of litter 
that can be identified. Depending on the resolution offered by imaging tools, the burying or coverage 
of litter by sediments and organisms, the possible mixing of items together with sediments or natural 
debris in accumulation areas, and the fine identification of items can be difficult (Canals et al. 2020).

On the other hand, image- based systems are noninvasive, in that they do not harm benthic 
organisms and may be operated at all depths and in all landscapes, possibly georeferencing indi-
vidual items and enabling local and small- scale observations. Moreover, these systems allowed 
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researchers to assess litter interaction with marine organisms. In addition, upscaling monitoring 
to the global scale is not possible with methods such as trawling, as they cannot be used 
everywhere.

Regarding the seafloor, the main categories of litter are considered by material type, but indi-
vidual subcategories can be related to specific sources or uses such as fishing gear. When using 
imagery, litter objects may simply be quantified by size (Mordecai et al. 2011), because the item 
itself, its weight, or use cannot be determined (Buhl- Mortensen and Buhl- Mortensen 2017).

Citizen science can also play a useful role in monitoring seafloor litter. Assessments are generally 
limited to scuba divers in shallow waters during regular observations or cleaning operations 
(Galgani et  al.  2013). Many underwater cleanups organized by clubs or Non Governmental 
Organizations (NGOs) can be a valuable source of information and part of regular surveys. For 
example, the AWARE Project’s ‘Dive Against Debris’ program has been shown to be an efficient 
network for shallow water litter monitoring using scuba divers worldwide (Consoli et al. 2020; 
Morales- Caselles et al. 2021). Other practical initiatives dedicated to the “Fishing For Litter” (FFL) 
philosophy, involving the fishing industry, have been shown to provide valuable information on 
seafloor litter, which may be useful to support regular assessments and monitoring.

Specific tools and important means are needed for microplastics sampling in the deep sea. 
Furthermore, the methodological challenges involved in analyzing sediments and microplastic 
polymer types can be rather costly and require dedicated laboratory equipment. Generally, sedi-
ment samples and replicates are collected from surface and near- surface sediment scrapes obtained 
from a bulk sample collected by a grab or core sampler operated by divers, ROVs, or from the ves-
sel. Sediment cores can be sliced into depositional sections to record the vertical distribution and 
accumulation of microplastics over time (Kukkola et al. 2020). In order to do so, the sediments 
need to be relatively undisturbed by physical or biological (bioturbation) processes (Brandon 
et al. 2019).

Generally, authors choose to express microplastics abundance in sediments as items per gram or 
kilogram sediment dry weight to eliminate the variability of volume calculation. Such reporting 
units provide information on the occurrence of microplastics and some information on their abun-
dance, but are not useful for modeling the fate of plastics in the environment, which requires 
measurements of mass per unit area per unit time (Harris 2020).

A common issue with microplastics numbers arises from the fact that data sets are further com-
plicated by the wide variety of methodological approaches applied by different researchers to 
extract, identify, quantify, and characterize microplastics with methodological inconsistencies 
related to differences in size limits, extraction technique, and variations in sampling techniques 
(GESAMP 2016). Counting the numbers of particles is problematic where laboratory procedures 
could cause fragmentation of plastic particles; such procedures include that the sediment sample 
is sieved, dried, rehydrated, centrifuged, stirred vigorously, and/or disaggregated by mortar and 
pestle. Finally, environmental levels of microplastics may be difficult to compare due to the lack of 
QA/QC and consistency between extraction protocols. Procedural contamination by airborne par-
ticles (GESAMP  2016) and the blind spots of each method mean that no technique is perfect 
(Primpke et al. 2017). The visual identification of microplastics alone has become inappropriate for 
studies on particles below a few hundred micrometers in size. New approaches for the analysis of 
microplastics in environmental samples, based on selective fluorescent staining using Nile Red, 
followed by density- based extraction and filtration, have been used for rapid screening approaches 
(Bakir et al. 2020; Maes et al. 2017a). In the Western world, more often costly analytical methods 
have been applied, such as Fourier transform infrared spectroscopy and Raman spectroscopy, and 
introduced globally to determine particle composition.
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6.3  Sources

Despite the patchiness in terms of coverage of the deep seafloor by fish stock surveys, a large number 
of records exist thanks to studies covering extensive geographic areas or considerable water depths 
(Canals et al. 2020; Galgani et al. 2000; Harris 2020; Keller et al. 2010; Maes et al. 2018; Pasquini 
et  al.  2016; Pham et  al.  2014; Pierdomenico et  al.  2019; Ramirez- Llodra et  al.  2013; Woodall 
et al. 2015). These data show that benthic litter is not homogeneously distributed. The variability 
of litter composition and abundance in deep sea environments is strongly influenced by both 
natural and anthropogenic factors linked to sources, transport, and depositional mechanisms. 
Variations in the distribution of litter may relate to differences in inputs; bottom structures, 
including slopes, the sedimentation rate, and the presence of special features like canyons; and 
local hydrographic situations. Flow dynamics are also controlled by meteorological conditions, as 
well as by water column stratification and vertical and horizontal transport (Canals et al. 2020).

Sources of litter arriving on the seabed can be distinguished as either land or sea based, the for-
mer including wind, riverine inputs, discharge from urban and industrialized areas, and coastal 
touristic activities, the latter mainly represented by commercial shipping and recreational boating, 
fishing activities, aquaculture, and offshore installations (Angiolillo et al. 2015; GESAMP 2021; 
Lopez- Lopez et al. 2017; Loulad et al. 2019). In 2018, about 348 million metric tons (MT) of plastic 
waste was generated in the world (PlasticsEurope 2019), with amounts entering the ocean every 
year evaluated for 2010 in the range of 4.8–12.7 million MT (Jambeck et al. 2015), of which between 
1.15 and 2.41 million tons from rivers alone (Lebreton et al. 2017).

There is growing evidence that the atmospheric transport of microplastics is an important mode 
of transport and delivery to remote environments, including the deep sea (Zhang et al. 2020b).
Unfortunately, there are very little data available, and further research is needed to assess the over-
all significance of wind- borne microplastics.

In general, the magnitude of land- based litter input, the largest source of seafloor litter, is largely 
dependent on the anthropization of the surrounding coastal area and watersheds (Mordecai 
et al. 2011b), while its transport to the deep sea is mostly controlled by oceanographic processes 
and the physiography of the marine area in which the item finds itself in Pham et al. (2014). 
Interestingly, a study in the Bay of Biscay showed that the most important driver for benthic litter 
distribution was human population, as litter density increased linearly with this variable. Similarly, 
the number of ports in neighboring areas had a positive effect on litter densities on the seafloor, 
while fishing effort had a nonlinear effect on benthic litter density, a finding that could be explained 
by litter upheaval during fishing operations (Lopez- Lopez et al. 2017).

Regions characterized by heavily industrialized and populated coastal areas (e.g. the 
Mediterranean Sea) have some of the highest densities of seafloor litter pollution worldwide 
(Galgani et al. 1995; Pierdomenico et al. 2020), with some accumulation points where enormous 
amounts of litter have been recorded (Angiolillo et  al.  2021; Peng et  al.  2020; Pierdomenico 
et  al.  2019). High densities of microplastics, in particular fibers, have also been recorded in 
Mediterranean seabed sediments (Kane et al. 2020; Sanchez- Vidal et al. 2018; Woodall et al. 2014). 
For microplastics, the greatest concentration reported in the review by Harris (2020) was in sedi-
ments adjacent to a sewage ocean outfall in Byfjorden, Bergen, Norway, where Haave et al. (2019) 
reported 200 000 particles per kg dry weight.

Maritime sources can be important along major shipping routes and on rocky habitats, where 
fishing- related debris may accumulate (Danovaro et al. 2020; Ramirez- Llodra et al. 2013), or when 
shipping can be the major source like on remote islands (Mifsud et al. 2013).

Large vessels with many crew members may carry supplies for several months and daily gener-
ate solid waste that may end up as marine litter, most often disposed accidentally through bad 
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handling, unfavorable weather conditions, inadequate handling, and lack of reception facilities in 
ports (GESAMP  2016). The shipping industry can also be a source of microplastics (accidental 
spills of industrial resin pellets, paint particles, gray waters, etc.) and industrial fishing vessels, 
such as supply or catch transport vessels, may deliberately or accidentally release litter items such 
as gloves, fish boxes, storage drums, and personal waste into the marine environment (Richardson 
et al. 2018, 2019). Some marine litter items are exclusive to shipping sources, such as large ropes, 
injection gun cartridges, oil drums, and clinkers, which are residues from coal burning steamships 
that are largely found along historic shipping routes. In the Mediterranean Sea, data collected 
through trawling indicate that clinkers are a very common type of litter, representing up to 28% of 
total litter by weight (García- Rivera et al. 2018). In addition, container losses from ships, in the 
range of thousands every year, quickly sink to the seafloor and represent an important source of 
debris close to shipping lanes (Galafassi et al. 2019; GESAMP 2019).

Much lower litter abundances are often recorded along the continental margin, especially on soft 
bottoms (Galgani et al. 1995; Peng et al. 2020), but a prevalence of maritime- related litter can be 
found in fishing grounds. When artisanal fishing is locally developed, or when trawling is forbid-
den, fishing nets are found close to the coast within a distance of a few nautical miles (Strafella 
et al. 2015). The depositional mechanisms for litter of maritime origin mostly include the settling 
of lost or discarded material (Ramirez- Llodra et al. 2013) and the entanglement of fishing- related 
debris in rocky outcrops (Angiolillo et al. 2015). It is clear that the surrounding local activities 
determine the plastic footprint found on the seafloor. An emerging type of plastic is single- use 
plastic items, e.g. food packaging that often represents the largest fraction of litter and contributes 
the most to seafloor litter on the continental shelf and upper slope (Fortibuoni et al. 2019), while 
in some areas, aquaculture represents a key activity- producing marine litter. Some authors also 
indicated that illegal dumping (construction and electronic goods) is, together with single- use 
plastics, a major source of litter in coastal areas and bays (GESAMP 2021).

Once on the seabed, litter is subject to a variety of human activities, such as dredging or bottom trawl-
ing. These activities may remobilize litter items, contributing to their further degradation and fragmen-
tation. Bottom trawling, for instance, can remobilize light litter, which can again be reburied in 
sediments or recarried in sediment density flows, e.g. deep water sediment transport (Canals et al. 2020).

Dumping sites, including warfare material, ammunition, toxic substances, wrecks, and other 
related material, although often not counted as marine litter, are important types of anthropogenic 
material that need to considered for monitoring seafloor debris and its impacts.

6.4  Oceanographic Conditions on the Seafloor

In estuaries, large rivers are responsible for significant inputs of waste to the oceans, some of it will 
sink rapidly to the seabed or get transported offshore due to high flow rates and strong currents 
(Lebreton et al. 2017). Alternatively, small rivers and estuaries also transport litter; weak currents 
facilitate deposition on shores and banks (Galgani et al. 2000). In addition, litter may accumulate 
upstream of estuarine salinity fronts and eventually be transported to the sea when river flow 
velocity increases (Acha et al. 2003).

A lower litter concentration may be found along the continental margin (Peng et  al.  2020; 
Pierdomenico et al. 2020), due to the main transport processes for benthic litter, which are mostly 
driven by sedimentary gravity flows and oceanic currents, delivering high energy in specific cases, 
e.g. canyons (Pierdomenico et al. 2019; Tubau et al. 2015). Confirmation that litter is transported 
downslope into canyons and deep sea fan and drift deposits via hyperpycnal turbidity flows awaits 
evidence of litter incorporated into turbidite beds sampled in sediment cores (Harris 2020).
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Numerical models can be used to predict the fate of litter in the sea, but we are far from having 
a full understanding of all the parameters involved and require multidisciplinary approaches to 
build realistic simulations. Most model setups focus on surface and subsurface circulation, and 
only a few studies have investigated the fate of marine litter, taking into account loss by degrada-
tion, fragmentation, sinking, ingestion, and biofouling.

In the Mediterranean, sinking processes have been computed in a statistical way, taking into 
account the age of particles by a three- dimensional current field (Liubartseva et al. 2018), while 
neglecting particle buoyancy changes, subsurface transport, and seafloor resuspension. Using dif-
ferent settling rate coefficients, the mathematical consideration of the sinking particles is the same 
for both microplastics and macroplastics. In a modeled study where all the existing processes were 
included, the water column, plastic density, biofilm thickness, and biofilm density had the biggest 
effect on transport, followed by turbulent dispersion (Jalón- Rojas et al. 2019).

Land- sourced litter can be a major fraction of total litter in coastal waters and may come from 
distant inland sources through riverine and aeolian transport, the latter being a possible important 
source of microplastics in remote parts of the oceans. Extreme events such as heavy rainfall, floods, 
sewage overflow, coastal storms, hurricanes, and tsunamis can carry large amounts of debris onto 
beaches and in coastal waters within only a few hours or days. Part of this debris spreads seawards 
and settles on the seafloor (Canals et al. 2020; Galgani et al. 2000, 2015). Floating litter, in particu-
lar, eventually reaches the seabed in shallow coastal zones, due to fouling together with passive 
sinking, but it may already have been transported for considerable distances before sinking through 
ocean currents (Galgani et al. 2000; Pierdomenico et al. 2019).

Annual variations in litter transport, such as seasonal changes in the flow rate of deep currents, 
sediment transport, and ocean circulation patterns, cause considerable spatial variability of litter 
abundance, with accumulation areas in bays and canyons, often near large cities, rather than in the 
open sea. In the deep sea, hydrodynamic conditions and current regimes differ locally due to the 
geomorphology, topography, and habitat heterogeneity of the seabed, influencing litter distribu-
tion. It is important to note that the timescales over which this transport arises depend on the fre-
quency of the currents transiting these oceanic systems. Litter and microplastic transport is also 
controlled by other transport processes, such as internal tides, advection, and vertical settling (Pohl 
et al. 2020). Even the smallest, most buoyant microplastic will eventually sink to the seabed as a 
consequence of flocculation, biofouling, or ingestion and excretion via fecal pellets. It has been 
shown that velocities of particles differ significantly as a result of variations in densities, sizes, and 
shapes, leading to inconsistencies in assessments of depth- integrated buoyant plastic concentra-
tions (Kooi et al. 2017). Polymers with densities above 1.15 g/cm3, e.g. polyamide (fishing nets), 
polyvinyl chlorides, polyesters, polyethylene terephthalate (PET bottles), and rayon (Harris 2020), 
are commonly found on the seafloor and in deep sea sediments, while the presence of polyethylene 
and polypropylene is more widely spread. Floating plastic debris at sea undergoes fouling that may 
result in a loss of buoyancy and form a possible transfer mechanism toward the seafloor by increas-
ing the density of the debris. The presence of large amounts of microplastics in the water column 
has been demonstrated recently. In deeper waters, the density of the water is often higher because 
of lower temperature and/or higher salinities, limiting the sinking of particles, keeping them 
motionless under certain conditions, and capturing them within high- density layers. Debris may 
also undergo rapid defouling because of grazing or the decay of organisms, making it resurface, 
after which the cycle of events repeats itself (Ye and Andrady 1991).

It is clear that marine litter and microplastics share some important attributes of natural sedi-
ments and organic material when arriving in the marine environment (Harris 2020).

Their physical transport and dispersal into coastal environments often follow similar pathways, 
with the more coarse- grained and dense items or particles deposited close to source. In high- energy, 
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coastal and shelf environments, macroplastic items break down into smaller microplastics via 
fracturing during bedload transport. Finer, less dense particles may remain in suspension.

For microplastics, common transport schemes have been proposed in line with pathways for Particulate 
Organic Carbion (POC) matter and sediment particles (Enders et al. 2019; Harris 2020). The delivery 
of microplastic particles and other litter to the deep sea is not likely to commonly occur via turbidity 
flows down submarine canyons. Such flows are rare with the modern earth’s high sea level where the 
coastal sediment source is far removed from the shelf edge where submarine canyons commence.

Only about 3% of shelf- incising canyons are geomorphologically linked to a contemporary flu-
vial system (Harris and Whiteway 2011). Thus, most canyon systems may not currently function as 
conduits for microplastics from the coast to the deep ocean floor.

The distribution of microplastic particles is heterogeneous in all environments. It is evident that 
some coastal environments contain higher concentrations of microplastic particles than others 
because they are closer to highly populated, industrial or touristic areas, and more exposed to plastic 
pollution. However, the occurrence of locally high numbers of litter and microplastic particles in 
remote, deep sea environments, far removed from any clear anthropogenic point source, can only be 
explained by natural processes. Microplastics are dispersed widely over the ocean but appear to be 
spatially concentrated in specific deep sea environments, particularly in canyons, deep ocean trenches, 
sediment drift deposits, and beneath surface water areas of high productivity that export POC to the 
seafloor. The latter POC export mechanism is suggested by Bergmann et al. (2017) and Tekman et al. 
(2017) who reported a correlation with POC at Arctic Ocean Hausgarten observatory stations, possibly 
as a result of the flocculation of algae- incorporating microplastic during their descent through the 
water column to the seabed. In this way, plankton blooms may act as local vacuum- cleaners for micro-
plastic particles, removing them from the water column.

Although distance from the coast is an important factor in explaining microplastics distributions 
in coastal areas (Alomar et al. 2020), the abundance of litter and microplastics on the deep seafloor 
does not decrease with distance from terrestrial input sources (Chiba et al. 2018; Harris 2020; Peng 
et al. 2020). It appears that microplastics are concentrated by bottom currents that transport parti-
cles into local depositional environments, whereas microplastics are depleted in other sites where 
bottom currents erode the seabed. Interestingly, converging currents were also shown to mix par-
ticles with sediments and benthic organisms (Harris 2020).

6.5  Accumulation Areas of Litter at the Seafloor

Submarine canyons with heads close to the coast, or other submarine structures (i.e. seamounts, 
steep and vertical walls, channels, etc.), funneling large masses of dense water, can act as primary 
vectors of litter transport from the coast to the deep sea (Danovaro et al. 2020; Galgani et al. 1996; 
Tubau et al. 2015), where litters accumulates.

Gravity- driven avalanches, known as turbidity currents, form the primary process for delivering 
terrestrial sediment and organic carbon to the deep sea through submarine canyons. However, the 
ability of turbidity currents to transport and bury plastics has never been shown to occur. Down- 
flowing bottom currents can be intense in submarine canyons (Canals et al. 2006) and result from 
abrupt topographic changes that produce upslope and/or downslope currents driven by geos-
trophic pressure gradients (Pierdomenico et al. 2020). The strongest effects on circulation are pro-
duced by narrow canyons and large amounts of litter can be funneled through them by multiple 
processes (Alomar et al. 2020), showing that the magnitude of this pollution may be greater than 
expected. This funneling phenomenon has been documented as creating litter “hot spots” (i.e. 
large accumulations of litter) formed by mixtures of land and marine sourced and natural debris 
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items in canyons, showing how efficient this transport can be and that the magnitude of this 
pollution may be greater than previously thought (Canals et al. 2020; Galgani et al. 1996; Mordecai 
et al. 2011a; Pham et al. 2014; Pierdomenico et al. 2019, 2020; Ramirez- Llodra et al. 2013; Tubau 
et al. 2015; Watters et al. 2010; Wei et al. 2012). Flume studies reveal that turbidities such as those 
deposited in canyons may contain microplastics (Pohl et al. 2020). As another possible explana-
tion, a boundary current flowing along (parallel to) the continental shelf encountering head of a 
submarine canyon must slow down because of the mass conservation, allowing more time for 
particles to settle, then resulting in a higher concentration of particles arriving on the canyon sea-
bed compared with the seabed under the faster flowing current. Large debris objects may further 
tumble down the steep slope, unless entangling like ALDFG (abandoned, lost or otherwise dis-
carded fishing gear) in rocks, stones, or reefs (Pham et al. 2014; Schlining et al. 2013), further 
concentrating litter in the canyon thalweg.

Gravity flows may be increased by hyperpycnal flows generated during flash- flood events 
(Galgani et  al.  2000; Pierdomenico et  al.  2019), also resulting in the burial of land- based litter 
beneath the seafloor. In some canyons, specifically, the widespread occurrence of partially buried 
terrestrial vegetal debris, including large tree trunks and other large- sized items, testifies the 
occurrence of hyperpycnal flows (Pierdomenico et al. 2020). In some coastal canyons, a strong role 
of direct riverine inputs has been shown, as suggested by the occurrence of sandy seafloors inter-
mingled with vegetal material, most often light items (Pierdomenico et al. 2020).

The majority of the observed debris seems to be concentrated within the thalwegs of the canyons 
and is often composed of plastic, e.g. PET bottles, indicating a predominantly land- based origin for 
litter in the canyons, as opposed to the prevalence of fishing- related debris observed along the 
continental margin.

Deposition in canyons may be favored by higher sedimentation rates near the bottom, which 
depend on the water flow, the type of litter, the size of the items, and complex seafloor morpholo-
gies (i.e. canyons’ flanks; Schlining et al. 2013; Tubau et al. 2015). This includes the settling of lost 
or discarded material and the entanglement of fishing- related debris on rocky outcrops (Angiolillo 
et al. 2015, 2021). In addition, interactions with the seafloor morphology, e.g. crevices and cliffs, as 
well as trapping by vegetal debris and wrecks (Galgani et  al.  1996; Pierdomenico et  al.  2019; 
Schlining et al. 2013), can promote litter deposition.

6.6  Importance of ALDFG

ALDFG is one of the major components of sea- based marine litter and seafloor litter (FAO 2016; 
GESAMP 2021). Global fish production peaked at 171 million tons in 2016, with 53% coming from 
capture fisheries and 47% from aquaculture (FAO 2018). A large variety of technologies and very 
different gear types are being used, including different nets and trawls (seine, purse seines, trawl 
nets, lift nets, gillnets, and entangling nets), ropes, lines, dredges, bottom gear, and traps.

While some fishing gear components are made of nondegradable polymer materials such as 
metal or ceramic (sinkers, beam materials, anchors, pots, and traps), more often, they are made of 
woven polymer fibers (polyamide/nylon, high- density polyethylene, PET). Ropes and lines are 
mainly composed of polymer fibers such as polypropylene, polyethylene, and polyamide materials 
(GESAMP 2021).

Marine aquaculture is practiced using net and floating systems for grow- out of fish stocks and ropes 
that hang from a floating system and bottom- cage systems for shellfishes. A significant portion of gear 
utilized for aquaculture in marine systems is composed of plastic (FAO 2016), but currently, there is 
no global estimate of the amount of plastic waste generated by the aquaculture sector or systematic 
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monitoring of plastic waste generated by aquaculture operations anywhere in the world 
(GESAMP 2021). Gear loss is ubiquitous around the world but varies by geography, fisheries, and type. 
The causes of ALDFG vary across fisheries, including the gear’s operational context, gear handling 
and manipulation, the intensity of the fishing pressure, type of aquatic habitat, fishermen’s skills, and 
environmental conditions (bottom structure, tides, currents, swells, and heavy winds). Lost fishing 
gear can float long distances via winds and ocean currents before either sinking or beaching (Macfadyen 
et al. 2009) and is often entrapped in rocky bottoms, reefs, and animal forests (Galgani et al. 2018; 
Pham et al. 2014). Eriksen et al. (2014) estimate 233 400 tons of larger plastic items plus 35 540 tons of 
microplastics are floating on the surface of the world ocean; they reported that 70.4% of large items (by 
weight) found floating at sea were related to the fishing industry (mainly buoys and floats; 54%).

High concentrations of ALDFG from commercial and/or recreational fisheries have mainly been 
found in areas where intensive fishing occurs (Galgani et al. 2000; GESAMP 2021). These areas can be 
predicted by assessments of fishing efforts, providing relevant information on where ALDFG losses 
may occur, depending on the gear type (Kroodsma et al. 2018). However, no information is available on 
artisanal and recreational fishing effort, because these types of fisheries are not subjected to any moni-
toring system. It is not mandatory to carry any location system or to have fishing logbooks to track their 
catches (Enrichetti et al. 2019). In future, data on small fisheries (artisanal and recreational) should be 
collected in appropriate databases to assess this effort and the resulting source of impact and to obtain 
data to define mitigation measures (Angiolillo and Fortibuoni, 2020; Bo et al. 2019).

The composition of the fishing litter on the seabed is influenced by local fishing activities, e.g. 
the seafloor litter composition within Maltese circalittoral waters revealed that about 83% of the 
total litter was composed of items related to Fishing Aggregating Devices (FADs) used in the main 
fishing activities in this area (Sinopoli et al. 2020). This was also observed in studies looking at 
ALDFG from the recreational sector; e.g. in Puget Sound, the recreational contribution to ALDFG 
Dungeness crab pots ranges from 70 to 85% of the total amount of pots lost, while recent studies 
from Norway estimate that over 14 000 recreational lobster pots are lost each year in Norwegian 
waters (GESAMP 2021). High densities of mussel nets (4.3 items/100 m2) have been documented 
in the northern and central Adriatic Sea (Melli et al. 2017; Pasquini et al. 2016; Strafella et al. 2015), 
suggesting the mismanagement of mussel culture waste in the area.

Seamounts are particularly exposed to human fishing activities. Recently, significant amounts of 
lost fishing gear were reported on the summit and slopes of seamounts (Pham et al. 2013), suggest-
ing a fishery- related origin of lost or dumped materials.

The importance of ALDFG input has not been assessed in detail until recently. Richardson et al. 
(2019) estimated that 5.7% of all fishing nets, 8.6% of all traps, and 29% of all lines were lost to the 
world’s oceans for the year 2017, representing together with litter from fishing vessels a large input 
of litter. Previous studies have identified ALDFG as the most abundant type of litter (60–90%) in 
rocky environments (Melli et  al.  2017), possibly reaching 100% in some fishing grounds (Pham 
et al. 2014). It has been shown (Richardson et al. 2018) that there is an overall increasing trend in 
gear losses with time. While gillnets and trammel nets have the highest proportion of net loss, there 
was a greater proportion and number of units of gear lost per vessel when nets touched the bottom.

6.7  Nature and Distribution of Seafloor Litter

The nature, presence, and abundance of anthropogenic debris on the seafloor (Figure 6.3) are much 
less widely investigated compared to sea surface litter. Studies typically focus on beaches, coastal 
environments, and continental shelves, while almost half of the planet’s surface is the deep sea. Litter 
has been recorded on almost all kind of seafloors, but the highest concentrations have been observed 
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(a) (b)

(c) (d)

(e) (f)

(g) (h)

Figure 6.3 (a) Fishing buoy (Celtic Sea, 2015, 113 m). (b) Barrel collected after trawling (Greater North Sea, 
2014, 57 m). (c, d) Fishing nets entrapped in the rocky outcrops, observed by ROV (Ligurian Sea and 
Tyrrhenian Sea/Red Coral Cruise, 2012, 125 and 130 m, respectively). (e) A lost fishery- related line and lest 
(Southern Tyrrhenian Sea/Red Coral Cruise, 2012, 135 m). (f) Leiopathes glaberrima entangled by fishing lines 
(North West Mediterranean Sea, Red Coral Sardinia, 2013, 250 m). (g) Marine litter accumulation area. (h) Big 
plastic box observed by ROV (French Mediterranean canyon, Cruise Ramoge, 2018, 2200 m).
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in canyons and trenches (Angiolillo et  al.  2021; Galgani et  al.  1996; Mordecai et  al.  2011a; 
Pierdomenico et al. 2019, 2020; Schlining et al. 2013; Tubau et al. 2015; Van Den Beld et al. 2016), due 
to their physical characteristics (Cau et al. 2018; Chiba et al. 2018; Consoli et al. 2020; Schlining 
et al. 2013; Van Den Beld et al. 2016). Monitoring litter abundance and composition (Alvito et al. 2018; 
Angiolillo et al. 2015; Cau et al. 2018) makes it possible to assess human impacts on deep sea environ-
ments (Chiba et al. 2018; Mordecai et al. 2011b); determine the temporal trends or environmental 
status (Alomar et  al.  2016; Gerigny et  al.  2019); focus on specific litter types, items (Sinopoli 
et al. 2020), or specific sources (Richardson et al. 2019); and evaluate the effectiveness of measures 
(Maes et  al.  2018). Some seafloor litter surveys even covered the deepest areas, like the Mariana 
Trench, where a plastic bag was found (Chiba et al. 2018).

The abundance of plastic litter on the seafloor shows strong spatial variations, with mean densi-
ties ranging from 0 to more than 7700 items/km2 (Table 6.1). Sites in the Mediterranean show the 
greatest densities of seafloor litter, a result of the highly populated coastline, high volumes of mari-
time traffic (30%), the presence of large rivers (Nile, Po), and intensive tourism activities around 
this closed basin (UNEP 2015).

The highest densities of litter are found in coastal areas, on strandflats, in closed bays, including 
lagoons with coral reefs, fjords, and at the heads and upper slopes of marine canyons. These litter 
items may eventually become trapped at the bottom of the canyons or in areas of low circulation 
where sediments accumulate (Buhl- Mortensen and Buhl- Mortensen  2017; Galgani et  al.  1996; 
Pham et al. 2014; Pierdomenico et al. 2019; Schlining et al. 2013). Although most seafloor litter 
data are collected on continental shelves, the highest densities of total debris as well as plastic 
debris have been found at depths of 400 m in the Barents Sea (Grøsvik et al. 2018), at depths of 
800–1100 and 1400–1700 m in the Bay of Biscay (NE Atlantic; Van Den Beld et al. 2016), and 
within depth ranges of 1000–2000 m in the Western Pacific (Chiba et al. 2018). Besides canyons, 
the presence of deep, converging currents, leading to high sedimentation rates, were presented as 
an explanation for these accumulations in the abyss (Fischer et al. 2015; Galgani and Lecornu 2004; 
Peng et al. 2020; Tekman et al. 2017; Woodall et al. 2015).

Based on the available scientific data from comparable quantitative surveys, the average values of 
seafloor litter range from 40 to 1000 items/km2. Arctic regions can also receive substantial amounts 
of litter (5351–8082 items/km2; Tekman et al. 2017), probably because of deep sea and converging 
currents (Galgani and Lecornu 2004; Tekman et al. 2017). However, the amounts are far lower in the 
Antarctic region, the only region with a survey where no items were found (Barnes et al. 2010).

A region where surveys have reported no items were found (Barnes et al. 2010). This points to 
the broader issue of confirmation bias in marine litter research because negative results are rarely 
reported and most studies target environments that are known to be polluted.

On the abyssal plain, seafloor litter densities may reach high levels (Galgani and Lecornu 2004); 
this litter originates from populated areas and regions where maritime activities occur (Galgani 
et al. 2000; Morales- Caselles et al. 2021).

Some extreme mean values were found in Sardinia (17 700/km2; Cau et al. 2017), Malta (Consoli 
et al. 2020), California (3500 items/km2, one tow at 36 000 items/km2; Watters et al. 2010), and the 
South China Sea (36 818 and 51 929 items/km2 in two canyons; Peng et al. 2020). The maximum 
concentration was observed in a canyon adjacent to the Messina Strait, Italy (1.3 million items/
km2). These extreme findings, three of five surveys with the highest concentrations (Pierdomenico 
et al. 2019), confirm how the Mediterranean Sea is greatly affected by plastic waste. Overall, all 
reports of marine litter in the deep sea indicate that plastic is the most common material, domi-
nated by single- use items (Harris 2020; Mecho et al. 2020). Other common litter materials found in 
the deep sea are metal (Cau et al. 2018; Gerigny et al. 2019; Ramirez- Llodra et al. 2013; Schlining 



Table 6.1 A review of data published since 2010 on seafloor litter, as collected by trawling.

Location Habitat Bottom Date

Method 
(mesh in the 
codend) Sampling Depth (m)

Density, items/km2, 
unless specified 
(min–max)

% 
Plastics % Metals

% Fishing- 
related debris References

Polar regions

Antarctica Slopes and 
bathyal

Sand 2008 Agassiz trawl 
(10)

37 tows 472–3213 0 0 — — Barnes et al. 
(2010)

Northern 
Antarctic 
Peninsula and 
Scotia Arc

Slopes and 
bathyal

Sand 2006 Agassiz trawl 
(10)

32 tows 200–1500 2 pieces only 1 plastic 1 piece — Barnes et al. 
(2009)

Barents Sea Shelves Soft 2010–2016 Beam trawl 
(30)

1860 hauls 10–400 0.77 86 (by 
number)

— — Grøsvik et al. 
(2018)

Pacific Ocean

Western Pacific 
(East China Sea, 
West Japan)

Margin, 
canyon

Soft 2014–2019 Bottom trawl 
(60)

63 surveys 67–830 
(most 
100–200)

2926.1 (53 kg/km2) 35–83 — 21–26 Kuroda et al. 
(2020)

East China Sea 
and Yellow Sea

Shelves Soft 
bottom

2019 Bottom trawl 
(20)

43 hauls 9–19 375.44 (9.64 kg/
km2)

95 — >50 Zhang et al. 
(2020b)

Southern China Shelves Sand 2009–2010 Bottom trawl 4 hauls 0–10 693 (147–5000) 47 ND 23.5 Zhou et al. 
(2011)

US West Coast Shelves Sand 2007–2008 Bottom trawl 
(30)

13 000 cells/606 
sites, stratified 
random 
sampling

55–183 30 23 ND 5.1 Keller et al. 
(2010)

US West Coast Slopes 183–550 59 ND ND ND Keller et al. 
(2010)

US West Coast Slopes/
bathyal

550–1280 129 ND ND ND Keller et al. 
(2010)

Atlantic Ocean

Europe/Atlantic 
and 
Mediterranean

Mixed (sea 
bed, slopes/
abyssal)

Various 
types

Compilation, 
1999- 2011

Trawl 
surveys and 
ROV/
Imagery

35 sites/588 
videos, 7 
platforms

60–5552 Shelves: 222, 
Seamounts: 550, 
Canyons: 870,
Slopes 315,
Ridges 390

40 8 38 Pham et al. 
(2014)
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Southeastern 
North Sea

Shelves Soft 
bottoms

2014–2016 beam trawl 
(10)

122 hauls <40 96–33 675 95 — 76 Gutow et al. 
(2018)

U.K. waters, 
Western North 
Sea

Shelves Sand 1992– 2012 IBTS 
protocol (20)

44 surveys, 
74–441 stations/
year, 0.06–
0.15 km2/
stations

0–200 115 (0–14 550) 72–82 5 ND Maes et al. 
(2018)

Celtic Sea Shelves Soft 
bottoms

2010–2014 OSPAR 
protocol (20)

170/year 0–200 57% of tows with 
litter

84 — 51 Moriarty et al. 
(2016)

North Sea/
Belgium

Shelf Sand 2010 Beam trawl 
(10)

3 tows/site, 5 
sites (41 ha/
sample)

10–30 3125 (max 11 227) 95.7 ND ND Van 
Cauwenberghe 
et al. (2013)

Baltic Sea Shelf Soft 
bottom

2012–2017 Bottom trawl 
(20)

2377 hauls/53 
cruises

10–50 21–25 (2–8 kg) 64–80 — — Urban- Malinga 
et al. (2018); 
Zablotski and 
Kraak (2019)

Baltic- North Sea Shelf Soft 
bottom

2015–2015 IBTS 
protocol (20)

175 hauls 19–70 16.8 (North sea), 
5.07 (Baltic Sea)

83 
(North 
sea), 56 
(Baltic 
Sea)

— >50 Kammann 
et al. (2018)

Spain (Bay of 
Biscay)

— — 2006–2010 IBTS 
protocol (20)

136 hauls 70–500 74 52 — — Lopez- Lopez 
et al. (2017)

Portugal Shelves Soft 
bottoms 
Canyon 
heads

2013 Bottom trawl 2117 km surveys 
(56 km2)

90–350 36 76 — 39 Neves et al. 
(2015)

Morocco Shelves Soft 
bottoms

2012–2015 Bottom trawl 62 stations 50–500 69) 73 — — Loulad et al. 
(2019)

Gulf of Mexico Mississippi 
seabed, 
slopes/abyssal

various 
types of 
bottom

2000–2003 Otter trawl 
(38)

40 hauls, 30 min 
tows/3 knots for 
every 1 km in 
depth

250–3650 140 (0–6500) 44 5.5 27.6 Wei et al. 
(2012)

(Continued)
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Table 6.1 (Continued)

Location Habitat Bottom Date

Method 
(mesh in the 
codend) Sampling Depth (m)

Density, items/km2, 
unless specified 
(min–max)

% 
Plastics % Metals

% Fishing- 
related debris References

U.K. South 
Atlantic Islands

Coastal, 
microplastics

Various 2016–2018 Mini Agassiz 
trawl (150), 
camera 
system/
diving

2498 seabed 
images

100–900 
(trawl)

10/km2 <27 
(fishing 
grounds)

— — Barnes et al. 
(2018)

South Africa Shelves Soft 
bottoms

2019 — 235 hauls 30–850 3.4 items/km2 88 — 22 Ryan et al. 
(2020)

Indian Ocean

India Shelves Soft 
bottoms

2016–2017 Commercial 5 sites, monthly 10–40 10.95 ± 3.05 kg/
km2

(2.1–55 kg/km2)

100 — high 
magnitude

Kaladharan 
et al. (2020)

Mediterranean Sea

Spain/
Mediterranean 
Sea

Shelves Soft 
bottoms

2011–2018 MEDITS 
protocol 
(20°)

1323 hauls 10–800 9.8 kg/km2 29 — — García Rivera 
et al. (2018)

Adriatic Shelves Soft 
bottoms

2014 EU MSFD 
protocol (20)

67 stations 0–100 913 ± 80 80 — ND Pasquini et al. 
(2016)

Adriatic Shelves Soft 
bottoms

2014 EU MSFD 
protocol (20)

121 hauls 10–110 0–2145 86.3 — Limited Fortibuoni 
et al. (2019)

North West 
Pacific Kuril 
Kamchatka

Abyssal plain, 
trench

Soft 2012 Agassiz trawl 12 hauls 4870–
5770

— — — <60 Fisher et al. 
(2015)

Mediterranean 
(NW and Ionian)

Fishing 
grounds

Sand 2009 Iron- framed 
trawl (10)

4 sites, 6 × 
1.5 ha samples/
site

40–80 Tyrrhenian Sea: 
5960, Ionian Sea: 
2510, Spain: 4424, 
Catalunya: 7003

76 <2 8 Sanchez et al. 
(2013)
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Mediterranean 
Sea

Bathyal/
abyssal

Sand 2007–2010 Agassiz trawl 
(12)

292 tows, Otter/
Agassiz trawl, 
12 mm mesh/
codend

900–3000 0.02–3264.6 kg/
km2 (including 
clinkers)

ND ND ND Ramirez- Llodra 
et al. (2013)

North- East 
Adriatic Sea

Shelves and 
canyons

Soft 
bottom

2011–2016 Beam trawl 67 stations 10–260 85 ± 26 kg/km2 34 28 50% of  
plastic is from 
fishing/
aquaculture

Strafella et al. 
(2015)

Central 
Mediterranean 
Sea

Shelves and 
canyons

Soft 
bottom

2015–2019 Bottom trawl 
(20)

600 sites 10–800 79.6 60 — 12 Garofalo et al. 
(2020)

Western part of 
the Turkish 
Black Sea

Shelf Sand 2007–2008 Bottom trawl 
(22)

14 tows Shelf 128–1320 91.4 2.1 <2 Topçu and 
Öztürk. (2010)

Turkey/
Levantine Basin

Bottom/
bathyal

Sand 2012 Bottom trawl 
(24)

32 hauls 
(2.7–8.2 ha/
sample)

200–800 290 (3264.6 kg/
km2)

81.1 2.2 ND Guven et al. 
(2013)

Turkey/North 
Eastern Basin

Shelf Sand 2010–2012 Bottom trawl 
(24)

132 hauls 
(commercial, 
2.5 knots)

20–180 72 (1–585 kg)/h 73 10 7 Eryaşar et al. 
(2014)

Malta Shelves Sand 2005 Bottom trawl 
(20)

44 sites 
(0.042–
0.103 km2/tow)

49–697 97 47 13 ND Mifsud et al. 
(2013)

Mediterranean 
Sea, Sardinia

Shelves, 
fishing 
grounds

Soft 
bottoms

2013, 2014, 
2015

MEDITS 
protocol (20)

302 hauls 
(18.4 km2)

10–800 58.6 ± 5.7 59 17 — Alvito et al. 
(2018)

Mediterranean 
and Black sea

Shelves, 
fishing 
Grounds

Soft 
bottoms

2014 Bottom trawl 
(50)

94 hauls, 
713 km covered

<200 24–1211 45–95 — 2–14 Iokemidis et al. 
(2014)

Turkey/Antalya 
Bay

Shelves Soft 
bottoms

2014–2015 Demersal 
trawl

68 hauls 10–300 13.3–651.1 71 8 ND Olguner et al. 
(2018)
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et al. 2013), textile/ropes (Alvito et al. 2018; Gerigny et al. 2019; Lopez- Lopez et al. 2017; Schlining 
et al. 2013), glass (Alvito et al. 2018; Cau et al. 2018; Debrot et al. 2014; Gerigny et al. 2019), and 
rubber (Alvito et al. 2018).

A wide range of percentages of litter originating from fisheries found around the world was 
reported in Table  6.1, starting at less than 10% in open areas like the Gulf of Cadiz (Mecho 
et al. 2020), the West Coast of the United States (Keller et al. 2010; Watters et al. 2010) in central 
California, and some Mediterranean sites (Sanchez- Vidal et al. 2018) to more than 50% at fishing 
grounds such as the Barents and Norwegian Seas (Buhl- Mortensen and Buhl- Mortensen 2017), the 
East China and Yellow Seas (Zhang et al. 2020b), the Southern California (Watters et al. 2010), the 
southeastern North Sea (Gutow et al. 2018), around the Azores islands (Rodriguez and Pham 2017), 
the Celtic Sea (Moriarty et  al.  2016), fishing grounds in the Mediterranean Sea (Angiolillo 
et al. 2021; Cau et al. 2017; Consoli et al. 2020; Enrichetti et al. 2020), banks and mounts offshore 
Portugal where fishing occurs (Oliveira et  al.  2015; Vieira et  al.  2015), Condor Mount (Pham 
et al. 2013), and finally, although less common, more than 80% on the Abyssal Plain in the South- 
West Indian Ocean and even up to 100% around the Azores (Pham et al. 2014).

Morales- Caselles et al. (2021) performed a comparison between studies and ranked the various 
categories of litter. Typically, the near- shore seafloor exhibits a more diverse range of categories and 
items. The near- shore area presents, in percentage of total items, mainly plastic bags (12.1%), wrap-
pers (11.8%), plastics bottles (85%), and fishing- related items (8.5%). The deep seafloor presents less 
diverse and heavier items such as glass bottles (22.6%), bags (18.5%), cans (10.2%), and fishing- related 
items (6.5%). Food containers were ranked fifth in both near- shore and deep sea environments. 
Synthetic ropes were listed as most common only on the deep seafloor, ranked sixth with 6% of the 
total number of items. Litter items on the near- shore seafloor vary depending on socioeconomic 
regions, with the majority of fishing- related items found in Western countries, East Europe, and 
Central Asia (nets and sinkers). Plastic bottles are ranked first in Southeast Asia and sub- Saharan 
Africa. Wrappers, food containers, and plastic bags are ranked first in East Asia, the Pacific, North 
Africa, the Middle East, Latin America, and the Caribbean. It is obvious that single- use plastic and 
fishing- related items predominate significantly everywhere. Not surprisingly, these are also the types 
of litter policy makers are focusing on for future legislation and measure development.

6.8  Microplastics

In the same way as for large debris, there is growing concern about the implications of the amounts 
and diversity of microparticles in sediments. Most microparticles are tiny plastic fragments known as 
microplastics, although other types of microparticles exist, such as fine fly ash particles emitted with 
combustion gases, rubber from car tyre wear and tear as well as glass and metal particles, all of which 
constantly enter the marine environment (Hidalgo- Ruz et al. 2012). Some microplastics float on the 
sea surface because they are less dense than seawater. Other more dense particles will sink. However, 
the buoyancy and specific gravity of plastics may change during their time at sea due to weathering 
and biofouling, which results in their dispersal across the sea surface, within the deeper water col-
umn, on the seabed, beaches, and within the sea ice (Bergmann et al. 2017, 2019; Harris 2020). There 
is a lack of understanding of the concentrations, cycling, and fate of plastic litter in subsurface waters. 
Recent findings suggest that one of the largest and currently underappreciated reservoirs of marine 
microplastics may be contained within the water column (Pabortsava and Lampitt 2020) and animal 
communities of the deep sea (Jamieson et al. 2019). The difference in mass estimates between micro-
plastic particles suspended in the water column versus large floating surface debris is vast. Estimates 
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vary from 7000 to 35 000 tons (Cózar et al. 2014) to 233 400 tons (Eriksen et al. 2014) at the surface of 
the world oceans, compared to 49.3–89.6 million tonnes suspended in the upper 200 m of the ocean 
as extrapolated from data of Pabortsava and Lampitt (2020) study (i.e. the amount suspended in the 
upper 200 m is ~200 times greater than the amount floating on the surface). Several studies have sug-
gested that deep sea sediments are sinks for microplastics (Barrett et al. 2020; Woodall et al. 2014). 
Barrett et al. (2020) estimate that 14 million tonnes of microplastic reside on the ocean floor. If this 
figure is correct, there is between 3.5 and 6.5 more microplastic currently suspended in the ocean 
water column than has arrived at its final resting place on the deep ocean floor.

The abundance and global distribution of microplastics in seafloor sediments has received increas-
ing scientific attention. Microplastics have been found in sediments everywhere (Table 6.2). Data 
extracted from a review of 80 papers on microplastics in marine sediments (Harris 2020) found higher 
median concentrations of microplastics in fjords (7000 particles/kg dry sediment), followed by 300 
particles/kg in estuarine environments, 200 particles/kg in shallow coastal environments, 50 particles/
kg on continental shelves, and 80 particles/kg for deep sea environments, with fibers as the dominant 
microplastics type. It is important to note one sample may contain a large number of very small parti-
cles (fibers) and a lower mass of plastic than a sample containing fewer, larger particles. Hence, the 
reporting unit of gram of plastic per kilogram is preferable to particles per kilogram when computing 
a mass balance budget. Overall, counts of microplastics in the sediments are highly variable, with 
heterogeneity between sediment cores from the same location sometimes greater than the variation 
across sampling sites (Barrett et al. 2020). These authors suggested that although microplastics were 
numerous, sediments account for only a minuscule proportion of the ocean’s “missing plastic.”

Concentrations of microplastics in sediments range from zero in some samples collected in the 
polar regions (Kanhai et al. 2019) to 13 600 items/kg found in the Southern Ocean, south Australia 
(Barrett et al. 2020). Interestingly, some observations of the deep Arctic seafloor revealed densities 
of plastic debris of up to 6595 items/kg, comparable to those observed in populated areas (Ramírez- 
Álvarez et al. 2020) and even higher than quantities reported by many other studies, including of 
marine canyons (see Table 6.2). These densities were related to atmospheric transport and deposition, 
a notable pathway for microplastics to remote areas (Bergmann et al. 2019). Recently, microplastics 
were even found in snow and stream water samples on Mt. Everest (Napper et al. 2020) (Table 6.3).

On the contrary and in comparison, the levels found in the Mediterranean sediments were not as 
high, remaining at levels of 100–900 items/kg in the North West basin (Alomar et al. 2016; Angiolillo 
et al. 2021; Sánchez et al. 2013), 71 items/kg (maximum at 3640 items/kg) in the Tyrrhenian Sea 
(Kane et  al.  2020), 0–90  items/kg in the Adriatic Sea, 141 and 461  items/kg in Tunisia (Abidli 
et al. 2018), and a maximum of 2433 microplastics/kg in the East Mediterranean basin. The North 
West Pacific does not seem so affected, with most concentrations under 500  items/kg (Chen 
et al. 2020; Sagawa et al. 2018; Zhang et al. 2019, 2020a, 2020b; Zheng et al. 2019; Zhu et al. 2018), one 
at 700 items/kg (Peng et al. 2020), and a maximum value at 1674 items/kg sediment (Sui et al. 2020).

In contrast to macroplastics, microplastic concentrations are mostly unassociated with local 
sources of contamination and no clear trends between sediment grain size and microplastic deposi-
tion in sediments was found (Llorca et al. 2020). Several studies highlighted the importance of fibers, 
with most reporting over 50% of microplastics as fibers, often reaching 70–90% of the total. 
Microplastics in deep sea sediments contain some orders of magnitude with more microplastics com-
pared to contaminated sea surface waters, supporting the hypothesis of them being a repository of 
microplastics (Llorca et al. 2020). In laboratory flume studies, Pohl et al. (2020) showed that micro-
plastic fragments become relatively concentrated within the base of turbidity currents, where fibers 
are preferentially removed from suspension and buried in the deposits as they are trapped between 
settling sand grains. The presence of fibers may also be related to contamination during sampling or 



Table 6.2 A review of data published since 2010 on seafloor litter, as collected by imagery (remotely operated vehicles or diving in shallow waters).

Location Habitat Bottom Date Sampling Depth (m) Density (min–max) % Plastics % Metals
% Fishing- 
related debris References

Polar regions

Fram Strait, 
79°N

Abyssal plain Sand 2002–2014 One transect/
year, 5 samples 
(1427–2747 m2)

2500 5351–8082 items/
km2

47 7 — Tekman et al. 
(2017)

Barents Sea Fjords, 
valleys, 
shelves, 
slopes, 
abyssal

Soft 2008–2017 23 cruises, 1778 
transects (700 × 
3 m2), 3 735 
900 m2 samples

100–1500 230 items/km2 
(174 kg/km2)

6 — > 50 Buhl- Mortensen 
and Buhl-  
Mortensen (2017)

Norwegian Sea Soft 646 items/km2 
(601 kg/km2)

6.5 — Buhl- Mortensen 
and Buhl-  
Mortensen (2017)

Pacific Ocean

Western Pacific Margin to 
hadal

All types 2004–2014 188 dives 
analyzed

100–10 899 11–342 items/km2 33 26 — Chiba et al. 
(2018)

Northern South 
China Sea

Canyons 2018 7 dives 
(33.8 km)

1729–3378 < 500 items/km2 
(36 818 and 51 
929 items/km2 in 
2 canyons)

>50 — — Peng et al. (2019)

Japan, offshore 
water

Trenches Various From 
JAMSTEC 
databank

3 dives (15 
h52 min) 
analyzed on 
4861 available

299–400, 
1086–1147, 
1682–1753

15.9 debris/h 42.8 16.6 12.7 Miyake et al. 
(2011)

Central 
California

Canyons and 
shelves

Various 2007 112 ROV 
transects, 
26.6 km

90–382 3500 items/km2 
(0–38 000)a

95 3.5 94 Watters et al. 
(2010)

Southern 
California

Canyons and 
shelves

Various 2002 321 ROV 
transects, 
121.6 km

18–570 2000 items/100 m 
(0–30 000) a

41 38 58.5 Watters et al. 
(2010)

Monterey 
Canyon, 
California

From margin, 
slopes (0–40°) 
to abyssal

Various 1989–2011 50 m2 grid cells, 
2429 km2 in 
total

25–3971 632 items/km2 33 23 — Schlining et al. 
(2013)
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Atlantic Ocean

Azores, Portugal Condor 
seamount

Rocky 2010–2011 45 dives 185–256 1439 items/km2 No plastic — 89 (73% 
fishing lines)

Pham et al. (2013)

Azores, Portugal Condor 
seamount

Rocky 2010–2011 3 dives, distance 
× average width

292–1070 397 items/km2 No plastic — 90 Pham et al. (2013)

Portugal Mount 50% rocky, 
50% Soft

2011 3 dives 8800 m 93–553 1.67 ± 1.44) 
items/100 m

5% plastic 
bags

— 87 Oliveira et al. 
(2015)

Atlantic, Azores Margin/
slopes

Various 2009–2011 56 dives, 36 
transects, 
45.2 km

40–525 2.6 items/km 67 5 64 Rodrigues and 
Pham (2017)

Atlantic/Gulf of 
Cadiz

Bathyal/ Slopes/
canyon/
bottom

2014 17 dives, 
0.11 km2/total

220–1000 692–2440 items/
km2

33 34 6 Mecho et al. 
(2020)

Portugal 4 Canyons Various 2007 16 ROV dives, 
60 km

850–4574 1100 (417–6600) 
items/km2 a

68 ND 10 Mordecai et al. 
(2011)

SW Indian 
Ocean

Abyssal plain — 2011–2013 5 — 377 items/km2 
(59–1223)

25 25 25 Woodall al. (2014)

Atlantic/Bay of 
Biscay

Canyons — 2009–2010 29 canyons 470–1500 1.66/km (0–8.6) 42 — 16 Van Den Beld 
et al. (2016)

U.K. South 
Atlantic Islands

Coastal, 
microplastics

Various 2016–2018 2498 seabed 
images

100–900 
(trawl)

10/km2 <27% 
(fishing 
grounds)

— — Barnes et al. 
(2018)

Indian Ocean

SW Indian 
Ocean

Abyssal plain — 2011–2013 5 900–1000 708 items/km2 
(75–1739)

<10 — 84 Woodall et al. 
(2014)

Mediterranean Sea

South 
Tyrrhenian

Margin and 
canyon head

Various 2012–2016 21 dives, 11 
979 m survey

17–541 563 items/km 86 — — Pierdomenico 
et al. (2020)

(Continued)
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Location Habitat Bottom Date Sampling Depth (m) Density (min–max) % Plastics % Metals
% Fishing- 
related debris References

North Ionian 
Sea/Messina 
Strait

Canyon Various 2016 7 dives, 6420 m 
survey

243–581 1200/km (max at 
20 000)

78 (52% 
of total as 
SUPs)

— 0.9 Pierdomenico 
et al. (2019)

North West 
Mediterranean 
Sea

Canyons/
slopes and 
abyssal plain

Various 2018 7 dives, 41, 
480 km survey 
(102 km2)

340–2200 563 items/km2 
(14/km)

56 ND 52 (largely 
polymers)

Angiolillo et al. 
(2021)

Malta, 
Mediterranean 
Sea

Margin edge Rocky 2013 1 dive, 2 km 250–400 463 items/km2 — — 97 (FAD 
area)

Consoli et al. 
(2020)

Sardinia Slopes Various 2013 17 sites, 29 ROV 
dives (15 
canyons)

100–480 17 500 10 6 78 Cau et al. (2017)

NW 
Mediterranean 
Sea

canyons 
(head and 
slopes)

All types 
(45% hard 
bottom)

2015 5 sites, 27 
838 m2

0–445 5232 items/km2 — 1.5 85 Giusti et al. 
(2019)

French 
Mediterranean

Slopes Rocky 
bottoms

2009 17 canyons, 101 
dives, 159.3 km 
surveys

80–700 3.01/km survey 
(0–12)

12 
(0–100)

27.1 38.6 (0–100) Fabri et al. (2014)

Malta Shelves Soft 
bottoms/
fishing 
ground

2013 4000 m2 250–450 46 300 items/km2 3 — 96 (fishing 
ground)

Consoli et al. 
(2020)

Table 6.2 (Continued)
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Table 6.3 A review of data published since 2010 on sediment microplastics.

Location Bottom type Date Method Sampling Depth (m)
Density
(min–max) %fibers References

Polar regions

Antarctic, Ross 
Sea

Shelves 2015 Van Veen grab, 
0.18 m2, visual 
sorting (<5 mm)

31 sites 25–140 5–1705 plastic debris per m2 42.8% fibers Munari et al. (2017)

Antarctic, Ryder 
Bay

Bay 2016 Diving or box 
coring

20 sites 10–2125 0–5/10 mL sediments 42% fibers Reed et al. (2018)

Arctic, Fram Strait Abyssal plain 2016 Cores tubes 9 samples 2340–5570 42–6595 items/kg — Bergman et al. 
(2017)

Central Arctic Abyssal plain 2016 Piston corer/
density 
separation

11 sites 855–4353 0–200 items/kg 55% (5 on 9) Kanhai et al. (2019)

Svalbard (South) Abyssal 2011 
(samples 
from 2001)

Core sediments 2 1000–2000 12.5/50 mL sediments — Woodall et al. 
(2014)

Pacific Ocean

NW Pacific Abyssal plain 
+ trench

2012 Corer 12 4870–5770 <100 items/kg 75% Fisher et al. (2015)

China, Jiaozhou 
Bay

Bay 2018 PVC cylindrical 
corer

scuba diving, 
5 samples, 
32–4431 μm

<10 7–25 items/kg 70.6–90.4% Zheng et al. (2019)

Polar Ocean, 
Mediterranean,
North Atlantic,
Gulf of Guinea

Abyssal plain 2012 core sediment 
(<1 mm)

4 regions,
1 site/region,
3 replicates 
each

2750–4880
4840–4840
4790
1180

Southern Ocean: 70
North Atlantic Ocean: 210
Gulf of Guinea: 0
Mediterranean Sea: 70

Extrapolated 
from densities 
(Barrett 
et al. 2020)

Van Cauwenberghe 
et al. (2013)

Pacific ocean

North Yellow Sea,
China

Open sea 2016 Box corer 30 
μm–5 mm

19 sites,
30 μm–5 mm

40 37.1 items/kg 35% fibers Zhu et al. (2018)

(Continued)
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Location Bottom type Date Method Sampling Depth (m)
Density
(min–max) %fibers References

Japan, Hiroshima Bay Smith Mac in 
tyre box coring, 
0–11 cm

6 sites, 
0–11 cm

< 20 24–253 items/kg — Sagawa et al. (2018)

China, Yellow Sea, 
Sanggou

Bay 2015–2016 Van Veen grab 8 sites, 0- 2 cm 7.5 (mean) 1674 ± 526 items/kg 58% from 
marine culture

Sui et al. (2020)

China, Yellow Sea, 
Shishili

Bay 2017 Steel box 
sample, 0–5 cm, 
density 
separation,

28 sites, 35 
μm–4.985 mm

4–24 499.76 ± 370.07 — Zhang et al. (2019)

China, marginal 
seas

Shelves 2016 Stainless steel 
box sampler

75 sites 12–78 171.8 items/kg (Bohai Sea, 
Northern Yellow Sea and 
Southern Yellow Sea)

93.88% Zhao et al. (2018)

23.6 items/kg (North Yellow 
Sea)

72 items/kg (South Yellow 
Sea)

Western Pacific Abyssal plain 2018 Stainless steel 
box corer, 
0–5 cm, density 
separation

15 sites 4601–5732 240 items/kg 52% fibers Zhang et al. (2020)

East China Sea 
and Yellow Sea

Shelves 2017 Stainless steel 
box corer, 
0–5 cm, density 
separation

25 sediment 
samples

10–115 150 items/kg 77% fibers Zhang et al. (2019)

China, South 
China Seas

Shelves, 
canyon, 
though

2018 Push core 
sampler

24 samples 24–3400 224 pieces/kg dry weight — Chen et al. (2020)

Western Mexico, 
Todos Santos Bay

Bay 2016 Van Veen grab, 
0.1 m2, 0–5 cm

19 samples 10–400 4720 (850–24 940) items/m2 10–91% Ramirez Alvarez 
et al. (2020)

California — 2009 corer 1 core 577 Sedimentation rate: 
30 items/100 cm2/year

67.5% Brandon et al. 
(2019)

Table 6.3 (Continued)
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Southern Ocean

Great Australian 
Bight

Abyssal plain 2017 Mini core 
sediment

6 sites, 16 
samples

1655–3062 13 600 items/kg 10% fibers Barrett et al. (2020)

Polar Ocean Abyssal plain 2012 Core sediment 3 2750–4880 70 items/kg Extrapolated 
from densities 
(Barrett 
et al. 2020)

Van Cauwenberghe 
et al. (2013)

Indian Ocean

SW Indian Ocean Abyssal plain — Core sediment 7 1400–2200 1.3/50 mL sediment — Woodall et al. 
(2014)

Baltic Sea

Southern Baltic Shelf 2015–2016 core sediment 8 cruises,
53 samples

3–215 863 ± 1371 items/kg dry 
weight (103–10 179)

74.5 Chubarenko et al. 
(2020)

Atlantic Ocean

North Atlantic Abyssal plain 2012 Core sediment 3 4840 210 items/kg Extrapolated 
from densities 
(Barrett 
et al., 2020)

Van Cauwenberghe 
et al. 2013)

Southern North 
Sea/Channel

Shelves 2013–2014 Van Veen grab 29 sites <40 0–3146 particles/kg 47 Maes et al. (2017b)

Southern North 
Sea (coastal)

Abyssal plain — core sediment — — 2.8–1188.8 items/kg — Lorenz et al. (2019)

Belgium Shelves and 
coast

— Van Veen grab, 
0.1 m2

5 sites (harbors 
and coastal)

<30 0.84–7.21 mg/kg
(38 μm–1 mm)

59% fibers Claessens et al. 
(2011)

Southeastern 
Baltic Sea

Coastal 
sediments

2015 Transect, 
rectangular 
hand- operated 
dredge

7 samples 3–30 34 ± 10661 items/kg 4–46% Zobkov and 
Esiukova (2017)

Gulf of Guinea Abyssal plain 2012 Core sediment 1 (3 
replicates)

4790 0 Extrapolated 
from density 
(Barrett 
et al., 2020)

Van Cauwenberghe 
et al. (2013)

(Continued)
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Location Bottom type Date Method Sampling Depth (m)
Density
(min–max) %fibers References

Mediterranean Sea

NW 
Mediterranean 
Sea

Canyons/
slopes and 
abyssal plain

2018 Core sediment 
(MSFD protocol)

7 dives, 11 
samples

446–2034 449 items/kg
(212–1.040)

— Angiolillo et al. 
(2021)

NW Mediterranean 
Sea

— — Core sediment 29 sites 42–3500 390–410 items/kg — Sanchez- Vidal et al. 
(2018)

Central Adriatic Shelves 2015 140 km transect, 
Van Veen grab/ 
0.1 m, 1.5 mm

16 stations/4 
replicates

7–142 2.5–87 items/m2 69% fibers Mistri et al. (2017)

Tyrrhenian Sea, 
Sardinia/Corsica

Slope, bathyal, 
and abyssal

2008 Box corer, 
0–5 mm

16 sediments 100–1400 71 items/kg
(max 3640)

70–100% Kane et al. (2020)

Croatia Coast 2015 Core sampling/
diving, sieving/
NaCl separation

10 sites,
3 replicates

3–15 0–90 items/kg 90% fibers Blašković et al. 
(2017)

Tunisia Lagoons, 
coastal 
sediments

2017 Core sediment, 
0–3 cm

5 sites, 
0.1–5 mm

<20 141–461 items/kg 67% fibers Abidli et al. (2018)

Balearic Islands Coastal 
sediments

2013 Core tubes, 
0–3–5 mm

3 sites <20 100–900 items/kg 20–80% Alomar et al. (2016)

Spain/
Mediterranean 
Sea

Shelves — Bulk sediments, 
density 
separation (1.2 
μm–5 mm)

10 stations <200 113.2 ± 88.9 microplastics/
kg dry weight

82% fibers Filgueiras et al. 
(2019)

Lebanon Coast 2018 Steel ring, ZnCl2 
separation
1–5 mm

3 stations Coastal 
(500 m 
offshore)

2433 microplastics/kg dry 
weight

Limited 
number of 
fibers

Kazour et al. (2019)

Mediterranean 
Sea

Abyssal plain 2012 Core sediment 2 1180 70 Extrapolated 
(Barrett 
et al. 2020)

Van Cauwenberghe 
et al. (2013)

Table 6.3 (Continued)
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analysis, requiring special attention to avoid interference in assessments and comparisons (Brandon 
et al. 2019; Willis et al. 2017).

Litter on the seafloor may be difficult to monitor, already the case near- shore, and even more so in 
remote areas, which is a constraint for regional and global assessments. The seafloor represents an 
ultimate sink for all materials lost and discarded, with variable concentrations found ranging from 0 
to 20 000  items/km (Peng et al. 2020; Pierdomenico et al. 2019). The interpretation of quantities 
found is further complicated because the degradation and aging of plastics at depth is unknown and 
the accumulation of debris varies per location. Measuring how much litter is on the seafloor is, there-
fore, challenging due our limited knowledge of this environment (Canals et al. 2020). In 2014, a 
rough estimation of the number of seafloor litter items was given, based on evaluations in open 
oceans, resulting from large- scale studies using both trawls and ROV surveys (Galgani et al. 2014).

The estimated number of litter items in the three main oceans (Pacific, Atlantic, and Indian) and 
the Mediterranean Sea, which all together cover a surface area of 385 000 000 km2 (worldatlas.
com), adds up to 71.5–116 billion macroplastic items on the seafloor.

For microplastics, the scaling up of empirical data to a global approximation indicates that there 
could be as much as 14.4 million tons of microplastics in the top 9 cm of sediment throughout the 
world’s oceans (Barrett et al. 2020). This means that the ocean seafloor contains between 282 and 
450 times the standing stock of plastic at the surface, compared to surface estimates of 30 000 tons 
of microplastics (Eriksen et al. 2014). It is clear that many hot spots have yet to be discovered since 
our actual coverage is highly limited in terms of available data, and we know very little about deep 
sea currents and probable deep convergence zones.

6.9  Impacts

One of the main impacts of marine litter on the seafloor is entanglement by marine fauna. It 
involves benthic and demersal organisms (Angiolillo and Fortibuoni 2020) and has been described 
on seamounts, canyons, and various areas around the globe (Angiolillo et  al.  2015; Oliveira 
et al. 2015; Rodriguez and Pham 2017; Woodall et al. 2015). In a recent review, worldwide, 418 
reef- associated species from across eight taxa were reported to be entangled, leading to major 
implications for conservation (De Carvalho- Souza et al. 2018), highlighting cnidarians as the main 
taxa affected by entanglement on the seafloor.

On the seafloor, and in particular the deep sea, some taxa of cnidarians, because of their arbores-
cent morphology and sessile characteristic, are able to create habitats, forming forests or reefs that 
attract large amounts of associated fauna, enhancing biodiversity (Davies et  al.  2007; Roberts 
et al. 2006; Rossi et al. 2017b). Often, these species are slow growing and long living, exposed to 
anthropogenic impacts, such as fishing activities, and, therefore, recognized as being Vulnerable 
Marine Ecosystems (VMEs). Several VMEs, such as cold water coral reefs, hydrothermal vents, 
canyon heads, and seamounts, can be found on the seafloor and in the deep sea (Danovaro 
et al. 2020; Van Den Beld et al. 2016). These VMEs support a greater abundance and diversity of 
vulnerable sessile organisms and pelagic and demersal fish (D’Onghia et al. 2010) and are recog-
nized as important fishing grounds for commercial and recreational fishing (Mecho et al. 2020). 
Consequently, a large amount of lost fishing gear is recorded entangled on the arborescent coral 
species, and other seafloor litter is observed in these habitats (Pham et al. 2014; Tubau et al. 2015). 
The Mediterranean Sea, e.g. contains more than 500 submarine canyons widespread along the 
continental margin and over 242 recorded seamounts and seamount- like structures (Danovaro 
et  al.  2020; Maurizio and Rovere  2015). Although largely unsurveyed and understudied (Bo 
et al. 2014, 2019), the impact of marine litter is widely recognized (Battisti et al. 2019).

http://worldatlas.com
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Other benthic organisms, such as crabs, cephalopods, echinoids, fishes, and many small 
invertebrates, can get caught in litter items (e.g. derelict pots) on the seafloor, with lethal conse-
quences (Angiolillo and Fortibuoni 2020; Ayaz et al. 2010). This form of entanglement is called 
ghost fishing. The factors that influence the probability of an vagile organism being entangled 
in or strangled by litter include the size and structure of the litter item, water turbidity, water 
depth, and the behavioral traits of the animals itself (Kühn et al. 2015).

Although entanglement has been documented for many different types of litter, most records 
involve fishing gear, especially ALDFG, with a frequency of incidence that varies by region, type, 
and quantity of marine litter. ALDFG can have many different impacts on the environment, includ-
ing the continued catch of target species, the catching of nontarget species, the entanglement of 
organisms, and the physical impact of the gear on the benthic environment (Gregory 2009).

In some cases, ALDFG may represent almost 100% of total debris, especially in fishing grounds 
(Consoli et al. 2018b; Pham et al. 2014) with monofilament fishing lines being the most abundant 
and dangerous kind of litter, representing the largest part of entanglement records (Consoli 
et al. 2018a). The physical contact of the fishing gear with sessile fauna may cause visible damage. 
The long- term effect of lines and ropes may eventually lead to abrasion, ruptures, open wounds, 
and epibiosis. At a seamount, offshore Portugal, up to 31% of litter was found to cause direct 
impacts on sessile organisms, either entangling fauna (27.6% – lines, ropes, and nets) or covering 
portions of the rocky reef (3.5% – nets). Coiled- up fishing lines were the primary source of entan-
glement, mainly for complex or branching fauna such as sponges and corals. The extensive use of 
specific types of fishing gear in certain areas, such as FADs, leads to a representation of nearly 
100% of the total seafloor litter items observed (Malta; Sinopoli et al. 2020), a major source of dis-
turbance for benthic communities (D’Alessandro et al. 2020).

Another form of litter impact is the coverage (Angiolillo and Fortibuoni 2020). It is mainly linked 
to fishing gear (in particular nets) but also to other litter such as plastic sheets and bags. Coverage 
can induce stress in sessile organisms determining suffocation by depriving them of light and oxy-
gen. When wide portions of sediment are cover by marine litter, the recolonization of large organ-
isms and the gas exchange may be impeded (Kühn et al. 2015).

Marine litter may also provide new habitats, locally favoring diversity, or colonization, although 
its impact and consequences on endemic species assemblages are currently unknown. Indeed, this 
type of interaction between benthic fauna and litter is rarely quantified in the literature and is 
generally regarded as a neutral or even positive relationship. The introduction of hard materials 
increases habitat heterogeneity at a small scale (Bergmann and Klages 2012), providing suitable 
substrates for some species on soft and hard bottoms (Angiolillo et al. 2015; Mordecai et al. 2011b; 
Schlining et al. 2013; Watters et al. 2010).

Litter has been found to be colonized by a variety of marine taxa, most of which include Actinians, 
Serpulids, Hydroids (Mordecai et al. 2011b; Van Den Beld et al. 2016; Wei et al. 2012), Brachiopods 
(Ramirez- Llodra et al. 2013), Tunicates, and Bryozoans (Cau et al. 2017). The percentage of cover-
age is highly variable, determined by different parameters, e.g. diversity of items, depth at which 
they occur, the type of habitats, and environmental factors. However, substrates can often be colo-
nized to such an extent that old litter items may be completely covered by organisms, such as for any 
other artificial substrate, for instance shipwrecks (Cau et al. 2017; Van Den Beld et al. 2016).

Also hard substrates, such as clinker debris and ammunition, can be colonized by sessile organ-
isms (Mecho et al. 2020; Neves et al. 2015). Nets stretched across soft bottoms can provide fixation 
points for unusual concentrations of filter feeders, such as Leptometra sp., apparently because this 
creates an advantageous position to gather food from the bottom currents (Oliveira et al. 2015). 
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Litter items may also provide protective structures for mobile fauna, in particular for fish (Bergmann 
and Klages 2012; Watters et al. 2010), crustaceans, and cephalopods. Other organisms, such as 
starfish, crabs, and echinoids, are also commonly observed around fishing nets scavenging on 
other settlers or on litter- entangled animals (Angiolillo et al. 2015). Some organisms can use litter 
items as a substitute for burrows to hide, for instance cephalopods are commonly observed in 
ceramics on muddy bottoms (Ayma et al. 2016).

The rate of colonization, measured as the percent of litter items colonized by species, is a good 
indicator for this type of interaction. This percentage is variable, dependent on the region, type of 
substrate, depth, and composition of the ecosystem the litter item resides in. In the Bay of Biscay, 
13.6% of the observed litter items were colonized. Similar values were reported in the deep Western 
Pacific (17%, Chiba et al. 2018), whereas higher percentages of colonization were recorded in the 
Mediterranean Sea: 37% of the items were colonized in Sicily (Consoli et al. 2018a), 65% of the 
observed items (with epibionts covering almost 100% of the available surface) in Sardinia (Cau 
et al. 2017), 67% of the items reported in the Arctic (Bergmann and Klages 2012), and 80% of litter 
reported in the northwestern Mediterranean Sea (Angiolillo et al. 2015).

In addition to the colonization of seafloor litter by macrofauna, small invertebrates may take 
advantage of the presence of plastic on the seafloor. Although there is no extensive catalog of spe-
cies that settle, recent work using electron microscopy demonstrated a large variety of unicellular 
(radiolarians, foraminifera) and small invertebrates (Bachiopods, encrusting worms) colonizing 
the various types of litter in the deep sea (Figure 6.4). This opens a new field of research; more 
knowledge is needed to better understand how litter favors certain species in hostile and remote 
environments, in particular in areas where hard substrates are largely absent.

Seafloor litter is not only harmful to the environment but also contributes to socioeconomic 
impacts. For some species, unwanted bycatches by ghost fishing, depending on the species and 
location, may reach a significant share of stock losses (GESAMP 2021). Losses of stocks resulting 
from ALDFG were shown to reach up to 1–3% for the European hake Merluccius merluccius in the 
Mediterranean, 5% for the Cod Gadus morhua, and more than 20% for halibut (Hippoglossus sp.) in 
Norway. Seafloor litter may generate considerable gear- retrieval costs and maritime accidents 
(GESAMP 2021). Serious problems have been caused by containers and large fishing gear lost or 
abandoned on the seafloor. Fishermen also have to clean nets and catches and sometimes need to 
remove dangerous items (e.g. paints, chemicals, ammunition) collected from the seafloor, which 
might affect the quality of catches and the safety of fishermen.

Microparticles, especially microplastics and microfibers, have been found in seawater, sedi-
ments, and biota, polluting marine habitats around the world (Barrows et al. 2018; see Table 6.2). 
Their widespread distribution and accumulation raises concerns regarding their interaction 
with and potential effects on marine biota, including zooplankton. Several cases of plastic inges-
tion, in particular by benthic fishes, are known to occur near the seafloor, with potential inges-
tion of hazardous chemicals (Anastasopoulou and Fortibuoni 2019; Deudero and Alomar 2015). 
However, suspension and deposit feeders may also accidentally or selectively ingest microplas-
tics from the seafloor. Microplastics ingestion by coral polyps gives detrimental consequences 
for the colonies (Hall et al. 2015). A recent study reported increased mortality in oysters who 
were chronically exposed to environmental loads of microplastics in the lab (Maes et al. 2020). 
Therefore, taking into account the precautionary principle, plastics and microplastics represent 
a significant environmental threat to the marine environment. Furthermore, the impact of 
microparticles on seafloor species and related community effects forms a new area of future 
scientific interest.
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(a) (b)

(c) (d)

(e) (f)

(g) (h)

Figure 6.4 Diversity of organisms settled on various litter types collected in the Deep North West Mediterranean 
Sea. (Cruise Ramoge/IFREMER, 2018, Credit E. tambutté, CSM). Electron microscopy of organisms settled on plastic 
bottles (a: Chitinous envelope of a scyphozoan polyp, 1440 m; b: Foraminifera, 1440 m; c: Bryozoa, 700 m; d: 
Bryozoa and microscleres from sponges, 410 m), on rubber (e: Spicules of a sponge, 700 m), on glass (f: Bryozoa, 
1050 m), and on PolyChloroVinyls (g: Chelae of sponge/microscleres, 410 m; h: Bryozoa on bryozoa, 410 m).
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6.10  Trends and Monitoring

Because litter on the seafloor is usually not retrieved, monitoring it will tend to reflect accumula-
tion processes. Interpreting trends is also difficult because the consequences of aging of plastics at 
depth are unknown and their accumulation on the seafloor certainly began before scientific inves-
tigations started in the 1990s. Timescales of observation should, therefore, be adapted, requiring 
multiannual frequencies for deep seafloor surveys. General strategies for the investigation of sea-
floor litter are similar to those used to assess the abundance and composition of benthic species. 
This enables an opportunistic evaluation to be achieved through widespread biodiversity sampling 
by diving, trawling, and video/photographic surveys. Recently, trends in the amounts of litter have 
been analyzed and discussed (Galgani et al. 2021; GESAMP 2019).

Details on the amounts of litter and plastic on the floors of all seas are needed to properly 
evaluate trends, but such an evaluation is impossible since rates of sinking, behavior on the sea-
floor and degradation and persistence mechanisms are not fully understood. Time- series data on 
the composition and abundance of microplastics are sparse. As mentioned by Galgani et al. (2021), 
monitoring programs or assessments also often report on the results of single surveys and cover 
different spectra of sizes, types, and shapes. Sampling for microplastics also remains a complex 
task with various sizes considered, different methods of counting and characterization, and a high 
risk of sample contamination by fibers, also leading to confusion between natural and polymer 
materials. Moreover, studies from different locations or time periods cannot currently be 
accurately compared since harmonization and common analytical approaches are not sufficiently 
considered for greater comparability.

Typically, available evidence on long- term trends suggests various patterns in concentration of 
seafloor litter, plastic, and microplastics in sediments. However, most of the work based on regular 
and periodic monitoring surveys has not demonstrated any real trend in these quantities.

Galgani et al. (2021) described while specific oceanographic features such as converging cur-
rents have explained increasing amounts above the Arctic Circle (Tekman et al. 2017), most sea-
floor litter studies have shown constant levels of litter and plastic. No change was measured in 
Spain between 2007 and 2017 (García- Rivera et al. 2017) or in the North Sea (Maes et al. 2018). A 
slight increase in seafloor plastics was observed in recent years only in the Baltic (excluding fishing 
gear; Zablotski and Kraak 2019), while results from observations in France showed mixed trends, 
including decreasing amounts between 2000 and 2013, then increases since 2013. No trend was 
identified in Chinese waters for seafloor litter between 2007 and 2014 (Zhou et al. 2011), with a 
similar result from data collected during regular State monitoring between 2011 and 2018. In con-
trast, a decrease in total seafloor litter was measured between 2007 and 2017, in both the Alboran 
Sea (García- Rivera et al. 2017) and the northern Adriatic (Strafella et al. 2015), without significant 
temporal trends for plastic in the remaining Adriatic.

Only a few studies have described trends in microplastics in sediments (Harris 2020). Brandon 
et al. (2019) analyzed microplastics in core sediment layers from California over a span of 175 years, 
suggesting an increase in the amounts of microplastics, proportional to plastic production world-
wide. Two core samples collected from the Derwent estuary in Tasmania, Australia, showed that the 
MP abundance decreases with depth down- core in both cores (Willis et al. 2017). These authors 
reported finding fibers in core layers from periods before the 1950s, when polymers did not exist. 
Martin et al. (2020) used radio carbon dating of cores from the Irish continental shelf to infer sedi-
ment accumulation rates and also found MP occurring at depths that should have predated the 
invention of plastic. Finally, Courtene- Jones et al. (2020) employed the 210Pb method to estimate 
accumulation rates in deep sea sediment cores and also found plastic particles occurring at depths 
down- core that predated the invention of plastic. Although contamination is a possible explanation, 
Courtene- Jones et al. (2020) proposed an alternative hypothesis that very small microplastic 
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particles are transported vertically downward via pore water through the sediment. A similar 
hypothesis was proposed by Hidalgo- Ruz et al. (2012) to explain the occurrence of microplastic 
particles in beach sands. Further research is needed to test the hypothesis of pore water transport of 
microplastics.

The mass of plastic that has entered the oceans is equal to the mass sequestered in different sedi-
mentary environments plus the amounts floating on the ocean surface and suspended in the water 
column. Barrett et al. (2020) estimate the total mass of microplastics that has accumulated in deep 
sea sediments is 14 million tonnes, while extrapolation of data from Pabortsava and Lampitt (2020) 
to the global ocean suggests 49.3–89.6 million tonnes of microplastics is suspended in the upper 
200  m of the ocean. The amounts of macro-  and micro- plastics that are presently trapped on 
beaches, in estuaries, deltas, and other coastal and shelf environments are unknown, although the 
available evidence suggests that shallow water, coastal environments probably, contain the major-
ity of plastic that has entered the ocean (Harris 2020). Given these uncertainties, and until the 
amounts of plastic recorded in surveys from different sedimentary environments are evaluated 
systematically and their dynamics are better understood, the identification of possible trends will 
remain a challenge.

Regarding impacts, epibenthic communities dominated by sessile suspension feeders (e.g. 
corals, gorgonians), the so- called “marine animal forests,” have strong potential for monitoring the 
temporal and spatial trends of entanglement between marine organisms and marine litter (Galgani 
et al. 2018). Their increased vulnerability to damage is due to their large morphologies, which eas-
ily snagged fishing line, the slow growth rate and longevity (Sheehan et al. 2017), their wide distri-
bution in shallow and deep waters (Rossi et al. 2017a), and their exposure to marine litter, occurring 
in both fishing areas (Consoli et al. 2018a; Pham et al. 2013) and remote areas after long- distance 
litter drifting (Pham et al. 2014). Their sessile characteristic allows the precise location of entangle-
ment events to be measured, which is not the case for migrating or mobile organisms. In addition, 
their immobility reduces the risk of misinterpretation due to possible interaction with active fish-
ing gears. Consoli et al. (2018a) observed a significant positive relationship between the number of 
litter–fauna interactions and mean litter density, concluding that this indicator could be consid-
ered a good tool for monitoring the impact of marine litter on benthic communities. Galgani et al. 
(2018) noted that regular assessments through opportunistic approaches such as the monitoring of 
biodiversity in coral reef assemblages by diving or via submersible/ROV operation in deeper areas 
are possible. Adding marine litter as a routine survey variable in long- term reef monitoring pro-
grams of biodiversity (e.g. Reef Check, www.reefcheck.org) is recommended (De Carvalho- Souza 
et al. 2018) and should be implemented on a regular basis. For the deep sea, organizing databases 
that compile photographic records of litter on the seafloor (Chiba et al. 2018), such as the Deep- sea 
Debris Database (Chiba et al. 2018) with records from around the world, or more regionally for 
data from trawling (DATRAS 2010; ICES/IBTS 2017; Spedicato et al. 2019) will support the imple-
mentation of future global monitoring through data collection.

Data collection is also critical to improve knowledge about the fates and impacts of ALDFG, a 
key and distinct part of the global marine debris issue. Novel approaches to ALDFG data collec-
tion, such as engaging citizen snorkelers and scuba divers to collect data about underwater ALDFG, 
and collaborating with NGOs, marine parks, and wildlife rehabilitation organizations to access 
data about fishing gear ingestion impacts, are helping to fill previous ALDFG knowledge gaps 
(Richardson et al. 2019). The Global Ghost Gear Initiative’s work (http://globalghostgearportal.
net/dp/index.html) to develop a publicly accessible database that allows for standardization of, 
and comparison between, different ALDFG data sets from around the world has proved to be a 
powerful tool for informing on trends and supports the further retrieval of lost gear.

http://www.reefcheck.org
http://globalghostgearportal.net/dp/index.html
http://globalghostgearportal.net/dp/index.html
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Other databases such LITTERBASE (https://litterbase.awi.de/) summarizes results from 
thousands of scientific studies related to marine litter, including the seafloor. We think that a data-
base intended to host data on microplastics in sediments is still needed; likewise with maintaining 
a list of species found settled on seafloor litter.

The establishment of international frameworks on monitoring deep sea plastic pollution and a 
data- sharing protocol is key to delivering support to the effective management of plastic pollution 
and the conservation of deep sea ecosystems (Maximenko et al. 2019). However, there is no consen-
sus on a standard classification of deep sea plastic pollution, despite some initiatives proposed 
regionally for regular monitoring such as are in use in the Action Plans of regional seas conventions 
like OSPAR, NOWPAP, Barcelona (GESAMP  2019), and interregional programs such as MSFD 
(Galgani et al. 2013). For example, a data management plan for marine litter has been developed at 
the European level within the existing EMODnet network to collect, homogenize, and provide 
access to standardized data sets and data products that may be used as a basis for seafloor litter 
assessment at the pan- European scale (Molina Jack et al. 2019). Harmonization with other national 
or regional platforms is a long- term perspective (GESAMP 2019), and it also provides a scientific 
and technical basis for a more global rationalized and integrated observation system.

6.11  Management Measures and Perspectives

Since the seafloor is major sink for marine litter, it is, therefore, an important component of the 
marine environment to consider in priority for reduction measures. Understanding that manage-
ment will first prevent littering through the implementation of various and common approaches 
on land (improving recycling, bans, new plastic materials, improving water treatment, etc.) and at 
sea (implementation of port reception facilities, best practices, etc.), direct actions on the seafloor 
are also necessary despite being challenging.

Legal and technical measures to ensure that littering at sea is minimized have been drawn up by 
international bodies (MARPOL, Basel convention, etc.) and feature in agreements (Honolulu strat-
egy), together with regional actions plans from regional sea conventions and national initiatives 
(UNEA 2020).

Removal activities are now common operations (GESAMP 2019) and are subdivided into two 
main categories based on retrieval methods, trawling and diving. The choice between the two 
methods depends on the water depth and substrate characteristics, with the possible echolocation 
of lost gear, and lead to different results in terms of amounts and costs. The resulting environmen-
tal benefits must exceed the damage caused by operations and must be obtained in a safe and cost- 
effective way (Williams and Rangel- Buitrago 2019). The implementation of FFL activities not only 
removes litter from the seafloor but also increases the awareness of the fishery sector of the marine 
litter issue (Ronchi et al. 2019). Either actively, when fishing operations are dedicated to litter only, 
or passively during normal fishing operations and without any financial compensation 
(KIMO 2014), they have been implemented in various regions in the world, including Northern 
European countries, the Baltic and Mediterranean Seas, and the eastern Pacific (Ronchi et al. 2019).

Trawling activities, however, are not selective, possibly altering habitats and living communities. 
Diving operations may be more accurate, since dedicated to litter only. However, only a limited 
amount of materials can be retrieved. The depths, the visibility of distribution, currents, and costs 
are the main constraints facing such an approach, limiting operations to selected sites of impor-
tance, like cleaning harbors, marine- protected areas, and enclosed bays (Consoli et al. 2020).

https://litterbase.awi.de/
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While the removal of ALDFG has become a common measure implemented in various projects and 
supported by various action plans on marine litter, new approaches have been proposed to implement 
automatic or remotely controlled devices that combine accuracy and the sustainability of cleanup 
interventions, including in deep environments (i.e. http://rozaliaproject.org/about/technology/).

Removal strategies remain curative measures and must be considered less effective than pre-
venting littering and avoiding debris dispersal into the marine environment. For the seafloor, the 
long- term efficiency of cleanup campaigns is faced with the lack of legal and economic support 
(Ronchi et al. 2019) and the lack of interest in the materials collected in terms of recyclability.

Understanding that a significant reduction in the number of ALDFG is the first and most impor-
tant strategy to reduce the impact of marine litter pollution from fishing on the seafloor, different 
solutions have been proposed, including the tagging of fishing gear and the use of new tools like 
drifting GPS positioned FADs, the use of biodegradable materials, already tested in oceanic waters 
(Consoli et al. 2018b; Moreno et al. 2016), the promotion of areas assigned exclusively to a type of 
gear to exclude important habitats, and citizen programs carried out by volunteers to collect litter 
in shallow areas (Consoli et al. 2018b). Finally, information aimed at fishermen, including recrea-
tive fishermen (GESAMP 2021), and more generally the fishery sector, must be considered a criti-
cal step in preventing littering.

6.12  Conclusions and Perspectives

Marine debris is now commonly observed everywhere in the oceans and, in light of available 
knowledge, the urgency of implementing policies to specifically reduce seafloor litter is largely 
recognized. Many gaps have been identified from different standpoints, including those of scien-
tists, monitoring agencies, and policy makers.

Better understanding of the transfer of litter to the seafloor, the accurate evaluation of their 
amounts, the search for accumulation areas/ gyres, mapping and modeling litter sources and dis-
tribution, taking advantage of information on maritime traffic, and better linking of the accumula-
tion of debris with deep sea circulation are all critical goals that must be reached to overcome gaps 
in knowledge. The complexity of sources and pathways involved in the distribution of plastics 
within the marine environment must be addressed. To this end, understanding the degradation of 
plastic in the deep sea is also a key point since it will provide better appreciation of the longevity of 
this kind of pollution.

More specifically, with regard to fishing- related litter, there are many areas that lack scientific 
knowledge on ALDFG such as the inability to distinguish between wildlife entanglements caused 
by active gear compared to those caused by ALDFG, and understanding ALDFG macro and micro-
plastic pathways and transport, and the impacts of ALDFG on fish populations and stock losses. 
Estimates of contributions of ALDFG from recreational fisheries, FADs, ALDFG categories to dis-
tinguish the amounts and impacts from hand/pole lines in comparison to longline gear, and from 
any other specific types of gear are needed as they may represent the largest share of litter in cer-
tain fishing grounds. Future research to better understand losses from high- risk gear types, off-
shore aquaculture, and marine litter events onboard ships is necessary to understand the drivers of 
pollution and monitoring.

Monitoring must also be reinforced through the development and consistent application of acces-
sible and automated analytical techniques that are necessary to enable the reliable characterization 
and quantification of plastics, especially microplastics, on a large scale (GESAMP 2019). This will 
enable the comparability of data and will also take geographic gaps into account. Data on litter 
and ALDFG from deeper waters that are very limited need reinforced observer coverage and data 

http://rozaliaproject.org/about/technology/
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collection on vessels, including from the fishing fleets, taking advantage of navigation logs that are 
designed for reporting pollution incidents onboard vessels within MARPOL. An international 
database is needed for sediment microplastics and listing the species, including microorganisms, 
settling on deep sea plastics. Building such a database could possibly take advantage of fast sequenc-
ing tools to identify any harmful species (pathogens, invasive, toxic species) that are present and 
where they are located. These tools are required now to better understand the cycling of plastics on 
the seafloor and their impacts.

Regarding reduction measures, we anticipate the need for specific investigations that integrate 
risk assessments performed from the environmental and economic standpoints. We think that 
predicting and cross- mapping litter distribution on the seafloor with the distribution of species and 
habitats will lead to a better definition of sensitive areas, providing support for targeted measures 
and addressing the impact on ecosystem services. Regarding vessels, platforms, and other man- 
made structures, the focus should be on the development and implementation of comprehensive 
pollution prevention plans, based on advanced understanding of motivations for dumping at sea. 
More specifically, regarding seafloor litter and microplastics and the assessment and prevention of 
Illegal dumping, improved management is needed of maritime activities, including offshore oil 
and gas exploration and extraction and military activities (HELCOM 2013). With targeted meas-
ures aimed at abating the incorrect practices of small- scale professional fisheries, and the develop-
ment of port reception facilities, all these measures together will contribute toward the prevention 
of littering and add to the prevention measures that must be taken for land- based sources of plas-
tic, which is the largest source of seafloor litter.
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7.1  Introduction

Interest in plastic pollution monitoring and research has rapidly accelerated in recent years; it is, 
however, widely recognized that freshwater bodies have received far less attention than the marine 
environment (Blettler et al. 2018). Largely known to play a crucial role in transporting plastics 
discarded from human activities to the ocean, freshwater bodies may also be directly impacted by 
plastic pollution (Eerkes- Medrano et al. 2015; Wagner et al. 2014). Just like plastics in the ocean, 
plastics in freshwater bodies are ubiquitous, persistent, heterogeneously distributed, embedded in 
the food web, and found in the form of a wide range of debris sizes from several centimeters to 
millimeters, micrometers, and nanometers. Quantifying the abundance and transport of plastics 
in freshwater bodies is essential to (i) understand the potential risk for the freshwater environ-
ment, (ii) identify and mitigate sources, and (iii) estimate the inputs into the marine environment. 
However, just like in the ocean, determining the fate of plastics in freshwater bodies is not trivial. 
The complexity of physical, chemical, and biological processes affecting plastics in rivers and 
lakes, as well as the diversity in plastic size, shape, and polymer type, results in different transport 
mechanisms, accumulation, and fate (van Emmerik and Schwarz 2020; Wagner and Lambert 2018). 
With an increasing amount of evidence building up in recent years showing long- term accumula-
tion, rivers are no longer considered as simple highways for plastics to the ocean. Plastics have 
been detected in all compartments of freshwater bodies including surface water, water column, 
sublittoral and littoral sediment, and biota (Burns and Boxall 2018; Sarijan et al. 2020). Further, to 
date, some of the highest plastic concentrations were observed in water and sediment samples of 
freshwater bodies across the world (Hurley et al. 2018).

One of the main concerns with plastic pollution in freshwater, as well as in the ocean, is the 
transport and accumulation of smaller particles referred to as microplastics (MPs) (<5 mm) or 
nanoplastics (NPs) (<1 μm). From several centimeters to several micrometers, the bioavailability 
of plastic pollution soars with a larger range of impacted species. Thus, researching MPs in 
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freshwaters has received the most attention. Several comprehensive reviews have recently been 
published, describing the best practices for monitoring, extraction, and identification of MPs in 
rivers and lakes, and often suggesting the crucial need for harmonization of methods (Dris 
et al. 2018; Eerkes- Medrano et al. 2015; Koelmans et al. 2019; Li et al. 2018; Sarijan 2020; Szymańska 
and Obolewski 2020). Contamination of freshwater bodies by larger pieces of plastics commonly 
referred to as mesoplastics (5 mm to 5 cm) and macroplastics (>5 cm) has received less attention 
(van Emmerik and Schwarz 2020). Due to the very high analytical challenges, research on NPs (<1 
μm) is still in its infancy (Blettler et al. 2018).

Plastics are found in a wide variety of sizes in different freshwater habitats (e.g. rivers, lakes, and 
estuaries) and compartments (e.g. surface water, water column, and littoral or sublittoral sedi-
ment). Considering everything between macroplastics and nanoplastics (Box  7.1), this chapter 
aims to (i) provide a comprehensive and detailed assessment of the available methods to monitor 
and model plastics in freshwater bodies and to (ii) visualize the geographical distribution of studies 
reporting plastics in rivers and lakes. We aim to depict where international research on plastics in 
freshwater bodies currently stands, to illustrate the state of the general knowledge, and to highlight 
remaining research gaps. At first, we discuss considerations that are required and techniques that 
are employed to monitor a wide range of plastic size classes in different freshwater compartments. 
We draw a new comprehensive map of the global observational efforts to quantify and characterize 
plastics in rivers and lakes. Next to this, we discuss different models that have been applied to bet-
ter understand the sources, transport, and fate of plastics in freshwater bodies and to, eventually, 
inform on plastic emissions into the global ocean. Finally, we close by discussing new prospects 
and opportunities for this field of research.

The term “microplastics” is the most common “size class” reported by observational studies (see 
below the section on observational efforts). Traditionally in the ocean, this term referred to parti-
cles larger than 300–500 μm and smaller than 5 mm. The bottom limit was determined by the mesh 
sizes of neuston trawls deployed at the sea surface. More recently, scientists started to detect and 
identify plastic particles smaller than a few hundreds of micrometers (particularly in freshwater 
systems) that are also referred to as microplastics. Eventually, a new size class was defined for 

Box 7.1 The importance of defining and reporting upper and lower size detection limits 
in relation to monitoring methods.

Plastic size [m]

1 nm 1 μm 1 mm 1 cm 1 m
macroplastics

mesoplastics

microplastics
(large)microplastics

(small)nanoplastics

10–9 10–8 10–7 10–6 10–5 10–4 10–3 10–2 10–1 100

The definition of lower and upper size limit of plastic debris considered by monitoring and 
modeling methods is critical to allow comparison across studies. Generally, the number of 
plastic particles found in the environment is inversely proportional to the size classes studied. 
In addition, the mass per plastic particle/items will increase with larger objects.
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 particles below 1 micrometer (μm): the nanoplastics. Under this definition, the term microplastics 
range from 1 to 5000 μm that can lead to misinterpretation of results across studies (Hartmann 
et al. 2019).

Instead of referring to a simple term such as “microplastics,” it is preferable for studies to system-
atically report the lower and upper size limit of plastics detected by their own sampling methods, 
so future reviews can accurately compare observational results. In this chapter, we differentiate 
between nanoplastics (<1 μm), small microplastics (>1 and <500 μm), large microplastics (>500 
μm and <5 mm), mesoplastics (>5 mm and <5 cm), and macroplastics (>5 cm).

7.2  Monitoring of Plastics in Freshwater Bodies

Monitoring is essential if we are to better understand the concentration, transport, properties, and 
risks of plastics in the environment. Plastic concentrations, also referred to as abundances, quanti-
ties, amounts, or stocks, can be determined at any specific location and moment in time. The 
transport of plastics can be assessed by taking into account freshwater system characteristics like 
flow velocity or discharge. Aside from reporting only plastic number or mass concentrations, 
detailed information on plastic properties can be included. Knowing properties, like sizes, shapes, 
and polymer types, is important when studying plastic transport and fate (Kooi and Koelmans 2019) 
or when aiming at identifying the sources of the plastic waste (van Emmerik et  al.  2020a). 
Traditionally, risks associated to plastics are estimated by comparing exposure concentrations with 
effect thresholds for specific organisms (Koelmans et al. 2020). However, for a risk to be exerted, 
plastic items need to be bioavailable for the organisms. A risk assessment is thus more accurate 
when plastic properties are known. Information on plastic properties is also required to quantify 
mechanistic risks, such as the blockage of urban drainage infrastructure with soft macroplastics 
(Honingh et al. 2020).

Independently of the exact research question asked, good monitoring practices are required. 
However, no standard operating procedures for the sampling and analysis of plastics in the envi-
ronment exist, and many different approaches have been described in the literature. We do not aim 
at explaining all methods in detail, since excellent reviews already exist (Elkhatib and Oyanedel- 
Craver 2020; Hanvey et al. 2017; Hermsen et al. 2018; Hidalgo- Ruz et al. 2012; Klein et al. 2018; 
Koelmans et al. 2019; Li et al. 2018; Rocha- Santos and Duarte 2015; Shim et al. 2017; van Emmerik 
and Schwarz 2020). Instead, we want to illustrate the suitability of common methods depending on 
the targeted plastic sizes and on environmental matrices. The definition of boundaries between 
different plastic size classes (e.g. between microplastics and macroplastics) is to a certain extent 
arbitrary (see above Box 7.1). Here, we emphasize that many considerations are generic for the 
different plastic size classes.

Both in marine or freshwater ecosystems, five steps can be distinguished for monitoring, namely, 
(i) sampling, (ii) extraction, (iii) analysis, (iv) identification, and (v) extrapolation (Figure  7.1). 
With sampling, we refer to the sample collection, which can be the collection of actual plastic 
items, the collection of images, or the collection of visual observation data. Extraction refers to the 
separation of the plastics from other materials, such as nonplastic debris and natural organic or 
inorganic matter. During analysis, plastics are analyzed visually (in images or samples), automati-
cally with machine learning, or by using spectroscopic or spectrometric approaches. In the fourth 
step, analyzed items are counted and properties such as size, shape, mass, polymer type, or item 
category are identified. The importance of this step has been emphasized in recent years and auto-
mated; thus standardized approaches have been developed (Primpke et  al.  2020a,  2020b; Wolf 
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Figure 7.1 Commonly reported steps to monitor different sizes of plastics in the environment, namely, (i) sampling, (ii) extraction, (iii) analysis, (iv) identification, 
and (v) extrapolation. The applicability of sampling methods is specified for water and sediment samples (shaded spheres representing compartments). Note 
that littoral refers to both lakeshores and riverbanks. The endproduct of each step is specified at the bottom of each column. For clarity, ATR- FTIR is mentioned 
individually instead of being grouped into spectroscopic analysis. Further, please note that the direct arrow from visual counting to extrapolation is only 
advisable for larger plastics (i.e. mesoplastics and macroplastics); for all smaller items, a subsequent analysis using e.g. ATR- FTIR is needed to confirm the 
presence of a polymer.
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et al. 2020). As a last step, generated results are extrapolated to relevant endpoints, such as plastic 
(numerical and/or mass) concentrations in the study’s freshwater system.

7.2.1 Required Steps to Monitor Plastics in the Environment

Although these general steps apply, methods vary depending on the targeted plastic size and 
environmental matrix (Figure  7.1). In the freshwater environment, the latter can roughly be 
categorized into surface water, water column, sublittoral sediment, and littoral shores/ river-
banks. Direct visual observations, i.e. counting and image- based sampling, can be applied to 
quantify the abundance of macroplastics and mesoplastics on shores or floating at the water 
surface. In the field, or also the laboratory, specific visual counting and identification protocols 
can be used to determine the item and polymer categories of the observed plastics (van Emmerik 
et al. 2020a; Vriend et al. 2020a). Image- based sampling can be carried out using drones (Geraeds 
et al. 2019), fixed cameras (van Lieshout et al. 2020), or spaceborne remote sensing methods 
(Biermann et al. 2020). Optical methods for the monitoring of riverbanks or the water surface 
use the visible light (RGB) or other multispectral bands with particular interest in the near and 
shortwave infrared. Filtration, i.e. volume- reduced sampling, can be applied for all plastic sizes 
and is specifically needed when low concentrations of plastics are expected (Koelmans et al. 2019; 
Löder and Gerdts 2015). Here, we differentiated between passive filtration, such as the collection 
of macroplastics, mesoplastics, or large MPs at existing litter traps or permanent traps (Gasperi 
et al. 2014; Vriend et al. 2020b), and active filtration, which is mainly applied for (small) MPs 
(i.e. <500 μm) and will also be likely required for NPs. Plastics down to several micrometers can 
be retained when filtering water over nets, filter cascades, stacked sieves, or cartridge filters 
(Carr et al. 2016; Mintenig et al. 2020; Wolff et al. 2019). Sampling methods for NPs are still 
being developed. To date, the usage of (crossflow) ultrafiltration (Mintenig et al. 2018; Ter Halle 
et al. 2017) and continuous flow centrifugation (Hildebrandt et al. 2020) has been proposed. In 
contrast to sampling the water phase, most shore and sublittoral sediment samples are grab sam-
ples; are taken using e.g. spoons, sediment corers, or Van Veen grabs (Hanvey et al. 2017); and 
are often complemented by subsequent sieving. For waters, grab sampling, using e.g. buckets, 
should only replace filtration when expected plastic concentrations are high, which typically is 
the case for very small plastics.

For the second step, two forms of extraction are distinguished. Macroplastics, mesoplastics, and 
larger MPs can be extracted manually from the sample matrix, sometimes using a microscope. 
This, however, should be avoided for all smaller plastics. These need to be extracted by removing 
organic materials with the aid of acids, bases, hydrogen peroxide, and/or enzymes and by remov-
ing inorganic particles during a density separation (Elkhatib and Oyanedel- Craver, 2020; Hanvey 
et al. 2017; Klein et al. 2018). Further, MPs have also been separated from natural materials using 
oil or electrostatic forces (Chrichton et al. 2017; Felsing et al. 2018; Lechthaler et al. 2020a; Mani 
et al. 2019a). Independently of the chosen method, it is of high importance that the extraction does 
not affect the MP weights, counts, and shapes (Koelmans et al. 2019).

Various approaches can be applied to analyze extracted plastic items. Images captured in the 
field can require a preprocessing step, such as atmospheric correction (Biermann et al. 2020). For 
physically collected samples, targeted plastic sizes largely determine the set of applicable tech-
niques. Previously sorted macroplastics, mesoplastics, and larger MPs can be pointed and counted 
visually. For large MPs, this must be complemented with a subsequent polymer identification 
using e.g. attenuated total reflectance (ATR)- FTIR to ensure accurate results (Kroon et al. 2018; 
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Löder and Gerdts 2015). Any visual analysis of smaller plastics should be avoided (Shim et al. 2017). 
Instead, applying spectroscopic, e.g. FTIR or Raman microscopy (Cabernard et  al.  2018; Löder 
et al. 2015; Wolff et al. 2019), or spectrometric approaches, e.g. pyrolysis GC- MS, have proven suc-
cessful (Dümichen et al. 2017; Fischer and Scholz- Böttcher 2017). Less common, but also promis-
ing, is the use of (laser- based) hyperspectral imaging (HSI) (Karlsson et  al.  2016; Primpke 
et al. 2020c). NPs, to date, have not yet been quantified in the environment. Here, the usage of 
nano- FTIR (Meyns et al. 2019) or pyrolysis GC- MS (Fischer and Scholz- Böttcher 2017), best com-
bined with a size fractionation using e.g. field flow fractionation (Mintenig et al. 2018), seems most 
promising.

The fourth step describes the actual identification of plastic items (shape, dimension, and poly-
mer group or item type) which can be done manually or (semi)automatically. For visually sorted 
items, this is rather straightforward and also, images are largely inspected manually, as the trans-
ferability of machine learning algorithms is still limited (Geraeds et  al.  2019; van Lieshout 
et al. 2020). Analytical techniques for MPs mostly result in large amounts of data that require fur-
ther steps to really identify the plastics. Here, the automated identification not only has proven to 
considerably reduce the workload but also the misidentification rate (Primpke et al. 2017). To date, 
numerous studies analyze FTIR data with the approach and database from Primpke et  al. 
(2018,  2020a), and also, spectrometric results can be analyzed in a (semi)automated approach 
(Primpke et al. 2020b).

Lastly, once the results on the sample or image level are known, they should be extrapolated to 
the system level. This provides information on concentrations (i.e. plastic items or mass per length, 
surface area, volume, or weight), transport fluxes (count or mass of plastics per unit of time), and 
plastic properties like size distributions or polymer compositions.

7.3  Global Observational Efforts

Plastic pollution research in all habitats is booming more than ever, and its upward, exponential 
swing in publication output is now outlasting more than a decade (Szymańska and Obolewski 2020; 
Yao et al. 2019). Today, a title- only search for the popular term “microplastics” will return over 
1000 academic publications each for 2019 and 2020 (Google Scholar “allintitle: microplastics”). 
While marine studies on plastic pollution still vastly outnumber freshwater reports (87% vs. 13%, 
Blettler et al. 2018), the latter are steadily following the rise in peer- reviewed output, though at still 
distinctly lower numbers (Szymańska and Obolewski 2020).

Keeping track of all relevant articles continuously emerging has become an honorable chal-
lenge. Owing to the large amount of new studies, contemporary literature reviews tend to focus on 
a specific subdomain such as “microplastics in freshwater sediments” in which a limited selection 
of studies is presented and discussed in detail (Li et al. 2020; Rezania et al. 2018; Yang et al. 2021; 
Yao et al. 2019). Few comprehensive attempts have been made to cover the entirety of researched 
habitats and plastic size ranges, such as by Blettler et al. (2018) and Tekman et al. (2020). However, 
most recent reviews constrain their scope to MPs (Blair et al. 2017; Li et al., 2018, 2020; Peller 
et  al.  2020; Rezania et  al.  2018; Szymańska and Obolewski  2020; Triebskorn et  al.  2019; Yang 
et al. 2021; Yao et al. 2019). In the following section, we attempt to present a current and compre-
hensive overview of peer- reviewed literature presenting original data on freshwater plastic pollu-
tion, covering all environmental compartments and size classes. With this, we shed light on the 
quantitative development of research output in the field. The findings itself are not discussed in 
detail (such as the metric particle size ranges or particle concentrations); for this, we refer to other 
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reviews such as by Li et al. (2020), Yang et al. (2021), Szymańska and Obolewski (2020), Li et al. 
(2018), Peller et al. (2020), Triebskorn et al. (2019), Rezania et al. (2018), Yao et al. (2019), and Blair 
et al. (2017).

7.3.1 In Search of all the Relevant Literature

To produce a quantitative review of global observational efforts, we started our investigation at 
LITTERBASE (https://litterbase.awi.de/litter). This database with a web- based public interactive 
map is curated by the Alfred Wegener Institute (AWI) and, as November 2020, features almost 2500 
scientific articles published between 1974 and 2019, of which 1090 studies are on distribution of 
litter types. Concentrations, distribution, and composition of litter in marine as well as freshwater 
environments constitute the core (Bergmann et al. 2017a). Joining forces with LITTERBASE to 
include the most recent relevant publications, we performed an extensive, unrestricted literature 
search similar to Blettler et al. (2018) in November 2020. Google Scholar (GS) was chosen as the 
preferred engine known for its vast- scope query algorithm, overlapping and exceeding traditional 
scientific search tools (Martín- Martín et  al.  2018). Using Harzing’s Publish or Perish software 
(Windows GUI Edition, version 7.27.2949.7581), 21  individual GS search requests were run for 
both 2019 and 2020. The 21 search requests were combinations of the terms “nanoplastic,” “micro-
plastic,” “mesoplastic,” “macroplastic,” “river,” “lake,” “groundwater/aquifer,” as well as individ-
ual continent and country names. Literature reviews, opinion pieces, laboratory experiments, and 
biological assessments were not considered. In addition, studies of the cryosphere were not 
included (e.g. icecaps and glaciers). Search requests for 2020 returned 7579/2242 results (includ-
ing/excluding duplicates) that were manually distilled to a shortlist of 141 papers containing origi-
nal data on plastics in freshwater bodies. Combining the freshwater LITTERBASE studies and the 
newly acquired search results, a total of 379 relevant studies were compiled covering a 36- year 
period up to November 2020. The recent exponential growth in research is reflected by the fact that 
358 of the 379 studies (94%) were published since 2014.

7.3.2 Geographical Distribution of Freshwater Studies

Of the 379 relevant freshwater studies identified since 1974, investigations in Asia (139) take the 
largest share, followed by Europe (101), North America (63), South America (29), Africa (25) 
Oceania (14), and intercontinental studies (8) (Figure 7.2). To date, most of these studies have been 
conducted in China (74) and the United States (48), with research output in the former only 
recently rocketing with 59 publications since 2018 alone (Szymańska and Obolewski  2020). 
Further, numerous studies have been conducted in Brazil (21), the United Kingdom and Germany 
(both 16), India (15), and Indonesia (13). The remaining 176 studies are spread across 59 countries 
from all continents.

Within research on plastic pollution in freshwater habitats, geographical focal areas are continu-
ously shifting over time. Notably, research on the African continent has rapidly increased from a 
total of 4 studies up to 2018 (Blettler et al. 2018) to 22 published in 2019 and 2020. While over two- 
thirds of studies between 2010 and 2018 were conducted in Europe and North America with the 
remaining minority in Asia, this picture has changed recently (Blettler et al. 2018). Nearly half of 
the freshwater investigations from 2019 and 2020 were conducted in Asia (45%) and only 21% in 
Europe and 11% in North America according to our new overview data. Here, we specifically 
looked at studies presenting original environmental plastic pollution data. It should be noted that 
a generic literature search, e.g. using the keywords “microplastic” and “freshwater,” would return 

https://litterbase.awi.de/litter
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a different geographical emphasis, as literature reviews, biological assessments, and laboratory 
experiments are distributed differently across the globe (Li et al. 2020).

7.3.3 Investigating Different Environmental Compartments

To date, lotic waterbodies, such as rivers and streams, received higher attention than their lentic 
counterparts, such as lakes and ponds (Blair et  al.  2017; Blettler et  al.  2018; Eerkes- Medrano 
et al. 2015; Wagner et al. 2014). Lotic waterbodies play a key role in plastic transport from land 
toward the oceans; therefore, many freshwater investigations possibly aim at providing a link with 
marine studies (Lebreton et al. 2017; Meijer et al. 2021; Schmidt et al. 2017). Our quantitative lit-
erature review data indicate that, since 1974, studies focusing on rivers, streams, canals, and urban 
waterways account for 39%, while studies dedicated to lakes and ponds account for 25% of the 
publications. The remaining studies address coastal environments such as bays and estuaries (20%) 
or focus on a mix of various freshwater bodies (16%). Between 2019 and 2020, the share of freshwa-
ter studies on rivers and streams increased to 49%. Recently, research on groundwater has been 
taken up (Mintenig et al. 2019; Panno et al. 2019; Selvam et al. 2021), with not yet any conclusive 
evidence of pollution. Generally, waterbodies have different compartments which can be investi-
gated. These include surface water, shoreline sediments (littoral), subsurface water column (pelagic 
zone), and sublittoral sediments (benthic zone; MacIntyre and Melack 1995). Surface water inves-
tigations dominate in the field of freshwater studies over pelagic and deposited sediment (sublit-
toral and littoral) research (Peller et  al.  2020). This is likely a result of (i) the widespread 
understanding that a majority of nowadays produced polymers, such as PE, PP, and E- PS 
(expanded), are positively buoyant in water (Lenaker et  al.  2019; Nizzetto et  al.  2016; 
PlasticsEurope  2019); (ii) the historical adoption of marine research methods, such as surface 

Studies by size class
microplastics
micro-to macroplastics

Surface water
Water column

Sublittoral sediment
Littoral sediment

macroplastics

Studies by compartments

Figure 7.2 Global observational efforts by the number of studies for the monitoring of plastics in 
freshwater bodies from 1974 to November 2020. We separate between microplastic only (small or/and 
large, displayed as circles), microplastic to mesoplastic and/or microplastic to macroplastic (displayed as 
diamonds), and macroplastic only (displayed as squares). Studies generally focused on four freshwater 
compartments (sometimes inclusively): surface water (white), water column (light grey), sublittoral sediment 
(dark grey), and littoral sediment (i.e. riverbanks or lakeshores, black).
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trawling nets (Faure et al. 2012; Hidalgo- Ruz et al. 2012); and (iii) the better debris visibility to 
observers of surface over submerged or benthic pollution (van Emmerik et al. 2020b). This trend is 
also reflected by our quantitative literature survey. To date, studies included investigations of the 
water surface (77%), of sublittoral zones (32%, of which most were published since 2019), and of 
the water column (8%). Note that many papers study several compartments simultaneously.

7.3.4 Size Class Focus: Dominance of Microplastic, Need for Macroplastic, 
and Absence of Nanoplastic

The majority of studies in the freshwater environment has focused on investigating MPs (85%), 
while macroplastic occurrences have been reported by 21% of the studies only. Only very few stud-
ies (6%) address both fractions. This strong emphasis on the MPs’ size class vs. larger debris is 
widely attributed to the initial focus on their direct potential detrimental biological, ecological, and 
human health effects upon ingestion, driven e.g. by (i) several historical United Nations 
Environmental Programme (UNEP) year books (Kershaw et al. 2011; UNEP 2016), (ii) reported 
effects on aquatic organisms (Sanchez et al. 2014; Triebskorn et al. 2019; Von Moos et al. 2012), as 
well as (iii) the bioavailability of these small particles to many organisms (Koelmans et al. 2020). 
The distinct skew of most reported size frequency distributions toward the smallest available par-
ticle sizes demonstrates the relevance of this bioavailable size class, which in terms of particle 
numbers also outweigh bigger plastic items (Bergmann et al. 2017b; Mani et al. 2019b). In terms of 
total mass flux, investigating macroplastics is of adamant importance (Lebreton et al. 2017; Mai 
et al. 2020; Meijer et al. 2021; Schmidt et al. 2017). Mostly, because, they are considered a main 
environmental source of the most abundant form of MPs: the secondary type derived through 
fragmentation and abrasion (Andrady 2017). Gradually, we see increasing numbers of observation- 
based macroplastics studies. Until 2018, there were 31 studies on macroplastics; whereas 2019 and 
2020 together already produced 25 of such assessments alone. These studies provide growing evi-
dence that macroplastic pollution and deposition occurs in all freshwater compartments (Ji 
et al. 2021; van Calcar and van Emmerik 2019; van Emmerik and Schwarz 2020). Considering the 
current interest in global modeling estimates (see Section 7.4), more macroplastic investigations 
are needed and also expected in the future (Mai et al. 2020; Meijer et al. 2021).

For overviews of reported freshwater plastic particle concentrations, the reader is referred to Li 
et al. (2018), van Emmerik and Schwarz (2020), Peller et al. (2020), Triebskorn et al. (2019), Rezania 
et al. (2018), Lechthaler et al. (2020b), and Blair et al. (2017). Despite a high interest in concentra-
tions and flux of the even smaller NPs (<1 μm), to date, such NPs have yet to be identified in fresh-
water environments (Blair et al. 2017; Boyle and Örmeci 2020).

7.4  Modeling Plastics in Rivers and Lakes

7.4.1 Predicting Inputs of Plastics in Freshwater Bodies

Many of the factors influencing the quantities of plastics found in environments can be linked to 
population density (Eerkes- Medrano and Thompson 2018). It is therefore with no surprise that 
several early attempts at quantifying sources of plastics into freshwater bodies used population 
density as a predictor (Jang et al. 2014; Lechner et al. 2014). For example, the generation of mis-
managed plastic waste can be linked to the number of inhabitants using (i) the average municipal 
solid waste generation per inhabitant, (ii) the average mass fraction of plastics found in waste, and 
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(iii) the fraction of waste that is mismanaged (Hoornweg and Bhada- Tata 2012). This method has 
been widely used to estimate inputs of plastics into rivers and lakes at regional and global scale 
(Hoffman and Hittinger 2017; Lebreton et al. 2017; Liubartseva et al. 2015; Schmidt et al. 2017). 
Similarly, considering amounts of mismanaged plastic waste generated by the population living 
within 50 km of the coastline, Jambeck et al. (2015) estimated for 2010 a global input of plastics 
into the ocean of 4.8–12.7 million t/y. More recently, two studies estimated global plastic inputs 
into aquatic ecosystems aiming to evaluate the impact of mitigation strategies and of future com-
mitments from nations. Associating high resolution population density distribution with distance 
to nearest aquatic environment, including rivers, lakes, and oceans, these two independent studies 
reported for 2016 an annual input of 9–14  million t/y (Lau et  al.  2020) and 19–23  million t/y 
(Borrelle et al. 2020) into aquatic ecosystems. However, quantifying and mapping where littering 
occurs on land is difficult. Often population density is used as a predictor, yet it is unclear if people 
will litter more at the place where they live, where they work, or where they commute. In addition, 
the role of tourism is poorly investigated.

It is also crucial to realize that regional and global estimates rely on data on the municipal solid 
waste generation. As these studies generally do not account for plastic degradation, we can assume 
that they are mostly representative for macroplastic emissions only and that the generation of sec-
ondary MPs on land is largely neglected. This is contrasting to the global observational effort that 
is mostly targeting MPs (Figure 7.2), and it illustrates an evident gap in our knowledge of plastic 
inputs (and fate) when introduced in freshwater bodies and in the environment in general 
(Lechthaler et al. 2020b). To overcome this, studies have attempted to develop methods to regional-
ize emissions of macroplastics and microplastics (Kawecki and Nowak 2020), including the degra-
dation of macroplastics on land to estimate microplastic inputs into rivers with an estimated 
discharge into the ocean of 14 400 t/y for European rivers (Siegfried et al. 2017) and 47 000 t/y for 
global rivers (van Wijnen et al. 2019). In the Seine River, Unice et al. (2018) used a traffic- based 
vehicle emission model to estimate inputs of tire and road wear particles. Van Wezel et al. (2016) 
conducted a material flow analysis for cosmetics and personal care products, cleaning agents, 
paint, and coatings for estimating the concentration of MPs in effluent of wastewater treatment 
plants in the Netherlands. Nizzetto et al. (2016) evaluated emissions of MPs from sewage sludge 
applications on agricultural land in the Thames River catchment, highlighting the capacity for 
soils to retain particles. Karlsson et al. (2018) assessed the release of plastic pellets from a polyeth-
ylene production site on the Swedish west coast. Finally, MPs may reach the aquatic environment 
from atmospheric deposition with plastics detected in atmospheric fallout from urban environ-
ments (Cai et al. 2017; Dris et al. 2016), but we are not aware of any regional or global estimate of 
the contribution of atmospheric deposition for the inputs of plastics in freshwater bodies.

7.4.2 Modeling the Processes Influencing Transport and Fate of Plastics 
in Freshwater

Plastics entering rivers and streams will be subject to the same processes that affect natural parti-
cles and items, such as sediments, organic matter, and natural debris (Horton and Dixon 2018; 
Kooi et al. 2018). These processes include advection, diffusion, settling, resuspension, burial, deg-
radation or weathering, fragmentation, aggregation, biofouling, ingestion by biota, beaching, 
entrapment by vegetation or artificial structures, wind- induced transport, and tide- induced trans-
port (Figure 7.3). Whether and how these processes influence the transport depends largely on the 
plastic characteristics, such as size and density. For example, aggregation is known to influence the 
transport behavior of nanoparticles (Besseling et al. 2017; Quik et al. 2014) but will likely not affect 
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macroplastic. In addition, the retention in sublittoral sediments will largely be influenced by the 
plastic sizes (Nizetto et al. 2016) and flow characteristics (Besseling et al. 2017). Under turbulent 
conditions, cross sectional vertical and horizontal transport of particles is strongly enhanced 
(Haberstroh et al. 2020). MPs are found in higher quantities in reservoirs of dams than in upstream 
or downstream locations along the river alimenting the dam (Watkins et al. 2019). Larger plastic 
debris discarded in rivers can be captured by artificial barriers, beach on riverbanks, or trees bor-
dering the river (Kooi et al. 2018). The transport (and retention) of floating plastics in rivers is 
further influenced by surface winds with the accumulation of debris on windward banks. Under 
low turbulence conditions, plastics may be transported rapidly toward the sea; however, turbu-
lence, mixing, river meandering, vegetation, and tidal flow may greatly impact the transport of 
debris with observations, showing retention for several years in estuarine environments (Tramoy 
et al. 2020) or in mangrove forests (Ivar do Sul et al. 2014; Martin et al. 2020). Biofilm development 
can also cause the sinking of floating plastics, particularly in lakes and under warm conditions 
(Chen et al. 2019; Kaiser et al. 2017). Most of the aforementioned processes have been taken into 
account in some of the models that currently exist on plastic transport in freshwater bodies 
(Table 7.1).

The implementation of these processes differs greatly among models. In mass balance models, 
advection is taken into account simply as the net transport from one cell to the next (Siegfried et al. 
2016; van Wijnen et al. 2019). The spatiotemporally explicit models include advection–diffusion 
equations that are solved in the underlying hydrodynamic models (Besseling et al. 2017; Daily and 
Hoffman 2020; Unice et al. 2019). Some of the resulting currents are strongly influenced by wind 
(Hoffman and Hittinger 2017). Further, most models include some form of settling/sedimentation, 
ranging from simple net- settling factors (Siegfried et  al.  2017; van Wijnen et  al.  2019) to using 
particle- settling velocities. These settling velocities have been calculated using Stokes’ settling 
equation (Besseling et al. 2017; Nizzetto et al. 2016) and shape- dependent settling equations that 
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Figure 7.3 Illustration of sources and main processes influencing the transport and fate of plastics in 
freshwater bodies. (WWTP: wastewater treatment plant)



Table 7.1 Overview of plastic transport models.

Scale Spatial Temporal Sourcesa Processesb Particle properties Underlying model

Spatiotemporally explicit models Size (μm) Shape
Density
(g/cm)

Nizzetto et al. (2016) River catchment 1D Yes pt and df ad, st, and rs 1–5000 Spherical ρ > 1.0 INCA- contaminants

Besseling et al. (2017) River 
subcatchment

1D Yes pt ad–df, st, rs, br, dg, ag, 
and bf

0.1–10 000 Spherical ρ ≥ 1.0 NanoDUFLOW

Unice et al. (2019) River catchment 1D Yes pt and df ad–df, st, dg, ag 5–220 Variable ρ > 1.0 E- HYPE and 
Delft3D- WAQ

Hoffman and Hittinger 
(2017)

Lake 2D Yes df ad, and bc NA NA NA POM

Cable et al. (2017) Lake 2D Yes pt ad, df, and bc <1000 NA ρ  1.0

Mason et al. (2020) Lake 2D Yes df ad NA NA NA FVCOM

Daily and Hoffman (2020) Lake 3D Yes df ad, df, st, and bc 1000–4750 c 1.0  ρ ≥ 1.0c FVCOM

Mass balance models

Siegfried et al. (2017 Continent 2D No pt st–dgd NA NA NA Global NEWS

van Wijnen et al. (2019) World 2D No pt and df fr and st–dgd NA NA NA Global NEWS

Multicompartment model

Kooi et al. (2018) NA 0D No df st and ag 0.1–1000 NA 1.1 SB4N

a Sources: pt = Point, df = diffuse.
b Processes: ad = advection, df = diffusion, st = settling, rs = resuspension, br = burial, dg = degradation/weathering, fr = fragmentation, ag = aggregation, bf = biofouling, 
bc = beaching, en = entrapment, wi = wind- induced transport.
c No specific shapes or densities were mentioned, but they use data on settling velocities for nine polymers, with EPS having the lowest reported velocities and PVC and PET 
the highest.
d Combined fragmentation and degradation factor.
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take shear stress into account (Unice et al. 2019; Wu and Wang 2006), but direct implementations 
of measured settling velocities also exist (Daily and Hoffman 2020). Beaching of particles has not 
yet been modeled directly in freshwater bodies. However, it is implicitly included in some of the 
lake models, where particles reaching the grid cells near the lake shore are assumed to be beached 
(Cable et al. 2017; Daily and Hoffman 2020).

Processes that were only included in the spatiotemporal models for rivers include resuspension, 
burial, degradation, aggregation, and biofouling. Resuspension depends on the shear stress of the 
river and the critical shear stress that allows entrainment of particles (Besseling et al. 2017; Nizzetto 
et al. 2016). Burial and degradation have been included as first- order removal processes (Besseling 
et al. 2017; Unice et al. 2019). Aggregation has been modeled using the von Smoluchowski equa-
tion (Besseling et al. 2017; Nizzetto et al. 2016; Unice et al. 2019), and finally, the effect of biofoul-
ing has only been included as a simple addition of a thin biofilm layer with a fixed density (Besseling 
et al. 2017). Other studies pointed out that the effect of biofouling was indirectly taken into account 
when varying particle sizes and densities (Daily and Hoffman 2020).

7.4.3 Quantifying Plastic Outputs Into the Ocean

A considerable number of studies have attempted to quantify inputs of plastics via rivers into the 
ocean (Table 7.2). Two different methods have generally been proposed. First, observational stud-
ies reported concentrations of plastics in rivers or at wastewater treatment plant outlets, which 
extrapolate results to a seasonal or annual scale, and commonly use the rivers’ discharge as a pre-
dictor (van Emmerik et al. 2018). Second, material flow analyses for municipal solid waste and/or 
other types of emissions (e.g. tire and road wear particles, cosmetics and personal care products, 
textile fibers, cleaning agents, paint, and coatings, see Section 7.4.1) have been supporting esti-
mates of plastic inputs into the ocean via rivers and waterways.

In most of these material flow analyses, the evaluation of the mismanaged fraction of municipal 
solid waste is the main predictor to quantify emissions of plastics. This fraction is what is unsoundly 
disposed (i.e. not recycled, incinerated, or disposed in controlled landfills) and is commonly 
reported on a country level (Hoornweg and Bhada- Tata 2012). Despite most high- income countries 
reporting this fraction being 0%, studies have used a minimum threshold of 1–2% to account for 
littering (Jambeck et al. 2015; Lebreton and Andrady 2019). More recently, Mai et al. (2020) sug-
gested that the human development index could be a better predictor to estimate plastic emissions 
from rivers into the ocean compared to using waste mismanagement rates. This method thereby 
presents the advantage to differentiate between rich economies where, instead of an arbitrary min-
imum threshold to estimate littering, the human development index of a country not only quanti-
fies economic development but also other societal aspects such as education, life expectancy, and 
income. Using this method, the study noticeably found a lesser contribution of rivers from China 
for which the dominant input at global scale has been contested by local studies. Particularly, the 
mismanaged waste fraction in China of 13% (Zhao et al. 2018) is well below previous assessments 
reporting rates above 70% (Jambeck et al. 2015). The identification of origins of debris found on the 
South Korean shore, coupled with Lagrangian dispersion modeling in the ocean also suggested 
that the mismanaged fraction of plastic waste from China is more likely to be below 25% to reflect 
observations (Seo et al. 2020). Other similar discrepancies between model estimates and observa-
tions have been reported in other parts of the world such as in the Mediterranean Sea where 
inverse Lagrangian modeling also suggested emissions models for the region were likely too high 
(Kaandorp et al. 2020). The discrepancies between model and field studies highlight a research gap 
in our understanding of plastic emissions into and from rivers. As this understanding heavily relies 



Table 7.2 Existing models and observation- based estimates for river plastic emissions to the ocean.

Location Temporal Date Source methoda Size class Emission estimate

Local models

Tramoy et al. (2019) Seine River Yes 2007–2017 obs and msw Meso and macro 1.1–5.9k t/y

Unice et al. (2018) Seine River No 2008 rd Micro (small) 447 t/y

Mani et al. (2015) Rhine River No 2014 obs Micro (large) 70G #/y

Vriend et al. (2020a) Rhine River No 2018 obs Macro 1.3–9.7 kg/day
~0.5 to 3.5k t/y

Mai et al. (2019) Zhujiang River Yes 2018 obs Micro (large) 2.4–3.8k t/y

Zhao et al. (2019) Yangtze River Yes 2017 obs Micro (small and large) 0.54–0.91k t/y

Castro- Jimenez et al. (2019) Rhone River No 2016–2017 obs Meso and macro 0.71 t/y

Miller et al. (2017) Hudson River No 2016 obs Micro (small and large) 109G #/y

Weideman et al. (2020) Orange and Vaal Rivers No 2018–2020 obs Micro (small and large) 1.1–3.1 t/y

Lechner et al. (2014) Danube River No 2010–2012 obs Micro (large) 1.5k t/y

Van Emmerik et al. (2019a) Jakarta (Ciliwung, Pesanggrahan, 
Cakung, and other rivers)

Yes 2018 obs Macro 2100 t/y

Van Emmerik et al. (2019b) Saigon River Yes 2018 obs Macro 1.4–1.6k t/y

Schirinzi et al. (2020) Barcelona (Llobregat and Besòs 
Rivers)

Yes 2016–2017 obs Macro 0.4–0.6 t/y

Schoneich- Argent et al. (2020) Ems River No 2017–2018 obs Macro 0.9–2.8 t/y

Schoneich- Argent et al. (2020) Weser River No 2017–2018 obs Macro 1.3–12.0 t/y

Schoneich- Argent et al. (2020) Elbe River No 2017–2018 obs Macro 14.7–801 t/y

National models

Van Wezel et al. (2016) The Netherlands No 2013 ww Micro (small) 0.2–66 μg/L

Bai et al. (2018)
Bai and Li (2020)

China Yes 2011–2020 msw Macro 0.65–0.86m t/y

Jang et al. (2014) South Korea No 2012 obsb Macro 26.6k t/y
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Regional models

Liubartseva et al. (2015) Adriatic Sea No 2010 msw Macro 4k t/y

Mihai (2020) Izvoru Muntelui Lake No 2008- 2012 msw (PET 
bottles)

Macro 4.2–128.2 t/y

Hoffman and Hittinger (2017) Great Lakes No 2010 msw Macro 9.9k t/y

Boucher et al. (2018) Lake Geneva No 2020 obs, msw, rd, 
and ww

Micro (small and large), 
meso, and macro

8–193 t/y

Liubartseva et al. (2018) Med. Sea No 2010 msw Macro 30k t/y

Siegfried et al. (2017) European rivers No 2000 rd and ww Micro (small and large) 14.4k t/y

Global models

Jambeck et al. (2015) Global No 2010 msw Macro 4.8–12.7m t/y

Lebreton et al. (2017) Global Yes 2010 obs and msw Micro (large) and meso 1.15–2.41m t/y

Schmidt et al. (2017) Global No 2010 obs and msw Micro (large) and meso 0.47–2.75m t/y

Van Wijnen et al. (2019) Global No 2000 msw, rd, and 
ww

Micro (small and large) 47k t/y

Meijer et al. (2021) Global Yes 2015 obs and msw Macro 0.8–2.7m t/y

Mai et al. (2020) Global No 2018 obs and msw Micro (large) and meso 57–265k t/y

Roebroek et al. (in press) Global No 2015 msw Macro 0.8–9.6m t/y from floods

Borrelle et al. (2020) Global No 2016 msw Macro 19–23m t/yc

Lau et al. (2020) Global No 2016 msw Macro 9–14m t/yc

a obs: Based or calibrated against observations. msw: based on material flow analysis for municipal solid waste generation. rd: Estimate based on material flow analysis for vehicle 
traffic and tyre wear particle generation. ww: Estimate based on material flow analysis for microparticles found in wastewater (cosmetics, textile fibres, paint, and abrasive. . .).
b Extrapolated using population density.
c Emissions to aquatic environments (rivers, lakes, and oceans).
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on our knowledge of where, when, and in which form plastics leak into the environment, further 
research is needed to detect and monitor the accumulation of plastics inland and its potential to 
leak into waterways over time.

7.5  Prospects and Opportunities

Despite the rapidly increasing number of publications on plastic occurrences in freshwater bodies, 
several aspects still carry high levels of uncertainty. Here, we highlight four key aspects that deserve 
more attention when designing and performing monitoring campaigns and when developing and 
interpreting numerical models. These four aspects are: (i) temporal variation, (ii) transfer between 
environmental compartments, (iii) harmonization of monitoring and modeling investigations 
regarding plastic size ranges, and, finally, (iv) data quality control and validation of results.

7.5.1 Temporal Variability

Plastic abundance and transport have been found to vary up to several orders of magnitude during 
the day, across the river width, along the river length, and during the year (Mani et  al.  2015; 
Mintenig et  al.  2020; van Calcar and van Emmerik  2019; van Emmerik et  al. 2020; Vriend 
et al. 2020a). Data from a single sampling event can therefore not be used to estimate meaningful 
yearly transport fluxes. Although the optimal measurement frequency and strategy are yet to be 
determined, we emphasize that spatiotemporal variation should be taken into account when devel-
oping a monitoring strategy. This is particularly important for the development of numerical mod-
els for which we recommend validating against long- term observational and sampling measurement 
campaigns. While river hydrology and riparian flooding are recognized as a strong cause for mobi-
lization and transport of plastics (Nizzetto et al. 2016; Roebroek et al. 2021) whereby a higher river 
discharge can increase plastic transport by orders of magnitude (van Emmerik et al. 2019), very 
few global modeling studies consider temporal variations when calculating emissions into the 
ocean. Most estimates give annual values while some further offer monthly variations to reflect the 
seasonal change (Lebreton et  al.  2017). Therefore, the contribution of extreme events such as 
heavy rainfall, fluvial, pluvial, and coastal flooding occurring within hours to several days could be 
responsible for a significant fraction of emissions (Hurley et  al.  2018; Roebroek et  al.  2021). 
Temporal variations of emissions from rivers into the ocean, including the simulation of extreme 
events, are still largely unconstrained at global scale and will likely change geographically from 
year to year, in the context of a changing climate shifting and possibly exacerbating the risk of 
emissions.

7.5.2 Transfer Between Compartments

In this chapter, we have shown that most of the key processes influencing plastic transport in 
freshwaters have been taken into account in one or more existing numerical models. However, 
the application of these processes in regional and global emission models is hardly investigated. 
As such, there is still a lot of room for improvement. Although there is evidence that plastics are 
transported, e.g. in rivers below the water surface (Haberstroh et al. 2020; Liedermann et al. 2018), 
subsurface water column inclusion is lacking attention. Such data is, however, highly relevant for 
understanding the mass flux and dynamics of plastic pollution (Liro et al. 2020; Meijer et al. 2021). 
The monitoring of plastics below the water surface remains particularly challenging. Too often, 
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samples are taken at the water surface only, but results are either extrapolated over the whole 
river cross- section, or subsurface plastic concentrations are simply assumed to be negligible. The 
few studies that did sample below the surface did not only find plastics but also showed that con-
centrations and properties differed in the water column (Broere et al. 2021; Lenaker et al. 2019; 
Morritt et al. 2014; van Emmerik et al. 2019b;). In the marine environment, different sampling 
methods have been used for subsurface sampling (Liu et al. 2020). These should also be tested in 
freshwaters if we are to better quantify plastic transport in freshwater systems and to the marine 
environment. Processes like biofouling and degradation influencing the transfer between com-
partments could be included in numerical models in a dynamic way (Chamas et al. 2020; Kooi 
et al. 2017; Min et al. 2020). Especially in lakes, where retention times are high, these processes 
have the potential to strongly influence plastic fate. An improved understanding of beaching 
would also be of added value since this process can potentially retain or at least delay emissions 
into the oceans. The contribution of lakeshores and riverbanks as sink for aquatic plastics is 
largely unknown at a global scale. Knowing where and when beaching occurs could also help to 
target hotspots that can be the focus of cleanup activities. Further, the interface between rivers 
and oceans is poorly resolved. The dynamics of transport of plastics from rivers to sea in estuaries 
are complex and will greatly influence the net plastic emissions from a river into the ocean. 
Emission models should account for estuarine and coastal dynamics including the influence of 
tides and waves and the dispersion of freshwater plumes. In reality, the complexity of plastic par-
ticles in terms of shape, size, and density significantly limits the accuracy of theoretical formula-
tions to predict the movement of plastics across freshwater compartments. As field observations 
can contradict theoretical estimations, a harmonization of data collection methodologies for both 
in situ studies and the development of numerical models will help refine our understanding of 
plastic emissions from rivers to the ocean.

7.5.3 Plastic Size Investigations

In this review, we have highlighted that observational efforts mostly focus on MPs while most theo-
retical estimations of river emissions into oceans at national, regional, or global scale derive esti-
mates from municipal solid waste data, thus mostly representing macroplastics. Therefore, we 
note that these modeled emission estimates do not consider most physical and biological processes 
affecting the transport and fate of plastics in freshwater environments. Macroplastic transport is 
challenging to model, since existing sediment transport models cannot form the basis for this large 
debris, and observational data is scarcer. Thus, researchers have mostly relied on empirical or prob-
abilistic approaches to formulate emission estimates. As such, we emphasize that increasing our 
understanding of the accumulation and transport of plastics in the environment will require, in 
addition to aligning sampling locations, durations, intervals, and methods, a homogenization of 
size classes detected by field measurements and their representation in numerical models. 
Generally, we would recommend the plastic research community to step away from arbitrary 
“plastic size classes” like microplastics and macroplastics and simply report upper and lower size 
detection limits relevant to the methods employed by a study. We have shown that different moni-
toring steps are suitable for different size ranges, irrespective of the targeted “plastic size class.” 
Plastic properties like size, shape, and density have been shown to follow continuous distributions 
between 20 and 5000 μm (Kooi and Koelmans 2019). However, we do not expect the continuous 
nature of plastics to start or stop at the microplastic size range. If we are to fully understand risks 
associated to plastics in freshwater bodies, we need to let go of these arbitrary names and size 
classes and focus on the whole spectrum as much as possible.
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7.5.4 Data Quality Control and Validation of Results

Finally, we further want to stress the need for high data quality assurance. Recently, several studies 
have been published that provide rigorous guidelines for both sample handling and reporting 
(Brander et al. 2020; Cowger et al. 2020; Koelmans et al. 2019). With such guidelines in place, it is 
time to bring the quality and comparability of future studies to the next level (Provencher 
et al. 2020). Furthermore, the majority of presented numerical models would benefit from a (bet-
ter) validation against measured concentrations. However, most studies on plastic transport and 
fate models presented here did not include any form of validation against measurements. 
Fortunately, as we have seen, the number of publications on plastic abundances is rapidly increas-
ing internationally. This impressive growth in literature will be the basis of the next generation of 
numerical models simulating the transport and fate of plastics in rivers, lakes, and eventually 
the ocean.
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The term degradation generally refers to changes that result in the loss of desirable properties of a 
material such as plastics. However, here we use a narrower meaning for the term to include only 
those changes caused by chemical reactions in the plastic material. Physical changes, such as crystal-
lization or annealing can also negatively affect useful properties of plastics, but not being chemical 
changes these are not referred to as degradations but instead as deteriorations. In outdoor environ-
ments where the plastic1 is routinely exposed to sunlight, degradation occurs particularly rapidly due 
to chemical changes caused by solar ultraviolet radiation (UVR). Over time, the useful properties of 
the plastic product such as color or mechanical integrity gradually decrease as a result of degrada-
tion, impairing its utility and shortening the useful lifetime of the product (Anderson et al. 2015; 
Gewert et al., 2018; Singh and Sharma 2008). Chemical changes that occur in the degradation of 
plastics are often accompanied by chain scission events that shorten the average chain length of poly-
mer molecules. Useful mechanical properties of polymers rely primarily on their long- chain archi-
tecture that obtains very high inter- molecular attractive forces and chain entanglement to deliver their 
superior performance (see Chapter 1). Shortening the average chain length, therefore, weakens the 
material, often limiting its outdoor service life. While degradation of plastics on land environments 
has been extensively studied, degradation of plastics in the ocean environment has not received the 
same research attention. Understanding the fate of plastics litter in the marine environment, espe-
cially the mechanisms that lead to their invariable oxidation and fragmentation into microparticles, 
is important to mitigate the problem of plastic pollution of the ocean (Andrady 2015; Wypych 2015).

The degradation of plastics in the ocean environment is especially interesting because it is believed 
to be the primary mechanism leading to fragmentation that generates secondary microplastics (MPs) 
from plastic macro- litter. Not only are secondary MPs far more abundant in the ocean compared to 
primary MPs, but being generated in that environment, as opposed to being introduced from outside, 
their abundance in the ocean cannot be directly controlled or regulated. While the sources of influx 
of MPs into oceans have been identified (see Chapter 3), there appears to be no natural mechanism 
that removes them from the ocean within any practical timescale. Their interaction with marine life 

1 Plastics is a subset of the larger group of compounds called polymers. Here, we use the term interchangeably 
even though all polymers are not plastics (See Chapter 1).
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through entanglement and particularly their ingestion is well known (see Chapter 12). With over 
700 marine species (Kühn and van Franeker 2020) as well as numerous zooplankton species (Botterell 
et al. 2019) now reported to ingest MPs, the topic is of increasing ecological interest. MPs and possibly 
nanoplastics (NPs) are found in freshwater bodies as well (Eerkes- Medrano et al. 2015). Riverine 
transport is a major route of plastic debris into the ocean (Lebreton et al. 2017) (see Chapter 7). MPs 
exposed to solar UVR would continue to degrade and fragment yielding NPs (Zhu et al. 2020), but the 
latter have not been found in the ocean environment. A good understanding of the chemistry of 
fragmentation of common plastics found as debris in both freshwater and ocean environment is 
therefore critical to developing strategies to keep MPs out of the world’s ocean.

Plastics are organic compounds2 that will invariably degrade under long- term exposure to any 
outdoor environment including the ocean. The service lifetimes of outdoor plastics such as cladding 
(or siding) in buildings or marine engineering materials, routinely exposed to solar radiation during 
use, are limited by their rates of environmental photo- degradation. Generally, several environmen-
tal agents or stressors are responsible for the degradation process. Of these, solar UVR is the primary 
agent, while other factors include mechanical stresses, high temperature (Fairbrother et al. 2019), 
humidity (James et al. 2013), biological agents (Welden and Cowie 2017), and atmospheric pollut-
ants (Pospíšil et al. 2004). In addition to the already- mentioned chain scission that weakens the 
plastic progressively, other concurrent changes such as discoloration, cracking, out- gassing, and 
increased crystallinity also commonly result from degradation.

The service lifetimes of plastics used outdoors or in marine applications, however, are not com-
pletely at the mercy of solar UV irradiance and high sample temperatures; plastic products intended 
for outdoor use are generally compounded with potent UV stabilizers (Petukhova and Fedorov 2019; 
Wypych 2020) or chemicals that retard photo-degradation, in addition to the thermal stabilizers 
typically used to protect them from degradation during high- temperature processing 
(Gugumus 2000). The UV stabilizers can be inorganic pigments such as TiO2 (rutile) that absorb 
solar UVR shielding the underlying plastic material (Turton and White  2001), organic UV 
absorbers, or compounds that interfere with degradation reactions (Gijsman 2017). Particularly 
effective are compounds that are added to the plastic at very low levels (<0.5%) to efficiently 
deactivate the reactive free-radical intermediates responsible for oxidation and chain scission. 
Among these, especially popular are the hindered amine light stabilizers (HALSs). In plastics that 
degrade via free- radical mediated chemical pathways, such as PE, PP, and PS, these radical quench-
ers mop up the propagating radicals converting them into less reactive or unreactive products. 
Stabilizers not being covalently linked to the polymer molecules can, however, leach out from the 
plastic in contact with seawater (Rani et al. 2017) or themselves photodegrade (Wypych 2020) and 
therefore have a finite effective lifetime in plastics in the ocean.

In this chapter, a summary introduction to mechanisms of photo- degradation of common plas-
tics will be described followed by how these might be modified when degradation takes place in 
the marine environment. Finally, the available data on fragmentation of common plastics during 
photo- oxidation will be discussed.

8.1  Classifying Degradation

Degradation processes are generally classified according to the primary causative agent as shown 
in Figure 8.1. With plastics typically encountered in the marine environment, PE, PP, PS, and PET 
(see Chapter  1), it is photo- oxidation initiated by solar UVR that is mostly responsible for 

2 Common plastics found in the ocean environment are organic, but inorganic polymers such as polyphosphazenes, 
polysilanes, and polysilazanes are known.
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degradation (Klemchuk 1990). Often, it is accompanied by thermally initiated oxidation as well, 
but compared to photo- oxidation, it progresses at a relatively slower rate. Mechanical degradation 
generally occurs at the high shear forces encountered by plastics in processing operations but not 
in outdoor exposure. Unique to the ocean environment is mechanical fragmentation (Chubarenko 
et al. 2020; Efimova et al. 2018; Song et al. 2017) of both degraded and undegraded plastics leading 
to fracture of plastics. The mechanical forces generated by wave action in the “swash zone” on 
beaches, where the waves break, with plastics abraded by sand, can fragment plastic debris in the 
ocean. Given that the slamming pressure of waves on sloping beaches (Yang 2017) is in the range 
of 18–32 kPa, this can be a significant fragmentation mechanism (White and Turnbull 1994). Note 
that this is not a degradation but a mechanical deterioration that interestingly yields thin ribbon- 
like fragments of plastics (Chubarenko et  al. 2020) that might be mistaken for short fibers. 
Importantly, the same mechanical forces in the ocean also help loosen up and release fragments 
from the surface of highly-weathered plastics, as will be described later. While some hydrolysis 
(Arhant et al. 2019; Davies and Evrad 2007) and biodegradation (see Chapter 11) also occur under 
marine conditions, they proceed at an appreciable rate with only a few types of plastics (Lucas 
et al. 2008; Sudhakar et al. 2008), including some thermosets such as polyurethanes (PUs) (Davies 
and Evrad 2007) and aliphatic polyesters (Albertsson and Karlsson  1993). Biodegradation and 
hydrolysis do not contribute appreciably to the degradation of common thermoplastics found in 
marine debris. Not operative at all in the marine environment is thermal degradation that usually 
requires very high temperatures to break down polymer chains (Çit et al. 2009).

The classification in Figure 8.1, however, is for convenience of description and simplifies the 
complex interplay of different degradative agents that plastics are simultaneously subjected to in 
real environments. Several of these agents, especially solar UVR, high temperatures, and mechani-
cal stresses (Winkler et al. 2019) acting in concert bring about degradation in the environment, the 
combined effect of which is referred to as natural weathering (Feldman 2002). The term “aging” 
is sometimes used interchangeably with weathering in the literature (White 2006), but as it also 
includes annealing, the term “weathering” is preferred. Laboratory weathering degradation in 
general, and that of plastics in the oceans in particular, cannot duplicate the complexities of real 
environments and often focus on a few of the pertinent agents.

Degradation

Photo-degradation Solar UV Radiation

Oxygen

Water

Living Organism

Thermal Oxidation
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Mechanical
Degradation
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Figure 8.1 Agents that bring about degradation and fragmentation of plastics.
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Different plastics degrade in the environment at different rates, and these rates are always 
determined by both the chemical structure of the polymer and the nature of the environment the 
material is exposed to.

8.2  Weathering Under Laboratory Accelerated Conditions

Natural weathering of plastics on land environments is quite a slow process even under harsh 
exposure conditions of a sandy beach. For instance, PE or PP plastic films (which do not contain 
any UV stabilizer), exposed to harsh conditions at Arizona or, Florida, take about a year or so to 
weaken to the point of embrittlement (Fayolle et al. 2007; Jabarin and Lofgren 1994). When embrit-
tled, the tensile elongation at break of the friable plastic is reduced to <5%, and the material is 
too fragile to even handle without fragmenting. The same extent of degradation can, however, 
be reached in only a few weeks or months of exposure in laboratory- accelerated weathering. 
Accelerated weathering also allows for closer control of temperature and the radiation dose 
received by the plastic. In laboratory-accelerated weathering the plastic is typically exposed to a 
high- intensity light source ideally with a spectral irradiance distribution matching that of solar 
radiation received on the Earth’s surface (Hiejima et al. 2018), and maintained at an elevated tem-
perature to accelerate the degradation. Commercial equipment to conveniently carry out 
laboratory- accelerated weathering exposures of materials is available.

8.2.1 The Light Source

The rates and mechanisms of degradation are highly dependent on the spectral quality of the light 
source used in accelerated exposures (François- Heude et al. 2015; Pickett et al. 2008; Gok et al. 
2019). Therefore, the source used should always be indicated when reporting accelerated weather-
ing data. The spectral irradiance distribution (Eλ ) (W/m2) of the source used should ideally match 
that of solar radiation to ensure that identical chemical pathways are obtained in both natural and 
accelerated exposures. Borosilicate- filtered xenon source radiation closely matches solar radiation 
(air mass 1), compared to, for instance, with that for a UV- 340 fluorescent source and ASTM G173- 03 
standard, as shown in Figure 8.2. The photon dose received by the sample is given by the following 
equation:

 

D E d
All0

t

 

(I)

where D is the dose of radiation, Eλ is the irradiance (W/m2) at wavelength λ, and t is the dura-
tion of exposure. The second integral in Equation (I) covers the entire wavelength range of the 
source. Estimating equivalent months of outside exposure (based on the dose alone) when calcu-
lated for a source that is not spectrally similar to sunlight, is therefore not useful.

Figure 8.3 illustrates the very different spectral features of radiation from mercury vapor and 
metal halide lamps, both extensively used in accelerated-weathering studies under marine condi-
tions. With these sources the UVR region of the spectrum, which is mostly responsible for polymer 
degradation, is very different from that of the solar ultraviolet spectrum. It is also critical to ensure 
that no UVC (λ < 290 nm) radiation is emitted by the source. The germicidal wavelengths in UVC, 
not typically found in sunlight reaching the Earth’s surface, have very high photon energy and 
are the most damaging radiation to plastics. Photodamage suffered by the sample is given by the 
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wavelength sensitivity distribution F(λ) for a given plastic compound for a specified mode of dam-
age such as discoloration or surface cracking. The wavelength sensitivity spectrum F(λ) is a weight-
ing function and cannot be generalized for different compounds of the same plastic or for different 
modes of damage. Photodamage D is then given by:
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0
 

(II)

The exceptional sensitivity of photodegradation of plastics to the wavelength λ of radiation is 
illustrated in Figure 8.4 that shows the change in tensile extensibility (%) of strip samples (0.42 mm 
thick) of photodegradable3 PE (copolymer of ethylene with 1% carbon monoxide) laminates 
exposed to a xenon light source at 77 °C for 117 hours. Sample films were exposed to light behind 
a series of cut- on filter each transmitting only a part of the source spectrum as illustrated in 
Figure 8.4 (left). Each sample therefore receives only a part of the solar- simulated source spec-
trum. In Figure 8.4 (left), the horizontal axis of the plot gives the wavelength corresponding to 5% 
transmittance of each of the filters and the vertical axis is the average tensile extensibility (%) of the 
degraded PE samples exposed behind each filter. The samples exposed behind the cut- on filter that 
transmitted radiation of λ > about 328 nm (or only wavelengths longer than UVB) showed little or 

3 Photodegradable copolymer of PE from ITW HiCone Inc. was used in this experiment to obtain results in a short 
exposure time.
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with permission from Gok et al. (2019).
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no change in extensibility (Andrady 1996). Whenever any UVB reached the sample through the 
appropriate cut- on filter, degradation ensued. Similar results were reported by Hu Xingzhou (1997) 
for 100- μm polyethylene films exposed to a xenon source for 280 hours. The fraction of UVA and 
UVB in the source radiation and therefore the spectral features of the source primarily determine 
the degradation rate of the plastic.

Table 8.1 gives selected values of the irradiance of different light sources used in laboratory weath-
ering (François- Heude et al. 2015), illustrating the differences in the irradiance (W/m2) between the 
xenon arc mercury lamp (SEPAP 14.24) and two types of UVA fluorescent lamps. Since their overall 
light output is higher than that of sunlight (for Shanghai), exposure to them obtains accelerated 
weathering. Also shown is the overlap of the absorption spectrum of two important chromophores 
in PE and PP oxidation, the hydroperoxide [–ROOH] and ketone [>C=O] moieties, with the source 
spectra. The overlap function is given in Table 8.1, for example, for [–ROOH] groups is

 J I ROOHROOH absev /  (III)

where I(absv) is the volumic absorbed energy and [ROOH] is the hydroperoxide concentration. 
At a given irradiance (W/m2) the value of the concentration- independent overlap, depends strongly 
on the source spectrum. The formulations in Equations (II) and (III) implicitly assume reciprocity 
(as discussed below) because of the differences in irradiance distributions of sources, but the 
different impacts of the effective radiation are evident from Table 8.1.
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8.2.2 Light Intensity and Temperature

Photo- oxidative degradation is readily accelerated by combining a higher intensity of radiation 
(compared to solar radiation) and maintaining a high sample temperature, often with cycling 
(between hot/light and cold/dark conditions [Copinet et  al. 2004]). Sometimes an intermittent 
water spray is also used in such exposures that are typically carried out in commercially available 
environmental chambers. Of these, increasing the temperature has the greatest effect on the rate of 
degradation (Bandow et al. 2017). The Arrhenius relationship between the rate of chemical reac-
tions and the temperature is well known and how much acceleration might be achieved depends 
on the activation energies of the damage processes. With activation energy for photoreactions of 
aliphatic polymers ~27–50 kcal/mol and aromatic polymers ~12–20 kcal/mol (Pickett 2020), even 
a small increase in temperature can obtain significant acceleration in degradation rates. Increasing 
the intensity of the UV radiation (by using multiple lamps) at higher temperatures, obtain acceler-
ated degradation of plastics, as demonstrated in the photodegradation of polycarbonates (Pickett 
et al. 2019), PET (Gok et al. 2019), and PE (Bigger et al. 1992; Fairbrother et al. 2019).
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Figure 8.4 (Left) Transmittance spectra for several cut- on filters. (Right) Change in average tensile 
extensibility (%) for photodegradable polyethylene material exposed behind a series of cut- on filters. Filter 
wavelengths are those at 5% transmission and standard error of the mean is indicated by the bars. Courtesy: 
Andrady et al., JAPS (1996).

Table 8.1 A comparison of radiation sources used in laboratory- accelerated weathering of PP.

Source (lamp)
Irradiance (W/m2)
In (300 > λ < 400 nm

Overlap with 
[ROOH] (E/mol.s)

Overlap with
[>C=O] (E/mol.s)

Sunlight* 3.0 8.92 × 10−8 1.51 × 10−6

Xenon 35 9.45 × 10−7 1.47 × 10−5

Xenon 42 7.87 × 10−7 1.20 × 10−5

Xenon 55 1.45 × 10−6 2.25 × 10−5

UVA- 351 82 2,84 × 10−6 4,75 × 10−5

UVA- 351 163 5.66 × 10−6 9.47 × 10−5

UVA TLK- 40 6 1.45 × 10−7 2.31 × 10−6

SEPAP14/24 66 8.45 × 10−6 1.25 × 10−4

SEPAP14/24 86 1.10 × 10−5 1.64 × 10−4

* Shanghai Sunlight. Data selected from (François- Heude et al. 2015).
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Care must be taken, however, to ensure that neither the high intensity of radiation (Hsueh 
et al. 2020) nor the high temperatures result in degradation chemistries not typically obtained in 
field exposure to solar UVR at ambient temperature (Therias et al. 2020). Increasing the inten-
sity of UVR to accelerate degradation assumes reciprocity between the intensity I (MJ/m2) and 
the duration of exposure t, so that photo- damage is given by Equation (IV) (Chin et al. 2005; 
Martin et al. 2003; White et al. 2009).

 Photo-damage I tn.  (IV)

where n = 1.
This relationship (also called the Schwarzchild’s law) need not hold for all plastics that undergo 

weathering or for changes in different properties of the same plastic, during accelerated weathering. 
The exponent n in the equation can have values other than unity for different plastics and for vari-
ous modes of photo- damage (Kollmann and Wood 1980). For instance, on photodegradation of 
HDPE, the change in bulk stiffness showed good reciprocity at different light intensities while that 
for change crystallinity in the same exposure, did not (Fairbrother et al. 2019). Equation (II) implic-
itly assumes reciprocity (n ~ 1.0) in its formulation as F(λ) is generally determined in a separate 
experiment using monochromatic radiation. This function does not take into account any syner-
gism or mutual suppression of degradation reactions at different wavelengths acting together nor 
does it accommodate potential temperature dependence of reciprocity.

8.3  Photo- Oxidation Pathways of Common Plastics

This section reviews the chemistry of photo- oxidation of common polymers found in the ocean 
environment, especially those that float in seawater. PE is reported to be the predominant plas-
tic in both beach debris and surface waters (Erni- Cassola et al. 2019; Wilcox et al. 2020) in a 
majority of studies. It is also the resin manufactured in the highest volume globally and being 
popular in packaging uses, more likely to turn up in beach and urban litter. The chemistry 
behind the photodegradation of PE therefore deserves detailed attention. Polypropylene (PP) is 
generally the second- most frequent plastic material found in the ocean, followed by PS foam 
and nylon used in fishing gear (Hess et al. 1999). Both PP and PS generally follow the autoxida-
tion scheme described for the case of PE (Gijsman 2008) with some modifications that arise from 
their structural differences. Oxidation chemistry for PE is discussed in detail here, with differ-
ences for PP and PS pointed out subsequently. This is a descriptive discussion of the basic 
chemistry of known degradation pathways in air for these three plastics, with the kinetics of 
degradation left out because of space constraints. Though not included here, even negatively 
buoyant plastics such as nylon, cellulose acetate, PVC, and PET can undergo weathering in the 
dry sediment or the beach environment.

8.3.1 Photo- degradation of Polyethylene

Solar UV- initiated oxidative degradation of PE in air has been well studied and the basic chem-
istry discussed in the early literature (Reich and Stivala 1971; Stivala et al. 1983). Basic photo-
chemistry teaches that only the radiation that is absorbed by the plastic can cause any 
photoreaction, but neither PE nor PP has structural features (or chromophores) that allow them 
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to absorb solar UVR. However, they invariably have a suite of impurities that can act as chromo-
phores that do absorb UVR. These include low levels of chain unsaturation (Chabira et al. 2008; 
Rajakumar et al. 2009) and hydroperoxide or carbonyl functionalities (Gijsman, P. 2008) that 
result from high temperature (which can reach up to 300 °C), and high- shear processing of the 
plastic into pellets or products (Yanai et al. 1995). Catalyst residues, traces of metals, and envi-
ronmental pollutants can also facilitate the absorption of solar UV radiation by these aliphatic 
polymers.

Environmental photo- oxidation of plastics is a free- radical process best described under three 
stages: initiation, propagation, and termination (Gijsman 2008). Initiation is the stage where free- 
radicals are photolytically generated to initiate oxidation reactions. Solar radiation reaching the 
earth’s surface contains only 4–6% of UVR (290–400 nm) that is sufficiently energetic (72–97 kcal/
mol) to directly photolyze covalent bonds in the polymer (Rånby 1989) to generate secondary (and 
some primary) macro- alkyl radicals [R•] that serve as initiators of oxidation (see reaction (1); 
Karlsson et al. 2018). Most of the [R•] radicals formed in reaction (1) and (5) will tend to be secondary 
macro- radicals in the case of PE, except at branch points where a tertiary radical may be possible. 
Tertiary radicals formed in branched PE are known to facilitate faster degradation compared to their 
secondary analogs (Decker et al. 1973). The radicals are macro-  or chain- radicals in polymers in 
the solid- state and therefore have very limited mobility. Only small radicals such as [•OH] can 
move about in the medium and bulk of the polymer. Those such as  [R•] secondary radicals being 
relatively large and have limited mobility.

Initiation

 Polymer RH Mainly R  →   (1)

Propagation

 2R O ROO+ →  (2)

 ROO RH ROOH R+ → +  (3)

 ROOH RO OH→ +   (4)

 2HO RH R H O+ → +   (5)

Termination

 

2R
ROO ROO Non-radical products
2ROO




+ →





 

  

(6)

Propagation reactions that continue the oxidation process are of special interest because the scis-
sion of long polymer chains that decreases the mechanical integrity of PE, are associated with 
this step. The chemistry of propagation has been well studied in alkanes and starts with the 
highly reactive secondary macro- alkyl [R•] radicals that typically have short lifetimes (Pilař 
et  al. 2017). These react with oxygen (reaction (2)) yielding polymer- peroxy [ROO•] radicals, 
provided there is sufficient oxygen dissolved in the polymer. Alternatively, the  [R•] radical may 
abstract a hydrogen atom from another LDPE chain nearby, essentially shifting the radical to a 
different location in the bulk or to another chain, by a process called “radical hopping” (Hicks 
2007) (R• + R′H → RH + R′•). When adequate oxygen is available, reaction (2) is at least two 
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Figure 8.5 Photo- oxidation of polyolefins illustrating the autocatalytic nature of the process.

orders of magnitude faster than the “hopping” reaction and is preferred (Bracco et al. 2018). The 
oxygen that diffuses into the polymer from air or seawater is consumed by this single reaction; 
dissolved oxygen in plastics must be replenished by fast enough diffusion from air (or sewater) 
if propagation is to continue. This is not always the case, especially with thick samples that 
become oxygen- starved especially in the interior, resulting in diffusion- controlled oxidation. As 
diffusion is from the surface into the bulk (in the z- direction), the rate of oxidation will depend 
on the thickness of the sample (Cunliffe and Davis 1982; Furneaux et al. 1981).

The resulting [ROO•] radical abstracts a hydrogen atom and is converted into a polymer 
hydroperoxide [ROOH] (reaction (3)) in a relatively slow reaction that determines the rate of 
propagation. Decomposition of this hydroperoxide [ROOH] via reaction (4) into [RO•] and 
hydroxyl radicals [•OH] occurs photolytically by solar UVR of λ < 340 nm and also thermally. 
This dissociation generates more free radicals, making the sequence autocatalytic or an autoxi-
dation (Gryn’ova et al. 2011). Unimolecular decomposition of [ROOH] into radicals has rela-
tively high activation energy, but the alternative route of bimolecular dissociation is unlikely in 
solid polymers as chains have very limited mobility making encounters of a pair of [ROOH] 
groups quite rare. The radical pair (RO• and •OH) resulting from dissociation is strongly associ-
ated with each other and in solid polymers is said to exist in a “cage”, and some degree of “cage 
recombination” of the radical pair is to be expected (Selonke et al. 2012). For solid PP, Garton 
(1980) estimated that only 4.5% of radicals escape cage recombination to continue on propaga-
tion. These radicals, however, are very efficient and repeat the propagation reaction cycle numer-
ous times before terminating, creating a long kinetic chain of propagation. The repeating cycle 
of propagation is illustrated in Figure 8.5 and is well established for polyolefins (Mayo 1978; Niki 
et al. 1973).

In the oxidizing polymer, there will be three types of chain- radicals, [R•], [RO•], and [ROO•], and 
these may interact with each other leading to biradical termination. Under diffusion- controlled condi-
tions, crosslinking or chain extension through [R•] radical reactions is likely. The reaction of the [ROO•] 
radical with an alkyl [R•] radical (by the Russell mechanism) (Russel 1957) yielding a  macro- ketone 
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and a macro- alcohol is also possible as the [R•] radical moves about by radical hopping. A unimo-
lecular termination resulting in terminal unsaturation is possible in theory, but is less likely.

CH2 CH2 CH2
••

CH2 CH2 CH2 CH2

CH2

CH2 CH2CH

CH2 CH2

CH2CH2

+

CH2

CH2
• •
CH CH2CH2 + CH2

CH2 CH

CH

CH

CH

CH3CH2 + CH

CH2 +

8.3.1.1 Carbonyl Compound Products
Most reaction products observed during PE oxidation are believed to arise from various reactions 
of the macro- alkoxy [RO•] radicals. The long- chain [RO•] radical may (i) undergo β- scission, form-
ing a chain- terminal aldehyde (reaction (7)) (Hartley and Guillet 1968); (ii) form an in- chain 
ketone (reaction (8)), or (iii) abstract hydrogen to form alcohol (reaction (9)). The β- scission reac-
tion is the primary mechanism that obtains chain scission in oxidation of most polymers of interest 
to this discussion and produces a terminal aldehyde on the chain at the point of scission, that may 
lose a carbon monoxide (CO) molecule to form another alkyl [R•] radical.

(7)

(8)

(9)

CH2

CH2 CH2 CH2 CH2

CH2 CH2 CH2

CH2 CH2 C
H

O
+ .CH2CH2

CH2

H

C

C

O

OH

CH2 CH2 CH2C

H

O.
.OH

The ketone produced in reaction (8) is a strong chromophore that undergoes photolysis via Norrish 
I and II reactions shown below. In Norrish II photo- conversion, which does not yield radicals, the 
macro- ketone (>R=O) abstracts a hydrogen from a γ- carbon atom, resulting in chain scission. The 
secondary macro- alcohol formed in reaction (9), as well as all aldehydes and ketones formed in 
these reactions, may oxidize further to form carboxylic acids and esters (Hakkarainen and Albertsson 
2004). Carboxylic acid is therefore, a major product in PE oxidation (Yagoubi et al. 2015), and the low 
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molecular weight acids are volatilized during photo- initiated oxidation of LDPE (Lomonaco et al. 
2020). Chain scission by Norrish photoreactions (reactions (10) and (11)) generates chain unsatura-
tion. The generation of the carbonyl compounds can be readily monitored spectroscopically.

The broad carbonyl absorption band between 1640 and 1840 cm-1 in FTIR spectra of oxidized PE 
evolves with the duration of exposure and is a complex band with overlapping peaks of different 
oxidation products with a carbonyl functionality in their structure. The carbonyl index (CI), the 
ratio of the >C=O band intensity to that of an oxidation- invariant peak (e.g. the band at 2020 cm-1) 
in the spectra, is often used to quantify the extent of photo- oxidation. The evolution of the carbonyl 
absorption band with the duration of exposure in LDPE, is shown in Figure 8.6 (left) with the 
de- convolution of the band into its components by Gaussian curve fitting shown in Figure 8.6 
(right). The intensity of this peak increases linearly with the duration of exposure.

CH2 CH2 CH2 CH2 CH2

CH2 CH2 CH2 CO+CH2
•

CH2 CH2
•CH2C• +

C•

hv
C

0

0

0

Norrish I reaction (10)

CH2 CH2

CH2 CH2

CH2 CH2

CH2

CH3CH2CH2

CH

(3)

(4)

H2C

+C

OH

O

C

CH
hv

H

C

O

Norrish II reaction (11)
In a multi- laboratory study of accelerated degradation of PE under xenon- source as well as carbon- 

arc source radiation, the carbonyl index of the weathered plastic correlated well with exposure dura-
tion (Shimizu et  al. 2016). Changes in, and the development of, new functional groups during 
exposure are conveniently monitored using Fourier Transform Infra- Red (FTIR) spectroscopy, car-
ried out in the Attenuated Total Reflectance (ATR) mode with thick samples such as MPs. As might 
be expected from Norrish reaction mechanisms, the intensity of carbonyl absorption in FTIR spectra 
correlates well with that of the –C=C– unsaturation peaks (Yagoubi et al., 2020) and with the decrease 
in the tensile extensibility of polyethylene (PE) films (Andrady et al. 1993). Figure 8.6 shows the 
increase in the area of carbonyl absorption in FTIR spectra during natural weathering of LDPE, and 
the mathematical deconvolution of the complex peak into component functionalities. The assign-
ments of the major peaks in the band suggested by Yagoubi et al. (2020) is given in Table 8.2.

8.3.2 Photodegradation of Polypropylene (PP)

For the most part, photo- oxidation of PP follows the same general reaction sequence described for 
PE, similarly increasing in fractional crystallinity (Gallo and Severini 2013; Rabello and White 1997) 
and decreasing the average molecular weight due to chain scission (Ni et al. 2015), as oxidation 
progresses. However, a few important differences from the oxidation of PE need to be appreciated. 
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These arise mostly from the structural feature of PP having a tertiary carbon atom in each repeat 
unit; in fact, about a third of the carbon atoms in PP are tertiary. This feature modifies the oxida-
tive reactions described above for PE. Initiation as in the case of PE is by the action of solar UVR  
absorbed by trace chromophoric impurities, but the generated chain- alkyl radicals [R•] are tertiary 
macro- radicals, as the hydrogens attached to the tertiary carbon are particularly photo-labile 
(Duvall 2014). The –C–H bond energy in alkanes for tertiary carbons (396–400 kJ/mol) is significantly 
lower than that for secondary carbons (413–416 kJ/mol). While the generation of some secondary alkyl 
radicals cannot be ruled out, the analysis of weathered PP shows predominantly tertiary hydroperoxides 
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Figure 8.6 (Left) Evolution of the carbonyl band in FTIR spectra of the LDPE film during natural 
weathering for different durations. (Courtesy of Rodriguez et al. 2020). (Right) Mathematical deconvolution 
of the complex carbonyl absorption band into components (Courtesy of Yagoubi et al. 2015).

Table 8.2 Position of component peaks that compose the broad carbonyl 
absorption band in FTIR spectra of naturally weathered of an LDPE film with 
no UV stabilizer (thickness 180 micron).

Peak position (per cm) Assignment

1686 Ketones and α, β unstaurated carboxylic acids

1714 Carboxylic acids

1722 Ketones

1733 Aldehydes

1739 Esters

1750 Per- acids

1756 Free monocarboxylic acid

1777 Per- esters

1785 γ Lactone

Values based on Yagoubi et al. (2015).
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(Tidjani 1997). In addition, the tertiary [R•] radicals are relatively more stable and have longer life-
times compared to the primary or secondary chain- radicals of PE.

The tertiary [R•] radicals also readily participates in “radical hopping” as they are longer-lived 
(relative to those of PE) and as PP has abundant labile tertiary hydrogens (Gallo et al. 2006; Grause 
et al. 2020) to abstract in hopping reactions. In addition, the long- lived tertiary alkyl radicals of PP 
can undergo β- scission into an unsaturated end group and a radical, as shown in reaction (12).

CH3

CH C CH

CH3 CH3 CH3 CH3
•

•
CH

CH3

CH +C
H2

C
H2

C
H2

Beta-scission in tertiary alkyl radical (12)

CH2 CH2 CH2

CH3 CH3 CH3 CH3

OHOH

C C C
•

CH2

O

C

O
•

Creation of adjacent hydroperoxides (13)

However, the more likely reaction of the alkyl radical is with oxygen to form a tertiary [ROO•] 
radical that can readily abstract a tertiary H atom from an adjacent repeat unit to form a [ROOH] 
group (reaction (13)). Unlike in PE, the high local availability of labile hydrogens in PP creates 
clusters of tertiary radicals in close proximity, introducing a high degree of spatial heterogeneity 
to the oxidation process. Consequently, unlike in PE, the tertiary [ROO•] moieties in PP can 
react via energetically favorable bimolecular reactions despite their limited mobility. This phe-
nomenon also contributes to high surface heterogeneity, that is even microscopically discernible 
in the case of PP (Billingham 1989; Richters 1970). The [ROOH] groups dissociate to form alkoxy 
[RO•] and [•OH] radicals as in the case of  PE or may react to form in- chain lactones (Tidjani 1997) 
or trans- vinylene groups (Mendes et  al. 2003). The hydroxyl radicals formed are reactive and 
abstract labile H atoms from the PP chains. Even though the role of [•OH] radicals in PP degrada-
tion is often ignored, its removal from the system retards degradation, showing its crucial role 
in the process (Wu et al. 2020). The tertiary alkoxy [RO•] ra dicals may undergo chain scission, 
yielding a terminal chain ketone (or acetone) (Grossetete et al. 2002) or a tertiary alcohol by 
abstracting an H atom. With the build- up of carbonyl fu nctionalities, Norrish photoreactions occur 
with additional chain scission. The reported (Rajakumar et al. 2009) abundance of carbonyl prod-
ucts for PP is as follows: carboxylic acid > ketone > ester > lactone.

PP tends to degrade more by chain scission with very limited crosslinking during oxidation, 
reacting more easily (as in H- abstraction reactions) compared to PE, and therefore oxidizes and 
degrades relatively faster. For instance, the development of carbonyl functionalities in weathering 
of PP under a UV- 340 lamp (0.89 W/m2) in air was found to be nine times faster compared to in PE 
(Almond et al. 2020). Termination in PP is also by combination of radicals. Any allylic hydrogens 
formed in the termination of PP and PE are particularly labile (with low –C–H bond dissociation 
energies) and can readily participate in propagation reactions.

8.3.3 Photodegradation of Polystyrene (PS)

Polystyrene (PS) can sometimes be denser than seawater but can undergo degradation on 
beaches, but expanded PS foam (EPS) used in packaging as well as in marine floats, is much 
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lower in density and floats in sea water. PS also follows the same basic oxidation pathway as 
above, but two structural features make it’s photo-degradation different from that of either PE or 
PP. These are as follows: (i) the structure of PS has phenyl groups, that are good UV- absorbing 
chromophores, in each repeat unit of the chain; and (ii) commonly used atactic PS is wholly 
amorphous because of structural constraints that interfere with crystallization. On exposure to 
UVR the phenyl rings are excited first into an excited singlet state and then into a triplet state (by 
intersystem crossing), transferring the absorbed radiant energy to bonds, photolyzing them 
(Allen, 1985). Oxygen can form a charge- transfer complex helping initiation. It is the tertiary 
–C- H bond in the polymer that is more likely to undergo scission as the resulting radical is par-
ticularly stable (Dulog and David 1971), though this preference still depends on the energy or 
the wavelength of irradiation.

CH2 CH2 CH CH

or

(14)

(P1
•)

CH C
hv

– H•

••

As with PE, the [R•] radical of PS also reacts with oxygen to form [ROO•] radicals that may 
abstract a tertiary H atom from a nearby (or the same) polymer chain to form [ROOH] groups 
(Weir 1978). These hydroperoxides are photo- labile and homolytically dissociate by UVR or heat 
into a pair of radicals, introducing an autocatalytic nature to the oxidation of PS as well. The 
polystyrene- oxy radical can also undergo β- scission, breaking up the main polymer chain (Kuzina 
and Mikhailov 1998).
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As with PE and PP plastics discussed above, the average molecular weight of PS also decreases 
on photo- oxidation as reported in the literature for natural (Andrady and Pegram 1991) and for 
laboratory- accelerated weathering (Shah et al. 2017). Since PS is soluble in organic solvents, either 
Gel Permeation Chromatography (GPC) or solution viscosity [using the Mark- Houwink empirical 
equation (Fujita 1988)] can be used to assess the decrease in its average molecular weight during 
photodegradation. This decrease in the average molecular weight of the soluble fraction was found 
to vary linearly with the duration of exposure (Shah et al. 2017).

A common observation in the weathering of PS or EPS foam is that on extended exposure 
the surface of polymer undergoes marked yellowing (Andrady and Pegram 1991). The discol-
oration, however, is localized to a surface layer and is accompanied by embrittlement, with 
the surface reduced to a crosslinked brittle powdery material (Pegram and Andrady 1992). The 
yellow coloration is believed to be due to the development of conjugated unsaturation. If left 
undisturbed, the yellow embrittled layer on PS and EPS surfaces protects the underlying 
plastic material from further photodegradation (Yousif  and Haddad 2013). A contributing 
secondary reaction to yellowing discoloration is the formation of quinone methanes 
(Rabek 1987).
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Figure 8.7 Summary of agents and effects associated with weathering of plastics in the marine 
environment.

8.4  Changes Accompanying Weathering of Plastics

1) Weathering reactions generally result in the formation of oxygenation functional groups on 
the polymer chains. These, especially with PE and PP, primarily include carbonyl groups 
(>C=O), carboxylic acid groups (- COOH), unsaturation (- C=C- ), and hydroxyl groups (- OH) 
(Gardette et al. 2013). All of these are easily observed using FTIR spectroscopy. The presence 
of the polar functional groups on degraded surfaces can encourage faster biofouling (Karlsson 
et al. 2018).

2) By far the most important consequence of weathering, however, is chain scission (Jabarin and 
Lofgren 1994). While both crosslinking and chain scission occur in oxidizing plastics (Gulmine 
et al. 2006),4 it is usually chain scission that dominates (Naddeo et al. 2004; Sudhakar et al. 
2008), reducing the average molecular weight, Mn (g/mol) of the polymer and broadening its 
molecular weight distribution (see Figure 8.7). Even the scission of a small fraction of the long 
polymer chains in a sample is sufficient to compromise it’s mechanical integrity. Experimentally, 
this decrease in Mn (g/mol) can be monitored using GPC (Andrady et al. 1991), while its effects 
are also reflected as changes in tensile properties (Dilara and Briassoulis  1998) especially a 
decrease in uniaxial extensibility (Benítez et al. 2013; Hsu et al. 2012; Ojeda et al. 2011).

At higher extents of degradation, surface pits or micro- cracks appear and these may become 
wide enough to be noticed even under a low- power microscope. It is the propagation of these 
cracks into the bulk of plastics that invariably results in fragmentation during weathering. 
Fragmentation of plastics in the ocean still requires the help of mechanical stress to loosen the 

4 Some polymer degradation reactions change the chemical structure of the main chain or a side chain of the 
polymer without causing any scission of the chains.
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daughters from the degrading plastic fragment. The reduction in the average molecular weight, 
Mn (g/mol) is reflected in the loss of mechanical properties, particularly the tensile extensibility 
of the PE (Carrasco et al. 1996; Andrady et al., 2022; Pabiot and Verdu 1981).

3) In semi- crystalline polymers, photo- oxidation occurs almost exclusively in the amorphous 
domains. In addition, the short chains formed as a result of chain scission that accompanies 
oxidation, can migrate through the plastic and often add on to existing crystallites or form new 
crystallites, by chemo- crystallization (Chabira et al. 2008; Fayolle et al. 2007; Gulmine et al. 
2003). The consequent increase in percent crystallinity with oxidation of PE or PP can be meas-
ured by calorimetry or X- ray diffraction techniques. Because of the high attenuation of UVR in 
the polymer, most of the initiation occurs in the surface layers, yielding a heterogeneous surface 
with pits and cracks within the volume occupied by the degraded amorphous fraction.

4) Common plastics undergo discoloration, usually yellowing, on weathering due to the for-
mation of surface chromophores. With polyolefins these can also arise due to the photodegra-
dation of thermal stabilizer additives. However, with PS, PC, or PVC, the photoreactions of the 
base polymer that give rise to colored products have been elucidated. For instance, with PVC, 
photo- dehydrochlorination results in the formation of conjugated unsaturation sequences in 
the main chain of the polymer with the evolution of HCl. As conjugated sequences absorb 
blue wavelengths in the sunlight spectrum the weathered PVC appear yellow in reflected light. 
Oxidative changes may also affect the permeability of the weathered plastic, resulting in faster 
release of additives from the MP to water (Bandow et al. 2017; Gewert et al. 2018; Paluselli et al. 
2019) (or even within biota).

8.5  Weathering of Plastics in the Marine Environment

The ocean environment consists of several zones that are very different in their ability to promote 
natural weathering of plastic litter. For the present purpose, it is convenient to compare the relative 
efficacy of oxidative degradation or fragmentation in each of the zones.

1) Beach or dry sediment: Beaches can be of different types including sandy beaches, pebble 
beaches or rocky beaches, and shell/glass beaches.

2) Tidal or “swash zone” is the beach region that is kept moist by wave action or tidal movements.
3) Surface water generally refers to the visible surface at the air/water interface but can also 

include a layer a few meters below the surface because of mixing. It is also a photic zone.
4) Water column: The deep water column below the photic zone down to the bottom sediment.
5) The bottom sediment.

Figure 8.8 summarizes the effects of weathering on plastics in the marine environment. The 
intensity of the principal agents that facilitate weathering of polymers in these zones are qualita-
tively described in Table 8.3. Clearly, the efficacy of degradation of plastics decreases with zones, 
starting from the first zone in column 1.

Beaches: The degradation rates of plastics exposed to solar UVR on beaches would be the same 
or even faster than that on land at the same location (Corcoran et al. 2009). Given the low specific 
heat of rocks or quartz sand (only a fifth of that of water), sunlight heats these up quickly to high 
temperatures (Sumner et al. 2007). Compared to air temperature, that of plastic litter exposed to 
sunlight on sand can often be much higher, by as much as 20 °C, depending on its color. Polymer 
oxidative reactions have only moderate activation energies (20–50 kcal/mol) (Pickett 2020) and are 
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accelerated significantly at higher temperatures. This combination of factors makes the beach 
environment the most conducive marine zone for weathering and fragmentation of plastic debris.

Tidal zone: Plastic debris in the intertidal zone receives the same insolation as those on beaches 
but is maintained at the relatively lower water temperature, at least a part of the time, as this zone 
is wetted intermittently by wave action or tidal movements. Debris in this zone is also subjected 
to mechanical agitation by tidal movements as well as abrasion by sand, encouraging their 

Table 8.3 Factors that control photodegradation of plastics in different oceanic zones.

Zone Solar UVR Temperature Oxygen Fouling

Beach (dry sediment) +++
3.4–6.6 kWh/m2/d

+++
up to 56 °C

+++
~200 mg/L
(~20%)

None

Tidal zone or the swash 
zone

+++
3.4–6.6 kWh/m2/d

++
22–56 °C

+++
~200 mg/L
(~20%)

Possible

Surface water +++
3.4–6.6 kWh/m2/d

++
22–30 °C

++
8 mg/L
(< 0.5%)

High

Water column None Cold Very low Low

Bottom sediment None Very cold Very low Moderate

Note: Values in columns 2 and 3 are typical only for Miami Beach, Florida, and those in column 4 are for seawater 
in general.

Water
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Figure 8.8 Factors that control the mechanism and kinetics of photodegradation of plastics in the marine 
environment.
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fragmentation. This serves to generate fragments from both virgin plastics and already highly-
degraded plastics where fragments weakly adhering to the plastic are separated by  mechanical 
force. Recent evidence suggests that unweathered virgin plastic pellets can also undergo mechan-
ical fragmentation into at least mesoscale particles due to abrasion by sand and aggregate 
(Chubarenko et al. 2020). Fragmentation in this study was independent of any photodegradation. 
In the study, plastic debris was placed in a modified concrete mixer with sand and water (2 kg/m3) 
and rotated to simulate swash-zone conditions. However, the conditions in the swash zone on a 
sloping beach can be even more aggressive; the suspended sediment concentration in the water in 
the zone is around 100 kg/m3, and water velocities are around 1.5 m/s in the uprush of wave 
(Aagaard and Hughes 2006). Plastic debris caught up in this field of turbulence likely experiences 
considerable friction with sand particles, mechanically generating MPs.

Water surface: Plastics floating on the surface of the ocean receive the same insolation as those on 
the beaches but are maintained at the relatively lower temperature of seawater. Also, the availability 
of oxygen to the floating samples, especially those submerged, is limited by the low oxygen solubility 
in seawater. Still, surface waters are relatively richer in oxygen compared to the deep- water column 
mainly due to the photosynthetic activity of phytoplankton in this zone, as seen in Table 8.3. Abiotic 
degradation therefore progresses faster in floating plastic debris compared to that submerged at a 
level that received, for instance, only about 50% of UV radiation relative to that in air (Leonas and 
Gorden 1993). More importantly, surface biofouling of plastic debris screens the underlying material 
from insolation, further decreasing the rate of degradation in this zone. Some or all of these fac-
tors (low temperature, low oxygen levels, and screening by surface foulants) contribute to the retarda-
tion of oxidative degradation in plastics floating in seawater, relative to that on beaches.

Water column: Plastics deeper in the water column, well below the photic zone, cannot undergo 
any photodegradation. The most potent wavelength to initiate photo- oxidation of plastics, the 
short wavelength solar UV, is absorbed by seawater and does not reach depths below about 5 m 
from the surface (Dunne et al. 1996). Water temperature also gradually drops with depth until the 
thermocline is reached, below which it drops even faster, again contributing to the retardation of 
all chemical reactions. In a recent study, plastic geotextile samples were subjected to weathering in 
air and in the aphotic water column over a 12- month period (Hsieh et al. 2016). The tensile strength 
and puncture resistance of the geotextiles decreased in outdoor exposure (reduction factors of 1.31 
and 4.06 for PP and PET respectively), while those exposed in the aphotic zone showed a minimal 
change (reduction factors of 0.93 and 1.02, respectively) for the same two plastics).

Bottom sediment: The anoxic, aphotic, low- temperature, bottom sediment environment inhibits 
any oxidative degradation but still may support anaerobic degradation depending on the biotic 
composition of sediment and the type of plastic. The sediment is rich in MPs as well (Cordova and 
Wahyudi 2016), but these likely originated in other zones and reached the sediment through verti-
cal migration (Clark et al. 2016) or via fecal pellets and marine snow. Barett et al. (2020) estimated 
14 MMT of MPs to be accumulated in the bottom sediment worldwide. The degradation of plastics 
under these conditions is not well understood, but there is an urgent need to research the topic as 
the bottom sediment invariably collects all the plastics that enter the ocean.

Fouling or surface colonization of plastic litter by algae and marine invertebrates (discussed in 
Chapter 10) is likely a key determinant of the rate of weathering degradation of plastics in surface 
water. The duration over which the litter floats, and therefore exposed to solar radiation, is invari-
ably determined by how rapidly the litter will undergo fouling (Ye and Andrady 1991). Fouling 
influences photodegradation rates of litter in two ways: (a) by shielding the plastic from solar UVR 
that initiates photodegradation; and (b) by increasing the effective density of debris sufficiently 
to sink them beyond the photic zone, arresting photo- initiation (Barnes and Milner 2004). Early 
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studies of the phenomenon suggested, however, that floating plastic debris after sinking under the 
weight of foulants will re- float because of predation of foulants on submerged plastics by fish 
(Kooi et al. 2016; Ye and Andrady 1991). The reduced density makes the debris float again, and 
litter may undergo several such “bobbing” movements, surfacing and sinking a few times before 
they permanently settle into the sediment (Zhang et al. 2020). Other plastics such as PS, PVC, or 
Nylon, are denser than seawater and sink beyond the photic zone to invariably settle on the bottom 
sediment.

This vertical migration in the water column also occurs with floating micro-  or nanoparticulate 
debris but due to their aggregation and adhesion to algae and bacteria via the transparent exopoly-
mer (TEPs) exuded by these organisms. Adhering to debris or other marine life can increase the 
density of agglomerates, encouraging their vertical migration (Kooi et al. 2016; Long et al. 2015). 
Kvale et al. (2020) modeled the process and based on global surface counts of MPs estimated 
7.3 × 103 to 4.2 × 105 MT of MPs to migrate to the bottom sediment annually.

The complexity of the natural weathering in the seawater environment makes it difficult to reliably 
simulate it in the laboratory. Using natural seawater under UV lamps, will drastically alter its biotic 
profile and will be biotically similar to the synthetic seawater often used in laboaratory studies. The 
latter is prepared by dissolving a salt mixture in water to get a solution similar in its inorganic 
composition to seawater. Accelerating the degradation is especially complicated because it is difficult 
to ensure laboratory conditions that are relevant to natural exposure. Several factors need to be taken 
into account in designing accelerated exposures. The primary issue is that oxidation of plastic samples, 
except thin films, will be diffusion-controlled even in air and especially in seawater with a much 
lower dissolved oxygen concentration relative to air. Therefore, only a thin surface layer of the plastic 
will be oxidized in seawater exposures of plastics to UVR. While surface oxidation measurements of 
samples weathered in seawater may yield information on oxidation at the surface, bulk mechanical 
tests will be insensitive to such surface changes (Andrady et al. 2022). The figure 8.8 summarizes the 
factors that influence weathering of plastics in the ocean environment.

Two strategies are typically employed to accelerate degradation in the laboratory; elevated sam-
ple temperatures and higher UVR relative to that in sunlight. Increasing the temperature in seawa-
ter exposures, however, further decreases the solubility of oxygen, making the oxidation even more 
diffusion- controlled compared to natural exposure. The second consequence of higher tempera-
tures is the faster leaching of reaction products formed (as well as any additives in the plastic) at 
the plastic/water interface, that will affect the rates of degradation. Increasing UVR levels relative 
to outdoor sunlight by employing higher intensity UV lamps or multiple lamps in accelerated tests 
will increases the rate of photo- initiation. However, despite the abundant initiating radicals pro-
duced, the propagation reactions will be limited to a thin surface layer by the low oxygen availabil-
ity in seawater. Consequently, the high concentration of radicals may increase radical–radical 
reactions relative to propagation reactions (Gugumus  1990), creating a reaction environment 
that is very different from that occurring in natural seawater exposures. Both strategies used to 
accelerate degradation in the laboratory in fact alter the natural oxidation kinetics and limit deg-
radation to even a thinner surface layer relative to natural weathering. High levels of UVR under 
laboratory- accelerated conditions also exclude the crucial variable of surface fouling that occur in 
natural seawater environments. Fouling, that shields the plastic surface from sunlight, is discour-
aged by high UVR levels as well as by the high temperatures.

A way around some of these difficulties is to use thin samples where oxidation is less likely to 
be diffusion-controlled even under accelerated test conditions. Generally, studies using thinner 
samples obtain rapid fragmentation or weight loss even in natural exposures (see Table 8.5), when 
using products such as plastic bags that are made from thin films of plastic. Where degradation 
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is monitored using bulk mechanical properties, natural and accelerated seawater exposures will 
show no apparent change in properties of the plastics in seawater (Andrady et al. 2022). 
However, surface techniques such as X- ray photoelectron spectroscopy (XPS) or Energy 
Dispersive X- ray Spectrometry (EDAX) may still  show chemical signatures of oxidation on the 
surface of plastics weathered in seawater (Andrady et al. 2022; Rowenczyk et al. 2020).

8.6  Studies on Weathering of Plastics in Seawater

Reports on weathering of plastics in the marine environment first appeared in 1990s, at a time 
when the beach litter problem received public attention and enhanced photodegradable plastic 
technologies (now used in photodegradable six- pack rings) were being first proposed by the plas-
tics industry to address the concern. The first paper on photo-degradation of plastics in seawater 
was presented in the United States at a symposium held by the Society of Plastics Industry in 1987 
and included preliminary data on the photodegradable PEs (Andrady 1987).

8.6.1 Retardation of Degradation in Seawater Relative to Air

Early research on the natural weathering of plastics floating in seawater at several US locations 
indicated the rates of their degradation to be much slower compared to that of the same plastic 
exposed in air at the same location (Andrady 1990; Andrady et al. 1993; Pegram and Andrady 1989). 
These studies assessed the extent of degradation in terms of the decrease in tensile properties of 
the material, especially extensibility under uniaxial strain. Table 8.4 summarizes data from a paper 
that illustrates this phenomenon, where several plastic products typically found in marine debris 
were exposed while floating in sea water and in air (on wooden frames) at the same location and 

Table 8.4 Comparison of natural weathering data for plastic material exposed in air and floating 
in seawater at the same location in Beaufort, NC.

Duration (mos.)
Extensibility 
in air (%)

Extensibility
in seawater (%)

Tensile strength
in air (kg/sq. cm)

Tensile strength 
in seawater  
(kg/sq. cm)

LDPE film 0 548 [29] 548 [29] 124.1 [6.1] 124.1 [6.1]

6 27 [9] 601 [114] 132.3 [13.7] 115 [3.3]

12 na 541 [39] 118.7 [3.4] na

PP tape 0 82 [1.0} 82 [1.0] 75.5 [1.0] 75.5 [1.0]

6 19 [2.0] 82 [1.0] 74.3 [1.3] 20.1 [1.6]

12 8 [1.0] 61 [4.0] 67.2 [1.6] 11.3 [0.4]

Latex Rubber 
Balloons

0 986 [50] 986 [50] 96.7 [3.6]] 96.7 [3.6]

6 63 611 [34] 1.4 16.0 [3.1]

12 na 513 [15] na 9.1 [1.0]

Tabulation is based on data from Andrady and Pegram, 1989. The original reference provides detailed data for the 
variation of the measured parameters at 2- month intervals. The standard error of the mean value is shown in 
parentheses.
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their degradation followed by tensile testing. The marked retardation in seawater exposures is 
evident in the data. This retardation of degradation obtained in natural weathering in seawater has 
since been confirmed in recent studies (Andrady et al. 2022; Aria- Villamizar et al. 2018; Leonas 
and Gordan 1993; Ranjan and Goel 2019; Resmeriță et al. 2018; Tang et al. 2019), both in terms of 
the loss in mechanical properties and the rate of development of (>C=O) absorption bands in 
FTIR spectra.

For instance, Tang et al. (2019) working with PP pellets exposed to sunlight for 12–18 months 
found their surface carbonyl index to increase from 0 to 3.92  in air exposures, but only up to 
0.78 when exposed floating in artificial seawater, for the same duration at the same location. The 
surface hydroxyl index also showed a similar change: 0–2.61 in air and only 0–1.21 in seawater. In 
another study, geotextiles made of PP, and PET showed slower degradation as measured by the loss 
of tensile properties for weathering in seawater, compared to that in air (Hsieh et al. 2016). In a 
more recent study, Biber et al. (2019) investigating natural weathering of PE, PET, and PS films also 
reported a similar retardation. 

The cause of this retardation in both oxidation and chain-scission obtained with samples exposed 
floating in seawater was explained as being due to a combination of factors: (i) lower seawater 
temperatures relative to that in air, (ii) lower dissolved oxygen concentration in water, and 
(iii) s urface fouling of samples that shield the surface from solar UV irradiation (Andrady 2011; 
Andrady et al. 1993). Of these, the diffusion- controlled kinetics due to low oxygen levels is particu-
larly important (Andrady et al., 2022). An interesting unresolved question, however, is if the highly 
oxidative radical species, especially halogen radicals, generated in solar UV- irradiated seawater, 
also plays a role in retarding degradation by changing the chemistry of propagation reactions.

An exception to this general observation was found with EPS foam. With foam samples weathered 
in Beaufort, NC, exposed floating in seawater for a one- year period, a faster rate of degradation 
relative to samples exposed in air at the same location was observed, based on a reduction in sam-
ple thickness or mass loss (Andrady et al. 1991). This loss in the thickness of the foam observed in 
seawater was not merely due to expanded cells coming apart and being dispersed in water, which 
would be primarily a mechanical fragmentation. But, the average molecular weight Mn (g/mol) 
(determined by GPC) of the EPS samples (see Figure 8.9) also decreased with the duration of expo-
sure in seawater, indicating chain scission. This is likely due to the very thin walls of the closed- cell 
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(EPS) foam exposed to outdoor weathering in air (open symbols) and while floating in seawater, as 
determined by GPC. (filled symbols) (plotted using data from Andrady et al. 1991).
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PS foam (average thickness 9.2 μm) resulting in oxidation that is not diffusion-controlled and 
allowing the entire thickness to undergo oxidation and scission. Biber et al. (2019) working with 
the thicker (46 μm) PS laminates, however, did not find faster degradation in seawater. 
Furthermore, the protective yellow reaction products on the fragile surface are washed away in 
floating samples, leaving the surface exposed for further photo- reaction (Andrady et  al. 1991; 
Gewert et al. 2018). However, if all the degradation products are subsequently mineralized by bio-
degradation is not known. Environmental degradation to be ecologically meaningful requires the 
plastic material to be completely converted into CO2 and water by biotic action.

8.6.2 Recent Research on Weathering in Seawater

Recent research on the degradation of plastics in the ocean environment includes several natural 
weathering studies (in Table 8.5), but for the most part are laboratory studies. These have used dif-
ferent types of UV sources and different temperatures, making it difficult to directly compare the 
data to each other or to that from natural weathering. Especially valuable are the long- term exposure 
studies where the exposure conditions and durations are known and to some extent controlled.

The data from accelerated weathering studies summarized in Table 8.6 confirmed the retarda-
tion of photodegradation of plastics observed for natural weathering in seawater. Among them, an 
interesting study on accelerated weathering of PE found higher extents of degradation when PE 
samples were first exposed to seawater in the dark followed by UV radiation in air, compared to 
irradiating them while floating in seawater for the same duration (Carneiro et al. 2018). This is a 
consequence of the same retardation phenomenon. Karlsson et al. (2018) found LDPE films that 
were thermally pre- degraded at 90 °C for up to a month, followed by 12 weeks of natural weather-
ing in seawater, to be completely fragmented. Control samples that were not pre- degraded showed 
only a ~ 20% decrease in tensile extensibility but no fragmentation within the same duration expo-
sure. The pre- degraded plastic will carry high surface concentrations of chromophores, and there-
fore undergo ready oxidation- scission via Norrish reactions. Some of the fragments already 
formed in pre-oxidation, may have also separated out in water. Interestingly, however, the 
>C=O absorption band in FTIR spectra of pre- degraded samples, decreased during seawater expo-
sure, indicative of no further oxidation. This was explained as being due to bio- assimilation of 
degradation products, but some of the products in LDPE oxidation are in any case water soluble 
and may also account for some of the decrease. Weathering of multilayer film samples of PE/PET 
and compostable PLA/cellulose films, under natural weathering in seawater and in bottom 
sediment exposure, was reported by Beltran- Sanahuja et al. (2020). Only minimal weight loss of 
the PE/PET films was observed in aphotic deep water and the sediment. The biodegradable PLA 
polymer underwent marked degradation under sediment exposure with a fivefold increase in 
weight loss, compared to that in deep water over the 12- month exposure. The bottom anaerobic 
sediment supported the biodegradation of at least this “biodegradable” plastic.

8.7  Fragmentation of Plastics in Marine Weathering

Fragmentation is a mechanical process where an already weathered plastic material is broken up 
into several daughter pieces because of stresses acting on it. The stress causing fragmentation might 
be due to physical causes, such as wave action and abrasion by sand (Chubarenko et al. 2020; Ren 
et al. 2020), action of wind and human interactions with debris, or biological, as with attrition of 
ingested MPs in the gut of organisms (Dawson et al. 2018; Fairbrother et al. 2019; Jang et al. 2018). 



Table 8.5 Summary of recent publications on natural weathering of common plastics in seawater environments.

Plastic Thickness Duration/days FTIR Tensile Crystallinity SEM Other Reference

LDPE 40–50 μm 84 X X X X Fouling Karlsson et al. (2018)

LDPE/starch LDPE 20–22 μm 720 X Respirometry Tosin et al. (2012)

LDPE, PET, PS 43–60 μm 600 X X Biber et al. (2019)

HDPE 100 μm 180 X Weight loss Kalogerakis et al.
(2017)

HDPE 190 μm 180 X X Arias- Villamizar et al. (2018)

PE 50 μm primary MPs 21 X X Brate et al. (2018)

PE, PS 43–60 μm 540 X Loss of area O’Brine et al. (2010)

PE 300–364 μm - X X X X- ray tomography ter Halle et al. (2016)

PP Plastic cup 60 X X EDX, Fouling Khoironi et al. (2020)

PE Films (plastic bag) 15–33 X X Biofoulant species Eich et al. (2015)

HDPE Plastic bag ~1000 X X X Napper and Thompson (2019)

PE, PP Debris pieces**
300–364 μm

F X X X Microtomography ter Halle et al. (2016)

PE, PP Debris pieces** F X X X Molecular weight ter Halle et al. (2017)

PP Geotextile
30–40 μm fiber

180 X Carnerio et al. (2018)

PP Pellets 1080 X X Tang et al. (2019)

PP, PE, nylon Braided rope 360 X Weight loss Welden and Cowie (2017)

PET, PE, PVC, PP, PS Pellets 1080 X X Yellowness Brandon et al. (2016)
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PS, EPS 720 X Particle size analysis Song et al. (2020)

PA/PP/EVOH PET/PE, 
and PLA/cell

Variable multilayer 
film

360 X X Beltran- Sanahuja et al. (2020)

PE, PP,PS, PET, PLA Variable (products) 720 X X X Molecular weight

HDPE, PP, PS
(intertidal zone)

0.38 mm 224 UV transmittance, 
weight loss

Weinstein et al. (2016)

ABS 1500 μm** - X X X Tuner et al. (2020)

HDPE 110 μm film 180 X X Aria- Viamissaret al. (2018)

** Characterization of debris from ocean or beaches.
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Table 8.6 Summary of publications on laboratory- accelerated weathering of common plastics in seawater and freshwater environments.

Plastic Source Thickness Seawater Temp/°C
Maximum 
duration/days# Characterization Reference

PP Mercury vapor 
lamp

Pellets - 30 21 Microscopy, contact angle, Energy-Dispersive 
X-ray Spectroscopy. EDX, FTIR spectroscopy, 
tensile properties, DSC, weight loss

Resmeriță 
et al. (2018)

PP T5L345- C22- 
10W (UVB)
10.25 W/m2

Pellets
(100μ)

Artificial 25 360 Microscopy, EDX, FTIR spectroscopy, 
porosimetry

Tang et al. 
(2018)

PP Fluorescent UV Geotextile 
30–40 μm fiber

Natural 60
Spray

21
(UV~367 h.)

Tensile tests only. Retardation of degradation in 
seawater

Carnerio et al. 
(2018)

PP T5L345- C22- 
10W (UVB) l 
(10.25 W/sq.m)

Pellets Synthetic 25 360 Microscopy and FTIR spectroscopy. Retardation 
of degradation in seawater. Interior not degraded

Tang et al. 
(2019)

PP Mercury vapor 
lamp
UV365 = 100W/
m2

400–500 μm Synthetic 25 200–360 Microscopy, contact angle, EDX, FTIR 
spectroscopy, XRD, Total organic carbon (TOC) 
and OH radicals. Shows increased TOC. Also

Wu et al. 
(2020)

PP, PS Metal halide 
HQI- TS 250W/
NDL Osram

Pellets 23–28 63 FTIR spectroscopy. Continuous saturation of 
water with air and agitation

Andrade et al. 
(2019)

PS UVA/B lamp Plastic cup lid Fresh
water

30 56 NTA particle size distribution Lambert and 
Wagner (2016)

PE Mercury vapor
256 nm

Pellets Synthetic 19 56 Microscopy, TGA EDX, FTIR, and Raman 
spectroscopy. Exposure to salt water in dark 
shows spectral change > exposed to UV

Da costa et al. 
(2018)

PP, PE, PS UV- 340 Pellets Synthetic - 90 FTIR, Raman spectroscopy, and microscopy Cai et al. 
(2018)

LDPE Xenon
60 W/m2

23 μm Film Freshwater 32–44 175 Microscopy, FTIR spectroscopy, topography 
(AFM), microindentation, fragment study

Julienne et al. 
(2019)
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LDPE UV light
(280–320)

35 μm film Synthetic 30 90 FTIR, microscopy, AFM and EDX spectroscopy. 
Retardation of degradation in freshwater as well 
as seawater

Ranjan and 
Goel (2019)

LDPE, PET UVB 200 Powder 25 28 days Nanoparticle Tracking Analysis (NTA), XRD, 
dynamic image analysis

Oelschla et al. 
(2017)

LDPE, ECO, PS 4–7 mm film Natural 24 10 Tensile tests only. Retardation of degradation in 
seawater

Leonas and 
Gordan (1993)

LDPE, HDPE, 
PS, PP, PET, 
CA, latex 
rubber

T8 Ocean Sun 
lamps and Repti 
Sun 5.0 UVB 
lamps

Product mix 
with rubber 
balloon

Natural 29 389 Weight loss, change in electrical resistance, 
microscopy.

Gerritse et al. 
(2020)

LDPE, HDPE, 
PP, PET, PS

HQI- TS2510W/
NDL

Pellets, powder Natural - 70 FTIR spectroscopy only Fernández 
et al. (2020)

PE, PP, EPS Metal halide Pellets None 43–45 360 FTIR and fragmentation Song et al. 
(2017)

PE, PP, PET, 
Nylon

TUV PL- L 
36W/4Pa

Mixed litter
~ 1 mm

Natural 195 Tensile, microscopy, AFM, and 
thermogravimetry. Surface pits, cracks and 
roughening for samples exposed to UV+ 
seawater

Iñiguez et al. 
(2018)

PE, PP, PS, 
PET, PLA

UVA/B Lamp Pellets Freshwater 30 112 NTA particle size distribution Lambert and 
Wagner (2016)

PVC with 
organotin

UVL- 21, 
Analytik Jena

Fragment Synthetic ambient 2 Measurement of organotin released on 
weathering

Chen et al. 
(2019)

PS, PE, PP, CA, 
PET

UV- 340 Various Freshwater 19 56 Particle count (Coulter counter) and microscopy Svendin, 
(2020)

# Duration is the total duration including any dark time if one was used; a lamp with some <290 nm UV in the emission spectrum. AFM - Atomic Force Microscopy. XRD 
- X-ray Diffreaction
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MPs that are 31.5 μm in size (average), for instance, were reduced to particles <1 μm in size in the 
gut of the detritivorous species, the Pacific krill (which incidentally also ingests silicaceous dia-
toms providing an effective abrasive medium). Hodgson et al. (2018) found amphipods to fragment 
ingested biodegradable plastic bags into MPs of average diameter 489 μm. Human intervention can 
also promote fragmentation of beach plastic litter.

Fragmentation of virgin or relatively un- weathered plastics is possible under mechanical stress in 
turbulent water as illustrated by the release of textile fibers in the laundering of synthetic fabric. 
Weathering, however, encourages the process by weakening or embrittling the material, allowing a 
much smaller mechanical force to bring about fragmentation. Karlsson et al. (2018), for instance, 
found pre- degradation (thermo- oxidation at 90 °C) to facilitate subsequent fragmentation of the 
samples during natural weathering. Oxidation of plastics initiated by solar UVR and/or high tem-
peratures in air, can result in embrittlement, making the plastic fragile. Yet, it takes some mechanical 
force (such as wave or wind action) to dislodge the weakened, loosely-attached, daughters from 
the parent plastic (Chubarenko et al. 2020; Ren et al. 2020; Resmeriță et al. 2018). Weathering- 
assisted fragmentation, therefore, generally involves two agents: (a) solar UVR that brings about 
oxidative degradation; and (b) mechanical stress that breaks up the weakened material. Higher the 
extent of degradation, lower will be the force needed to fragment the material. With composite plas-
tics containing additives such as starch, the biodegradation of additives renders the polymer fragile 
and assists in fragmentation as well as the subsequent biodegradation of the polymer (Tosin et al. 
2012). Fragmentation of HDPE exposed to the intertidal zone for 224 days followed by 48 hrs of agita-
tion (rotation in contact with seawater at 3 rpm) yielded low counts (< 100 per 30 sq cm strip) of MPs 
in the size range of 63–500 μm (Weinstein et al. 2016); the particles were visually identified, and being 
in the intertidal zone some of the particles formed by weathering would have been washed away.

Laboratory- accelerated studies on fragmentation generally include applying a suitable mechanical 
stress on photodegraded plastics to reflect natural weathering conditions. Usually, agitation with 
sand, which is relevant to wind or wave action on beaches, is employed. Kalogerakis et al. (2017), 
Song et  al. (2017), and (2020) used this approach with both virgin and weathered plastics. 
Kalogerakis et al. (2017) placed weathered plastic strip samples in 250 mL bottles half filled with 
sand and rotated them horizontally for 12 hrs at 13 rpm at 30 °C to release the adhering fragments. 
Song et al. (2017) used a similar procedure, rotating instead at 37 rpm for two months. The stress 
needed to remove micro- fragments from the embrittled surface layer is much smaller than that for 
generating fragments from virgin plastics. For instance, with a highly weathered PP rope sample 
from beach debris, merely shaking with water was adequate to release a population of NPs that 
could be characterized by flow cytometry (Andrady 2010). However, the nature of the stress field 
(rpm and grain size of sand) as well as the duration of agitation should be selected (Kalogerakis 
et al. 2017) to merely remove existing MPs from photodegradation, rather than generate new MPs 
or NPs mechanically from the un- weathered bulk of material.

8.7.1 Macro- Fragmentation Into Mesoscale fragments

During weathering, plastics invariably crack and break up into large visible fragments that include 
mesoplastic or larger daughter fragments. Weathering of LDPE films (Biber et al. 2019; Napper and 
Thompson 2019; O’Brine et al. 2010) and braided ropes (Welden and Cowie 2017) illustrate macro- 
fragmentation. In the latter study, even with mild photic exposure conditions (marine silt sediment 
at 10 m depth at an average temperature of 10 °C), the rate of material loss was 0.62 wt% a month. 
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Weather- assisted fragmentation of plastics mostly occurs in the beach zone as suggested by the 
size distribution of debris (Fok et al. 2017). But, in accelerated studies, fragmentation takes place  
in sea water exposures as well. A microcosm study of common plastic items in seawater, exposed 
to UVR (using a combination of UV fluorescent and Reptilamps) over a period of 378–427 days, 
resulted in the formation of mesoplastics (Gerritse et al. 2020). It is easier to observe macro-frag-
mentation with thin-film samples as the surface cracks on them are deep relative to the sample 
thickness. It is reasonable to expect plastics extensively weathered either on land (and carried by 
rivers) or on beaches, to undergo fragmentation on reaching water, by the mechanical forces of 
wave action. This emphasizes the importance of regular beach cleaning in controlling ocean MPs. 
However, plastic debris disposed directly into water are unlikely to photo-degrade sufficiently to 
reach the point of embrittlement prior to their sinking to aphotic depths.

With semi- crystalline plastics, oxidative degradation resuls in material loss that occurs nearly 
exclusively in the inter- crystalline amorphous domains. Gulmine et al. (2003), for instance, found 
both the percent crystallinity and surface hardness of LDPE, LLDPE, and HDPE to increase nearly 
linearly with the duration of exposure to xenon or UV- 340 sources in air. This has the important 
consequence of internal stresses developing in the polymer, initiating microcracks visible on the 
surface (Skrypnyk and Spoormaker 1999) as reported for both natural and accelerated weathering 
(Craig and White 2006). SEM micrographs typically show uniformly spread cracks and pits on the 
surface of weathered samples, that increases their brittleness. It is the propagation of these cracks 
into the bulk of the plastic in the z- direction, assisted by environmental mechanical stresses, that 
obtain macro- fragmentation. Models of macro- fragmentation based on these concepts was recently 
published (Meides et al. 2020; ter Halle et al. 2016) and is  illustrated in Figure 8.10 (left); Figure 8.10 
(right) shows an image of macro- fragmentation of litter.

Figure 8.10 illustrates the maco- fragmentation process. Fragments will tend to have a higher 
degree of crystallinity than the parent material. Garvey et al. (2020) finds that in addition to an 
increase in fractional crystallinity, the lamellar structure of the crystalline domains in PE is dis-
rupted during natural weathering, based on wide- angle X- ray diffraction and low- frequency 
Raman spectroscopic data. Such a disruption in crystalline lamellae will invariably  impact oxygen 
solubility and therefore lead to diffusion control of the oxidation.

Nonpolar
Linear Chains

Polar
Branched

Stage I: Surface Abrasion

Polymer Chain Crosslink Carboxylic acids Ketones

Stage II: Fracturing

Figure 8.10 (Left) Two- stage macro- fragmentation model for plastic objects exposed to the solar 
radiation and mechanical stress (Courtesy Meides et al. 2020). (Right) Macro- fragmentation of a plastic cup. 
(AdobeStock.com).
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Figure 8.11 A schematic of fragmentation by surface ablation. (Left) A spherical virgin pellet. (Middle) 
Extensively photo- oxidized pellet with surface micro- cracks. (Right) The oxidized pellet fragmenting 
(Courtesy: Andrady 2017b).

8.7.2 Micro- Fragmentation by Surface Ablation

Based on the chemistry of photo- oxidation in solid polymers under oxygen- starved conditions 
obtained in seawater, a second concurrent mode of fragmentation is likely. This second mode is frag-
mentation by surface ablation (Andrady 2017a; Kalogerakis et al. 2017; Tang et al. 2019) that is also 
a two- stage process requiring extensive photo-  or thermal degradation followed by some mechanical 
stress to release daughter particles formed into the water. However, in contrast to the few large 
daughters visible to the naked eye, formed in macro- fragmentation, surface ablation obtains much 
larger numbers (103 to 105 per cm2 area of plastic) of microscale and nanoscale daughters with a 
more uniform size distribution. Song et al. (2018) exposed plastic pellets to a halide lamp UV source 
for 12 months followed by 2 months of abrasion by sand to obtain 6 × 103 particles/pellet. This mode 
of fragmentation, the surface ablation model (SAM), illustrated in Figure 8.11, was expected based on 
theoretical considerations (Andrady 2017b). The model is  qualitatively consistent with the formation 
of numerous sub-micron particles during laboratory accelerated photo-oxidation of PP in air 
Andrady (2010), Song et al. (2018), Andrady et al. (2017b), Svedin (2020), and Julienne et al. (2018).

Studies on the photo- oxidation of plastics while in contact with water are limited. That nanoscale 
particles could be generated in such exposures was first shown by Gigault et al. (2016) in further 
weathering of already naturally- weathered MPs collected from the gyre in ultrapure water (under 
a metal halide UV source). However, if the fragments were generated in photo-oxidation in air or 
in water is not clear. Samples of plastics exposed to UVR while in contact demineralized water was 
reported by Lambert and Wagner (2016). Seven types of plastic pellets and sheets in water were 
exposed to a UV source (λ = 320 – 340 nm) for up to 112 days, and NPs generated were studied using 
Nanoparticle Tracking Analysis (NTA). All plastic types showed an increase in particle counts with 
weathering exposure; the particle counts ranged from 105 to 108 particles/pellet with PS and 
PLA yielding the highest particle concentration. Studying the photodegradation of PP in seawater, 
using a mercury vapor source, Resmeriță et al. (2018) (as well as Julienne et al. 2018) confirmed 
surface erosion to be a possible mechanism of fragmentation. Surface ablation occurs to some 
small extent in all oxidations of plastics, especially under diffusion- controlled conditions; that it con-
tributes significantly to fragmentation of floating plastics exposed to solar UVR, in the ocean is, 
however, unlikely. In a recent study, Svendin (2020) exposed five types of common plastics to UVB 
fluorescent lamps in air or in deionized water, followed by exposure for 10 min in an ultrasonic 
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bath. The fragmentation of plastics increased non- linearly with duration and for PP and PS were 
the fastest and PE was the slowest to fragment. At a given duration of exposure the NP concentra-
tions were generally higher in samples weathered in water relative to that in air.

Diffusion- controlled oxidation of plastics typically results in a concentration gradient of dis-
solved oxygen from the surface to interior of the plastic and limits oxidation to a surface layer that 
is typically several 100 μm in thickness (Andrady et al., 2022). The chemistry of this layer will be 
very different from that of the underlying bulk plastic in that it (a) is more highly oxidized and 
richer in hydrophilic polar groups, (b) has a higher percent crystallinity, and (c) has a different 
average molecular weight, compared to the underlying bulk plastic material. It is convenient to 
think of an extensively photodegraded plastic pellet as one being coated by a thin layer of a covalently 
bonded hydrophilic polymer that might even be crosslinked. The strength as well as swelling 
characteristics of this layer in seawater, will be very different from that of the underlying plastic, 
and once swollen, the layer can “de- laminate” under even mild mechanical stress. Routine wet–
dry cycles experienced by plastics debris on beaches due to wave action or tidal movements that 
may facilitate this process. In addition, seawater drying within the cracks on the weathered  plastic 
into halite crystals, may expand and contract thermally, adding to the stress on the material sur-
face. The volume expansion of water freezing inside cracks would similarly contribute to micro- 
fragmentation. These changes occur at different rates in the surface layer of polymer compared to 
the bulk and, as shown in Figure  8.10, and results in the surface breaking up into numerous 
daughter particles. The number of expected spherical daughters N of diameter d yielded by a 
spherical plastic pellet of radius D can be calculated from geometric considerations.5 In real envi-
ronments, the fragments need not be spherical and their thicknesses would be variable, but still 
influenced by the thickness of the degraded layer. In fragments from plastic products, where 
antioxidant stabilizers might be present, these additives compounds are also depleted more easily 
from the surface layers by leaching out into water.

Scanning electron microscopy (SEM) images from recent studies of PS beads (0.1 μm) weathered 
under UV- 340  lamps have surface features that are qualitatively consistent with what might be 
expected by the model illustrated in Figure 8.11 (see Figure 8.12). Verifying the formation of MPs 
and NPs by the surface ablation mechanism relies on accelerated laboratory exposure data employ-
ing particle- counting techniques such as Coulter counter, NTA, or the more recent ncS1 technol-
ogy, which yield particle size distributions in aqueous media. However, the size- scale of daughters 
formed and the difficulty in detecting NPs in complex media preclude their detection in nature. 
These MP/NPs can aggregate on interacting with marine exo- polymer present in seawater, adhere 
to surfaces, or even be in the biomass. A number of studies on fragmentation in general and  surface 
abrasion in particular, are summarized in Table 8.6.

Both modes of fragmentation are likely to operate concurrently in plastics weathering in the 
marine environment, especially on the beach zones. Some of the smaller- sized daughter particles 
produced by surface ablation, though numerous, can readily pass through the gut of most marine 
species to enter systemic circulation (Al- Sid- Cheikh et al. 2018; Chae et al. 2018; Ding et al. 2018; 
Mattson et al. 2017; Pitt et al. 2018). The physiological consequences and behavioral modifications 
these can induce in marine species, or in human consumers of seafood carrying MPs/NPs, are 
unclear at the present time. Also unknown is the ultimate fate of very small MPs and NPs in the 
environment; it is reasonable to expect them to keep degrading photothermally and given their 
very high specific surface area undergo biodegradation as well to mineralize in the long term.

5 N = 8 + (6D2/d2) − (12D/d)
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8.8  Conclusions

Weathering of plastic debris in the ocean environment is primarily due to solar UVR- induced oxi-
dation resulting in chain scission and/or crosslinking, which reduces their mechanical integrity, 
and on extended exposure, causes embrittlement of the  material. The rate of photodegradation of 
land litter occurs orders of magnitude faster compared to that of plastics floating in the ocean at 
the same location. This is primarily because of diffusion control of oxidation resulting from the 
lower oxygen solubility in seawater and the shielding of solar UV radiation by surface fouling. 
Therefore, floating plastic debris directly introduced into the ocean is unlikely to undergo significant 
fragmentation via photodegradation. The debris that is pre- oxidized on beaches and subsequently 
introduced into the water may, however, further degrade and mechanically fragment in seawater. 
Along with the macro- fragmentation, a second mode of fragmentation by surface ablation occurs 
with plastics exposed to UV sources in the laboratory. While this mode of fragmentation produces 
a large numbers of very small MPs and NPs in laboratory-accelerated weathering studies, if they 
are also generated in the natural weathering of plastics in seawater under solar UVR, is unclear. 
Primarily, the thin surface layer that is degraded in diffusion-controlled oxidation undergoes 
micro-fragmentation to produce these particles. It is unlikely that they can be isolated from envi-
ronmental samples using standard collection/separation techniques. However, given that very 
small MPs and NPs have been detected in water, food, and seafood, it is prudent to further study 
their potential generation via abiotic processes in the marine and freshwater environments.

Pristine PS
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Figure 8.12 Micrographs showing irregular surface features of 0.1 μm polystyrene beads exposed to 
UV- 340 fluorescent lamps in air, freshwater, and seawater environments at 25 °C for one and three months 
(Courtesy of Mao et al. 2020).
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9.1  Introduction

Microplastics (MPs; (<5  mm in size) are ubiquitous and pose a potential threat to the marine 
 environment and human health (Andrady 2011, 2017). Moreover, they can concentrate pollutants 
through sorption and are of a size range that can be ingested by a wide range of marine biota. MPs 
have aroused global concern in recent years because of their wide distribution, high abundance, 
and potential risks to the ecosystem (Guo and Wang  2019a,  2019b,  2019c; Huang et  al.  2021; 
Puckowski et al. 2021; Razanajatovo et al. 2018). They can have an adverse effect on the health and 
well- being of organisms that ingest them, such as fish (Cordova et al. 2020; Koongolla et al. 2018), 
sea cucumber (Mohsen et al. 2019), copepod (Procter et al. 2019), mussels (Pedersen et al. 2020), 
and sea birds (Carlin et al. 2020). Once ingested, MPs can have a ‘direct effect’ of causing blockage 
of the digestive tract of the ingesting organisms, possibly leading to death (Carbery et al. 2018; Guo 
and Wang 2019b).

MPs also pose an ‘indirect’ adverse impact on the organisms from sorbed pollutants. They sorb and 
concentrate pollutants from surrounding water rapidly because of their hydrophobicity, the small 
size, and large surface- to- volume ratio (Guo and Wang 2019b). MPs may, therefore, act as important 
sorbents in polluted bodies of water (Wang et al. 2017). Organic pollutants, such as antibiotics (Lin 
et al. 2020; Xu et al. 2018a, 2018b), polycyclic aromatic hydrocarbons (PAHs; Yu et al. 2020), poly-
chlorinated biphenyls (PCBs), dichlorodiphenyltrichloroethanes (DDTs), hexachlorocyclohexanes 
(HCHs), flame retardants (Cheng et al. 2020; Jiang et al. 2017; Liu et al. 2018), fuel aromatics (Müller 
et al. 2018; Wang et al. 2015), and metal ions (Holmes et al. 2012, 2014), are well known to be sorbed 
by MPs (Guo et al. 2018; Llorca et al. 2018; Zhang et al. 2018). The partition of pollutants between 
the water phase and the solid plastic is the mechanism underlying sorption. The sorption of pollut-
ants on MPs can be quantified by the partition coefficient K, defined as the ratio of the concentra-
tion of pollutants in plastic to that in the liquid phase (in this case, seawater). The MPs carrying 
sorbed pollutants can potentially deliver these to different aquatic environments and to organisms, 
affecting their distribution in the environments, through the adsorption–migration–desorption 
behaviors described in the literature (Fries and Zarfl 2012; León et al. 2018). A particular concern is 
that once ingested, the contaminated MPs may transfer pollutants to organisms (Desforges 
et al. 2015) and even accumulate them in the food web as well (Batel et al. 2016; Zhang et al. 2019).
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In this chapter, the reported research on sorption of organic pollutants and metals ions onto MPs 
is summarized. In Section  9.2, the sorption capacity of different types of pollutants onto MPs is 
reviewed. In Section 9.3, the factors that influence the interactions between pollutants and MPs, such 
as the type of polymer, the degree of weathering, pH, and ionic strength, are reviewed. In Section 9.4, 
the sorption kinetics and isotherms of pollutants onto MPs are summarized. In Section 9.5, the sorp-
tion mechanisms are discussed.

9.2  Pollutants Sorbed by MPs

9.2.1 Organic Pollutants

Efforts have been made to investigate interaction of plastics and MPs with organic pollutants, includ-
ing antibiotics, PAHs, PCBs, HCHs, DDTs, flame retardants, fuel aromatics, and other types of organic 
pollutants (Bao et al. 2020; Chen et al. 2019; Gao et al. 2019; Godoy et al. 2019; Guo and Wang 2019a; 
Guo et al. 2018, 2019a, 2019b, 2020a; Hodson et al. 2017; Holmes et al. 2012, 2014; Hüffer and 
Hofman 2016; Hu et al. 2017; Jiang et al. 2020; Lin et al. 2020; Liu et al. 2018; Llorca et al. 2018; 
Razanajatovo et al. 2018; Shan et al. 2020; Wang and Wang 2018a; Wang et al. 2015, 2018a, 2018b, 
2020a; Xu et al. 2018a, 2018b; Yang et al. 2019; Yu et al. 2020; Zhang et al. 2018; Zou et al. 2020), as 
summarized and depicted in Figure 9.1. In the following sections, the sorption of organic pollut-
ants onto MPs is discussed in detail.

Antibiotics

Microplastic

Metal ions

Other types of
organic pollutants

Flame retardants
and fuel

aromatics

PAHs, PCBs, DDTs,
and HCHs

SMX, SMT, TC, TYL, CIP,
AMX, NOR...

TBC, HBCDs, BDE-209,
PBDEs, TNbP, TCEP,
BEZ, TOL, EBT, EBM,

PX, OX, CBZ...

PFOS, FOSA, PFASs, AHTN,
MX, MK, HHCB, lubrication
oil, crude oil, triadimefon,
difenoconazole, buprofezin,
imidacloprid, 3,6-BCZ, 3,6-
CCZ, 3,6-ICZ, 2,7-BCZ,
3-BCZ, nHex...

AI, Cd, Cr, Mn, Fe, Ni
Cu, Pb, Ni, Zn, Hg, Sn,
Sb, Se, Ba, Co, Ag, As,

U, Mo...

PHE, PYR, NAP, ANT, ACE, ACY,
FLN, FLT, Fluoranthene, CHR, BkF
CHR-d12, FLO, Bap, CHR, TRI,
BbF, PCB77, α-HCH, β-HCH, γ-
HCH, δ-HCH, 4,4’ -DDT, o,p’-DDT,
p,p’-DDT, o,p’-DDD, p,p’-DDD, o,p’-
DDE and p,p’-DDE, 2,4’-DDD,
4,4’- DDD, 2,4’-DDE, 4,4’-DDE,
2,4’-DDT, 4,4’-DDT...

Figure 9.1  Summary of organic pollutants and metal ions reported to be sorbed onto MPs.
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9.2.1.1 Antibiotics
Antibiotics are widely used in medicine, agriculture, and animal husbandry, and are frequently 
detected in global aquatic environments (Wang et al. 2019c), sometimes reaching concentrations as 
high as several mg/g (Le and Munekage 2004; Wang et al. 2020d). They may inhibit the growth of 
aquatic organisms or even kill them. Various methods have been investigated for the removal of anti-
biotics from water and wastewater (Liu et al. 2020; Tang and Wang 2018; Wang and Chu 2016; Wang 
and Wang 2016, 2019; Wang and Zhuan 2020; Wang and Zhuang 2019; Wang et al. 2020d). The inter-
action between antibiotics and MPs is receiving increasing attention because of their concentration 
by MPs that increases their potential bioavailability to ingesting organisms.

Recent studies on the sorption of antibiotics onto MPs are summarized in Table 9.1. A majority 
of these had investigated the interactions between antibiotics and MPs in laboratory environments 
with only a few studies conducted in the field. Sulfamethoxazole, tetracycline (TC), and ciprofloxa-
cin (CIP) are three of the most frequently studied antibiotics (Atugoda et  al.  2020; Guo and 
Wang 2019a; Guo et al. 2019a; Huang et al. 2021; Li et al. 2018, 2020; Lin et al. 2020; Puckowski 
et al. 2021; Shen et al. 2018; Xu et al. 2018a, 2018b). Sulfamethazine, amoxicillin (AMX), tylosin 
(TYL), and norfloxacin (NOR) can also be sorbed on MPs (Guo et al. 2018, 2019b; Li et al. 2018; 
Puckowski et al. 2021). The sorption capacity of the antibiotics varies from several μg/g to mg/g and 
is closely related to the initial concentration C0 of the compound in water and the molecular char-
acteristics of the specific antibiotics. Xu et al. (2018b) studied the sorption of TC on virgin polyeth-
ylene (PE), polypropylene (PP), and polystyrene (PS), at values of C0 ranging from 0.2 to 5 mg/L, 
and found the sorption capacity to be relatively low (10–167 μg/g). Li et al. (2018) studied the uptake 
of five antibiotics on virgin PE, PS, PP, poly(vinyl chloride) (PVC), and PA and reported their distri-
bution coefficient (Kd) to correlate well with octanol/water partition coefficient, Kow, for the com-
pounds. The general sorption capacities of the plastics for antibiotics ranked as follows: CIP > 
AMX > trimethoprim > sulfadiazine > TC. As expected, MPs had higher affinities to the hydropho-
bic antibiotics as evidenced by the higher values of log Kow (Li et al. 2018; Razanajatovo et al. 2018). 
Guo et al. (2018) reported for the sorption of TYL in PE, PP, PS, and PVC to be 1667–3333 μg/g, 
at values of C0 in the range of 1–30 mg/L. Atugoda et al. (2020) studied the sorption of CIP (C0 = 
30–500 mg/L) onto MPs of PE and concluded that the maximum sorption capacity predicted by the 
Hill isotherm was 5.852  mg/g. Antibiotics with multiple polar functional groups can especially 
facilitate their sorption by MPs (Shen et al. 2018). Based on the above studies, the sorption capacity 
of antibiotics on MPs appears to be dominated by the concentrations of antibiotics in solution, 
octanol/water partition coefficients (log Kow), and the polarity of antibiotic molecule.

9.2.1.2 PAHs, PCBs, HCHs, and DDTs
The persistent organic pollutants (POPs) are well known to be sorbed by MPs, with the first research 
investigations on topic by Endo et al. (2005), Teuten et al. (2007), and Tanaka et al. (2013). In aquatic 
environments, PAHs originate from two sources: natural sources (such as from sediment deposits) and 
anthropogenic sources such as refuse incineration and oil leaks (Wang et al. 2018b). The sources of 
PAHs, PCBs, HCHs, and DDTs in environments are exclusively of anthropogenic origin. Some of 
these POPs are highly toxic and carcinogenic to humans. Intake of PCBs could affect the reproductive, 
nervous, and immune system (Wang et al. 2018b).

Various field and laboratory studies that have investigated the sorption of this group of pollut-
ants into MPs are summarized in Table 9.1. The most frequently studied PAHs appear to be 
phenanthrene (PHE), pyrene (PYR), and naphthalene (NAP; Bakir et  al.  2012,  2014a; Bao 
et  al.  2020; Hüffer and Hofmann  2016; Hüffer et  al.  2018; Jin et  al.  2020; Lee et  al.  2014; Mai 
et al. 2018; Rochman et al. 2013a; Shi et al. 2020; Sørensen et al. 2020; Tan et al. 2019; Wang and 
Wang 2018a, 2018b; Wang et al. 2019a; Yu et al. 2020; Zhao et al. 2020). In field experiments, the 
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Table 9.1  Sorption of antibiotics by MPs.

Pollutants MPs
Environmental  
conditions

Sorption 
capacitya Reference

Sulfamethoxazole 
(SMX)

Virgin PE (46–48 μm) C0 = 1–100 μg/L, 24 °C, 
96 h, pH = 6.85

86.78 μg/g Razanajatovo 
et al. (2018)

Virgin PE (150 μm) C0 = 0.2–5 mg/L, pH = 
2–12, 72 h, 200 rpm, 25 
°C

25–700 μg/g Xu et al. 
(2018a)

Aged PE (0.1–0.2 mm) 
and PS (0.5–1 mm)

C0 = 0–10 mg/L, 24 h, 
160 rpm, 25 °C

0–310 μg/g Guo and Wang 
(2019a)

Virgin and aged PS (5 
μm)

24 h, 150 rpm, 25 °C — Huang et al. 
(2021)

Virgin PA, PE,  
PS, PP, PVC, and PET 
(100–150 μm)

C0 = 0–12 mg/L, 24 h, 
160 rpm, 25 °C

0–2.36 mg/g Guo et al. 
(2019a)

Sulfamethazine 
(SMT)

Virgin PA, PE, PS,  
PP, PVC, and PET 
(100–150 μm)

C0 = 0–12 mg/L, 24 h, 
160 rpm, 25 °C

0–0.39 mg/g Guo et al. 
(2019b)

Aged PE (0.1–0.2 mm) 
and PS (0.5–1 mm)

C0 = 0–10 mg/L, 24 h, 
160 rpm, 25 °C

0–305 μg/g Guo and Wang 
(2019a)

Amoxicillin (AMX) PE, PS, PP, PVC, and 
PA (75–180 μm)

C0 = 0.5–15 mg/L, 4 d, 
180 rpm, 25 °C

0–3000 μg/g Li et al. (2018)

Tetracycline (TC) Nylon (1, 5, 10 mm) C0 = 3–20 mg/L, pH = 
2–12, 190 rpm, 27 °C, 
salinity 0.05–3.5 mg/L

58.573 mg/g Lin et al. 
(2020)

MPs (150–250 μm) C0 = 10 mg/L, 5–30 °C, 
180 rpm, 10 d

91.7–120.5 μg/g Shen et al. 
(2018)

PVC C0 = 0–100 mg/L, 25 °C; 
pH = 7.5

— Li et al. (2020)

Virgin PE, PS, PP, PVC, 
and PA (75–180 μm)

C0 = 0.5–15 mg/L, 4 d, 
180 rpm, 25 °C

0–3840 μg/g Li et al. (2018)

Virgin PE, PP, and PS 
(<280 μm)

C0 = 0.2–5 mg/L, pH = 
2–12, salinity 0.5–35, 24 
h, 200 rpm, 25 °C

10–167 μg/g Xu et al. 
(2018b)

Tylosin (TYL) PE, PP, PS, and PVC C0 = 1–30 mg/L, pH = 
4–9, 48 h, 150 rpm, 25 °C

1667–3333 μg/g Guo et al. 
(2018)

Ciprofloxacin (CIP) Virgin PE, PS, PP, PVC, 
and PA, (75–180 μm)

C0 = 0.5–15 mg/L, 4 d, 
180 rpm, 25 °C

0–1000 μg/g Li et al. (2018)

PP, low- density 
polyethylene (LDPE), 
high- density 
polyethylene (HDPE), 
and PVC

C0 = 1.5 mg/L, 7 d, 
300 rpm, 21 °C

K = 0.1–1.7 L/
kgb

Puckowski 
et al. (2021)

PE (∼100 μm) C0 = 30–500 mg/L, 12 h, 
pH = 4–9, 400 rpm

5.852 mg/g Atugoda et al. 
(2020)

Norfloxacin (NOR) PP, LDPE, HDPE, and 
PVC

C0 = 1.5 mg/L, 7 d, 
300 rpm, 21 °C

K = 0.4–1.7 L/
kgb

Puckowski 
et al. (2021)

a The sorption capacity is either the experimental data estimated based on the figures in the reference or the 
sorption capacity predicted by the isotherms.
b K is the partition coefficient provided by the linear isotherm model.
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concentrations of PAHs in MPs ranged from 0 to 119 000  ng/g (Mai et  al.  2018; Rochman 
et al. 2013a). For instance, the concentrations of total PCBs in MPs sampled in Tokyo Bay and 
Sagami Bay were 0.28–429.32 ng/g (Yeo et al. 2020). For HCHs, the sorption capacity was generally 
lower than that for PAHs, PCBs, and DDTs. However, the concentrations of HCHs in MPs collected 
from coastal São Paulo, in southeastern Brazil, and beaches in Hong Kong, were in the same range 
of 0.24–63.5 ng/g (Lo et al. 2019; Taniguchi et al. 2016). MPs collected from big city environments 
typically carry relatively higher concentrations of this class of POPs compared to those found in 
remote areas (Guo and Wang 2019b; Wang et al. 2018c).

Laboratory studies on the sorption capacity of MPs are summarized in Table 9.2. Bakir et al. 
(2012, 2014a, 2014b) reported the sorption capacity of 4,4′- DDT of MPs to be higher than for other 
congeners of DDT. Also, MPs have higher affinities to δ- HCH than for γ- HCH, α- HCH, and 
β- HCH in seawater, consistent with their higher values of Kow (Wang et al. 2018c). The values of 
log Kow of δ- HCH, γ- HCH, α- HCH, and β- HCH were 4.14, 3.55, 3.80, and 3.81, respectively (Lee 
et al. 2014). Evidence suggests that the affinity of nonpolar compounds to MPs to be relatively 
weaker than for the planar molecules of equal hydrophobicity (Velzeboer et  al.  2014; Wang 
et al. 2020b). Also, the sorption capacity of PAHs, PCBs, and DDTs in MPs appears to be higher 
than that of HCHs, suggesting that hydrophobicity of pollutants is a particularly important prop-
erty in determining their interaction with MPs. The log Kow values of pollutants follow the order; 
HCHs < PCBs < DDTs < PAHs. The affinities of PAHs, PCBs, HCHs, and DDTs to MPs are 
positively correlated with the values of log Kow (Hartmann et al. 2017; Wang et al. 2018c).

9.2.1.3  Flame Retardants and Fuel Aromatics
Flame retardants are chemical additives in plastics (see Chapter 2) and include the polybromi-
nated diphenylene ethers (PBDEs) popularly used some years back (by now phased out for the 
most part). But, residual brominated flame retardants are frequently detected in aquatic environ-
ments at concentrations that can reach up to 1000 ng/L at some locations (Bollmann et al. 2012). 
On the one hand, flame retardants compounded into plastics can be released into water from 
marine plastic debris, and, on the other hand, plastics can also sorb flame retardants from seawater 
to serve as carriers of the chemical (Cheng et al. 2020; Jiang et al. 2017; Liu et al. 2018). Table 9.3 
shows typical concentrations of flame retardants in MPs, based on recent studies. Field data show 
hexabromocyclododecanes (HBCDs) in MPs collected from South Korea and other Asia- Pacific 
coastal regions. The levels of PBDEs in MPs from Tokyo Bay and Sagami Bay, for instance, were 
0.17 ± 0.08–3350 ± 5860 μg/g and 0–1785.56 ng/g, respectively. Laboratory studies agree that the 
sorption capacity of flame retardants can range from ng/g to μg/g. Organophophates are increas-
ingly used as alternative flame retardants, partly because of the phase out of PBDEs. Again, hydro-
phobicity appears to primarily influence sorption. Shen et al. (2018), for instance, found tri- n- butyl 
phosphate with higher value of log Kow of 4 had higher affinity to hydrophobic MPs of PE than 
tris(2- chloroethyl) phosphate (log Kow = 1.44).

Recent studies on the sorption of fuel aromatics on MPs are summarized in Table 9.3. Benzene 
(BEZ) and toluene (TOL) are the most frequently studied fuel aromatics, followed by ethyl benzo-
ate (EBT), ethyl benzene (EBM), p- xylene (PX), o- xylene (OX), and chlorobenzene (CBZ). The 
sorption capacity of BEZ and TOL by MPs varies within a wide range from 0.1 to 104 μg/g (Hüffer 
and Hofmann 2016; Hüffer et al. 2018; Müller et al. 2018) with the values of the coefficient log KP/W 
ranging from 1.43 to 2.34 and 1.56 to 2.29 for pristine and weathered PP, respectively (Müller 
et al. 2018). The hydrophobicity of fuel aromatics is also positively correlated with their affinities 
toward MPs (Müller et al. 2018). Similarly, the nonpolar fuel aromatics (such as BEZ, TOL, CBZ, 
and EBT) show a relatively higher affinity toward nonpolar polymers (Hüffer and Hofmann 2016; 
Hüffer et al. 2018).



Table 9.2  Sorption of PAHs, PCBs, HCHs, and DDTs by MPs.

Types Pollutants MPs Experimental conditions Sorption capacitya Reference

PAHs PHE PVC and PE (200–250 μm) C0 = 0.8–3.1 μg/L, filtered seawater, 
24 h, 220 rpm, 20 °C

1.15–15.5 μg/g Bakir et al. (2012)

MPs (333 μm–5 mm) Field experiment in Bohai and 
Huanghai Seas

400–119,000 ng/g Mai et al. (2018)

PE, PS, and PVC (100–150 μm) C0 = 10–200 μg/L, artificial freshwater 
(AFW), 120 h, 200 rpm, 20 °C

303.03–714.29 
μg/g

Wang and Wang (2018b)

PE (  300 μm) and PS (  250 μm) — — Wang et al. (2019a)

PE and nylon (0.2–2 mm) C0 = 100–1000 μg/L and 0.2–
10 mg/L, synthetic seawater, salinity 
25‰, 48 h, 150 rpm, 25.0 °C

270–310 μg/ga Wang et al. (2018a)

PP (52.31%) and PE (27.39%) Field experiment in Beijiang River 25.6–45.6 ng/g Tan et al. (2019)

PVC and PE (200–250 μm) C0 = 0.6–6.1 μg/L, seawater, salinity 
0–25‰, 24 h, 220 rpm, 18 °C

2–4 μg/g Bakir et al. (2014a)

PVC (140 μm) C0 = 0.2–2.5 mg/L, 150 rpm, 25 °C, 
60 h, pH = 3–11

— Bao et al., 2020

PE, PP, and PS (<250 μm) Artificial seawater, 150 rpm, 25 °C — Lee et al. (2014)

PS (10 μm) and PE (3–221 μm) 0–14 d, 10 ± 2 °C or 20 ± 1 °C Kd = 5 × 10−4–7 × 
10−4 L/mg

Sørensen et al. (2020)

PS pellets (3 mm × 2 mm) Field experiment in San Diego 
Harbor Excursions and Shelter 
Island, 1, 3, 6, 9, and 12 mo field 
measurement

0.063–0.208 μg/g Rochman et al. (2013a)

PYR PBS, PCL, PU, and PS (150–200 μm) C0 = 20–200 μg/L, 180 rpm, 25 °C, 5 d — Zhao et al. (2020)

PE, PS, and PVC (100–150 μm) C0 = 0–100 μg/L, AFW
120 h, 200 rpm, 25 °C

78.7–333 μg/g Wang and Wang (2018a)

MPs 15–20 mm (1.0–17.8%), 
5–15 mm (13.9–57.9%), and 
1.19–5 mm (24.3–85.1%)

Field experiment, MPs collected 
from Shantou Bay between June 
and July 2014

PAH = 
11.2–7710 ng/g

Shi et al. (2020)
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Biofilm developed PE fiber In situ experiment in Xiangshan 
Bay, ambient seawater, 1, 2, 3, 4, 
and 8

— Jin et al. (2020)

PE, PP, and PS (<250 μm) — 
Artificial seawater, 150 rpm, 25 °C

— Lee et al. (2014)

PET pellets
(3 mm × 2 mm)

— 
Five locations throughout San 
Diego Bay
12- mon field measurement

0.0136–0.203 μg/g Rochman et al. (2013a)

NAP PS (10 μm) C0 = 0.5–10 mg/L, 150 rpm, 0–122 
h, 25 °C

Kd = 11.965 L/g Yu et al. (2020)

Aged PS (125–250 μm) 7 d, 125 rpm, 25 ± 2 °C Within 10−2–104 
μg/g

Hüffer et al. (2018)

MPs 15–20 mm (1.0–17.8%), 
5–15 mm (13.9–57.9%), and 
1.19–5 mm (24.3–85.1%)

Field experiment, MPs collected 
from Shantou Bay between June 
and July 2014

PAH = 
11.2–7710 ng/g

Shi et al. (2020)

PE, PA, PS, and PVC (<250 μm) The values of C0 range over 3 or 4 
orders of magnitude, 17 d (PS), 5 d 
(PE, PA, PVC), 10 rpm, 25 °C

Within 1–102 μg/g Hüffer and Hofmann 
(2016)

ANT Biofilm developed PE fiber In situ experiment in Xiangshan 
Bay, ambient seawater, 1, 2, 3, 4, 
and 8 wk

— Jin et al. (2020)

LDPE (4.2 mm × 4.7 mm × 
2.8 mm) and HDPE (4.0 mm × 
4.4 mm × 2.0 mm)

C0 = 1–100 ng/L, 7 d, 300 rpm,  
20 ± 1 °C

— Fries and Zarfl (2012)

PET pellets (3 mm × 2 mm) San Diego Harbor Excursions and 
Shelter Island, 1, 3, 6, 9, and 12 mo 
field measurement

0–0.126 μg/g Rochman et al. (2013a)

ACE Biofilm developed PE fiber In situ experiment in Xiangshan Bay, 
ambient seawater, 1, 2, 3, 4, and 8 wk

— Jin et al. (2020)

LDPE (4.2 mm × 4.7 mm × 
2.8 mm) and HDPE (4.0 mm × 
4.4 mm × 2.0 mm)

C0 = 1–100 ng/L, 7 d, 300 rpm, 20 
± 1 °C

— Fries and Zarfl (2012)

(Continued)

0005301338.INDD   275 04/21/2022   15:47:19



Types Pollutants MPs Experimental conditions Sorption capacitya Reference

ACY, FLT LDPE (4.2 mm × 4.7 mm × 
2.8 mm) and HDPE (4.0 mm × 
4.4 mm × 2.0 mm)

C0 = 1–100 ng/L, 7 d, 300 rpm,  
20 ± 1 °C

— Fries and Zarfl (2012)

Fluoranthene PS (10 μm) and PE (3–221 μm) 0–14 d 10 ± 2 °C or 20 ± 1 °C Kd = 10−4–2.7 × 
10−4 L/mg

Sørensen et al. (2020)

CHR, BkF 
CHR- d12, FLO, 
BaP, CHR, TRI, 
BbF

PET pellets (3 mm × 2 mm) San Diego Harbor Excursions and 
Shelter Island
1, 3, 6, 9, and 12 mo field 
measurement

0–0.126 μg/g Rochman et al. (2013a)

PCBs 11 PCBs PP homo- polymer, PP co- polymer, 
LDPE and HDPE

C0 = 500 and 5000 ng/g, 50 rpm, 
20°C, 24 h

40–4580 ng/g van der Hal et al. (2020)

27 PCBs PET cylindric (3 mm × 2 mm) 
HDPE, PVC, LDPE, and PP 
(3 mm)

Five locations throughout San 
Diego Bay
12- mo field measurement

0.002–0.034 μg/g Rochman et al. (2013b)

14 PCBs Biofilm developed PE fiber In situ experiment in Xiangshan 
Bay, ambient seawater, 1, 2, 3, 4, 
and 8 wk

— Jin et al. (2020)

PCB77 PP (0.18–5 mm) 0.05–2.5 mg/L, ultrapure water, 
simulated seawater, and n- hexane, 
24 h, 220 rpm, 25 °C

93.45–344.8 μg/g Zhan et al. (2016)

17 PCBs PE (10–180 μm) and PS (70 nm) The values of C0 range in 10−5 to 
10−1 μg/L, fresh and seawater 
(salinity 34‰), 6 wk, 100 rpm,  
20 °C

— Velzeboer et al. (2014)

39 PCBs PE and PP (0.315–5 mm) Field experiment in Tokyo Bay and 
Sagami Bay

Total PCBs = 
0.28– 429.32 ng/g

Yeo et al. (2020)

HCHs α- HCH, 
β- HCH, 
γ- HCH, 
δ- HCH

PE, PP, and PS (<250 μm) 100–650 μg/L artificial seawater, 
150 rpm, 25 ± 2 °C

— Lee et al. (2014)

Table 9.2  (Continued)
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Plastic pellets MPs collected from the coast of state 
of São Paulo, southeastern Brazil

0.24–4.10 ng/g Taniguchi et al. (2016)

— MPs collected from beaches in 
Hong Kong

5.02–63.5 ng/g Lo et al. (2019)

DDTs 4,4′- DDT PVC and PE (200–250 μm) C0 = 0.8–3.1 μg/L, filtered seawater, 
24 h, 220 rpm, 20 °C

1.32–6.18 μg/g Bakir et al. (2012)

o,p′- DDT, 
p,p′- DDT, 
o,p′- DDD, 
p,p′- DDD, 
o,p′- DDE, 
and p,p′- DDE

Plastic pellets MPs collected from the coast of 
state of São Paulo, southeastern 
Brazil

< 0.11–840 ng/g Taniguchi et al. (2016)

4,4′- DDT PVC and PE (200–250 μm) C0 = 0.6–6.1 and 0.8–3.1 μg/L, 
seawater, salinity 0–35‰, 24 h, 
220 rpm, 18 °C

1.5–10 μg/g Bakir et al. (2014a)

4,4′- DDT PVC and PE (200–250 μm) C0 = 0.8–3.1 μg/L, seawater, 24–360 
h, 220 rpm, 18 °C

1.2–6.2 μg/g Bakir et al. (2014b)

2,4′- DDD, 
4,4′- DDD, 
2,4′- DDE, 
4,4′- DDE, 
2,4′- DDT, 
4,4′- DDT

0.5–2 mm MPs collected from beaches in 
Hong Kong

1.96–626 ng/g Lo et al. (2019)

a The sorption capacity is the experimental data estimated based on the figures in the reference or the predicted sorption capacity by the isotherms.
Abbreviations: ANT: anthracene; ACE: acenaphthene; ACY: acenaphthylene; FLT: fluoranthene; CHR: chrysene; BkF: benzo[k]fluoranthene; FLO: fluorene; BaP: 
benzo[a]pyrene, TRI: triphenylene; BbF: benzo[b]fluoranthene; PBS: polybutylene succinate, PCL: polycaprolactone; PU: polyurethane; PET: polyethylene terephthalate.
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Table 9.3  Sorption of flame retardants and fuel aromatics onto MPs.

Types Pollutants MPs Experimental conditions Sorption capacitya Reference

Flame retardants TBC
HBCDs

PP (0.45–0.85 mm) C0 = 10 and 2 μg/L, simulated 
seawater, salinity 35‰, 24 h, 
220 rpm, 18 °C

21.489 μg/g and 
1.954–3.34 μg/g

Liu et al. (2018)

HBCD EPS (2–3 mm) MPs were collected from South 
Korea and other Asia- Pacific 
coastal regions

0.17 ± 0.08–3350 
± 5860 μg/g

Jiang et al. (2017)

BDE- 209 ABS (0.841–2.000, 
0.420–0.595, and 
0.149–0.297 mm) and 
LDPE (2 cm × 3 cm)

— 63.00 ± 1.26 and 
910.9 ± 19.5 μg/g

Sun et al. (2019)

PBDEs PE and PP (0.315–5 mm) Field experiment in Tokyo Bay and 
Sagami Bay

Total PBDEs = 
0–1785.56 ng/g

Yeo et al. (2020)

PET, PP, LDPE, and PS 
(700–490, 490–49, and 
49–4 μm)

Samples were heated at 40 °C to 
achieve a higher sorption during  
2 h and stood for 24 h

— Singla et al. (2020)

TnBP and 
TCEP

PE and PVC (1–5, 
0.425–1, 0.125–0.425, 
and 0.045–0.125 mm)

C0 = 1–5 mg/L, 220 rpm, 18°C,  
36 h

442–1426 ng/g Chen et al. (2019)

Fuel aromatics BEZ Virgin and aged PS 
(3.5 mm × 2.2 mm) and 
PP (3–5 mm)

C0 = 130–190 μg/L, tab water, 
2 wk, 10 rpm, 22 °C

— Müller et al. (2018)

Aged PS (125–250 μm) 7 d, 125 rpm, 25 ± 2 °C Within 10−2–104 
μg/g

Hüffer et al. (2018)

PE, PA, PS, and PVC 
(<250 μm)

The values of C0 range over 3 or 4 
orders of magnitude, artificial 
seawater, 17 d for PS, 5 d for PE, 
PA, and PVC, 10 rpm, 25 °C

Within 1–104 μg/g Hüffer and 
Hofmann (2016)

TOL Virgin and aged PS 
(3.5 mm × 2.2 mm) and 
PP (3–5 mm)

C0 = 130–190 μg/L, tab water, 
2 wk, 10 rpm, 22 °C

— Müller et al. (2018)
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Aged PS (125–250 μm) 7 d, 125 rpm, 25 ± 2 °C Within 10−2–104 
μg/g

Hüffer et al. (2018)

PE, PA, PS, and PVC 
(<250 μm)

The values of C0 range over 3 or 4 
orders of magnitude, artificial 
seawater, 17 d for PS, 5 d for PE, 
PA, and PVC, 10 rpm, 25 °C

Within 0.1–103 
μg/g

Hüffer and 
Hofmann (2016)

EBT PE, PA, PS, and PVC 
(<250 μm)

The values of C0 range over 3 or 4 
orders of magnitude, artificial 
seawater, 17 d for PS, 5 d for PE, 
PA, and PVC, 10 rpm, 25 °C

Within 10–104 
μg/g

Hüffer and 
Hofmann (2016)

EBM Virgin and aged PS 
(3.5 mm × 2.2 mm), and 
PP (3–5 mm)

C0 = 130–190 μg/L, tab water, 
2 wk, 10 rpm, 22 °C

— Müller et al. (2018)

PX — 

OX — 

CBZ PE, PA, PS, and PVC 
(<250 μm)

The values of C0 range over 3 or 4 
orders of magnitude, artificial 
seawater, 17 d for PS, 5 d for PE, 
PA, and PVC, 10 rpm, 25 °C

Within 1–104 μg/g Hüffer and 
Hofmann (2016)

a The sorption capacity is the experimental data estimated based on the figures in the reference or the predicted sorption capacity by the isotherms.
Abbreviations: TBC: tris- (2,3- dibromopropyl) isocyanurate; BDE- 209: deca- BDE; ABS: crylonitrile butadiene styrene; EPS: expanded polystyrene.
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9 Pollutants Sorbed Onto Microplastics280

9.2.1.4  Other Types of Pollutants
Other types of pollutants found in MPs include perfluoroalkyl compounds (PFASs); synthetic 
musk (SM), lubricant oil, crude oil, pesticides, polyhalogenated carbazoles (PHCs), and n- hexane 
can also be sorbed on MPs (Hüffer and Hofmann 2016; Hu et al. 2017; Jiang et al. 2020; Llorca 
et al. 2018; Qiu et al. 2019; Shan et al. 2020; Wang et al. 2015; Zhang et al. 2018), and the relevant 
studies are summarized in Table 9.4.

PFASs are recognized an emerging class of POPs already widely distributed in global aquatic 
environments. Llorca et al. (2018) investigated the sorption of mixture of PFASs by MPs of HDPE 
in the size range of 3–16 μm and concluded that the equilibrium concentration of total PFASs in 
the MPs was 34–210 μg/g. Polar MPs, such as PVC, have a higher affinity to perfluorooctanesul-
fonate (PFOS) and perfluorooctanesulfonamide (FOSA; Wang et al. 2015). Limited studies have 
investigated the interaction between SM (made of cyclic ethers, macrocyclic ketones, and indanes) 
and MPs. The sorption capacity of these compounds ranges from 860 to 1600 ng/g (Dong et al. 2019; 
Zhang et al. 2018) in PP and PVC MPs. For lubricant oil and crude oil, the sorption capacity in 
plastics can reach up to mg/g and g/g levels (Hu et al. 2017; Shan et al. 2020) depending on the 
polymer type. Therefore, MPs may act as important sorbents of oil in contaminated ocean areas. 
Jiang et al. (2020) and Li et al. (2021) recently studied the sorption of three pesticides onto MPs and 
concluded that the sorption capacity ranged from 1.892 to 192.8 μg/g. For example, the sorption 
capacities of PHCs (i.e. 3,6- dibromocarbazole, 3,6- dichlorocarbazole, 3,6- diiodocarbazole, 
2,7- dibromocarbazole, and 3- bromocarbazole) on PE, PP, and PVC MPs range from 8.9 × 103 to 
3.22 × 105 μg/kg (Qiu et al. 2019).

9.2.2 Metal Ions

The sources of metals pollution in the environment are mainly associated with automobiles, bridges, 
atmospheric deposition, industrial areas, soil erosion, corroding metal surfaces, and combustion 
process (Speight 2020; Wang and Chen 2009). Not surprisingly, metals are, therefore, widely detected 
in the global ocean as well (Arefin et al. 2016; Lao et al. 2019) and interact with MPs in water. 
Electrostatic and van der Waals interactions are the main mechanism in the adsorption of metal 
ions by MPs (Guo et al. 2020b; Wang et al. 2020e). Holmes (2012) found the concentrations of met-
als on MPs exceeded that in the sediment and depended on the degree of weathering of the plastic. 
They suggest that MPs pick up metals by (i) interactions between bivalent cations (M++) and oxy-
anions with the charged or polar regions in MPs and (ii) nonspecific interactions between neutral 
metal–organic complexes and the hydrophobic surfaces of MPs. The formation of biofilms on MPs 
in aquatic environments can enhance the roughness of MPs and change the surface functional 
groups and hydrophobicity, increasing its ability to adsorb metals (Wang et al. 2020e).

MPs in aquatic environments can concentrate more than 20 types of metal ions, including Al, Cd, 
Cr, Mn, Fe, Ni, Cu, Pb, Ni, Zn, Hg, Sn, Sb, Se, Ba, Co, Ag, As, U, and Mo (Figure 9.1), based on the 
reported laboratory and field studies (Guo and Wang 2019b). The concentrations of metal ions in 
MPs collected in the field show marked regional differences, with those sampled in inland rivers/
lakes in big cities having a higher concentration compared to those collected from bodies of water 
in remote areas (Guo and Wang 2019b). For example, the concentrations of Zn in MPs sampled in 
the sediments of Beijiang River in China reach up to 14 815 μg/g (Wang et al. 2017), while the con-
centration of Zn in MPs collected from two beaches in Malaysia was less than 10 μg/g (Noik 
et al. 2015). Researchers have conducted laboratory studies to investigate the nature of interactions 
between MPs and metal ions. The sorption capacity of metals ions, including Cd, Co, Cr, Cu, Hg, Ni, 
Pb, and Zn, on MPs based on these studies is summarized in Table 9.5. As shown in Table 9.5, the 



Table 9.4  Sorption of other types of pollutants by MPs.

Types Pollutants MPs Experimental conditions Sorption amounta Reference

PFASs PFOS PE (150 μm), PS (250 μm), 
and PVC (130 μm)

5–50 μg/L, aqueous solutions, pH 3–7,  
7 d, 150 rpm, 25 °C

0–1.4 μg/g Wang et al. 
(2015)

FOSA PE (150 μm), PS (250 μm), 
and PVC (130 μm)

C0 = 5–50 μg/L, aqueous solutions,  
pH 3–7, 7 d, 150 rpm, 25 °C

1.4–2.4 μg/g Wang et al. 
(2015)

PFASs HDPE (3–16 μm), PS (10 
μm), and PS- COOH (10 μm)

C0 = 1–20 μg/L, fresh water and 
seawater, 50 d, 120 rpm, 20 °C

ΣPFAS = 34–210 
μg/g

Llorca et al. 
(2018)

SM AHTN, MX, MK PP (0.125–5 mm) C0 = 5 μg/L, simulated seawater, salinity 
35‰, 24 h, 220 rpm (for 30 min), room 
temperature

1.3 μg/g
1.8 μg/g
1.2 μg/g

Zhang et al. 
(2018)

AHTN, MX, MK, HHCB PE and PVC C0 = 1 mg/L, 0–24 h, 20 °C, simulated 
seawater

860–1600 ng/g Dong et al. 
(2019)

Lubrication oil Lubrication oil PE (20–140 μm) and PS  
(50 μm)

The values of C0 range over 1 or 2 orders 
of magnitude, aqueous solution, NaCl 
0.001–0.1 mol/L, pH 1–10, 48 h, 293 K

6.8 g/g
5.2 g/g

Hu et al. 
(2017)

Crude oil Crude oil PE (1.7 cm × 0.32 cm) C0 = 5–30 mg/L, room temperature bath 
(25 °C), ice bath (0–4 °C), and boiling 
water bath (95–100 °C), and pH = 4–7

4.5–20 mg/g Shan et al. 
(2020)

Pesticide Triadimefon and 
difenoconazole

PBS, PE, and PVC C0 = 30–300 μg/L, 0–120 h, 200 rpm, 25 °C 23.9–192.8 μg/g Jiang et al. 
(2020)

Difenoconazole, buprofezin, 
and Imidacloprid

PE, C0 = 10–150 μg/L, 2–30 h, 298 K,  
pH = 6–10

1.892–2.630 μg/g Li et al. 
(2021)

Polyhalogenated 
carbazoles

3,6- BCZ, 3,6- CCZ, 3,6- ICZ, 
2,7- BCZ3- BCZ

PE, PP, PVC (<0.15 mm) C0 = 20–100 μg/L, 0–240 h, 5–30 °C, 
CNaCl = 0.05–3.5%

8.9 × 103–3.22 × 
105 μg/kg

Qiu et al. 
(2019)

n- Hexane n- Hexane PE, PA, PS, and PVC (<250 
μm)

Range over 3 or 4 orders of magnitude, 
artificial seawater, 17 d for PS, 5 d for PE, 
PA, and PVC, 10 rpm, 25 °C

Within 1–103 
μg/g

Hüffer and 
Hofmann 
(2016)

a The sorption capacity is the experimental data estimated based on the figures in the reference or the predicted sorption capacity by the isotherms.
Abbreviations: AHTN: tonalide; MX, musk xylene; MK: musk ketone; HHCB: galaxolide; PA: polyamide.
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Table 9.5  Sorption of metals ions onto MPs.

Metals MPs Experimental conditions Sorption capacitya Reference

Cd PE, PET, PP, PVC, and PS (<5 mm) C0 = 0.5–32 ppm, 5 rpm, 2 wk 0–0.13 mg/g Godoy et al. (2019)

Virgin and beached PE resin pellets C0 = 0–20 μg/L, filtered seawater, salinity 
34‰, pH = 7.8
7 d, 150 rpm, 20 ± 1 °C

0.0004–0.010 μg/g Holmes et al. (2012)

HDPE (1–2 mm, 0.6–1 mm, and 100–154 
μm)

C0 = 5 mg/L, 480 min, 280 rpm, pH = 
2–10, 0–100 mg/L Na+

30.5 μg/g Wang et al. (2019b)

Virgin and beached PE pellets (<1 mm) C0 = 0–20 μg/L, filtered river water and 
seawater (salinity 33.5‰), pH = 4–10.5, 
48 h, 150 rpm

0.000429–0.248 μg/g Holmes et al. (2014)

PE, PP, PS, PVC C0 = 1 ppm, 0–24 h, 25 °C, 150 rpm 36.10–53.48 mg/kg Guo et al. (2020a)

Virgin PE and beached pellets (PE>90%) C0 = 0–20 μg/L, river water, pH = 4–10,  
48 h

0.0101–0.248 μg/g Turner and Holmes 
(2015)

PP, PE, PA, PVC (4 mm) Laboratory experiment (C0 = 5 mg/L, 13 d, 
160 rpm, room temperature) and field 
experiment (along the China coastline)

0–0.023 μg/g Gao et al. (2019)

LPE (150–250 μm), HPE (27–45 μm), CPE 
(150–250 μm), and PVC (0.18–1 μm)

C0 = 0.10–50.00 mg/L, 20 rpm, room 
temperature, pH = 3–6, CNaCl = 
0.01–1 mmol/L

0.01–100 mmol/kg Zou et al. (2020)

PS (32–40 μm) C0 = 50 μg/L, 30 d, 28.0 ± 1.0 °C,  
pH = 5.6–6.8

— Wen et al. (2018)

Co Virgin and beached PE resin pellets C0 = 0–20 μg/L, filtered seawater, salinity 
34‰, pH = 7.8
7 d, 150 rpm, 20 ± 1 °C

0.018–0.038 μg/g Holmes et al. (2012)

PE, PET, PP, PVC, and PS (<5 mm) C0 = 0.5–32 ppm, 5 rpm, 2 wk 0.813 mg/g Godoy et al. (2019)

Virgin and beached PE pellets (<1 mm) C0 = 0–20 μg/L, filtered river water and 
seawater (salinity 33.5‰), pH = 4–10.5, 
48 h, 150 rpm

0.0176–0.0797 μg/g Holmes et al. (2014)

PP (1 mm) 100 rpm, 1 wk, 40 °C 0.005–0.014 μg/g Holmes et al. (2020)
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Virgin PE and beached pellets (PE > 90%) C0 = 0–20 μg/L, river water, pH = 4–10,  
48 h

0.0692–0.0796 μg/g Turner and Holmes 
(2015)

Cr PE, PET, PP, PVC, and PS (<5 mm) C0 = 0.5–32 ppm, 5 rpm, 2 wk 0.473–4.70 mg/g Godoy et al. (2019)

Virgin and beached PE resin pellets C0 = 0–20 μg/L, filtered seawater, salinity 
34‰, pH = 7.8, 7 d, 150 rpm, 20 ± 1 °C

0.297–0.441 μg/g Holmes et al. (2012)

PE (200 μm) C0 = 0.2, 0.6, and 1.0 μg/mL, artificial 
seawater

1.7 μg/g Zon et al. (2018)

Virgin and beached PE pellets (<1 mm) C0 = 0–20 μg/L, filtered river water and 
seawater (salinity 33.5‰), pH = 4–10.5, 
48 h, 150 rpm

0.093–0.441 μg/g Holmes et al. (2014)

PE, PP, PVC, and PS (~150 μm) 150 rpm, 22 ± 2 °C, 96 h 2.88–5.07 μg/g Liao and Yang (2020)

Virgin PE and beached pellets (PE > 90%) C0 = 0–20 μg/L, river water, pH 4–10, 48 h 0.0933 μg/g Turner and Holmes 
(2015)

PP, PE, PA, PVC (4 mm) Laboratory experiment (C0 = 5 mg/L, 13 d, 
160 rpm, room temperature) and field 
experiment (along the China coastline)

0–0.084 μg/g Gao et al. (2019)

Cu Virgin and beached PE resin pellets C0 = 0–20 μg/L, filtered seawater, salinity 
34‰, pH = 7.8
7 d, 150 rpm, 20 ± 1 °C

0.261 μg/g Holmes et al. (2012)

Virgin and aged PA, PE, PS, PET, PVC C0 = 0.05–10 mg/L, 200 rpm, 24 h, 25 °C, 
pH = 4–8,

<10 μg/g–323.6 μg/g Yang et al. (2019)

Virgin and beached PE pellets (<1 mm) C0 = 0–20 μg/L, filtered river water and 
seawater (salinity 33.5‰), pH = 4–10.5, 
48 h, 150 rpm

0.101–0.263 μg/g Holmes et al. (2014)

Virgin and aged PET (1 mm × 1 mm) C0 = 2–10 mg/L, 288–318 K, 150 rpm,  
144 h, pH = 3–7

24.6–178.2 μg/g Wang et al. (2020a)

Virgin PE and beached pellets (PE > 90%) C0 = 0–20 μg/L, river water, pH 4–10, 48 h 0.100 μg/g Turner and Holmes 
(2015)

PE, PET, PP, PVC, and PS (<5 mm) C0 = 0.5–32 ppm, 5 rpm, 2 wk 0.259–2.95 mg/g Godoy et al. (2019)

Virgin PS beads (0.7–0.9 μm) and aged 
PVC fragments (1.6–0.8 mm)

Nonfiltered seawater, water or no water 
exchange, 14 d

0.09–3000 μg/g Brennecke et al. 
(2016)

(Continued)
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Metals MPs Experimental conditions Sorption capacitya Reference

PP, PE, PA, PVC (4 mm) Laboratory experiment (C0 = 5 mg/L, 13 
d, 160 rpm, room temperature) and field 
experiment (along the China coastline)

0.079–0.223 μg/g Gao et al. (2019)

LPE (150–250 μm), HPE (27–45 μm), CPE 
(150–250 μm), and PVC (0.18–1 μm)

C0 = 0.10–50.00 mg/L, 20 rpm, room 
temperature, pH = 3–6, CNaCl = 
0.01–1 mmol/L

0.1–100 mmol/kg Zou et al. (2020)

Hg Virgin PE and beached pellets (PE > 90%) C0 = 0–20 μg/L, river water, pH = 4–10,  
48 h

0.170–2.78 μg/g Turner and Holmes 
(2015)

56.07% MPs had diameter of 
0.038–0.5 mm

Field experiment in in the Jinjiang 
Estuarine Mangrove Reserve

0–0.076 μg/g Deng et al. (2020)

Ni Virgin and beached PE resin pellets C0 = 0–20 μg/L, filtered seawater, salinity 
34‰, pH = 7.8, 7 d, 150 rpm, 20 ± 1 °C

0.008–0.070 μg/g Holmes et al. (2012)

PE, PET, PP, PVC, and PS (<5 mm) C0 = 0.5–32 ppm, 5 rpm, 2 wk 0–0.14 mg/g Godoy et al. (2019)

Virgin and beached PE pellets (<1 mm) C0 = 0–20 μg/L, filtered river water and 
seawater (salinity 33.5‰), pH = 4–10.5, 
48 h, 150 rpm

0.00761–0.152 μg/g Holmes et al. (2014)

Virgin PE and beached pellets (PE > 90%) C0 = 0–20 μg/L, river water, pH = 4–10,  
48 h

0.0166–0.152 μg/g Turner and Holmes 
(2015)

Pb PE, PET, PP, PVC, and PS (<5 mm) C0 = 0.5–32 ppm, 5 rpm, 2 wk 1.9–4.93 mg/g Godoy et al. (2019)

Virgin and beached PE resin pellets C0 = 0–20 μg/L, filtered seawater, salinity 
34‰, pH = 7.8, 7 d, 150 rpm, 20 ± 1 °C

0.716 μg/g Holmes et al. (2012)

Virgin and aged PA C0 = 2–14 mg/L, pH = 5, 48 h, 185 rpm, 
27 °C

0.4637–1.4767 mg/g Tang et al. (2020)

Virgin and beached PE pellets (<1 mm) C0 = 0–20 μg/L, filtered river water and 
seawater (salinity 33.5‰), pH = 4–10.5, 
48 h, 150 rpm

0.191–2.73 μg/g Holmes et al. (2014)

PET, PA (0.5–1 mm) C0 = 0.5–7 ppm, pH = 2–10, 90 min, 
25–55.1 °C

— Oz et al. (2019)

Virgin PE and beached pellets (PE > 90%) C0 = 0–20 μg/L, river water, pH = 4–10, 48 h 0.191–2.74 μg/g Turner and Holmes 
(2015)

Table 9.5  (Continued)
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PP, PE, PA, PVC (4 mm) Laboratory experiment (C0 = 5 mg/L, 13 d, 
160 rpm, room temperature) and field 
experiment (along the China coastline)

0.107–0.441 μg/g Gao et al. (2019)

Zn Virgin PE and beached pellets (PE > 90%) C0 = 2–20 μg/L, river water, pH = 4–10,  
48 h

0.1–0.7 μg/g Turner and Holmes 
(2015)

PE, PET, PP, PVC, and PS (<5 mm) C0 = 0.5–32 ppm, 5 rpm, 2 wk 0.505–0.634 mg/g Godoy et al. (2019)

Virgin and aged PET (1 mm × 1 mm) C0 = 2–10 mg/L, 288–318 K, 150 rpm, 144 
h, pH = 3–7

20.0–32.7 μg/g Wang et al. (2020a)

Virgin PS beads (0.7–0.9 μm) and aged 
PVC fragments (1.6–0.8 mm)

Nonfiltered seawater, water or no water 
exchange, 14 d

0.18–270 μg/g Brennecke et al. 
(2016)

Plastic bag–derived HDPE (0.92 ± 
1.09 mm2)

C0 = 102–105 μg/L, background electrolyte 
(0.1 M NaNO3), 48 h, 220 rpm

236–7171 μg/g Hodson et al. (2017)

a The sorption capacity is the experimental data estimated based on the figures in the reference or the predicted sorption capacity by the isotherms.
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sorption capacity of Cd, Co, Cr, and Cu is low (less than 1 μg/g) when the initial concentration of 
metal ions is 0–20 μg/g (Holmes et al. 2012, 2014; Turner and Holmes 2015). Zon et al. (2018) con-
cluded that the maximum uptake of Cr on PE pellets was 1.7 μg/g, at a value of C0 of 1 mg/L. That 
exceeds by far what might be reasonably anticipated in the aquatic environment. The sorption 
capacity can reach up to several mg/g with high initial concentration of metal ions (0.5–32 ppm; 
Godoy et al. 2019). The maximum uptakes of Cu and Zn leached from an antifouling paint by MPs 
were 3000 and 270 μg/g, respectively (Brennecke et al. 2016). Based on these, the initial concentra-
tion of metal ions appears to be a major factor that influences their sorption capacity on MPs.

9.3  Influencing Factors

9.3.1  Effect of Polymer Type

Types of polymers constituting the MPs in the ocean environment mainly include PE, PVC, PP, PS, PA, 
and PET (Guo and Wang 2019b). Published papers that focus on the sorption of pollutants by specific 
types of MPs in recent years are summarized in Figure 9.2 (Bao et al. 2020; Chen et al. 2019; Gao 
et al. 2019; Godoy et al. 2019; Guo and Wang 2019a; Guo et al. 2018, 2019a, 2019b, 2020a; Hodson 
et al. 2017; Holmes et al. 2012, 2014; Hu et al. 2017; Hüffer and Hofman 2016; Jiang et al. 2020; Lin 
et al. 2020; Liu et al. 2018; Llorca et al. 2018; Razanajatovo et al. 2018; Shan et al. 2020; Wang and 
Wang  2018a; Wang et  al.  2015,  2018a,  2018b,  2020a; Xu et  al.  2018a,  2018b; Yang et  al.  2019; Yu 
et al. 2020; Zhang et al. 2018; Zou et al. 2020). Over 90 sets of experiments have been carried out 
on the sorption behaviors of PE, the most studied plastic.

Different types of MPs have distinct properties, such as the functional groups, polarity, rubbery 
domains, and the degree of crystallinity (see Chapter 1). The polarity of MPs affects the uptake of 
polar chemicals (Wang et al. 2015), and specific functional groups, such as amides, often enhancing 
the sorption of antibiotics by MPs (Li et al. 2018). For instance, the sorption capacity of polar PHCs on 
the polar MP of PVC is much higher than that on the relatively nonpolar MPs of PP and PE (Qiu 
et al. 2019). In the sorption of PAHs on polar and nonpolar MPs, it is suggested that hydrogen bonding 
contributes significantly to their sorption on polar MPs (Li et al. 2018; Zhao et al. 2020) (Figure 9.3). 
Some of the common plastics are semicrystalline, with fractional crystallinity depending on their 
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Figure 9.2  MPs studied in literature.
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thermal history but generally follow the order of PE > PP > PA > PS (Xu et al. 2019). The sorption 
of organic pollutants mainly occurs in the amorphous domains, and MPs with low crystallinity 
(and, therefore, a larger amorphous content) have higher affinities to hydrophobic organic pollut-
ants (Guo et al. 2012). Plastics change from their glassy state to the rubbery state at temperatures 
higher than the glass transition temperature (Tg) (see also Chapter 1). Rubbery MPs are inclined to 
sorb more pollutants than glassy MPs (Guo and Wang 2019b). PE with a Tg of −110 °C is a rub-
bery polymer at ambient temperature (Crawford and Quinn 2017), and MPs of PE have higher 
affinities to PYR, PHE, lubricating oils, PCBs, PFOS, POSA, and 4,4′- DDT (Bakir et  al.  2012; 
Rochman et al. 2013b; Wang and Wang 2018a, 2018b; Wang et al. 2015).

9.3.2  Effect of the Extent of Weathering

When exposed to solar ultraviolet (UV) radiation, MPs are inclined to undergo oxidative degra-
dation (see Chapter 8). These degradation reactions generally lead to changes in their surface 
morphology, size, crystallinity, and functional groups (Andrady 2017; Guo and Wang 2019b).

Mechanical forces, such as the hydraulic shear force and sand abrasion, mainly contribute to the 
surface morphological changes of MPs (Crawford and Quinn 2017). The surface of MPs contains 
the amorphous as well as the crystal phases. The amorphous phases are degraded relatively easily 
compared to the crystalline phases. Therefore, cracks and pores can easily form on their surface, as 
reported for weathered MPs by several researchers (Chen et  al.  2018; Hüffer et  al.  2018; Liu 
et al. 2019; Luo et al. 2020). Further degradation of MPs leads to their fragmentation or reduction in 
size. The BET surface areas of MPs generally increase after weathering (Luo et al. 2020). Higher 
BET specific surface areas of MPs can provide more sorption sites for pollutants. The sorption of 
organic pollutants and metals on some types of MPs, therefore, increases as a consequence of 
weathering (Mao et al. 2020; Müller et al. 2018).

The crystallinity of MPs also generally increases with degradation (Rouillon et al. 2016). On the 
one hand, the degradation of the amorphous phases in MPs is faster than that of the crystalline 
domains, increasing the fractional crystallinity of plastics with weathering. On the other hand, 
the chemi- crystallization in the degradation processes can also increase the crystallinity of MPs 
(Rouillon et al. 2016; see Chapter 8). In addition, the functional groups of MPs typically change 
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after degradation. Liu et al. (2019) compared the Fourier transform infrared (FTIR) spectrum of 
virgin and weathered PS and PVC MPs and found that the absorption bands for –OH were found 
at 3446.17 and 3437.60 cm−1 in weathered MPs, but not in the virgin MPs. Increase in the concen-
tration of carbonyl functionalities during weathering also enhances their ability to sorb hydro-
philic organic pollutants, such as CIP (Zhou et al. 2020).

9.3.3 Effect of pH and Ionic Strength

Electronegative surface charges by MPs and the speciation of dissolved pollutants are both deter-
mined by pH. Li et al. (2018) reported pH at which the net charge on the particle surface reaches 
zero (the point of zero charge [PZC]) for PE, PS, PVC, PP, and PA polymers to be 6.63, 6.69, 6.65, 
6.76, and 6.52, respectively. In acidic solution, the MPs tend to be positively charged, while in alka-
line solution, MPs are negatively charged. Therefore, in alkaline solution, the sorption of cationic 
pollutants (such as Cd, Co, Ni, and Pb) increases (Fu et  al.  2020; Guo et  al.  2020a; Holmes 
et al. 2014). Likewise, the sorption capacity of negatively charged pollutants increases in acidic 
media. MPs of a given polymer often show a clear trend in pollutant- specific sorption capacity with 
pH. The sorption of PFOS on PE, for instance, decreased with increasing of pH (Wang et al. 2015), 
and the maximum sorption capacity of ibuprofen by MPs of PE and PP was at pH 2 (Elizalde- 
Velázquez et al. 2020). The uptakes of CIP by MPs decreased dramatically when the pH values 
were higher than 7.5 (Atugoda et al. 2020). The combination of these effects generally results in a 
pronounced pH-dependent of the sorption of pollutants by MPs, and, in laboratory studies, the 
ocean pH of 8.1 (slightly alkaline) should be taken into consideration.

Ionic strength is another key factor affecting interactions between pollutants and MPs, and can be 
used as an indicator to distinguish between selective and nonselective sorption processes (Guan 
et al. 2020). Surface adsorption of charged pollutants to MPs suspended in seawater is best under-
stood in terms of two interactions: (i) the outer sphere or the hydration shell that electrostatically 
binds ions, and (ii) the inner sphere of the charged surface of the particle. The nonselective physical 
sorption is an outer- sphere surface complex reaction, and the specific chemical sorption causes 
complex reaction at the inner- sphere surface (Fedorov and Kornyshev 2014). The ionic strength 
would influence the outer- sphere surface complex reaction. The presence of Na+, for instance, 
decreases the sorption of CIP, AMX, PFASs, α- HCHs, and metals (Fu et al. 2020; Holmes et al. 2014; 
Li et al. 2018; Llorca et al. 2018; Wang et al. 2018c). It also increases the sorption capacity of lubri-
cant oil by MPs (Hu et al. 2017). Also, the uptake of PCBs on PVC decreases with the increasing 
levels of Cl− in solution (Pascall et al. 2005). The above sorption process may be dominated by the 
outer- sphere surface complex reaction. The competitive sorption between pollutants and other ions 
in solution may also decrease the overall sorption capacity (Guo et al. 2020a). For other pollutants, 
ionic strength has limited influence on the sorption capacity of MPs. The sorption of TC and SM by 
MPs is not significantly affected by the concentration of Na+ (Xu et al. 2018; Zhang et al. 2018). 
These sorption processes may be dominated by the inner- sphere surface complex reaction.

9.4   Sorption Kinetics and Isotherms

The linear, Langmuir (1916, 1918), and Freundlich (1906) isotherm models are three of the most 
frequently used models in the adsorption of organic pollutant and metals ions by MPs. The linear, 
Langmuir, and Freundlich isotherms can be described by Equations 1–3 as follows:

 q KCe e  (1) 
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where qe (mg/g) and Ce (mg/L) are, respectively, the equilibrium sorption capacity and equilib-
rium concentrations of adsorbate in solution, K (L/g) is the partition coefficient, KL (L/mg) is the 
Langmuir constant that is equal to the ratio of the sorption rate constant to the desorption rate 
constant, qm (mg/g), is the maximum adsorption capacity predicted by the Langmuir model, and 
KF (L1/nmg1−1/n/g) and n are the Freundlich constants.

The reported sorption isotherms of organic pollutants and metals ions by MPs are summarized in 
Figure 9.4, based on literature (Bao et al. 2020; Chen et al. 2019; Gao et al. 2019; Godoy et al. 2019; Guo 
and Wang 2019a; Guo et al. 2018, 2019a, 2019b, 2020a; Hodson et al. 2017; Holmes et al. 2012, 2014; Hu 
et al. 2017; Jiang et al. 2020; Hüffer and Hofman 2016; Lin et al. 2020; Liu et al. 2018; Llorca et al. 2018; 
Razanajatovo et al. 2018; Shan et al. 2020; Wang and Wang 2018a; Wang et al. 2015, 2018a, 2018b, 
2020a; Xu et al. 2018a, 2018b; Yang et al. 2019; Yu et al. 2020; Zhang et al. 2018; Zou et al. 2020).

For antibiotics, the linear isotherm is the most widely used to model sorption equilibrium data 
(Figure 9.4). The mechanism underlying partition is dominated by hydrophobic and electrostatics 
interactions (Guo et al. 2019b). The sorption of PAHs, PCBs, DDTs, and HCHs onto MPs is well 
represented by the Freundlich isotherm that generally describes multilayer physical sorption 
or the chemical sorption when the occupancy rate of the active sites is about 50% (Wang and 
Guo 2020a). With flame retardants and fuel aromatics, however, the Langmuir isotherm appears to 
be a better model for the adsorption process, indicating monolayer chemical adsorption to be the 
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Figure 9.4  Sorption isotherms of pollutants onto MPs based on published literature.
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likely main mechanism. The sorption of other types of organic pollutants by MPs is described by 
both linear and Freundlich models; partition and multilayer sorption dominate the adsorption. 
The most useful isotherm to model equillibrium sorption data of metals onto MPs appears to be 
the Freundlich model, followed by the Langmuir model.

Modeling sorption kinetics generally involve three considerations: (i) external mass transfer or 
the diffusion of the contaminants in the liquid film around MPs, (ii) internal mass transfer or the 
diffusion of contaminant in the pores inside the MPs, and (iii) sorption of contaminant in active 
sites. A majority of the recent research reports on sorption kinetics of pollutants on MPs found 
pseudo- first- order (PFO) and pseudo- second- order (PSO) kinetics models to describe the data 
(Holmes et al. 2012; Llorca et al. 2018; Xu et al. 2018a, 2018b; Wang and Wang 2018a, 2018b). 
However, the PFO and PSO models are empirical kinetic models without specific physical inter-
pretations (Wang and Guo 2020b). The mass-transfer kinetic data on sorption cannot be profitably 
investigated by these empirical models that lack molecular- level interpretations. The phenome-
nological sorption kinetics models, however, have been applied in the sorption of antibiotics and 
metals ions by MPs (Guo and Wang 2019c; Guo et al. 2019a, 2020b). The external and internal mass 
transfer processes have proven to be the rate- limiting steps of pollutants sorption onto MPs (Guo 
and Wang 2019c; Guo et al. 2019a, 2020b; Figure 9.5).

9.5  Sorption Mechanism

The sorption mechanisms of pollutants by MPs mainly include π–π bonding, H- bonding, van der 
Waals force, electrostatic force, and hydrophobic interaction (Bao et al. 2020; Chen et al. 2019; Guo 
et al. 2018, 2020b; Li et al. 2018), as shown in Figure 9.6.

The FTIR and x- ray photoelectron spectroscopy (XPS) of MPs before and after sorption are 
frequently used to elucidate the sorption mechanism (Lin et al. 2021). The sorption of Pb, Cd, and 
Sr by MPs is likely physical adsorptions, because FTIR spectra of MPs after sorption display no new 
absorption bands (Guo and Wang 2019c; Guo et al. 2020a; Lin et al. 2021). The XPS spectra also 
confirm that physisorption dominates in the sorption of Pb on MPs (Lin et al. 2021). Guo et al. 
(2018) concluded that the van der Waals force and π–π interaction were the main mechanism in 
the sorption of TYL. Molecular dynamics (MD) studies, density functional theory (DFT) calcula-
tions, and other computational modeling have also been applied to investigate the sorption 
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Figure 9.5  Sorption kinetics of pollutants by MPs.
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mechanisms of pollutants by MPs. Li et al. (2021) conducted the MD simulation of the sorption of 
three pesticides by MPs of PE, and concluded that the pesticides were adhered rapidly to the PE 
after 200 ps, the main mechanism being a complex interaction between the pesticide molecule 
with the C and H atoms in PE. Guo et al. (2019b, 2020b) studied MD simulation of antibiotics and 
metals on MPs and concluded that electrostatic and van der Waals force were the main mechanism 
involved. Yu et al. (2020), however, using computational modeling of naphthalene on MPs found 
the strength of the π–π interactions could be affected by some functional groups. Mao et al. (2020) 
investigated the sorption mechanism of PHE by MPs by DFT calculation and found that the hydro-
phobic interaction dominated the sorption process.

9.6  Conclusions

MPs sorb a wide range of organic pollutants and metal ions from seawater. Recent research has 
examined the role of hydrophobicity, salinity, polymer type, and fractional crystallinity of the plas-
tic, on the absorption of pollutants by MPs. Their sorption capacity for pollutants is largely influ-
enced by the initial concentrations of pollutants in water, C0, and the values of log Kow that is an 
indication of the affinity of the pollutant for the plastic. The reported values for the capacity 
ranged from ng/g to mg/g depending on the polymer and sorbent. The type of polymer making up 
the MPs generally determines the uptake kinetics of pollutants. MPs of PE are the most frequently 
studied, followed by PVC, PP, and PS. The functional groups, polarity, rubbery domains, and the 
degree of crystallinity of MPs, all play a major role in the sorption process. Aged MPs character-
ized by rough surface carrying oxygenated functionalities, are able to sorb higher levels of pollut-
ants relative to virgin MPs. The external and internal diffusion events are the rate- limiting steps in 
the kinetics of sorption of pollutants by MPs. The linear isotherm model generally describes the 
sorption of antibiotics successfully, while, Freundlich isotherm fits the kinetic data for sorption of 
PAHs, PCBs, DDTs, HCHs, and metal ions well. Several types of interactions, including π–π bond-
ing, H-bonding, van der Waals force, electrostatic force, and hydrophobic interactions, serve as the 
mechanism behind the sorption of pollutants by MPs.

Adsorption mechanism
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(b) H-boding
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Figure 9.6  Sorption mechanisms of pollutants by MPs.
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10.1  Introduction

The call for research concerning microbial interactions with marine microplastics (MPs; 
Harrison et al. 2011) has reached a decadal milestone, leaving us with not only novel insights 
into this field of investigation but also many unanswered questions. This chapter reflects on this 
decade of discovery with respect to the “Plastisphere” that refers to the thin layer of life that 
colonizes the outside of plastic debris, with a focus on the microscopic life that colonizes plastics 
in marine systems.

The search for life on plastic marine debris (PMD) was largely influenced by the International 
Census of Marine Microbes (ICoMM; Amaral- Zettler et al. 2010) that sought to characterize the 
genetic diversity and relative abundance of microbial life in the world ocean using massively 
parallel sequencing of Bacteria (Sogin et al. 2006), Archaea (Huber et al. 2007), and microbial 
Eukarya (Amaral- Zettler et al. 2009). One of the unifying themes of the Census of Marine Life 
(www.coml.org) was the concept of understanding what was Known about (microbial) diversity 
in the ocean, what was Unknown and still to be discovered, and what may remain a mystery – 
the so- called Unknowable. Some of the open questions that followed the census included Why 
are there so many different kinds of microbes? Is there such a thing as microbial endemicity? How 
many microbial niches exist? and What is the role of the rare biosphere? The ICoMM focused pri-
marily on microbes that live in the water column or in sediments with an occasional study that 
considered particle- attached taxa but largely ignored “microbiomes” including those occurring 
on biotic and abiotic substrates such as plastic debris. We learned from large- scale analyses that 
water- column and sediment communities are very distinct (Zinger et al. 2011) and that their 
distributions were largely shaped by the surrounding physicochemical environment. We also 
learned that the microbial community structure in the marine environment is largely dominated 
by a few taxa, followed by a long- tail distribution of rare taxa. Several of the questions framed by 
the first Census of Marine Life can also be asked of the Plastisphere. This chapter revisits the 
state of knowledge regarding the Plastisphere in the context of the Known, Unknown, and 
Unknowable.

10
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10.2  Preamble

Carpenter and Smith (1972) were the first to document microbes on plastics collected in the 
open ocean. Shortly after this, Sieburth (1975) published his book Microbial Seascapes, with 
beautiful scanning electron microscopy (SEM) images of microbial biofilms on a variety of sur-
faces including (macro)plastic from coastal environments. However, research on this novel topic 
was relatively limited until Harrison et al. (2011) summarized the limited state of then- current 
knowledge and called on the scientific community to increase investigations of interactions 
between microorganisms and marine MP and the publication of the first high- throughput 
sequencing study documenting the diversity of microbes on plastic in the North Atlantic 
Subtropical Gyre or “Garbage Patch” (Zettler et al. 2013). Since then, the number of publications 
studying various aspects of microbe–plastic interactions has increased significantly (Onda and 
Sharief 2021), with a recent flurry of review papers, including at least 12 since 2020. Different 
reviews emphasize different aspects of microbe–plastic interaction, such as degradation (Yuan 
et  al.  2020), biogeochemistry (Rogers et  al.  2020), ecology (Amaral- Zettler et  al.  2020; 
Oberbeckmann and Labrenz 2020; Yang et al. 2020), contaminants and risks (Khalid et al. 2021; 
Mammo et al. 2020), colonization (Caruso 2020; Onda and Sharief 2021; Wright et al. 2020b), 
microbiome (Lear et al. 2021), or microalgae (Nava and Leoni 2021). Because of the extensive 
coverage in previous reviews, including those listed earlier, I have chosen NOT to duplicate 
those efforts. Instead, in this chapter, I take advantage of recent reviews to outline common 
themes those authors raised, highlighting some recent advances, and lines of investigation that 
seem particularly likely to increase our knowledge of how colonization influences the structure 
and function of the Plastisphere and how these communities may impact marine environments. 
The timely topic of biodegradation is covered in another chapter of this book (Chapter 11), so it 
will not be addressed in this chapter.

10.3  The Known

10.3.1 What Do We Know About Who Lives in the Plastisphere –  
Phylogenetic Diversity?

The understanding that plastics are a new habitat for microbial and microscopic life has been rec-
ognized for nearly 50 years since the discovery of PMD itself in the early 1970s with evidence of 
diatoms, bacteria, and even hydroids being detected on the surface of plastic debris (Carpenter and 
Smith 1972; Figure 10.1). Despite the long- standing recognition that both bacteria and microbial 
eukaryotes (e.g. biofilm- forming diatoms) produce extracellular polymeric substances that form the 
foundation of biofilms on plastic, there is still a tendency in the literature to assume that b acteria are 
always the initial colonizers. However, it has been known for several decades that diatoms can colo-
nize surfaces such as glass within hours (Cooksey et al. 1984), as well as plastic debris (unpublished 
results). Within a week, diatoms can completely dominate surfaces in coastal waters (Figure 10.2). 
Consequently, it is not only the plastic surface characteristics and leachates influencing the compo-
sition of early colonizing bacterial communities such as obligate hydrocarbon- degrading bacteria 
(OHDB; Erni- Cassola et al. 2020) but also the dissolved organic matter being produced by diatoms 
and other Plastisphere denizens. Dudek et al. (2020) acknowledged the possible role of the diatoms 
in shaping bacterial community structure in the Plastisphere but misidentify attachment fibers 
of diatoms as hyphomonad bacteria known to metabolize polycyclic aromatic hydrocarbons. 
Hyphomonads do exist in the Plastisphere, but Figure 10.3 points out the differences between these 
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and the diatom fibers. All the same, the importance of examining the Plastisphere community as a 
whole is slowly catching hold in the research community.

The question of whether the Plastisphere selects for microorganisms like the rhizosphere or 
phycosphere (Wright et al. 2020b) has been argued against on grounds that existing studies do not 
show a consistent trend for plastic- specific taxa (Wright et al. 2020b). However, this was never the 
intended definition of the Plastisphere; because the Plastisphere organisms have to come from 
somewhere, it is unlikely that any of them will be found only on plastic. However, most studies 
show differences between the communities on plastic and other substrates, at least during early 
colonization. There is also a difference between targeted selection and differential selection that is 
important to acknowledge when it comes to understanding the community composition of the 
Plastisphere. A big gap in our understanding of Plastisphere community assembly may also be an 
artifact of experimental designs that intentionally exclude larger “fouling” organisms (e.g. multi-
cellular community members) that are integral community members even on MPs (plastic 
1–5 mm) that are large enough to be colonized by them. While we have always known that 

(a) (b)

Figure 10.1 Consistency in the Plastisphere: (a) bacteria, diatoms, and (b) hydroids that Carpenter and Smith 
(1972) reported are still commonly seen on most plastic collected from surface waters in marine systems.

Figure 10.2 Diatom biofilm covering 
the surface of glass submerged in the 
marine environment after one week.
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biofouling organisms colonize marine debris of any composition, we are now also keenly aware of 
the associated microbiomes that all multicellular life carries with it, as well as microbial eukaryotic 
life. In this respect, the “phycosphere” really does meet the Plastisphere in that both unicellular 
and multicellular algae, and their associated phycospheres, are consistent members of the 
Plastisphere (diatom with bacteria, bacterial associations within biofilm; Figure 10.4a,b).

What remains striking about the community structure observed in the Plastisphere in samples col-
lected directly from the environment (not part of incubation experiments, laboratory, or otherwise) 
are the differences in relative abundances (evenness) seen across the communities when compared 
to the surrounding seawater (Figure 10.5). Seawater samples tend to be dominated by relatively few 
highly abundant taxa, whereas plastic samples are not. Differences between attached and planktonic 
microbial communities are to be expected, but results from nonplastic surfaces in environmental 
samples are rare; more are needed to determine whether this pattern is unique to plastic and whether 
the microbiomes of eukaryotes attached to plastic help explain some of the patterns.

(a) (b)

Figure 10.4 Scanning electron microscopy images showing associations between different bacteria and 
diatoms within Plastisphere biofilms. (a) Pennate diatom covered with a variety of bacteria on a piece of 
high- density polyethylene. (b) Thick, multi- species mat of bacteria on a piece of polyhydroxybutyrate 
placed at the sediment surface.

(a) (b)

Figure 10.3 (a) A single diatom attached to the surface of a piece of plastic marine debris (PMD) with 
chitan (chitin- poly- N- acetylglucosamine) fibers extruded from the cell (scale bar 10 μm). Inset image 
extracted from Figure 10.5a (D4) Mastogloia corsicana, from Dudek 2020, p 07, Figure 05A(D4) / With 
permission from JOHN WILEY & SONS, INC. / https://aslopubs.onlinelibrary.wiley.com/doi/epdf/10.1002/
lol2.10141 showing similar chitinous fibers. (b) Contrast with putative hyphomonad- like stalked bacteria 
attached to the surface of PMD (scale bar 2 μm).

https://aslopubs.onlinelibrary.wiley.com/doi/epdf/10.1002/lol2.10141
https://aslopubs.onlinelibrary.wiley.com/doi/epdf/10.1002/lol2.10141
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Figure 10.5 Bacterial community structure on plastic marine debris (polyethylene from the North Atlantic Subtropical Gyre) versus seawater communities 
showing distinct patterns in dominance and also evenness.
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Some insight can also be gained from time series experiments to examine the differences in com-
munity structure over time and how they diverge or remain the same. For example, De Tender et al. 
(2017a) compared communities that developed on experimental plastic incubations in onshore and 
off- shore environments with randomly sampled pieces of plastic debris in the surrounding North 
Sea. They found the pieces collected from the environment to be most similar to early- phase 
biofilms observed on plastics sampled in the harbor. This suggested that microbial communities 
found on plastics in the open environment are likely very dynamic and prone to resetting after dis-
turbance. Disturbance in the marine setting might also explain the often- encountered increased 
evenness we observe in Plastisphere communities characterized from ocean gyres.

It is generally agreed that during initial colonization events, the substrate can select for different 
groups of microbes (Muthukrishnan et al. 2018; Ogonowski et al. 2018), but as the biofilm covers 
the surface and matures, the communities on different substrates converge (Dang et  al.  2008; 
Wright et  al.  2021b). The inherent bias that prefiltration of water in laboratory- based studies 
(Ogonowski et  al.  2018) or grazer exclusion via netting in in situ field incubations (Zhang 
et al. 2021) brings to our understanding of general patterns is yet to be quantified. Perhaps under-
standing the divergent nature of Plastisphere community structure is in the realm of the unknow-
able despite efforts to systematically study this question.

Despite challenges forming general conclusions about the nature of Plastisphere community 
structures, meta- analyses of amplicon data sets have started to shed light on broadscale patterns 
or “core” taxa associated with the marine Plastisphere (De Tender et al. 2017b; Oberbeckmann 
and Labrenz 2020; Wright et al. 2021b), including the presence of Rhodobacteraceae as consistent 
(often dominant) members (De Tender et al. 2017b; Oberbeckmann and Labrenz 2020) and also 
the shared presence of Sphingomonadaceae (e.g. Erythrobacter; Wright et al. 2021b) across many 
plastic data sets. Another significant find was that members of the Oceanospirillales tended to be 
more frequently encountered on aliphatic plastics, while the Alteromonadales were more abun-
dant on other types of plastic (Wright et al. 2021b). The later perhaps being a product of the domi-
nance of data sets looking at time series incubations wherein members of these hydrocarbonoclastic 
orders are more abundant at early time points, but become part of the “rare biosphere” at later 
stages (Pedrós- Alió 2012). Several additional insights and questions emerged from these collec-
tive efforts and the reader is referred to these studies for more detailed observations.

10.4  The Unknown, but Knowable

10.4.1 What Can We Know About the Functional Diversity of the Plastisphere?

There has been one study using BioLog plates that measure substrate utilization in freshwater 
(Arias- Andres et al. 2018a), but very few studies in the literature have attempted to characterize the 
functional diversity of the marine Plastisphere. Some studies have used methods that provide prox-
ies by inferring metabolic potential based on taxonomic affiliation of relatives with sequenced 
genomes (Debroas et al. 2017; Zhang et al. 2021) using bioinformatics programs including PICRUSt 
(Langille et al. 2013) or Bugbase (Ward et al. 2017), the latter an online platform that makes use of 
the former. While this application may be relevant for coastal studies wherein a majority of known 
genomes have been isolated, it is unknown how well our knowledge of the metabolism of open- 
ocean organisms is reflected in present genome archives, particularly for biofilm- associated com-
munities (Zhang et al. 2019) such as the Plastisphere.

Metagenomic investigations remain relatively rare, particularly for samples collected directly 
from the environment (Bryant et  al.  2016), but metagenomic or genomic studies that involve 
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 incubation experiments are increasing (Meyer- Cifuentes et  al.  2020; Pinnell and Turner  2019; 
Wright et al. 2021a). Among the challenges associated with generating metagenomic data from 
field collected samples are the inherently low biomass and thus genomic DNA present on indi-
vidual pieces of plastic – especially those less than 1 mm in dimension, but also the possible pres-
ence of large eukaryotic genomes that can dominate a given sample. This creates a challenge for 
obtaining good coverage for metagenome- assembled genomes of Plastisphere representatives and 
often necessitates deep sequencing coverage since it is difficult to determine a priori the relative 
contributions of different domains of life present on a piece of MP. To get around these hurdles, 
many groups have resorted to pooling samples to obtain sufficient biomass (at the cost of obliterat-
ing genomic signatures on individual MPs) or in the case of incubation experiments, excluding 
eukaryotes (and their genomic signatures) via prefiltration or size- fractionation strategies taken 
with global marine genomic sampling campaigns like the Global Ocean Survey, Tara Oceans, and 
Malaspina expeditions. Many studies state that they actively excluded sequences belonging to 
eukaryotes. This simplifies analysis, but clearly we need to include all domains if we truly want to 
understand the functional diversity of the Plastisphere.

Yet another window into Plastisphere functional diversity is a more traditional cultivation- based 
approach to interrogate the physiology of Plastisphere members in a laboratory setting (de Vogel 
et al. 2021; Wright et al. 2020a), but our success in cultivating representative Plastisphere members 
remains to be determined. Greater efforts to study the function of uncultivable Plastisphere members 
depend on new methodologies that are giving us access to combined cell- sorting and labeling 
approaches recently reviewed in Thrash (2021). Given that plastics are a relatively new substrate, 
communities that inhabit them have had a finite amount of time to adapt to the particular character-
istics of this habitat, so we do not really know if and whether the genomes of Plastisphere members 
reflect conditions characteristic of environments where plastic accumulates, including the open- ocean 
gyres. Therefore, the isolation of Plastisphere members that may possess novel functional genes with 
respect to degradation and biodegradation of conventional and biodegradable and compostable 
plastics remains an active area of research into the foreseeable future.

10.4.2 What Role Does the Plastisphere Play in Vertical Transport of MPs?

Biofouling of plastic leading to sinking is often mentioned as one of the mechanisms removing 
buoyant plastic from surface waters. This was originally suggested by Holmstrom (1975) to explain 
sheets of low- density polyethylene (PE) coated with calcareous algae and bryozoans dredged from 
the sea bottom by Swedish fishermen and documented in an experiment by Ye and Andrady (1991) 
who showed that a variety of plastic items moored in coastal waters of Florida sank due to biofoul-
ing after six weeks. More recently, there have been field (Ryan 2015), experimental (Fazey and 
Ryan 2016; Kaiser et al. 2017), and theoretical (Chubarenko et al. 2016; Kooi et al. 2017) studies 
supporting the idea that fouling causes buoyant plastic to sink. Most of the experimental studies 
report whether plastic floats or sinks, but we need more quantitative measurements of the actual 
density of fouled particles, as well as biofilm thickness and density. These values, as well as addi-
tional measurements of the size and shape of plastic in the environment, are required for accurate 
modeling and prediction of the movement of plastic and where it ends up in the ocean. In addition 
to the microbial contributions to changes in MP density, we do not know how the Plastisphere 
changes as a particle sinks – such a question might be addressed using mesocosms in the labora-
tory or preferably in the field. The extent to which one can extrapolate from the laboratory to the 
field and the effect of time, seasonality, and physicochemical environmental influences, however, 
will likely remain unknown for some time.
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Because current inventories of surface plastic account for only a small fraction of the 
plastic we believe has entered the ocean (van Sebille et al. 2015), it is thought that much of 
the “missing” plastic has either fragmented into pieces too small for us to accurately sam-
ple or it is now below the surface or in the sediments. Many polymers, including polysty-
rene (PS), polyvinyl chloride, Polyethylene terephthalate (PET), nylon, and most of the newer 
compostable plastics, are denser than seawater, so they will sink unless they have trapped 
air as for sealed beverage containers. As mentioned previously, there is also evidence that 
buoyant plastics such as PE, polypropylene, and expanded PS also sink once they become 
biofouled. If  there is a slow, continuous “rain” of plastic particles through the water col-
umn, we would expect it to show up in sediment traps, but there are remarkably few reports 
of this. Separation of plastic from sediments is labor intensive, but recent studies show that 
plastic particles, including buoyant polymers, are abundant in marine sediments (Bergmann 
et al. 2017; Gomiero et al. 2019). We would expect the Plastisphere communities to change 
as particles sink below the surface and settle on/into the sediments, but we have no infor-
mation about the microbes associated with plastic in the water column, and very little from 
the sediments (De Tender et al. 2015, 2017a; Woodall et al. 2018; Wu et al. 2020). Collecting 
pieces of plastic without disturbing the biofilm from either location is challenging, but this 
should be a research priority if  we believe the sediments are the ultimate sink for most 
marine plastic.

10.4.3 What Roles Do Eukaryotes, Microbial Consortia, and Interactions Play 
in the Plastisphere?

Early studies concentrated on bacterial members of the Plastisphere, but recently, there is greater 
recognition that eukaryotes are important members of this ecosystem and increasing numbers 
of studies are including them (Amaral- Zettler et al. 2021; Bryant et al. 2016; Debroas et al. 2017; 
Dudek et al. 2020; Kettner et al. 2017, 2019; Lacerda et al. 2020). Microbial consortia, as well as 
symbiotic, parasitic, and predator–prey relationships, undoubtedly play a role in shaping 
Plastisphere community structure and function, but we still know very little about interactions 
between members of this community. There have been a few studies using co- occurrence and 
 network analyses to investigate associations within the Plastisphere based on operational taxo-
nomic units (OTUs) (Amaral- Zettler et al. 2021; Debroas et al. 2017; Jiang et al. 2018; Kettner 
et al. 2019; Zettler et al. 2013), and SEM images show us something of the structure of the bio-
film on plastics so we know that different kinds of cells are often closely associated (Figure 10.4a,b). 
There has been some progress in identifying the spatial arrangement of different taxa in the 
Plastisphere biofilm based on fluorescence in situ hybridization (FISH) techniques (Harrison 
et al. 2014; Schlundt et al. 2020), but we need to learn more about what they are doing: What is 
the physiology of the Plastisphere and What role does it play in the biogeochemical cycling of 
 greenhouse gases (Cornejo- D’Ottone et  al. 2020; Royer et  al.  2018) sulfur (Pinnell and 
Turner 2019) and carbon (Zhao et al. 2020) in the marine environment? What about nitrogen 
fixation in the oligotrophic gyres by the cyanobacteria that are common residents of the 
Plastisphere? Is the net effect of the Plastisphere to increase production by phototrophic (Bryant 
et al. 2016) and heterotrophic (Dussud et al. 2018; Romera- Castillo et al. 2018) microbes, or is 
there a net negative effect due to leachates from the plastic (Tetu et al. 2020)? Are the diverse 
members of this community exchanging metabolites, signaling molecules, or genes in a syner-
gistic manner?
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10.4.4 What Is the Impact of Weathering on Plastic Colonization?

Most studies to date have investigated microbial community succession on plastic using virgin (un- 
weathered) polymers or un- weathered post- consumer plastic materials tethered in the environment 
or in laboratory aquaria. Therefore, it is largely unknown whether or not weathered plastics differen-
tially enrich for certain community members over others. A commonly accepted notion is that virgin 
plastics release short- chain carbon molecules leftover from the manufacturing process that leach into 
the environment and serve as a carbon source for OHDB. One study that ventured into this uncharted 
area compared communities on three- month- old thermo- oxidized PE versus virgin PE film and 
found differences in early colonizing bacteria (notably Roseobacter- , Oleiphilus- , and Aestuariibacter- 
like taxa) after two days of incubation, but after nine days, these differences were no longer detectable 
with the OHDBs becoming members of the “rare biosphere” (Erni- Cassola et al. 2020). It is impor-
tant to note that this study and that by Dussud et al. (2018) were incubation experiments that both 
used thermo- weathered plastics, not plastics weathered directly in the environment where the extent 
and form of weathering is unknown. It may be possible to replicate these experiments using “uncon-
trolled” weathering conditions that might better reflect what is happening in the natural environ-
ment, for example after a biofilm has “reset” after a disturbance.

10.4.5 Is the Plastisphere a Hotspot for Horizontal Gene Transfer Regarding 
Antibiotic Resistance, Persistent Organic Pollutant Degradation, Metal Tolerance, 
and Pathogenicity?

An area of increased interest regarding plastic colonization is the extent to which PMD might 
enrich for microbes that are capable of degrading not only short- chain carbon molecules associ-
ated with plastic leachates but also whether Plastisphere members are capable of degrading plas-
ticizers have increased metal resistance genes (MRGs), or carry genes involved in  pathogenicity. 
Laboratory experiments employed a genetically modified Escherichia coli with a fluorescently 
labeled plasmid to demonstrate increased frequency of plasmid transfer in MP- associated treat-
ments versus water and natural aggregate controls (Arias- Andres et al. 2018b). This led to other 
studies that identified antibiotic resistance genes (ARGs) in open- ocean metagenomic surveys of 
environmentally collected macroplastic and MP (Bryant et al. 2016; Yang et al. 2018) and also 
metagenomes derived from coastal incubation experiments (Pinnell and Turner  2019; Sun 
et al. 2020) of both biodegradable (polyhydroxyalkanoate [PHA]) and PET, with PET Plastispheres 
showing higher abundances of multidrug resistance genes than PHA. The study that mined the 
open- ocean metagenomes found no differences between ARGs in MPs versus macroplastics but 
reported a higher relative abundance of ARGs in the Plastisphere versus the surrounding seawa-
ter. The study further concluded that PMD serves as a reservoir for both ARGs and MRGs but 
that open- ocean PMD was less enriched in these genes than microbial communities found in 
more polluted environments such as sewage sludge or landfill leachate. Because ARGs and 
MRGs tend to co- occur and ARGs tend to occur on larger plasmids (Wein et  al.  2020), it is 
unknown what the selective pressure of maintaining these large plasmids might be in open- 
ocean Plastisphere communities. Since weathered MPs appear to have a reduced capacity to 
absorb antibiotics (Guo and Wang 2019), it may be the case that retention of plasmids that carry 
ARGs and MRGs may not be subjected to purifying selection that might otherwise eliminate 
them from a population (Wein et al. 2019). These authors hypothesized that environmental 
conditions might be involved in plasmid maintenance and this could be systematically explored 
in Plastisphere communities.
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In addition to interrogating metagenomes for evidence of ARGs and MRGs, other studies have 
used a culture- based approach to identify Plastisphere isolates that (i) degrade plasticizers (Wright 
et al. 2020a), (ii) represent potential human pathogenetic vibrios (Laverty et al. 2020), and (iii) 
represent potential fish and opportunistic human pathogens (Radisic et al. 2020). Studies with 
isolates are a good start, but understanding how these behave within their multispecies biofilm 
communities is an important next step to see how big an impact they might have in the environ-
ment. As with identifying instances of species invasions associated with PMD introductions, con-
firming that PMD is responsible for spreading disease is equally challenging. Confirming that 
isolates are capable of infection would be the first step to doing so.

10.4.6 How Do Plastisphere Communities Change During Transport and What Is 
the Community Turnover?

Most PMD originates from land, and only on rare occasions do we know the source or timing of 
arrival (Figure 10.6). We, therefore, typically do not know what the turnover rate in the Plastisphere 
community is as it moves from rivers to estuaries to open waters. The fate of a given piece of plastic 
debris can be influenced by many different abiotic and biotic factors. Studies consistently support the 
idea that the geographic location is one of the main determinants of Plastisphere community structure, 
and this has been suggested as evidence that turnover is rapid and few microbes are transported 
between environments on plastic. However, this overlooks the existence of resistant resting/dormant 
stages that some microbes enter when conditions are unfavorable. These resting stages and other rare 
members of the community could persist and bloom when conditions again become favorable. We 
also know that multicellular organisms attached to plastic persist for long periods and can be trans-
ported long distances (Faria and Kitahara 2020; Hansen et al. 2019; Rech et al. 2018), and each of 
these larger organisms carries with it a diverse microbiome, each of which contributes to the meta-
bolic capability of the Plastisphere community. Nevertheless, the role of plastics in the transport of 

Figure 10.6 “Plastic tides” of biobeads from sewage 
treatment overflow in the UK washing ashore in 
Maasvlakte, The Netherlands. Source: © Stellata Koop.
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nonindigenous species, harmful algal blooms, and actual pathogens as opposed to the often reported 
“potential pathogens” remains unclear and provides an important topic for future research.

10.4.7 Can the Plastisphere Serve as a Platform for Applying Ecological Theory?

Several of the unanswered questions regarding Plastisphere colonization might be well served by 
incorporating more ecological theory, or even testing hypotheses based on macroecological theory. 
Some existing studies applied tested latitudinal gradients in diversity of Plastisphere communities, 
for example (Amaral- Zettler et al. 2015). Other obvious areas where ecological theory might be 
applied include examining priority effects and assessing the nature of community assembly in 
Plastisphere communities (e.g. neutral theory). Incorporation of experimental practices borrowed 
from vegetation ecology includes common garden (or transplant) experiments (Clausen et al. 1940), 
an approach taken recently to compare Plastisphere communities on environmentally collected 
plastics to those from an in situ incubation experiment with known polymers (Zhang et al. 2021). 
These experiments could be performed in more open marine waters to test the rate of recruitment 
in open oligotrophic environments as opposed to eutrophic ones to see if similar patterns hold. 
Whether disturbance drives evenness patterns seen in some Plastisphere communities, particular 
open- ocean ones, as well as aspects of invasion ecology, community coalescence, fragmentation, 
and knockout are all ripe for testing using experimental approaches (Bell 2019).

10.5  The Unknowable

Some interesting questions about plastic and microbes in the environment will probably remain 
unknown for the foreseeable future, at least pending the development of novel insights and analyti-
cal techniques. For example, what is the source and age of plastic collected in marine systems? 
Occasionally, larger pieces of plastic such as bottles have labels or recognizable shapes allowing us 
to determine the source and approximate age. However, most pieces collected from the surface, 
intermediate depths, or the sediment are small and/or unlabeled, so we do not know the source, 
when they were manufactured, or how long they have been in that particular environment. Both the 
extent of chemical oxidation and the composition/successional stage of the Plastisphere have been 
suggested as tools for aging marine plastic, and both can provide valuable information about rela-
tive ages. Distinguishing a piece of plastic that entered the ocean a week ago from one that has been 
there for a year is probably feasible with either of these methods, but finer scale determinations are 
difficult. The oxidation state will be affected by location, depth, and the degree of coverage due to 
biofouling, and the composition of the biofilm can be “reset” if the piece has been grazed or ingested, 
resulting in partial or total removal of the microbial community. Theoretically, it should be possible 
to learn something about the origin of a polymer by analyzing the physicochemical “fingerprint,” 
particularly with regard to additives. However, these probably change with age as additives leach 
out differentially, and in addition, most plastic formulations are closely guarded proprietary secrets.

In addition to uncertainty about the age of a particular piece of plastic in the ocean, another ques-
tion that will be very difficult to answer accurately is how long plastic lasts in the ocean before being 
completely degraded. Plastic has been in production for a relatively short time relative to its predicted 
longevity of decades to centuries. Estimates can be made based on analysis of environmental plastic 
and experimental results, but extrapolating these estimates to predict how long the plastic in our 
oceans will last is tenuous at best given the variety of polymers with differing cocktails of additives, 
ending up in marine environments ranging from oligotrophic, warm, well- lit surface waters to 
eutrophic, cold, dark sediments. Related to uncertainty about the longevity of plastic in the ocean is 
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the question of whether microbial consortia will adapt to increasing stocks of plastics by increasing 
the ability to break down long- chain polymers, speeding up the very slow rates that have been esti-
mated so far. It has been pointed out that until other more easily incorporated sources of carbon are 
exhausted, it remains energetically expensive to use plastic as a carbon source (Oberbeckmann and 
Labrenz 2020). With increasing amounts of plastic in the ocean, and particularly in those areas where 
plastic is concentrated and other sources of carbon may be limited or become exhausted (e.g. below 
the sediment surface), selection for the ability to use plastic as a carbon source may increase.

10.6  Conclusion

As it is clear from the papers cited in this chapter, as well as in the recent reviews mentioned previ-
ously, we have learned a lot about microbial interactions with marine MPs in the past decade. 
Nevertheless, there is still a lot of work to do, interesting questions to answer, and society- relevant 
issues of health and food safety to consider. I expect the most progress will come from collaborative 
projects that take advantage of a variety of - omic, visualization, culturing, and experimental work 
to investigate microbe–plastic and microbe–microbe interactions in the Plastisphere from a variety 
of viewpoints. Let us roll up our sleeves and get to work!
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The ocean that covers over 71% of the Earth’s surface carries approximately 332 million cubic miles 
of seawater1 rich in phylogenetic and functional diversity. The crucial role of the oceans in contrib-
uting to oxygen in the atmosphere and regulating the Earth’s climate, is well known. In recent 
times, the oceans receive a substantial annual increment of plastic debris from land- based sources 
as well as marine activities, conservatively estimated in 2015 at 4.8–12.7 MMT (Jambek et al. 2015). 
This annual load of plastics entering the ocean is thought to mostly accumulate in the bottom sedi-
ment; however, its fate is poorly understood, underlining the importance of researching the biodeg-
radation potential of this emerging pollutant in the ocean environment. Environmental breakdown 
of plastics in the ocean is a complex process with several modes of degradation occurring in concert 
to slowly convert the polymer material into small molecules such as CO2, CH4, or water (Andrady 
2011). Of these, biodegradation is a particularly slow process, especially relative to photo-degrada-
tion of plastic debris. Despite being slow, it is still the sole mechanism of degradation of plastics in 
deep water or in the bottom sediment. Research on marine biodegradation of plastics often has to 
rely on laboratory- accelerated test environments (Briassoulis et al. 2020). In laboratory mesocosms 
with natural microbial consortia, or in bioreactors with enriched monocultures of selected micro-
organisms, or even mixes of microorganisms not typically found in the field, accelerated biodegra-
dation proceeds at measurable rates. But laboratory conditions generally fall short of what plastics 
debris is subjected to in the marine environment, and rapid biodegradation of a plastic in the labo-
ratory does not necessarily translate into the same in ocean exposures and vice versa (Harrison 
et al. 2018). This chapter, addresses the question of biodegradation of commodity plastics varieties 
typically encountered in the ocean environment.

Degradation was already defined in Chapter 8 as a chemical change in which the structure of the 
polymer2 is altered, usually with accompanying chain scission, yielding smaller-sized molecules of 
a lower average molecular weight (Andrady 2017). Biodegradation is defined as any degradation 
caused by the action of living organisms (Ishigaki et  al.  2004), especially microbial organisms,  
and can be either aerobic or anaerobic processes (Kristensen 1995; Sudhakar et al. 2007) in the 
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1 U.S. Geological survey estimates the volume of water in oceans to be 321 500 000 (miles)3. That of fresh water in 
all lakes and rivers combined is minute by comparison amounting to only 22 339 (miles)3.
2 In this chapter, the terms “plastics” and “polymers” are used interchangeably for convenience. But, as pointed 
out in Chapter 1, while all plastics are polymers, the latter group also includes non-plastic polymers as well. Plastics 
are a subset of the larger group of polymers.
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ocean environment. Any degradation of polymers in the laboratory by enzymes isolated from 
microorganisms is also classified as a biodegradation. Degradation of the polymer results in the 
formation of several different products including oligomers and monomers that can biodegrade 
ultimately into small molecular products such as methane (CH4) or carbon dioxide (CO2). The 
initial breakdown of the polymer molecules into smaller organic molecules by the action of micro-
bial enzymes defines  initial stage of biodegradation and obtains changes in physical and mechani-
cal properties of the plastic.

It is convenient to think of the biotic breakdown of a plastic material as occurring in two 
stages: (i) enzymatic biotransformation of the polymer into intermediate products that typically 
take place extracellularly; and (ii) the assimilation of these products by microorganisms resulting 
in their  mineralization or conversion into small molecules such as CO2 and water, that takes 
place intracellularly. This sequence is illustrated in Figure 11.1.

The term “biodegradation” is confusingly used in the literature to also mean only the first step 
of the process. (Haider et al. 2019). Though the use of the term in this context is widespread, it is 
still desirable to use the alternative term “biotransformation” to denote the extracellular enzymatic 
degradation step as suggested in the Organisation for Economic  Co- operation and Development 
(OECD) guidelines, to avoid confusion in using the term “biodegradation” to mean biominerali-
zation (Lambert and Wagner 2017). The mere biotransformation of a plastic into an unspecified 
set of products is of little value from an environmental standpoint. These products may even be 
more toxic compared to the plastic or be equally recalcitrant. It is the mineralization or the com-
plete biodegradation of the polymer, with all its constituent carbon converted into simple prod-
ucts (such as CO2 or water, or under anoxic conditions into CH4 and CO2) or incorporated into 
biomass, that is environmentally  desirable. This end point in the biodegradation of a plastic mate-
rial is called “complete mineralization.”

Mineralization of plastics, the environmentally desirable end point of biodegradation (in the field 
or laboratory), can only be identified by monitoring the metabolic gases generated by microorgan-
isms utilizing the plastic substrate as a nutrient. Measures such as the weight loss, surface area loss, 
and reduction in mechanical integrity, for instance, may quantify the depletion of plastics by assess-
ing bio-transformation, but do not produce any information on concurrent biomineralization, the 
metric of ecological significance. The term “biodegradation” is used in this discussion to mean 
biotransformation with subsequent biomineralization. Mineralization of polymers can be abiotic as 
well and it is important to identify that mineralization refers only to the biotic process. Weight-loss 
measurements may or may not indicate true biodegradations as it is not always clear if any minerali-
zation did take place.

A plastic that is “biomineralizable” in a specific environment should mineralize in that environ-
ment in a reasonable time, that is defined by the standards adopted in testing the material.

Polymer chain
molecules making up
the plastic 

Oligomers and
degradation products
of the polymer chains

Small molecules such
as CO2 and water.
Increase in biomass.

Bio-transformation of
the Polymer

Mineralization of
the Polymer

Figure 11.1 Schematic representation of the two-step biodegradation process of organic polymers in the 
environment.
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Although some varieties of plastics are often claimed as being “biodegradable” in the literature, 
the designation has little meaning; all organic substances are invariably biodegradable and biomin-
eralizable, however long the process may take. A practical “biodegradable” plastic is expected to 
 completely mineralize in a reasonable, measurable period of time, in a specific environment. What 
is agreed upon as a “reasonable” duration and “complete” conversion, will vary with the biotic 
environment and is specified in standard test methods used. For instance, a standardized respirom-
eter test that uses seawater or marine sediment inoculum, may specify 60% mineralization within 
six months at a specified temperature. Biodegradability is not inherent to the plastic, but a system 
property that is always determined by the combination of the type of plastic and the biotic environ-
ment it is placed in. Even the obviously biodegradable food items are very well preserved when 
stored in abiotic controlled environments, even over millennia; wheat grains and biscuits recovered 
from the Egyptian pyramids remained un- biodegraded thanks to the dry abiotic conditions they 
were stored in. Biodegradation of polymers (including plastics) in the marine environment results 
from the interplay between the morphological/structural features of the material and the biotic 
features of the environment it is exposed to. Any practical claim of biodegradability must, there-
fore, always be linked to relevant environmental conditions (Albertsson and Hakkarainen 2017). 
For example, “PHB is biodegradable in seawater” is a meaningless claim, while “0.1 mm thick 
films of PHB show 41% ultimate mineralization in 100 days, in an aerobic seawater environment, 
when tested according to ASTM D 6691” is an informative claim. With many different defini-
tions available to claim “biodegradability,” it is not surprising that many of the plastic products 
labeled as such, do not fully mineralize under natural conditions (Napper and Thompson 2019).

11.1  The Marine Environment

The ocean poses a challenging environment for biodegradation of plastic litter. Although some sea-
sonal and geographic variations are present, the average surface water temperature in the ocean is 
~17 °C, dropping to 0–4 °C at a depth of 2000 m. The average salinity of surface water is ~35 PSU%, 
and its pH is 8.1 ± 0.02, but lower in deep water (Wang et al. 2021). The biotic characteristics in  
the ocean also varies with depth, with the deep sediment offering a cold, anoxic, high- pressure 
 environment rich in anaerobic microorganisms. Surface waters have an average of 106 microbial 
cells per mL (Nakayama et al. 2019), while that in the sediment the counts are typically three orders 

Table 11.1 Characteristics of the different ecological niches in the ocean environment.

Microbes (mL) Water
Oxygen  
(mg/L) Salt (%)

Temperature  
(°C)

Pressure  
(atm) pH

External  
force

Offshore 101–105 +++++ 4–9 <30 ≈17.4 1–20 8.0–8.7

Upper 
ocean

5 × 105 +++++ 4–9 ≈35 ≈17.4 20–1100 8.0–8.7

Below 
200 m

5 × 104 +++++ 4–9 ≈35 0–4 20–1100 8.0–8.7

Compost >109 +++++ ≈310 <0.05 48–65 ≈ 7

Soil 106–109 ++ ≈20 <0.05 20–40 ≈1 7

Source: Reproduced Courtesy of Wang et al. (2021).
External force: mechanical forces from tides, waves, and other factors in natural seawater.
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of magnitude higher (Kuwae and Hospkawa 1999). The dissolved and suspended carbon in deep 
water and sediment is typically quite old, dating back 12 000 years, as revealed by 14C dating (Hansell 
et al. 2009). Table 11.1 compares generalized characteristics in the marine water column with soil 
and compost environments.

11.1.1 Marine Biodegradation Mechanism

The process of biodegradation of plastics in the marine environment (or aqueous environments 
in general) is conveniently described in terms of three main steps, though these steps often occur 
simultaneously in nature.

1) Biofilm formation or surface fouling. A plastic material placed in water forms a thin biofilm 
that recruits marine bacteria within hours of exposure (Zettler et al. 2013). This adhesion of 
bacterial cells on to solid surfaces is a universal phenomenon with all types of material 
(Flemming 2016) and is mediated by a “sticky” bacterial exopolymer. Initial microbial settlers 
in the biofilm are the protobacteria, but within 24–36 hours it recruits a wider range of microor-
ganisms (Lee et al. 2008; Oberbeckmann et al. 2015). The early settlers show a relatively low 
capacity to biotransform plastics (Lobelle and Cunliffe 2011). The composition of the initial 
biofilm invariably changes, undergoing succession of the consortium (Urbanek et it al. 2018) 
into a mature, more  diverse, foulant layer, eventually recruiting even macrofoulants such as 
bivalves (Cao et al. 2011). Plastics that float in seawater may become negatively buoyant as a 
result of adhering encrustation of biofilm species. The bacterial and fungal composition of the 
surface biofilm of plastics placed in different oceanic regions, such as the North Pacific gyre 
(Debroas et al. 2017), has been reported with the diversity of flora studied using rRNA tech-
niques (Hakkarainen and Albertsson 2004; Zettler et al. 2013).
 Fouling of common plastics such as polyethylene (PE) (Harrison et  al. 2015; Lobelle and 
Cunliffe 2011), poly(ethylene terephthalate) (PET); Oberbeckmann et al. 2014, 2015), poly(vinyl 
chloride) (PVC) (Dag et al. 2008), and polystyrene (PS) (Briand et al. 2012), has been studied. 
Often, the plastic would have been photo-  or thermally degraded prior to entering seawater. 
Biofilm colony composition on pre-oxidized and presumably, more hydrophilic, PE surfaces is 
reported to be different from that on virgin PE surfaces (Dussud et al. 2015; Eich et al. 2015; 
Simoes et al. 2010).

2) Biotransformation. The action of enzymes (such as oxygenases, lipases, esterases, and de- 
polymerases) secreted by microorganisms colonizing the biofilm results in the extracellular 
breakdown of polymer molecules (Dussud and Ghiglione 2014; Dussud et al. 2018; Haddad 
et al. 2005; Sivan et al. 2006). Depending on the specific polymer, the enzyme may cleave the 
chains randomly (be endo- acting) or at chain ends (be exo- acting). It is a surface phenomenon 
that occurs within the biofilm carrying microorganism and reduces the average molecular 
weight of the surface layers of the plastic. This partial breakdown of polymer chains is central 
to the overall biodegradation process. Some of the low- molecular- weight, water- soluble prod-
ucts of degradation can diffuse into microbial cells where they can be metabolized (Gallert and 
Winter  2005). Diverse microbial species populate a “mature” biofilm due to succession 
(Oberbeckmann et al. 2015) and several of these can be involved in the degradation process 
(Syranidou et al. 2018).

3) Uptake and mineralization. The oligomers and other products of biotransformation that are 
low enough in molecular weight (less than about 600 Da) (Eyheraguibel et al. 2017) permeate 
into microbial cells residing in the biofilm. Once in the cell, they are metabolized by other 
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enzymes and used as an energy source via the citric acid cycle (Gallert and Winter  2005). 
The cells not only derive energy but also use some of the carbon from polymer to grow  additional 
biomass. The end point of this process is the complete conversion of the carbon in the polymer 
into small molecules such as CO2 and water.

Figure 11.2  is a schematic illustration of aerobic biodegradation in semi- crystalline plastics. To be 
ecologically relevant the plastic must completely mineralize within a reasonable and measurable 
time frame. Of these steps, step 1 is the slower rate- determining step as the low- molecular- weight 
products mineralize readily once taken up by microbial cells. How rapidly a plastic material needs 
to mineralize completely to qualify as a biodegradable plastic (and to be labeled as such) is decided 
by the standards agreed upon by national (e.g. ASTM, DIN) and international (e.g. OECD) stand-
ards organizations. The active microbial consortia in the foulant layer uses the energy derived from 
metabolized products, for cell growth and reproduction, resulting in generating new biomass that 
will also in turn be slowly assimilated over time, producing more CO2. Aerobic biodegradation can 
be represented by the following equations:

 CH O CO H O C2polymer biomass2 2  

 C O CO H Obiomass 2 2 2  

As the kinetics of the two reactions are different, this results in an initial fast evolution of CO2 
followed by a slow evolution due to mineralization of the new biomass over time. Except for a “lag 
period” of initial consolidation of microbial flora on the surface, gas evolution is observed through-
out the biodegradation process. Respirometry (to be discussed in a later section) is able to conveni-
ently monitor this metabolic gas evolution. The two critical environmentally-relevant metrics 
measured by respirometriy are, (i) the mineralization rate of the plastic, and (ii) the maximum 
fraction of the carbon from plastic that is converted to CO2 in aerobic processes or to gases such as 
CH4 in anaerobic processes. When no residual polymer or its degradation products other than CO2, 
CH4  and water in the system, the plastic is said to be fully mineralized.

Figure 11.2 An illustration of the biodegradation process of a semi- crystalline polymer. Left: Bacterium in 
the biofilm secretes enzymes that convert amorphous parts of the plastic into small molecular products. 
Middle: These products (indicated by wavy lines) permeate into the bacterial cell. Right: Bacterium 
metabolizes sorbed product molecules aerobically, giving out CO2 and water into the biofilm. The lower set 
of figures illustrate preferential biodegradation of amorphous polymer.
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11.1.2 Impact of Buoyancy on Biodegradation

PE and PP plastics, the most abundant plastics in marine floating debris, are potentially subject to pho-
todegradation facilitated by solar ultraviolet radiation (UVR). However, with the progress of surface 
fouling, their direct exposure to solar UVR is gradually reduced, and because of increased density due 
to the foulant layer, these plastics may sink beyond the photic zone into deep water (Andrady and Ye 
1991; Lobelle and Cunliffe 2011). A South African study (Fazey and Ryan 2016) recently estimated sink-
ing to occur in 17–66 days of floating marine exposure. The surface longevity of floating plastic debris 
controlled by fouling, depends on the size of plastic debris (Fazey and Ryan 2016) as well as it’s shape 
factor (Fazey and Ryan 2016; Porter et al. 2018). The surface area to volume ratio influences the settling 
rate to the bottom sediment. Given the efficient UV shielding afforded by the layer of surface foulants 
and the relatively lower oxygen concentration in seawater compared to air, the duration the plastic 
floats in surface water is far too short to obtain any significant photo- oxidation. Photo- oxidative degra-
dation of plastics in seawater is well known to be much slower relative to that in air (see Chapter 8). 
However, the plastics debris that has been  exposed to UVR on beach environment, or transported by 
rivers into the ocean, can be significantly photodegraded by the time they enter the water column. The 
rate of biodegradation of pre-oxidized plastics can be different from that of virgin plastics. The oxidative 
changes in the surface chemistry of this debris may determine the composition of the consortium of 
fouling organisms colonizing it (Oberbeckmann et al. 2015; Romera-Castillo et al, 2018), thereby also 
guiding its biodegradation.  The oxidation products, for instance,  may encourgae mineralization 
(Chellini et al. 2003), or inhibit the growth of biofilm species (Zhu et al. 2020).

Other plastics found in marine debris, such as PS, PET, PVC, cellulose acetate (from cigarette 
filters), and nylon, are all denser than seawater and sink to deep water or the bottom sediment as 
soon as they enter the ocean. Their biodegradation proceeds entirely in the bottom sediment with 
the help of anaerobic microorganisms that are adapted to thrive at low temperature and high pres-
sure. Anaerobic processes generally tend to be even slower compared to aerobic biodegradation 
(Ishigaki et  al.  2004; Kristensen et  al.  1995), though aerobically biodegradable plastics such as 
PHBV (Mohee et al. 2008) appear to show rapid weight loss in the marine sediment as well (Beltran- 
Sanhuja et  al. 2020). With poly(lactic acid) (PLA), compared to the very limited weight-loss 
obtained in seawater, that in the sediment is several times faster (Beltran- Sanhuja et al. 2020).

11.1.3  A Food Source or a Surface to Settle on?

With rapidly biodegradable polymers such as cellulose, laboratory mineralization convincingly 
demonstrates the material is utilized as a nutrient by the marine consortia in the biofilm or the 
foulant layer. With these, the question of passive attachment versus active biodegradation by 
foulants does not arise, as high extent of mineralization confirms metabolic utilization of the base 
polymer. But, how about plastics that show no signs of mineralization in laboratory exposures, 
such as PE or PP, that still carry a rich foulant layer? Do fouling microorganisms passively attach 
themselves to these plastic materials or do they also effect a minimal level of biodegradation with 
assimilation rates and carbon conversions that are simply too low to reliably measure?

Settlement of marine organisms occurs on all surfaces exposed to seawater including glass or 
metal (Oberbeckmann et al. 2016). Adhering to a surface often helps attached organisms to sur-
vive (Steinberg and Kolodkin- Gal 2015), protecting them from harsh environments (Decho and 
Gutierrez 2017). Rich fouling colonies are common on bioinert plastics such as PE and PP (Zettler 
et al. 2020). Fouling is a necessary step to bulid up a high concentration of the enzymes in the 
biofilm relative to that in seawater. But, biofilm formation and surface fouling of plastics in ocean 
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environment is a necessary, but not a sufficient, condition for significant biodegradation to occur. 
However, the species diversity in the biofilms on bioinert plastics are generally different from that 
in surrounding seawater in pelagic environments (Dussud et  al.  2018; Ogonowski et  al.  2018; 
Zettler et al. 2013) and also from that of plastics in the sediment (Harrison et al. 2014). Whether 
this selective colonization by species is driven by their ability to utilize the plastics nutritionally, 
or is merely related to differences in their surface features such as roughness or surface- free 
energy (Rummel et al. 2017) preferred by attaching organisms, is not clear.

11.1.4 Biodegradability of Common Plastics in the Ocean

With most common plastics including PE, PP, PS, PVC, cellulose, acetate, or PET that constitute a 
majority of marine plastic debris, biodegradation is painstakingly slow under aerobic pelagic expo-
sure. This is likely true also of benthic sediment exposure as well, though there are no good esti-
mates of mineralization rates to support the latter expectation. Given that plastics have been in the 
ocean for only 70 years or so, efficient plastic- assimilating species of bacteria or fungi are yet to 
evolve. If some species in a biofilm consortium did develop polymer- degrading capability, they will 
likely form a minor constituent, dominated by other species that can utilize natural carbon sources 
such as chitin or cellulose abundant in seawater. Based on respirometry in the laboratory, two 
classes of plastics based on their rate of biodegradability can be identified: the slow biodegraders 
that do not show measurable mineralization after several months of incubation in enriched marine 
(water and/or sediment) media; and the rapid biodegraders  under same test conditions, such as 
aliphatic polyesters and polyurethanes. This categorization of plastics based on aerobic environ-
ments might change if anaerobic mineralization is also considered.

Plastics that rapidly biodegrade in the ocean are able to do so because they are structurally 
 susceptible to some of the enzymes that are already present in the ocean environment (Dey et al. 
2012; Leja et al. 2010; Upreti et al. 2003). These enzymes had evolved not in response to plastics, but 
to mineralize naturally-occurring polymers, especially bio-polyesters. In laboratory test, plastics that 
show readily measurable mineralization rates with maximum carbon conversions >60%, include 
PCL, PLA, poly(butylene succinate) (PBS), and poly(butylene succinate- co- adipate) (PBSA). In gen-
eral, rapidly biodegradable plastics can be demonstrated to biomineralize completely into simple 
molecules such as CO2, H2O, NH3, or CH4 in an observable timescale in the laboratory (Andrady 
2011; Mohee et al. 2008; Sing and Sharma 2008). Though often referred to as “biodegradable” plastics 
in scientific and trade literature (Gu 2003; Kumar et al. 2011), the term “rapidly biodegradable” is a 
better alternative since all polymers are invariably biodegradable and “biodegradable plastic” is a 
misnomer. Similarly, the conventional plastics PE or PS described as recalcitrant are referred to as 
“effectively nonbiodegradable” plastics in the present discussion. In laboratory respirometry using 
sludge inoculua from a waste water plant, the biopolymers show ~70% mineralization in seawater. 
The rates of mineralization of textile fibers studied was as follows (Zambrano et al. 2020): micro-
crystalline cellulose (MCC) > cotton > rayon > polyester/cotton ≫ polyester.

How rapidly a given plastic material mineralizes depends on the composition of the biotic com-
munity as well as abiotic factors such as temperature and salinity. Therefore, reference to biodegra-
dability must be relative to that of a known readily-mineralizable substrate exposed to the same test 
conditions. Mineralization studies typically include positive controls such as cellulose that provide a 
ceiling for the rate of mineralization in that environment. Predominant plastic debris in the ocean, 
especially PE, PP, and PS, however, belongs to the “effectively nonbiodegradable” category and 
cannot be demonstrated to mineralize at all in standard laboratory tests. Aromatic polyester, PET,  is 
an exception as it undergoes measurable mineralization under such conditions.
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As a class, biofilms that develop on effectively nonbiodegradable common plastics (PE, PP, PS, 
and PET) often appear to attract bacterial colonizers belonging to several preferred families (Roager 
and Sonnenschein  2019), including Flavobacteriaceae, Saprospiraceae, Hyphomonadaceae, 
Rhodobacteraceae, Erythrobacteraceae, Sphingomonadaceae, Comamonadaceae, Alcanivoracaceae, 
Pseudoalteromonadaceae, Oceanospirillaceae, and Vibrionaceae. Some of these families are repre-
sented in the “plastisphere” communities on plastic debris across geographic locations (Bryant 
et al. 2016; Didier et al. 2017). Whether these colonizers are attracted to the plastic because they are 
able to successfully biodegrade the substrate (Pinto et al. 2019) or as a result of chemotaxy due to 
leachates, or hydrophobic interactions with cell walls, is not entirely clear. Also, the composition of 
microbial consortia in the plastisphere tends to be not polymer-specific; Zettler (2015) reported the 
stronger clustering of species by  geography, and others, by climatic factors (Muthukrishnan 
et al. 2019), compared to that by the type of plastic.

Plastics that are effectively nonbiodegradable in natural environments such as PP still undergo 
weight-loss at easily observable rates when incubated with enriched cultures of microorganisms in 
the laboratory (Auta et al. 2017), Weight-loss, though taken to be due to biotransformation and 
possibly  mineralization, could also be due to fragmentation into ultra-fine particles. For instance, 
bacterial and fungal species isolated from coastal waste and mangrove sediment obtain weight 
loss in PE and PP polyethylene (Auta et al. 2018; Devi et al. 2019). Incubating LDPE with a mix of 
four marine bacterial strains (Cobetia sp., Halomonas sp., Exigobacterium sp., and Alcanivorax sp., 
identified on the basis of 16S rRNA sequences) resulted in a weight loss of 1.75% in 90  days 
(Khandare et al. 2021). Auta et al. (2017) found plastics incubated for four weeks with Bacillus 
cereus, enriched from mangrove sediment at room temperature lost 1.6%, 6.6%, and 7.4% of their 
weight, for PE, PS, and PET, respectively. Surface of these effectively nonbiodegradable plastics 
show pitting with shapes or impressions corresponding to that of fouling bacterial species 
(Oberbeckmann et al., 2016; Zettler et al. 2013) suggestive of substrate utilization to some extent. 
Roager and Sonnenschein (2019) summarized the plastic- degrading marine bacteria presently 
known, based on weight loss studies of common plastics, as shown in Table 11.2.

Weight loss, though a convenient technique to assess degradation of plastics, is difficult to estab-
lish accurately in marine exposures because of errors introduced by adhering surface biomass. 
Foulants can be cleaned off mechanically but with inevitable removal of some plastic in the process, 
introducing errors. Digestion (solubilization) or oxidation of adhering biomass leaving the plastic 
matrix intact can yield better weight-loss information. But, weight or area loss does not indicate 
mineralization necessarily and is not a proxy for biotransformation either. However, other metrics 
such as the reduced average molecular weight (Mn g/mol) of the polymer, taken together with 
weight loss, could be indicative of biotransformation (Rongrong and Chaomin 2021), provided that 
the effects of photodegradation have been excluded. Pre-photodegraded samples were used for 
instance, in the biodegradation studies on PS (Syranidou et al. 2017) and PE (Haddad et al. 2005). 
Photo-degradation alters the surface chemistry of plastics and produces small-molecular 
de gradation products that may biomineralize easily. Even if they were to mineralize marginally, 
their carbon conversion is not fully bio-mediated.

11.2  Rates of Biodegradation of Common Plastics

How rapidly a polymer biodegrades in a given environment depends on several factors that pri-
marily include (i) it’s inherent biodegradability that depends on the polymer chemical structure; 
(ii)  it’s fractional crystallinity (Debroas et al. 2017); (ii) its geometric form (Yang et al. 2005), 



Table 11.2 Suggested rates of plastic biodegradation in the marine environment based on weight loss for common plastics.

Class Species Polymer Weight loss (%) Duration (d) Bacterial origin Citation

Actinobacteria Kocuria palustris LDPE 1 30 Seawater, Arabian Sea Harshvardhan and Jha (2013)

Rhodococcus sp. 36 PP 6.4 40 Mangrove sediment Auta et al. (2017)

Bacilli Bacillus cereus BF20 LDPE, HDPE 5.2 365 Indian Ocean Sudhakar et al. (2008)

Bacillus cereus PE, PET, PS 1.6, 6.6, 7.4 40 Mangrove sediment, Malaysia Auta et al. (2017)

Bacillus gottheilii PE, PET, PP, PS 6.2, 3.0, 3.6, 5.8 40 Mangrove sediment, Malaysia Auta et al. (2017)

Bacillus pumilus LDPE 1.5 30 Seawater Arabian sea Harshvardhan et al. (2013)

Bacillus sp. 27 PP 4 40 Mangrove sediment, Malaysia Auta et al. (2017)

Bacillus sphericus Alt. LDPE, HDPE 10, 3.5 365 Indian Ocean Sudakar et al. (2008)

Bacillus subtilis HI584 LDPE 1.75 30 Seawater Arabian Sea Harshvardhan et al. (2013)
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(with those having higher specific surface area obtaining relatively higher rates of biodegrada-
tion); and (iv) the microbial environment the plastic is exposed to. Polymers such as aliphatic 
polyesters biodegrade readily in most biotic environments because esterases secreted by microor-
ganisms that are adapted to natural substrates such as bacterial polyesters (Leja et  al. 2010: 
Premraj and Doble  2005), can also cleave the ester bonds in synthetic polymers (Sekiguchi 
et al. 2011; Shimao 2001), and in biomass- derived PLA (Ohkita et al. 2006; Shah et al. 2008). 
These plastics are inherently biodegradable in aqueous environments. By contrast, plastics such 
as PE, PP, and PS do not carry any main chain ester bonds readily amenable to lysis by any the 
available microbial enzyme system in the environment. Unfortunately, it’s these recalcitrant plas-
tics that dominate marine plastic debris.

The rates of biodegradation of semi- crystalline plastics is determined by their fractional crys-
tallinity (Pantani and Sorrentino 2013; Wei et al. 2019). Highly drawn fibers or annealed films 
with a low amorphous content will be slow to biodegrade in any environment. The dependence 
of the rate of weight loss on the percent crystallinity of the polymer, is illustrated in Figure 11.3: 
Left (Wei et al. 2019) for enzymatic degradation of PET films (3 x 0.5 cm.) in the laboratory; the 
linear fit of the data is good, with r = ~0.92. The change in fractional crystallinity due to anneal-
ing at 70 °C is compared to that due to removal of amorphous content by biodegradation at the 
same temperature (Figure 11.3, Right). Enzymatic process is faster, but available only at the sur-
face of a plastic material and will only be effective within the thin layer defined by their diffusion 
into the bulk (proteins are large molecules with very low diffusivity in polymers). Geometric 
forms such as thin laminate and fine particle with a high specific surface area (cm2/g) therefore 
obtain higher rates of biodegradation as enzymatic interactions are predominantly surface phe-
nomena. Thickness dependence of biodegradation was shown in a recent study on marine bio-
degradation of poly(hydroxyalkanoates) (PHA) (Dilkes- Hoffman et al. 2019). If the exopolymer 
present in the biofilm entraps any microplastics or nanoplastics within it, these particles will 
undergo fast biodegradation within the biofilm because of their higher specific surface area cou-
pled with the higher concentrations of enzymes (Michels et al. 2018).
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Figure 11.3 Left: Inverse dependence of enzymatic biodegradation rate (mg weight loss per 24 hours) at 
70 °C, with fractional crystallinity of the PET films (250 μm) as determined by differential scanning 
calorimetry [DSC]). Circles and the triangles denote two post- consumer PET film samples, while the 
diamonds denote an amorphous PET film. Right: Change in fractional crystallinity at 70 °C, due to physical 
aging (open symbol) and from enzymatic biodegradation (filled symbols). Source: Courtesy Wei et al. (2019); 
reproduced by Creative Commons CC BY license.
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Invariably, the biodegradation rates of rapidly biodegradable plastics depend on the microbial cell 
density of species in the biofilm colony, capable of mineralyzing the polymer. However, some spe-
cies in the biofilm may undergo considerable adaptations to be able to utilize the polymer substrates 
they are attached to (Tribedi et al. 2015). Adaptation is an evolutionary change in the microbial 
community that over several generations in contact with the plastic, yield variants that can biode-
grade the substrate (Baptiste et al. 2019). The microbial species may evolve novel catabolic pathways 
or even novel enzymes in response to the organic substrates (i.e. dissolved carbon from abiotic deg-
radation of plastics) (Kolvenbach et al. 2014; Romera- Castillo et al. 2018). Such adaptations already 
known to play a crucial role in the biodegradation of organic chemicals (Itrich et al. 2015), may also 
play a similar role in plastics. That adaptation can occur in a relatively short period of pre- 
exposure to chemicals (Kim et al. 2017; Saez et al. 2015) makes it a particularly interesting pos-
sibility. For instance, Japanese researchers isolated PET- degrading species from a PET recycling 
waste environment (Taniguchi et al. 2019). Waste water from papermaking operations are rich in 
cellulose and inocula, and the local microbes will be preadapted to cellulose biodegradation.

11.2.1 Rapidly Biodegradable Plastics

Plastics that biodegrade rapidly in the ocean environment can be found in each of the three classes 
of plastics classified according to the feedstock used in their manufacture (see Chapter 1 for the 
classification). Typically their complete mineralization is observed within weeks of exposure to 
laboratory aerobic consortia. As already pointed out in Chapter 1, (Table 1.3) there is no relationship 
between the type of feedstock used in a plastic and their environmental biodegradability. Selected 
examples of rapidly biodegradable plastics in each category are as follows:

1) Biopolymers or polymers produced by living organisms: poly(3- hydroxybutyrate); poly- (3- 
hydroxyvalerate); and their copolymers, poly(3- hydroxybutyrate- co- 3- hydroxy valerate), and 
poly(3- hydroxybutyrate- co- 4- hydroxybutyrate).

2) Polymers from monomers synthesized from biomass feedstock: PLA, PBS, and PBSA.
3) Polymers from conventional fossil fuel feedstock: polycaprolactone (PCL), poly(butylene adipate 

terephthalate) (PBAT), polyglycolide, PBSA, and poly(vinyl alcohol) (PVA).

Enzymes involved in the biodegradation of polyesters are mainly lipases, esterases,  cutinases, pro-
teases, and ureases, secreted by a range of marine bacteria and fungi. Carboxylic ester hydrolases, 
especially the esterases and lipases, are globally present in the marine environment (Barzkar et 
al.  2021). These enzymes hydrolyze the ester bond at ambient temperatures yielding acid-  and 
alcohol- terminated chain ends.

The total global production of rapidly biodegradable plastics, however, is very limited (1.17 MMT 
in 2019) and mainly made up of PLA, PBAT, and PBT (that make up 25%, 24.1%, and 7.7% of the 
production, respectively). PLA is an especially attractive biodegradable plastic because of its excel-
lent mechanical properties, thermal resistance, and transparency (Auras et al. 2004), even though 
its high Tg (°C) makes it somewhat brittle. PBAT manufactured from terephthalic acid is also 
likely to increase in popularity because of its low cost relative to PCL. While PCL is biodegrad-
able in seawater or sediment (Lu et al. 2018), it has limited applications because of its low melting 
point of 58 °C. Polyesters are the most popular class of biodegradable polymer for seawater appli-
cations, and with some types, significant abiotic hydrolysis contribute to their environmental 
breakdown. Under favorable conditions, abiotic hydrolysis reactions can even be orders of  
magnitude faster than enzymatic hydrolysis. Though hydrolysis does not contribute to mineraliza-
tion reaction, it can indirectly impact the rates as biotransformation is the rate- determining  
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Table 11.3 Aerobic biodegradation of aliphatic polyester films in seawater.

Polyester

Mn ×
10−3

(g/mol)
Seawater bay
(weight loss)

Seawater bay  
(BOD)

Seawater deep
(weight loss)

Seawater deep
(BOD)

P(3HB) 350 41±16 27±10 23±13 14±10

P(2HB-co- 14%3HV) 186 100±0 84±2 100±0 78±5

P(2HB- co- 10%4HV) 223 70±30 51±27 59±15 43±4

Poly(𝜖- caprolactone) 110 100±0 79±2 67±21 56±9

Poly(ethylene succinate) 30 2±1 1±1 5±2 3±2

Poly(ethylene adipate) 40 100±0 65±13 57±14 46±3

Poly(butylene succinate) 30 2±2 1±1 2±3 2±0

Poly(butylene adipate) 30 34±2 20±2 11±10 10±5

step in biodegradation. The biodegradability of PLA in the ocean environment, however, is poor 
and the plastic degrades faster in freshwater compared to in seawater (Deroine et  al. 2014). 
Interestingly, PLA biodegrades five times faster in the marine bottom sediment compared to in 
seawater (Beltran- Sanahuja et al. 2020).

Biodegradation of polyesters occurs rapidly enough in the environment, to be monitored by the 
weight loss of the sample (that measures biotransformation, fragmentation and mineralization). 
Rates from weight loss and BOD measurements correlate with each other, as seen in the data in 
Table 11.3, for different polyester films exposed to seawater at 25°C, over a 28- day period in the labo-
ratory (Kasuya et al. 1998). However, the average molecular weights (Mn g/mol) of the polyesters 
used and their crystallinities, would have been different for these samples, and any ranking in the 
relative rates of biodegradation will therefore be of little value. The study also found the rates in 
seawater to be generally slower than for freshwater media.

Reported data on the biodegradation of rapidly biodegradable polymers in seawater, based on their 
weight loss, reduction in average Mn (g/mol), and decrease in mechanical properties were, recently 
tabulated by Wang et al. (2021). The data, however, pertain to different durations of exposure ranging 
from 5 to 52 weeks, using samples of different geometry and thickness (with varying fractional 
crystallinitiesy as well) and are therefore, difficult to compare. In side- by side evaluations of weight 
loss in static seawater environments the following order in the rates of their weight loss was 
reported for selected polyesters: PCL > PHB > PLA (Bagheri et al. 2017). PLA exposed to natural 
seawater in the field suffered no weight loss and was virtually intact after six months of exposure 
(Deroine et al. 2014). Under laboratory- accelerated conditions, however, PLA did show signs of bio-
degradation in seawater, especially in the bottom sediment, based on their increasing fractional crys-
tallinity and spectroscopic determination of degradation products (Beltran- Sanhuja et al. 2020).

While the above discussion was limited to aerobic biodegradation, most plastic debris in the ocean 
invariably end up in deep water or the bottom sediment. Any biodegradation in the cold, bottom sedi-
ment would proceed predominantly via anaerobic biodegradation. Products from hydrolysis of polyes-
ters may themselves undergo anaerobic breakdown producing methane, as ionic acceptors such as 
SO4

− or NO3
− are available in the sediment. A prerequisite, however, is the presence of anaerobic micro-

organisms in the biofilm (Mohee et  al.  2008). Anaerobic mineralization of aliphatic polyesters has  
been demonstrated, but not using any marine microbial species. PCL, for example, anaerobically min-
eralizes (92%) at 55 °C in 75 days (Yagi et al. 2009); PHB (100%) at 35 °C in 225 days (Gutierrez- Wing 
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et al. 2020); PLA (99%) at 55 °C in 56 days; and PHBV (90%) at 35 °C in 30 days (Reischwitz et al. 1997). 
None of these studies used marine sediment microorganisms and were conducted at elevated tempera-
tures relative to that of ambient seawater. In another study, deep seawater from a depth of 321 m was 
pumped continuously into tanks containing samples of PCL and PHBV monofilament fibers. A 12- 
month exposure under these conditions resulted in aerobic biotransformation of these polymers with 
reduction in tensile properties and surface pitting or cracks (Sekiguchi et al. 2011). While deep water 
marine organisms were used in this study, the degradation was still aerobic and dependent only on the 
facultative anaerobes in the deep water sample. Also, the degradation was at ambient pressure that do 
not represent hyperbaric deep water conditions. Yet, the observation that monofilament fibers under-
went biotransformation in seawater is significant because fiber geometry was used; microfibers, 
mostly PET  textile fibers, are a well- known class of marine pollutants. Surface waters of all ocean 
basins show microfibers (a majority of the PET fibers will be in the sediment) making textile fibers an 
important category of marine pollutants.

Rapidly biodegradable plastics in seawater or in the shallow sediment, may aerobically mineral-
ize in a practical timescale and help reduce the ecological impacts of marine plastic debris in the 
ocean. However, their anaerobic biodegradation in the sediment needs to be further investigated.

11.2.2 Biodegradation of Poly(ethylene terephthalate)

The thermoplastic aromatic polyester used in plastic bottles as well as in textile fiber is a major 
contaminant  in the marine sediment. While aliphatic polyesters are readily biodegradable in the 
ocean, aromatic polyesters are generally considered to be effectively nonbiodegradable (Tokiwa 
et al. 2009). For example, PET beverage bottles are abundantly found in the marine sediment (see 
Chapter 6) but are susceptible to marine microbial degradation under specialized laboratory condi-
tions. However, some of the naturally occurring enzymes, especially esterases, that hydrolyze ali-
phatic polyesters, are able to hydrolyze synthetic PET as well, at least in the laboratory. Numerous 
PET- degrading enzymes, mostly cutinases or serine esterases, have been detected in the environment 
(these have been recently reviewed by Taniguchi et al. 2019), with biodegradation of PET demon-
strated in the laboratory by several of the species including Thermobifida fusca, Saccharomonospora 
viridis, Thermomyces insolens, and Candida Antarctica. However, these organisms act too slowly 
on PET to be of practical significance in marine debris applications (de Castro et al. 2017; Wei 
et al. 2017). However, PET- degrading microbes appear to be generally rare in nature. Screening 
300 samples of marine sediment (Gao and Sun 2020) yielded only three species of bacteria capa-
ble of degrading (biotransforming) both PET and PP under anaerobic conditions, based on 
marked changes in their molecular weight distribution (MWD) as determined by gel permeation 
chromatography (GPC) (Rongrong and Chaomin 2021).

PET products encountered as marine plastic debris is not readily biodegradable in the anaerobic 
ocean environment and tends to accumulate in the sediment; this is especially true of the highly 
crystalline polyester fibers. Degradation of the plastic under deep water or sediment exposure condi-
tions, however, has not been extensively studied (Müller et al. 2001). Fourier transform infrared spec-
troscopy (FTIR) on samples of PET bottles recovered from the bottom sediment revealed, that unlike 
in laboratory studies, hydrolysis was not the exclusive mechanism involved in their degradation 
(Ioakeimidis et al. 2016). Spectral signatures indicative of oxidation (absorption band at 1715/cm 1 in 
FTIR spectra) were found in bottles exposed to the sediment >15 years, going by the expiration dates 
on bottles (Ioakeimidis et al. 2016). In common with all studies on recovered ocean debris, it is diffi-
cult to ascertain if the oxidative degradation occurred in air prior to the bottle being discarded in the 
ocean. Also, changes in spectral signatures do not correlate with the mineralization of the polymer. 



11  Marine Biodegradation of Common Plastics330

Recent work by Denaro et al. (2020) reported changes in spectral characteristic of PET incubated for 
45 days with aerobic marine consortia rich in hydrocarbon- degrading microbes, in the laboratory. 
Changes were observed in FTIR spectra of the PET in bands at 1712/cm (carbonyl stretching) as well 
as at 1240 and 1094 cm 1 (CO–O–CH2 stretching modes), suggesting hydrolysis of the ester bond. 
The studies suggest that hydrocarbon- degrading bacteria, especially Alcanivorax sp. that is known to 
degrade LDPE, may also be able to biotransform PET under marine conditions.

An especially significant, and the most studied, enzyme in this regard, is a PET- ase isolated 
from a consortium of microorganisms in  the sludge of a PET recycling plant in Japan in 2016, This 
consortium was found to degrade PET aerobically at the rate of 0.13 mg/cm2/day to reach a maxi-
mum 75% mineralization of the carbon, at 30–37 °C (Yoshida et al. 2016). The gram- negative aerobic 
bacterium that is particularly efficient in degrading PET, Ideonella sakaiensis (201- F6) (Yang 
et al. 2016; Yoshida et al. 2016) was isolated from this consortium. It was capable of mineralizing 
PET at a rate that was twice that by the consortium. The PET- ase from this species is the most 
effective hydrolase known to biodegrade PET. Son et al. (2019) demonstrated that a molecu-
larly engineered variant of this enzyme to enhance its thermostability, also increased its hydrolytic 
activity 14- fold. However, the function or even the survivabiliy of the organism in the colder anoxic 
marine bottom sediment has not been studied.

CH2 CH2 CH2 O C C OH

OO

CH2O O

O O

C CHO OH HO+

PET-ase

MHET-ase

n

O O

C C

PET

COOH

HOOC
HOOC OH

OH

HO OH HO-CH2-OH

Phthalic Acid

+C C

O O
COOH

The simplified scheme above shows the main steps in the biodegradation of PET by this bacterial 
species, I. sakaiensis.

The extracellular PET- ase enzyme secreted by I. sakaiensis hydrolyzes ester linkages of PET to 
yield mono(2- hydroxyethyl) terephthalic acid (MHET) as well as phthalic acid. Both these product 
molecules are small enough to be absorbed by the bacterium and catabolized intracellularly. The 
MHET is taken up by the bacterium through porosity in its membrane and degraded in the peri-
plasmic space (Taniguchi et al. 2019), being hydrolyzed into phthalic acid and glycol by the bacte-
rial MHET- ase. The terephthalic acid is converted into simple acids that can be metabolized via the 
citric acid cycle in the cell to yield CO2 and water. A detailed discussion of the mechanism was 
recently published (Joo et al. 2018).

11.3  Plastics That Are Effectively Nonbiodegradable: 
Polyethylene, Polypropylene, and Polystyrene

Common plastics used in high volume, such as PE and PP, biodegrade particularly slowly in 
all natural environments and especially in the ocean environment. This is to be expected as it 
is their exceptional durability and bio-inertness that resulted in their success in high- volume 
applications. PE, the thermoplastic produced in highest volume globally, is particularly 
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 resistant to biodegradation. While it is also the most-studied plastic in biodegradation research, 
only about 5% of the studies on PE have used marine microorganisms (Matjašič et al. 2021). 
Despite the rich flora in the surface biofilm it develops, hydrocarbon biodegraders do not 
appear to thrive in the consortium.

Published literature on marine biodegradation of common plastics pertain mostly to aerobic 
biodegradation. In these, the plastics are either (i) exposed to native consortia in natural marine 
environments such as surface water or the sediment; or (ii) incubated in laboratory reactors with 
inocula either derived from the ocean or laboratory-grown marine microbial species. The latter 
studies have also used natural marine consortia augmented with specific microbial species. A critical 
drawback in field testing plastics for marine biodegradability is that only area-loss and weight-loss 
data can be conveniently generated but these are not indicative of mineralization. If the  plastic 
were to be converted to microplastics or nanoplastics or biotransformed into recalcitrant products 
that do not mineralize, these approaches yield misleading results. It is challenging to monitor 
 biodegradation, especially carbon conversion, in a marine sediment setting. 

A comprehensive tabulation of plastic- biodegrading microorganisms was recently compiled by 
Amobonye (2021). Over 20 bacterial genera capable of biodegrading PE, for instance, are reported 
in the literature (Jacquin et  al.  2019), including Pseudomonas, Ralstonia, Stenotrophomonas, 
Klebsiella, Acinetobacter, Rhodococcus, Staphylococcus, Streptococcus, Streptomyces, and Bacillus 
(Jacquin et al. 2019). The genus Bacillus in particular has potential as a degrader of common plas-
tics, such as PE, PP, PS, and PET (Kumar et al. 2021). As with PET, both PE and PP undergo initial 
extracellular biotransformation by enzymes secreted by microorganisms, followed by their low- 
molecular weight products being absorbed into the cell. Intracellular metabolism results in their 
mineralization (Sivan 2011). Pseudomonas sp. E4, for instance, secretes enzymes that breakdown 
PE (Wilkes and Aristilde 2017), primarily due to its alkane hydroxylase gene (Gravouil et al. 2017). 
In laboratory tests these bacterial species mineralized up to 28.6% of the PE in 80 days of incuba-
tion with the polymer (Yoon et al. 2012).

PE and PP resist biodegradation because of the exceptional stability of their main chain C–C 
bonds. However, fungi that carry out lignin biodegradation secrete enzymes, such as lignin 
peroxidases and laccases, capable of breaking the C–C bonds in lignin, and appear to be able to 
do the same in polyolefins as well. For example, up to 70% mineralization of PE by the common 
 white- rot fungus (Phanerochaete chrysosporium) via extracellular peroxidases secreted by the 
fungus, was reported (Mukherjee and Kundu 2014). Laccases capable of relatively fast biodeg-
radation of PE is secreted by several marine species (Santo et al. 2013), including Actinomycetes 
and Rhodococcus ruber (Gilan et al. 2004). A strain of the latter species was reported to biode-
grade PE aerobically at the rate of 8.0% in four weeks, based on weight loss measurements in 
the laboratory. Much less is known of hydrocarbon- degrading anaerobic species that may 
 biodegrade polyolefins, even though they are likely present in the bottom sediment (Gittel 
et al. 2015; Hazen et al. 2016).

Relatively less information is available on the biodegradation of polystyrene [PS]. An extracel-
lular enzyme secreted by the Basidiomycetes fungus, Lentinus tigrinus, breaks down PS (Tahir 
et al. 2013). Several enzymes that can convert styrene intracellularly into phenyl acetate that can 
participate in the cellular citric acid cycle are known. These include  styrene oxide isomerases, 
styrene mono-oxygenases, and phenylacetyl co- enzyme A ligase (Amobonye et al. 2021).

Table 11.4 provides weight loss data reported in the degradation of common plastics under expo-
sure to seawater or sediment. However, in most cases, the plastic has been pre-oxidized either 
thermally or photo- oxidatively to some extent, to promote faster biofouling and biodegradation 
(Sudhakar et al. 2007). Furthermore, the MWDs of the plastic samples used are unspecified in 
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most reports. In any event, different studies, despite their approximate qualitative agreement, are 
not strictly comparable to each other, not only because of different locations of exposure but also 
because of potential differences in the fractional crystallinity of samples used. Even with weight 
loss measurements the true percent biodegradation will be the fraction of the amorphous content 
(rather than that of the entire sample) that degraded during the exposure. PE and PP do not gener-
ally carry high concentrations of additives that may preferentially biodegrade on incubation. 
However, whether the additives influence the foulant colony composition (for instance because of 
toxicity)  to indirectly affect biodegradation rates, is not clear.

Laboratory studies on the biodegradation of plastics by single organisms are numerous in the litera-
ture and typically consist of observations on plastics samples incubated with selected marine microor-
ganisms under controlled incubation conditions. Data from literature was summarized in a recent 
review (Ali et al. 2021). Gravimetric weight loss of the polymer measured in laboratory exposure stud-
ies over extended durations in enriched media, show a few percent decrease in the weight of 
 effectively nonbiodegradable plastics under these enriched biotic conditions. But, the results do not 
relate to their rates of biodegradation under marine field conditions. This is also true of studies 
where the micriorganisms were sourced from the marine sediment or sea water. A few recent 
representative studies on aerobic biodegradation of common plastics in the laboratory are summa-
rized in Table 11.5, illustrating the types of results obtained; the reader is directed to Raddadi and Fava 
(2019) for a detailed discussion of the topic.

An interesting observation that pertains to microplastics and nanoplastics is the biodegradation 
of plastic microdebris in the gut of ingesting species. Mechanical stress is a known agent in bring-
ing about fragmentation of ingested plastics (as discussed in Chapter 8) but biotransformation 
of ingested PE and PS by gut bacteria has also been reported (Yang et al. 2014; Bombelli et al., 
2017)). The waxworms, the larvae of Plodia interpunctella, ingesting LDPE films were shown  
to biotransform the polymer with the help of gut bacterial species Enterobacter asburiae YT1 and 

Table 11.4 Biodegradation of effectively nonbiodegradable common plastics using microbial consortia 
from natural marine and microcosm environments.

Plastic Inoculum Result Reference

LLDPE films seawater microcosms,  
25 °C, 120 rpm stirring

4.2% weight loss in 6 mo Syranidou et al. (2017)

LDPE film Oxic and anoxic sediment 
slurry, 10 °C for 98 d

No sign of biodegradation Nauendorf et al. (2016)

PS film Seawater microcosms 25 °C,  
120 rpm stirring

2.3% weight loss in 6 mo Syranidou et al. (2017b)

LDPE/HDPE/PP Seawater, shallow sediment 
~30 °C

Maximum weight loss of 2.5% 
for LDPE, 0.8% for HDPE, 
and 0.5% for PP over 6 mo

Sudhakar et al. (2007)

LDPE Sediment at 6 m in the 
Mediterranean Sea up to 33 d

No signs of degradation Eich et al. (2015)

LDPE Seawater (1 m depth) No signs of degradation Napper and Thompson 
(2019)

PS Marine consortia I 
simulated seawater

4.7% weight loss in 6 mo. 
Also decrease in Mn (g/mol) 
by 32%

Syranidou et al. (2017c)
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Bacillus sp. YP1. In 28 days, a weight loss of 10.7% and more significantly, a 13% reduction in the 
average molecular weight of the polymer, were reported in this study. Also, mealworms, the larvae 
of Tenebrio molitor, were reported to be capable of biotransforming PS (Yang et al. 2015), yielding 
a 28- day weight loss of 7.4% and a decrease in average molecular weight by 11%.

11.4  Assessing Biodegradation and Mineralization

Respirometry that allows measuring the of rates of mineralization can readily distinguish between 
the rapidly biodegradable and effecively nonbiodegradable plastics in the laboratory. The chemical 
equations summarizing biodegradation in general, suggest several basic approaches that might 
be used to quantify the process for any substrate under controlled incubation. Assuming the 
plastic to be the sole carbon source in the biotic medium, it will be metabolized by microorganisms 
either aerobically and anaerobically, converting the polymer carbon into simple compounds or 
biomass as represented by the simplified equations below. CPOLYMER is the carbon content of a 
hydrocarbon plastic sample at the beginning of the process (t = 0), while CRESIDUE is the residual 
polymer that is yet to be mineralized; at complete carbon conversion, CRESIDUE = 0.

 C O CO H O C CPOLYMER RESIDUE BIOMASS2 2 2 aerobic  

 C CO CH H O C CPOLYMER RESIDUE BIOMASS2 4 2 anaerobic  

The above simplified equations suggest the following four general approaches to assess the pro-
gress of biodegradation and mineralization (Andrady 1994):

1) Monitoring the accumulation of biomass
2) Monitoring the depletion of the plastic material
3) Monitoring the evolution of product gases (CO2 or CH4) or demand of reactant gas (oxygen)
4) Monitoring any changes in polymer properties.

Table 11.5 Representative weight-loss studies on effectively nonbiodegradable common plastics by 
selected microorganisms under laboratory conditions.

Plastic Inoculum Weight loss Reference

PP (pre-oxidized) Bacillus sp. strain 27 Rhodococcus 
sp. strain 36 at 29 °C
From mangrove sediment

6.4% (Rhodococcus sp. and 
4% (Bacillus sp.) in 40 d

Auta et al. (2018)

LDPE film
(with additives)

Marine Kocuria palustris, Bacillus 
pumilus, and Bacillus subtilis 
H1584 at 37 °C
From pelagic seawater

Kocuria sp. 1%, B. pumilus 
1.5%, and B. subtilis 1.75% in 
30 d

Harshvardhan and 
Jha (2013)

HDPE Brevibacillus borstelensis at 37 °C
From marine sediment in 30 d

11.4% Mohanrasu et al. 
(2018)

LLDPE Zalerion maritimum ATTC 34329 
at 25 °C
(a marine fungus)

43% in 28 d Paço et al. (2017)

PS Microbulbifer hydrolyticus IRE- 31
Arabian Sea sediment

18% in 30 d and 34% in 60 d. Kumar et al. (2021)
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Of these, monitoring the increase in biomass with the duration of exposure is a qualitative 
approach that is only indirectly related to mineralization. Older ASTM tests used biomass as an 
indicator of biodegradation of materials by selected microbial species incubated with the plastic. 
The second approach of monitoring the depletion of the plastic substrate will yield data on bio-
transformation, not on mineralization. Weight loss measurements and area loss measurements are 
based on this approach; however, the results are difficult to interpret because of losses from micro-
  or nano- fragmentation. It is difficult to measure weight loss in field- exposed samples because of 
surface fouling; area loss is the better metric especially when using plastic laminates, as biodegra-
dation is primarily a surface phenomenon. As already stated, it is the rate of mineralization that 
is of particular interest. Therefore, either the biochemical oxygen demand (BOD) associated with 
the oxidation process, or the CO2/CH4 gases evolved during the biodegradation process, needs to 
be monitored to assess mineralization. Measuring BOD, although straight forward, is not applicable 
to anaerobic biodegradation. In aerobic biodegradation studies, monitoring CO2 evolution as a 
function of time (or respirometry) is the most convenient approach.

11.4.1 Respirometry to Determine Biomineralization

In respirometry, biomineralization of the substrate occurs in a bioreactor or a flask maintained at 
constant temperature in the laboratory. It typically contains a medium such as soil, sediment, or 
seawater, carrying a suitable microbial inoculum (Allen et al. 1994). Marine sediment, seawater, 
sewage sludge, or a tailored consortium of microorganisms, is typically used as the inoculum. Often, 
the medium is supplemented with N and P minerals to encourage microbial growth and the finely 
divided plastic sample of known weight is mixed with the medium in the reactor flask, which is 
continuously aerated and maintained at a constant temperature.

Where continuous air flow is used to monitor the gas, the CO2 concentrations in the input and 
exit air streams are monitored and recorded. This is conveniently achieved using a continuous- 
recording automated infrared detector for the gas (Way et al. 2010). The background respiration 
rate of the inoculum and medium is determined using a parallel control reactor with no plastic test 
sample. Subtracting background levels of CO2  for the control reactor from that of the test reactor, 
the net evolved CO2 gas attributed to mineralization of the plastic sample is obtained as a function 
of the duration of incubation. A plot of the percent carbon conversion of the substrate as a function 
of time (see Figure 11.4) shows a plateau within a few weeks of incubation, depending on the 
inherent biodegradability of the polymer. The maximum amount of CO2 evolved is compared to 
the theoretical estimate of CO2 expected for complete mineralization of the sample of known 
weight (based on the  the percent carbon in the plastic determined by elemental analysis). 
Comparing the maximum CO2 evolved with the theoretical value, yields a percentage conversion 
of carbon in polymer or the extent of mineralization achieved.

 
Percent mineralization

evolved CO
Theore

Observed amount of 2

ttical amount of CO  expected2
100

 
(1)

Bio-inertness of LDPE is clearly demonstrated in Figure 11.4 that compares data from respirome-
try of several polyesters in a marine sediment medium. The aliphatic polyesters show maximum 
extents of aerobic mineralization within about four months of exposure. That no carbon conversion 
was detectable with LDPE suggests it to be effectively nonbiodegradable under aerobic sediment 
exposure. It does not, however, preclude biotransformation or very low levels of mineralization 
below the detection limits of the technique. At such slow rates, biodegradation cannot be consid-
ered a significant mechanism for removal of LDPE from the environment.
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Alternatively, a static respirometer technique might be used to generate similar data. In this 
approach, biodegradation takes place in a sealed biometer flask, again containing the powdered or 
fragmented plastic sample mixed with the medium carrying the inoculum and incubated at constant 
temperature. In respirometry, at least three replicates are used for each sample; background, posi-
tive and control flasks, each with an adequate air space available in the flask to support the  biomass. 
The respiratory CO2 produced by microorganisms is absorbed in a quantity dilute alkali placed in 
a separate compartment within the same flask. The alkali is removed from the flask periodically 
and titrated against a dilute acid to determine the amount of CO2 gas absorbed. A design for a sim-
ple biometer flask (Andrady 1998) suitable for convenient titration of alkali is shown in Figure 11.5. 
The upper part of the device that holds the medium, inoculum, and the plastic sample, is fitted on 
to a flask carrying a quantity of dilute alkali, KOH, through a ground- glass joint. Periodically, 
the upper compartment carrying the medium is removed and the contents of the flask titrated 
against a dilute acid using a suitable indicator. The removed upper chamber is immediately fitted 
on to a fresh flask carrying a fresh aliquot of KOH. Blank flasks, with the same medium, but no 
plastic substrate, are used as a controls. Also, positive controls consisting of a known readily biode-
gradable polymer (e.g. cellulose) and a negative control of a recalcitrant material are usually 
included in the test, and all determinations are made in triplicate. Evolved CO2 during mineraliza-
tion of the plastic at different durations of incubation is obtained from the titrimetric results (gas 
absorbed by the alkali in sample flask, less that in the blank flask).

Mineralization curves as shown in Figure 11.5 can be fitted with a simple first- order function.

 Y a k c t t c1 exp for  (2)

where Y is the percent mineralization, c is the lag time (where Y = 0), and t is the duration of incubation. 
Maximum mineralization Ymax = a (%) and k (day-1) is a first- order kinetic parameter. Figure 11.5 
(right) shows a fit of typical mineralization data to Equation (2) as well as a plot of Ln (1 − y/a) versus 
t (days) as suggested by the equation. Both the initial rate and the maximum extent of mineralization 
can be obtained from such a plot. A more complicated three- parameter fit has been suggested 
(Gustafson and Holden 1990), but the simpler two- parameter function is generally adequate.
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Figure 11.4 Comparison of respirometric data from rapidly biodegrading polyesters versus effectively 
nonbiodegradable LDPE slowly in seawater mixed with coastal aerobic sediment under aerobic conditions 
at 25 °C. Film thickness 25–80 μm. Source: Courtesy Briassoulis et al. (2020).
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Maximum mineralization obtained will generally be less than 100% because some of the carbon 
from polymer substrate is sequestered in the yet- to- mineralize biomass. Maximum conversion in 
the sample can be compared to that obtained with a biomineralizable standard polymer, such as 
cellulose. Using soil as inoculum, Guo et al. (2012), for instance, compared the aerobic minerali-
zation of rapidly biodegradable esters, expressing the “mineralizability” as the ratio with that 
obtained for starch in parallel respirometric experiments. No similar data are available for minerali-
zation of plastics under marine conditions.

With anaerobic biodegradation tests, an oxygen-free environment must be maintained in the 
reactor and CH4 levels instead of (or in addition to) CO2 levels) similarly monitored (except that 
CH4 cannot be detected titrimetrically). To obtain reproducible data it is important to follow the 
experimental procedures consistently and closely (Zumstein et al. 2019).

To avoid misinterpreting respirometric data, the following factors need to be taken into account:

1) Mineralization data obtained pertain to the total organic content of the sample that may 
include additives, oxidation products, sorbed impurities, and residual monomers (Klaeger 
et al. 2019), in addition to the base polymer (Shiim et al. 2014). Phthalate plasticizers used at 
high concentrations in PVC, for instance, are readily assimilated by marine organisms (Wright 
et  al.  2020). Photo- oxidation of PE and PP is known to result in numerous water- soluble 
dicarboxylic acids and carbonyl compounds being released into the biofilm and these may 
biodegrade preferentially (Romera- Castillo et al. 2018). Even with the base polymer, it will be 
the low- molecular- weight end of the chain length distribution of the amorphous fraction, 
that is preferentially mineralized, and initial initially rates cannot therefore be extrapolated 
reliably to the entire biomineralization process. Unfortunately, neither weight loss data nor 
mineralization data yields the chain-length fraction being mineralized at a given stage of the 
process. But this is accessibly via analysis of polymer.

2) Some of these non-polymer constituents may leach out of the plastic and either encourage or 
retard the growth of biomass in the test biometer flasks, causing a priming effect not present in 
control flasks.
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Figure 11.5 Left: Biometer flask with substrate in marine sediment. Right: Filled symbols – percent 
mineralization of the substrate as a function of the duration of incubation. Open symbols – a plot of the 
data suggested by Equation (2). Source: Courtesy Andrady and Song (1999).



11.4   ssessing Biodegradation and Mineraliiation 337

3) The rate of mineralization (but not the maximum extent) depends on the surface area of the 
sample. Powder samples with a higher specific surface area relative to film samples, for 
instance, will yield higher biomineralizaton rates. The effect of specific surface area of the 
sample was demonstrated in the biomineralization of PCL (Funabashi et  al.  2007), and 
poly(ethylene sebacate). The latter is a biodegradable plastic fits a double reciprocal model 
(or a Lineweaver–Burk plot) with a gradient of 11.56% carbon/day/cm2 (Chinaglia et al. 2018). 
The plot of the rate k (per day) versus the area of sample (cm2) was 11.56 (r2 > 0.98); when the 
specific surface area was increased (using a finely powdered sample), from 89 to 1650 cm2, 
the mineralization rate constant increased from 7.22 to 31.24 mg C/day.

4) With semi- crystalline polymers the respirometric data pertain only to the amorphous fraction 
while the Th(CO2) is calculated for the entire sample. This error can be avoided by taking into 
account the percentage crystallinity of the plastic (determined by DSC.)

When using standardized aerobic respirometry to assess mineralizability, two critical factors 
need to be considered. First, is the difficulty in controlling or standardizing the inoculum used, 
as its quality depends on several factors (Baptiste et al. 2019): (i) microbial cell density (Martin 
et al. 2017), (ii) diversity of the species represented, (iii) ratio of nutrients to biomass in the inocu-
lum (Vazquez- Rodriguez 1999), and (iv) it’s exposure history (Kim et al. 2017). Even, merely sam-
pling the seawater or shallow sediment from the natural environment and removing it to the 
laboratory, affects the microbial consortium (Kowalczyk et al. 2015). Continuously maintaining 
temperature and aeration can help minimize these effects, but inocula cultured in the laboratory 
are still likely to be different from natural consortia. Some standardized tests allow the use of syn-
thetic consortia of mixed microorganisms as inocula; these allow a mix of several species of micro-
organisms selected from a prescribed list and cultured in synthetic seawater to be used as the 
inoculum. With such an approach, the inter- test variability is likely to be high as the composition 
of the mix could influence the rate of biodegradation in a polymer- specific manner (Goodhead 
et al. 2014). The inoculum is quantified in terms of the cell concentration that may not neccessarily 
be representative of the degrader-cell concentration for a particular substrate. Standardizing 
microbial cell density in the test environment is a concern that is recognized in the standard test 
methods, but the methodology provides little guidance on how this might be ensured (Krzan et al. 
2006). Where the  inoculum is naturally sourced, as with seawater or sediment, the seasonal varia-
tions, especially that in temperature, may influence the microbial composition.

The other important consideration is the role of any pre-adapted microorganisms present in 
the inocula. Some of the biofilm species are believed to evolve or adapt themselves to utilize the 
polymer substrates they are in contact with (Baptiste et al. 2019; Tribedi et al. 2015) even during 
the initial settlement stage. If organisms previously exposed to a substrate routinely and already 
pre-adapted to the plastic are included in the inoculum, the outcome of the test results can be 
influenced.

11.4.2 Using Radiolabeled Polymers

Though it is convenient to carry out in the laboratory and provides reliable data on mineralization, 
respirometry uses an atypical biotic environment where the polymer is the sole carbon source. This 
is in stark contrast to field conditions where other substrates, including readily-biodegradable sub-
stances, are also available. This limitation may change the rate or otherwise impact the biodegrada-
tion of the plastic material in respirometry. It is a drawback that is avoided when using 14C- labeled 
polymers as the substrate, that allows metabolic carbon dioxide derived from the polymer to be identified 
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even when other carbon sources (that are not radiolabeled) are present in the medium (Kaplan 
et  al.  1979). Experimentally, it is convenient to use 13C- labeled polymers in biomineralization 
studies, with the 13CO2 from the polymer (identified using isotope- ratio mass spectrometry) easily 
distinguished from that evolved from other substances in the medium (Wilske et al. 2014). The 
use of radiolabeled polymers is particularly useful with effectively non-biodegradable plastics such as 
PE (Albertsson et al. 1993) or  cellulose acetate (Komarek et al. 1993).

11.5  Standardized Tests to Assess Biodegradation

Several organizations such as the ASTM or ISO have published standard test methods to establish 
aerobic biodegradability of plastics in the marine pelagic environment (See Table 11.6). A detailed 
discussion of different standardized tests is beyond the scope of this chapter. However, an impor-
tant point to emphasize is that the available tests for marine biodegradation pertain only to aero-
bic or shallow water environments (Table  11.6). This lack of a suitable anaerobic marine 
biodegradation test is a very significant drawback in making a balanced assessment of biodeg-
radability of plastics in the ocean, especially because floating plastic debris invariably sink in 
seawater to reach anoxic deep water regime or the bottom sediment. There are no methods to 
assess the biodegradation or ecotoxicity associated with plastics littering the bottom sediment 
environment. It is not reasonable to assume that biodegradation in cold anoxic sediment will 
neccessarily be extremely slow with all plastics; the biodegradation rates of some plastics obtained 
in the bottom sediment can be higher (by as much as on order of magnitude) compared to that in 
seawater (Beltran- Sanahuja 2020).

The many difficulties involved in designing anaerobic test protocols are acknowledged. In-situ 
weight-loss studies in the sediment do not provide mineralization data, emphasizing the need 
for  a  laboratory test. But sampling benthic organisms under native high pressure and maintaining 

Table 11.6 A compilation of currently available standardized aerobic biodegradation tests for marine 
shallow water environments.

Standard test 
methods:
Pelagic zone (water 
column scenario)

Standard test methods: 
Benthic zone (seafloor 
scenario)

Standard test methods: 
Eulittoral zone (intertidal 
beach scenario)

Standards 
specifications

Laboratory 
tests

ASTM D6691- 17 ASTM D7991- 15 ASTM D7081- 05: 
withdrawn 2014

ASTM D6692- 01: 
withdrawn 2010

ISO 22403:2020

ISO/FDIS 23977- 1 ISO 18830:2016, 2016 ISO22404:2019

ISO/FDIS 23977- 2 ISO 19679:2016,

Field tests ISO 15314:2018. 
2018

ISO 22766:2020 (ISO 22766:2020.2020)

Tank tests ASTM D7473- 12 and 
WK7193, 2020*

ISO/DIS 23832 ISO/DIS 23832* ISO/DIS 23832*

Source: Courtesy SAPEA (2020). Reproduced under creative commons license. *-Under development.
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them under hyperbaric conditions in the laboratory, are indeed challenging. If the consortia are 
depressurized in the process, any obligate piezophilic organisms will not survive. Even if these are 
appropriately sampled and maintained in hyperbaric chambers in the laboratory, sampling the dis-
solved metabolic gases in the water periodically is also fraught with experimental difficulties. 
Finally, plastics, especially the glassy polymers such as PET or PS, undergo densification at these 
high pressures, reducing their fractional free volume. Biodegradation of these, takes place while 
they are in this densified condition, requiring the plastic samples used in the anaerobic marine 
biodegradation studies to be preconditioned at high pressure.

An overarching question is the relevance of even the existing laboratory mineralization tests to 
the biodegradation process that occurs in the marine environment. Biodegradation in laboratory 
tests where plastic is the sole carbon source contrasts with the field environment where it is a 
minor, generally unpreferred, carbon source (Ru et al. 2020). How different will the rates of min-
eralization, and the maximum carbon conversions might be from laboratory respirometry, with 
competing carbon sources and a wider range of degrading organisms are present, remains unan-
swered. The question cannot be easily answered even with studies using radiolabeled polymer 
substrates. This knowledge gap needs to be addressed if the fate of plastics in the marine environ-
ment is to be clearly understood.
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12.1  Introduction

Over recent years, awareness of the ecological consequences of marine plastic debris has increased 
considerably. Vast quantities of plastic waste emanating from land- based sources (Borrelle 
et al. 2020; Geyer et al. 2017) have entered and accumulated in the marine environment, where 
they can fragment to form smaller micro-  and potentially nano- sized fragments. Due to their small 
size, which for many marine creatures can be similar to that of their prey, microplastics have 
considerable potential to be ingested. Further, the prevalence of microplastics throughout the 
global ocean, from tropical to Polar regions (Bergmann et al. 2019; Kanhai et al. 2020) and from sea 
surface to the deepest parts of our ocean (Peng et al. 2017; Thompson et al. 2004; Courtene- Jones 
et al. 2020), indicates the widescale potential for biota to encounter microplastics in their ambient 
environment.

The presence of small plastic pieces in the environment was first documented in the early 1970s 
(Buchanan 1971; Carpenter et al. 1972; Carpenter and Smith 1972), but it was not until the late 
1980s that interest into the biological impacts of this pollutant began to be investigated more exten-
sively (Laist 1987). Early work was primarily concerned with the effects of macroplastics such as 
fishing and maritime debris on marine megafauna, for example seals, seabirds, and turtles 
(Bjorndal et al. 1994). The stomach contents of beached seabirds were examined, evidencing their 
consumption of plastics (Franeker 1985; Fry et al. 1987; Furness 1985). The first assessment of the 
number of marine species impacted by plastics in terms of both ingestion and entanglement 
totaled 267 species, and almost exclusively focused on large vertebrates, with the exception of a 
small number of fish (n = 34) and crustaceans (n = 8) (Laist 1997).

As knowledge regarding the presence of microplastics in the environment has increased 
(Thompson et al. 2004) so too has the concern for their ecological impacts, and research efforts 
have been focused to address such questions. Indeed, using the search terms “(microplastic OR 
microplastics) AND (ingestion OR uptake)” in Web of Science indicated a substantial growth in 
research activity over the past decade (Figure  12.1). A notable shift in investigation has also 
occurred with research moving away from simply considering the presence of internalized micro-
plastics (Cadée  2002) to wider examination of the multitude of ways microplastics may cause 
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 biological harm (see Section 12.5), including the availability and toxicity of co- contaminants (Fred- 
Ahmadu et al. 2020) and the possibility of trophic transfer (Walkinshaw et al. 2020).

12.1.1 Defining Harm

There are many ways in which harm can be defined. A report by Werner et al. (2016) investigated 
the numerous ways in which litter and its degradation products can have impacts on organisms and 
the economy. As an example, a discarded plastic bag can cause entanglement to marine birds and 
mammals. Plastic bags can smother habitats, altering species assemblages and biogeochemical pro-
cesses that may detrimentally impact the ecosystem as a whole (Green et al. 2015). They can also 
reduce the aesthetics of the beach and consequently have an impact on human well- being (Wyles 
et al. 2016). The same bag can degrade over time and produce microparticles and nanoparticles, 
which, in turn, can be consumed by marine life. The ingestion of plastics can cause toxicological 
effects (see Section 12.3) and microplastics can pass up through the food chain, potentially causing 
harm at different trophic levels (Carbery et al. 2018; Welden et al. 2018). The accumulation of litter 
can also impact the economy through reduced tourism and the financial burden of costs associated 
with clean- ups (Werner et al. 2016). This chapter focuses on the ingestion of plastics; therefore, 
harm is defined here within the ecotoxicological context of impacts on organisms and ecosystems.

12.2  Ingestion of Microplastics by Marine Organisms

Owing to the small size of microplastics and their near ubiquitous presence throughout the marine 
environment, concern for marine life arises from their ingestion. The bioavailability of microplas-
tics to a specific organism is determined by the size, density, abundance, and color of microplastic 
(Wright et  al.  2013), as well as biological factors such as biofilm and aggregation with organic 
material (Figure  12.2). The size fraction ingested will depend on the size of the mouth/buccal 
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Figure 12.1 The number of articles published (stated above the bars) over the past two decades using the 
terms microplastic and ingestion/uptake. Results obtained from Web of Science on 18 December 2020. The 
star indicates the first use of the term “microplastic” (Thompson et al. 2004), which was used in the body of 
the text rather than the title and so it was not detected in this search.
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 cavity of the animal (Jâms et al. 2020). Due to their small size (<5 mm in diameter), microplastics 
are available via ingestion to a wide range of organisms as they overlap with the size range of their 
prey (Galloway et  al.  2017) and can be readily ingested along with prey items (e.g. Goncalves 
et al. 2019; Hall et al. 2015; Lee et al. 2013). The specific density of the polymer will affect its posi-
tion within the water column and thus the potential that a species will interact with the plastic. As 
such, the types of plastics ingested may vary between organisms. Those inhabiting the upper water 
column will likely encounter low- density, buoyant polymers such as polystyrene (PS) and polyeth-
ylene (PE) on the sea surface, while benthic species may have a greater likelihood of ingesting 
high- density negatively buoyant polymers, such as polyester. This is an over- simplification, as bio-
films can rapidly form on the surface of plastics (Lobelle and Cunliffe 2011) and cycles of fouling 
and de- fouling can occur (Kooi et al. 2017), altering their buoyancy and position in the water col-
umn. The abundance of microplastics in the marine environment will also affect its bioavailability, 
i.e. where microplastic abundances are greater, there is a higher chance that an organism will 
encounter a particle and thus a greater likelihood of ingestion. For example, rotifers exposed to 1.0 
and 10.0 mg/L microplastics showed ingestion in all individuals; however, at 0.1 mg/L, the inci-
dence of ingestion was less than 30% (Beiras et al. 2018). It is hypothesized that benthic detritivores 
and deposit feeders may be more susceptible to plastic ingestion due to the high quantities of 
microplastics found in sediments (Bour et al. 2018; Browne et al. 2010). Finally, color may influ-
ence the likelihood of ingestion due to prey item resemblance: for example some species of fish 
that prey upon zooplankton may ingest white, tan, or yellow microplastics that most resemble 
their prey (Ory et al. 2018; Shaw and Day 1994). Microplastics can also be ingested through con-
sumption of contaminated prey items (e.g. da Costa Araújo et al. 2020), i.e. trophic transfer, which 
is discussed further in Section 12.3.3.

Microplastic bioavailability can be influenced by biological factors: for example the growth of 
biofilms on the surface of plastics may enhance their likelihood of being consumed (Hodgson 
et al. 2018) through the secretion of exopolymeric substances and aggregation with organic matter. 
Vroom et al. (2017) demonstrated that aging in seawater may make PS beads more likely to be 
ingested by marine zooplankton, as many of the species ingested aged PS in preference to pristine 
PS beads. In addition, phytoplankton colonizing the surface of plastics can produce infochemicals 
such as dimethyl sulfide (DMS) that are chemical cues. Empirical studies found that microplastics 
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Figure 12.2 Factors influencing the bioavailability of microplastics to marine organism.
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Table 12.1 Summary of the number of species within each taxa documented to have ingested plastics, 
as reviewed by Laist (1997), Kühn et al. (2015), and Kühn and van Franeker (2020).

Laist (1997)
Kühn et al. 
(2015)

Kühn and van 
Franeker (2020)

Seabirds

Anseriformes (marine ducks) 1 2

Podicipediformes (grebes) 0 0 0

Phaethontiformes (tropicbirds) 2 2

Gaviiformes (loons) 3 4

Sphenisciformes (penguins) 1 5 5

Procellariiformes (tubenoses) 62 84 91

Pelecaniformes (pelicans) 8 2 3

Suliformes (gannets, cormorants) 12 15

Charadriiformes (gulls, terns, skuas, 
auks)

40 55 58

Total seabirds 111 164 180

Marine mammals

Ursidae (polar bears) 0 0

Mustelidae (marine otters) 0 0 0

Pinnipedia (all seals) 2 12 15

Mysticeti (baleen whales) 2 7 8

Odontoceti (toothed whales) 21 40 44

Sirenia (manatees, dugongs) 1 3 2

Total marine mammals 26 62 69

Other taxa

All turtles 6 7 7

All sea snakes — 0 0

All fish 33 92 363

All invertebrates 1 6 82

Grand total 177 331 701

can acquire DMS signatures, which can subsequently enhance their ingestion by seabirds (Savoca 
et al. 2019) and zooplankton (Botterell et al. 2020; Procter et al. 2019).

Field and laboratory studies have demonstrated the wide and increasing range of organisms 
spanning numerous habitats and taxonomic levels that ingest microplastics, including fish (Lusher 
et al. 2013), seabirds (Puskic et al. 2020), zooplankton (Cole et al. 2015), corals (Hall et al. 2015), 
molluscs (Al- Sid- Cheikh et al. 2018; Green et al. 2017), and crustaceans (Watts et al. 2014; Welden 
and Cowie 2016). The first comprehensive review indicated that 177 species had ingested plastics 
(Laist 1997), which increased to 208 species (Gall and Thompson 2015), then 331 species (Kühn 
et al. 2015), and more recently 701 species were reported (Kühn and van Franeker 2020), illustrat-
ing the development in our understanding of species affected by plastic ingestion (Table 12.1). 
Many of the species were listed as near threatened,  vulnerable, endangered, or critically endan-
gered on the International Union for Conservation of Nature (IUCN) RedList (Gall and 
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Thompson 2015), indicating additional anthropogenic stressors on already vulnerable species. Few 
taxa have been routinely monitored to investigate temporal trends in plastic ingestion; however, 
data from seabirds and turtles reveal that their ingestion frequency has increased over the past 
few decades (Senko et al. 2020). Large- scale monitoring of northern fulmars (Fulmarus glacialis) 
has indicated that between 1969 and 2010, both the incidence of ingestion and the mass of plastics 
ingested have increased (Avery- Gomm et al. 2012). Although these studies are valuable in assess-
ing the temporal trends in the quantities of plastics ingested, understanding the impacts remains 
more challenging (discussed in Section 12.3).

12.3  The Impacts of Microplastic Ingestion on Marine Organisms

With a growing geographical database of wild collected biota that had ingested microplastics (e.g. 
fish; Wang et al. 2020), there is increasing focus to determine whether the presence of these materi-
als is hazardous to organisms. Studies have reported detrimental impacts caused by microplastic 
ingestion across different levels of biological organization (Rochman et al. 2016), from those at the 
individual- level (including subcellular, cellular, and organ- specific effects) to ecosystem- level 
effects (Sections 12.3.1–12.3.3). Reporting the presence of microplastics in an organism does not 
indicate harmful consequences. As with all xenobiotic compounds (i.e. chemical substances found 
within an organism that are not naturally produced by that organism; or otherwise), there will be 
a concentration or dose at which negative effects (i.e. toxicological) will begin to be observed, indi-
cating a decline in health. The exposure concentrations where toxicological effects begin to be 
observed are likely to change depending on the physicochemical properties of the plastic (e.g. size, 
shape, polymer, and associated chemicals), the organism and its life history.

12.3.1 Individual- Level Impacts

The result of the microplastic exposure can lead to effects at different levels of biological function-
ing, including those on the individual, at site- specific target organs, on certain cell types, and even 
subcellular effects. Once ingested, microplastics can either remain in the gut, or if the particles are 
smaller than that of the cells lining the gut lumen (which will vary between organisms), they may 
be absorbed across the gut tissue and into the animal. In both of these scenarios, microplastics may 
be egested by the organism with no detrimental effects (Jovanović et al. 2018), or direct toxicity due 
to the physical impacts of plastic ingestion, or indirect toxicity related to the release of chemicals 
from the plastic may occur (see Section 12.4).

Direct physical impacts may occur whereby microplastics block the gastrointestinal tract or 
microplastics may interact with and irritate the cells lining the gut tissue, which may cause the 
mucous present to slough away (Williams et al. 2015). This sloughing effect is finite, and if exhausted 
will reveal the underlying tissue, causing further damage to the underlying musculature.

When trying to understand the effects of ingestion, fish have widely been studied through the 
incorporation of microplastics to a diet that can be fed to fish at a fixed dose for a period of time. The 
effect of microplastics on fish following ingestion varies widely between observed and no- observed 
effects. Medaka displayed altered gene expression, following a two- month dietary exposure to virgin 
PE and to PE that had previously been weathered in the environment for three months (Rochman 
et al. 2014). Downregulation of choriogenin (Chg H) occurred in males, and downregulation of 
vitellogenin, Chg H, and the estrogen receptor (ERα) was documented in females, indicating plastic 
exposure can cause an endocrine- disrupting effect (Rochman et al. 2014). Another study which fed 
Medaka diets containing 0.01, 0.1, or 1.0% of microplastics isolated from environmental samples 
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caused death, decreased head- to- body ratios, and alterations to swimming behavior in larvae, in a 
dose- dependent manner (Pannetier et al. 2020). Following 60–90 days exposure to 0.1% polyvinyl 
chloride (PVC) microplastics, there is some evidence of intestinal upset, with the presence of edema 
of the tissue layers making up the gut in seabass (Pedà et al. 2016). However, fish fed a diet contain-
ing 0.01% microplastics showed no effect on growth rate, pathology in the intestine or liver to gilt- 
head bream (Jovanović et al.  2018). This may represent a concentration- dependent effect in the 
exposures of the two studies.

Prolonged exposure to plastics or other xenobiotics can upset normal functioning of oxidative 
pathways, causing build- ups of potentially toxic by- products (e.g. superoxide) known as oxidative 
stress. These molecules are often highly charged, with the ability to damage subcellular compo-
nents such as proteins and DNA. In laboratory studies, they can be measured either directly (e.g. 
reactive oxygen species) or indirectly through associated detoxification enzyme concentrations 
(e.g. catalase [CAT]) or damaged products (e.g. thiobarbituric acid reactive substances [TBARS]). 
These end points have been common among microplastic exposures; however, there is no clear 
consensus on these systems. For example, fish fed a diet containing 33.3 mg/kg microplastics for 
five days showed significant elevation in CAT, glutathione- S- transferase (GST), and superoxide 
dismutase activity and TBARS concentrations compared to control fish where no microplastics 
were present (Zitouni et al. 2020). However, fish fed PS microplastics for 28 days showed no effects 
on hepatic CAT or GST activity (Ašmonaite et al. 2018). To unravel the effect of particle size and 
polymer, a systematic approach needs adopting.

12.3.2 Population- Level Impacts

As summarized in the previous section, a number of detrimental impacts can occur to an organism 
as a result of ingesting microplastics. Whether or not risk is posed to a population as a whole 
depends on a number of factors including the life history of a species (e.g. rate of reproduction), 
foraging strategy, species range, and the population size. Individual- level effects, such as reduced 
feeding ability (Bergami et al. 2016; Yin et al. 2018) or altered reproduction (Sussarellu et al. 2016), 
may affect an entire population by causing an overall population decline or can cause successive 
generations to become less evolutionarily fit. For example, copepods, which had been exposed 
continuously to microplastics over two generations, showed increased mortality rates across life 
stages and a higher proportion of the female egg sacs failed to develop (Lee et al. 2013). The study 
indicates that there could be detrimental impacts to recruitment on successive generations, ulti-
mately causing a reduction in the population size and in turn reducing food availability for higher 
trophic levels. Sussarellu et al. (2016) reported that oysters exposed to micro- PS particles produced 
38% fewer oocytes and sperm velocity was reduced by 23%; also, there were marked carryover 
effects with significant impacts on progeny, potentially reducing evolutionary fitness. Observation 
of polychlorinated biphenyls (PCBs) in the soft tissues of the lugworm Arenicola marina following 
ingestion of PS microplastics with surface- sorbed PCBs (Besseling et al. 2013) showed these could 
reduce overall fitness.

Filter- feeding megafauna (i.e. mobulid rays, filter- feeding sharks, and baleen whales) may be sus-
ceptible to high levels of microplastic pollution and exposure to any associated contaminants due to 
their feeding strategy, life history, and habitat overlap with dense aggregations of plastics located in the 
gyres (Eriksen et al. 2013; Law et al. 2010), as well as in other regions such as the Coral Triangle 
(Germanov et al. 2018; Worm et al. 2017). Within manta ray feeding areas in the Coral Triangle, it was 
found that between 4.4 and 62.7 pieces of microplastics could be ingested per hour, depending on the 
season (dry/wet) (Germanov et al. 2019). While the extent of the impact of microplastic ingestion by 
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filter- feeding megafauna is not fully understood, populations are already threatened with other 
anthropogenic pressures such as poaching, by- catch from fisheries, habitat destruction, and boat 
strikes. Nearly half of mobulid rays, two- thirds of filter- feeding sharks, and over a quarter of baleen 
whale species are listed by the IUCN as globally threatened (IUCN RedList) and are prioritized for 
conservation. Megafauna exhibit k- selective life history strategies, which are characterized by slow 
reproductive rates, late sexual maturity, and low offspring numbers, meaning populations can be slow 
to recover after decline. Marine megafauna are charismatic species, with the potential to act as flagship 
species for marine conservation (Bowen- Jones and Entwistle 2002). The use of iconic megafauna as 
flagship species can bring awareness to the impacts of microplastics to marine life, enhancing com-
munication and public engagement, and stimulating community action (Pahl et al. 2017).

As mass production of plastics only commenced within the past 70 years, plastics in the marine 
environment present a relatively novel substrate for the colonization and dispersal of species. Bacteria 
that colonize plastics were shown to differ from the surrounding water (Zettler et al. 2013), sediment 
(Harrison et al. 2014), and colonizing nonplastic/natural debris (Ogonowski et al. 2018). As such, 
plastics provide a different ecological niche to natural debris, supporting different populations and 
communities of bacteria. Furthermore, plastics offer a vector for long- range dispersal of organisms. 
While natural materials, such as wood and seaweeds, tend to degrade and sink within months, plas-
tics persist over much longer time scales (decades or longer) and so offer a mechanism for species to 
be transported over much greater distances (Barnes et al. 2009; Barnes and Milner 2004) and time 
scales. With the quantities of plastics in the marine environment increasing over the past seven dec-
ades (Borrelle et al. 2020), the potential for plastic- associated dispersal presents a viable opportunity 
for the movement of species. Indeed, some 270 species have been identified to disperse via plastic 
debris, including some invasive species (Secretariat of the Convention on Biological Diversity and the 
Scientific and Technical Advisory Panel— GEF, 2012). This list was expanded a few years later to 
include a further 25 taxa, including bryozoans, molluscs, crustaceans, and polychaetes, that had not 
been previously reported in rafting assemblages (Goldstein et al. 2014). Plastic debris stranded in 
northern Spain was found to contain three different invasive species (Miralles et al. 2018). If an inva-
sive species is able to establish and proliferate outside its native distribution, this may threaten native 
species due to increased resource competition. Such effects could cascade through the ecosystem and 
the Convention on Biological Diversity indicates that this is both a biological and economic challenge 
(Secretariat of the Convention on Biological Diversity, 2016).

12.3.3 Ecosystem- Level Impacts

To date, few studies have quantified the effects of microplastic pollution on ecosystem functioning. 
In part, this is due to the profound challenges in linking suborganism- level effects to the ecosystem 
level. Yet, it is the ecosystem- wide consequences of a pollutant that bring the greatest concern. 
Ecosystem- wide effects could result where sublethal effects on a particular species or population 
prevent them from performing certain functions on which other parts of the ecosystems rely, for 
example bioturbation of sediments, or carbon and nutrient export.

Bioturbation of sediments by plants and animals is a fundamental process redistributing nutri-
ents and oxygen across the benthic boundary layer and altering the habitat structure for other 
benthic organisms (Meadows et al. 2012). After a two- month exposure to PVC- containing sedi-
ment, the lugworm A. marina showed a significant reduction in feeding activity and the passage of 
this material through the gut was 1.5 times slower (Wright et al. 2013). Extrapolating this to the 
Wadden Sea, the authors report that this could mean that 130 m3 less sediment is reworked annu-
ally. Another study exposing A. marina to PE, PVC, and the biodegradable polymer polylactic 
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 acid- containing sediments also reports reduced feeding and burrowing activity, causing a 10–16% 
reduction in burrow surface area and hence less water and nutrient exchange (Green et al. 2016). 
The behavior and action of bioturbators could alter the distribution of microplastics within the 
sediment itself, enhancing mixing of microplastics into deeper sediments (Nakki et al. 2017) and 
interaction with infauna.

Mussels and clams are considered “ecosystem engineers” due to the fundamental role they play in 
creating biogenic reefs, which act as refugia and nursery grounds for diverse communities including 
commercially important seafood species. The reefs also play an important function in increasing turbu-
lent mixing and particle resuspension, which provides food for filter feeders (Drost 2013). Green (2016) 
demonstrated that mussels that ingested microplastics had 50% less byssal attachment strength, poten-
tially causing mortality through dislodgement by wave action and compromising their ability to form or 
maintain reef structures, which could have ramifications on the ecosystem as a whole.

Within the global ocean, the vertical flux of organic material, such as detritus and fecal pellets, 
is fundamental to the “biological pump” (Turner  2015), the mechanism by which carbon- 
containing compounds are exported to the deep ocean. Many species of zooplankton and mesope-
lagic fish undertake vertical migrations, travelling long distances from the epipelagic zone where 
they feed to the deeper ocean where they deposit fecal material. This provides carbon and nutrients 
to the ocean interior and the benthos and also promotes oceanic storage of atmospheric carbon 
(e.g. Buesseler 2012; Giering et al. 2014). Following the ingestion of microplastics, zooplankton 
species can expel them with other organic material. Laboratory studies utilizing some of the most 
commonly manufactured polymers, which were fed to zooplankton, showed that the subsequent 
microplastic containing fecal pellets had modified buoyancies compared to controls (Cole 
et al. 2016; Coppock et al. 2019). Those containing low- density polymers (PS, low- density PE) had 
reduced settling velocities, while those with high- density polymers (polyethylene terephthalate, 
polyamide) sunk at either the same or an increased rate to controls (Cole et al. 2016; Coppock 
et al. 2019). Extrapolating these results to the average depth of the ocean would hypothetically 
result in fecal pellets taking between 10 days less and 53 days longer to sink to the benthos respec-
tively. While modifications to fecal pellet sinking rates have only been studied in copepods (Cole 
et al. 2016; Coppock et al. 2019) and Antarctic krill (Bergami et al. 2020), a considerable diversity 
of organisms are reported to ingest and subsequently expel microplastics (Nelms et al. 2018). If 
similar results are found across species and taxonomic assemblages, there could be profound rami-
fications to pelagic and benthic ecosystems on a global scale.

Increasing numbers of studies have shown that many lower trophic- level organisms are able to 
ingest microplastics. Microplastics may, therefore, be indirectly assimilated as a result of trophic 
transfer, whereby predators consume contaminated prey items and as such microplastics can 
spread through the food chain. Laboratory studies have shown that microplastics can be trans-
ferred indirectly between trophic levels, i.e. from prey to predator. The trophic transfer of micro-
plastics has been recorded from mussels to crabs (Farrell and Nelson  2013; Watts et  al.  2014), 
between planktonic trophic levels (Setälä et al. 2014) and between herring and captive seals (Nelms 
et al. 2018). Trophic transfer relies upon microplastics being retained in the body of an organism 
long enough for it to be predated upon, thereby passing on the plastics. The duration that micro-
plastics remain within an organism following consumption are not well known and results differ 
considerably between species. Mussels can rapidly (within 24 hours) expel the majority of ingested 
microplastics in their pseudofeces (Goncalves et al. 2019; Woods et al. 2018); however, this rate 
may slow when food is abundant (Chae and An 2020). Copepods display microplastic retention 
rates comparable to natural food items (Vroom et al. 2017), while egestion of microplastics by the 
planktivorous fish Seriolella violacea took on average 7 days (longer than food items) and 49 days 
at most (Ory et  al.  2018). Small microplastic particles also have the ability to translocate once 
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ingested (Al- Sid- Cheikh et  al.  2018; Browne et  al.  2008; von Moos et  al.  2012), increasing the 
potential for them to be retained in an organism’s body and be passed to higher trophic predators.

12.4  Impacts of Plastic- Associated Chemicals on Organisms

During production, chemicals are added to plastics to alter or improve their desired properties, 
such as plasticizers, flame- retardants, antimicrobial agents, or UV inhibitors. Many of these addi-
tive chemicals, such as bisphenol A, polybrominated diphenyl ethers (PBDE), and phthalates, are 
also known to be endocrine- disrupting compounds, owing to their ability to modulate the endocrine 
system. These additive chemicals can subsequently leach from the plastic into the environment 
(Markic et al. 2019; Turner 2018) or, if ingested, into organisms (Bakir et al. 2014; Coffin et al. 2019; 
Hermabessiere et al. 2017). Studies have indicated that plastic additives can cause toxicological 
impacts, such as mortality; however, attributing impacts to specific chemical compounds remains 
challenging (Bejgarn et al. 2015; Gandara et al. 2016).

In addition to the chemicals intentionally added into plastics, other compounds present in the 
environment due to agricultural and industrial processes may become adsorbed onto microplastics. 
Toxic hydrophobic organic compounds, often termed “persistent organic pollutants” (POPs) due to 
their slow degradation rates, have been identified in plastics collected from the environment (Mato 
et al. 2001; Rios et al. 2007; Teuten et al. 2009). Samples of plastics pellets collected globally were 
found to have adsorbed PCBs, hexachlorocyclohexane (HCH) pesticides and dichlorodiphenyl-
trichloroethane (DDT), and its breakdown products dichlorodiphenyldichloroethane and dichlo-
rodiphenyldichloroethylene (Ogata et al. 2009). Indeed, plastics have been shown to readily adsorb 
hydrophobic organic chemicals, such as polycyclic aromatic hydrocarbons (PAHs) and HCHs (Lee 
et al. 2014). Microplastics in the presence of up to 25 ng/g of different PCB congeners can bind up 
to 65% present in solution (Llorca et al. 2020). Due to their large surface area- to- volume ratio, micro-
plastics can acquire a considerable loading of chemicals, up to six orders of magnitude greater than 
in the surrounding seawater (Hirai et  al.  2011; Mato et  al.  2001). These chemicals can remain 
attached to the surface of the microplastic and can dissociate once ingested (Teuten et al. 2009), 
where they can potentially become bioavailable for uptake across the gut. A recent study indicated 
that although bioavailable to copepods, microplastic- sorbed PAHs did not cause significant toxicity 
(Sørensen et al. 2020), while other studies have shown altered gene expression following exposure 
to microplastic sorbed with contaminants (PCBs, brominated flame retardants, perfluorinated 
chemicals, PAHs, PCBs, PBDEs) (Rainieri et al. 2018; Rochman et al. 2013).

Although studies indicate that microplastic- associated POPs can be transferred once the micro-
plastics are ingested (Athey et al. 2020), it is not clear what role microplastics play, compared to 
other sources of exposure, i.e. uptake through food. Modeling studies suggest that the amount of 
hydrophobic organic contaminants sorbed onto plastic is expected to be negligible (<0.001%; 
Koelmans et al. 2016). Even under modeled gut conditions, the co- exposure of ingested microplas-
tics with DDT, phenanthrene, and bis- 2- ethylhexyl phthalate is minimum compared to other 
routes (water or diet alone rather than microplastic; Bakir et al. 2016).

12.4.1 Laboratory Studies: Limitations and Discrepancies Between Laboratory 
and Field Observations

Despite growing knowledge of the ubiquitous presence of microplastics in the environment, assess-
ing the risks they pose to marine life is challenging and, in part, is hampered by the variability in labo-
ratory protocols and types of microplastic particle used (de Ruijter et al. 2020; Hermsen et al. 2018). 



12  Ingestion of Microplastics by Marine Animals358

There are many technical challenges to performing robust laboratory exposures that are environmen-
tally representative. Some of these challenges surround the exposure conditions; for instance, expos-
ing animals to microplastics via the ambient water can lead to incidental ingestion, making it difficult 
to extrapolate whether any observed effects are from exposure via the gill or gut, or both. Another 
challenge that has been commonly identified in the literature is the concentration of microplastics 
used in laboratory experiments, which often exceeds those detected in the environment (Burns and 
Boxall 2018; Lenz et al. 2016). However, selecting appropriate microplastic concentrations are, for 
laboratory studies, confounded by the high variability of microplastics reported between different 
environmental studies, localities, and sampling methods (Barrows et al. 2017; Kanhai et al. 2017; Rist 
et al. 2020), making it difficult to suggest a single environmentally realistic concentration. Further, 
the abundance of small microplastics in the natural environment is very likely to a have been under-
estimated due to methodological constrains. For example, surface water samples are typically col-
lected with a 333- μm aperture net, resulting in the absence of data for smaller microplastic sizes 
(GESAMP 2016). This is an area of particular concern as smaller microplastic particles are bioavail-
able to a wider range of organisms such as zooplankton (Botterell et al. 2019; Vroom et al. 2017). 
Under sampling of smaller microplastics in the environment means that there are few estimates that 
can contribute toward making laboratory methodologies more relevant to environmental conditions, 
and very few that can simulate environmental concentrations of nanoplastic particles in a laboratory 
setting (Al- Sid- Cheikh et al. 2018).

Within the environment, thermoplastics such as PE, polypropylene, PS, and polyethylene tere-
phthalate occur most frequently (SAPEA 2019) and are thus likely to be ingested. Field studies 
often report the occurrence of polyester, polyamide, and acrylic fibers, which can contribute to 
>90% of the total microplastics ingested for certain species (Beer et  al.  2018; Courtene- Jones 
et al. 2017). The majority of laboratory studies have, however, used spherical PS microplastics to 
examine impacts; while beads are ingested by wild populations, fibers and fragments are more 
typically identified (Burns and Boxall 2018). One reason why PS spheres are so widely used is their 
commercial availability in reproducible form, whereas microfibers would have to be extracted 
from larger materials before use. Microplastics, which were previously underrepresented in labo-
ratory studies, in terms of polymers, morphologies, and sizes, are increasingly receiving research 
focus (Al- Sid- Cheikh et al. 2018; Bucci et al. 2020; Cole et al. 2020), which will advance under-
standing of the impacts posed by these different particles.

12.5  Conclusion

Over the past 40 years, an increasing number of organisms spanning different habitats, taxonomic 
groups, and feeding guilds have been reported to ingest microplastics. By comparison, the ecotoxi-
cological impacts of ingesting microplastics and the mechanisms by which these are caused are 
still poorly understood. Challenges in addressing the impacts of microplastics are, in part, presented 
by the (i) diversity and complexity of physicochemical properties of “microplastics,” (ii)  variability 
and environmental relevancy of laboratory protocols, and (iii) physiology and life history of the 
study species. Evidence shows that microplastics and their associated co- contaminants can 
cause detrimental impacts to organisms across all levels of biological organization, from subcel-
lular to ecosystem- wide effects (Section 12.4). Exposure to microplastics can trigger inflammatory 
responses, oxidative stress, and suppressed feeding and reproduction, which over successive gen-
erations may reduce evolutionary fitness. Increasing numbers of studies have shown that many 
lower trophic- level organisms are able to ingest microplastics and may suffer detrimental impacts. 
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What this effect, at the base of the food chain, may have for long- term productivity and resilience 
of the ecosystem is unknown, especially when considering cumulative impacts with other anthro-
pogenic pollutants in a warming climate (Horton and Barnes 2020; Lamb et al. 2018; Welden and 
Lusher 2017). There is broad consensus between the public, policy makers, and industry that the 
current levels of plastic pollution in the environment are unacceptable. Continued efforts are, 
therefore, required to reduce plastic inputs and to focus research to address key knowledge gaps 
regarding the impacts of microplastics and their associated chemicals on marine life and the envi-
ronment as a whole, which can help to inform and prioritize solutions.
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13.1  Introduction

Microplastics and other small anthropogenic items are now regularly identified in the global 
environment, and the interactions between animals and this heterogeneous contaminant have not 
gone unnoticed. Researchers have focused on the ingestion of these particles by different species 
from small planktonic organisms to large invertebrates, fish, birds, and mammals. The widespread 
nature of microplastics means that they can be ingested by a variety of animals, including species 
of commercial interest like fish and shellfish. Research has begun to be directed toward the conse-
quences that microplastics can have on seafood species, not only to the individual organisms them-
selves but also to the production of sustainable fish and seafood value chains; an important topic 
within the United Nations Sustainable Development Goals.

Researchers have been investigating the consequences of interactions between seafood species 
and microplastics since the 1970s, with the number of studies released each year now growing 
exponentially. Despite some initial struggle with methodologies in the early years of publishing on 
microplastics, studies currently tend to have a much stronger focus on optimizing methods, rigor-
ously testing approaches, and harmonizing methods and results where possible (Brander 
et al. 2020; Cowger et al. 2020; Dehault et al. 2019), although more work in this area needs to be 
done. As of 2020, 60% of the most farmed aquaculture species and 80% of the most caught fish have 
been investigated for the presence of microplastics (Walkinshaw et al. 2020), although the lack of 
harmonized approaches often makes it difficult to compare studies. There is, however, some poten-
tial for probabilistic methods to harmonize data by accounting for missing data, such as smaller 
size categories in certain studies (Koelmans et al. 2020; Kooi and Koelmans 2019).

For many seafood species, other than bivalves, the digestive tract is commonly removed prior to 
consumption, while microplastics investigations have focused on the digestive tracts of animals – 
stomachs and intestines. Researchers have only recently begun to utilize methods allowing the 
observation of microplastics as well as nanoplastics in the edible tissues of fish and other seafood 
species, beginning in 2018 (Abbasi et al. 2018; Akhbarizadeh et al. 2018). In this way, our best 
estimates of human exposure to microplastics via seafood come primarily from the consumption 
of bivalve species, for which whole- body studies have been conducted since the early days of 
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microplastics research (Van Cauwenberghe and Janssen 2014; Walkinshaw et al. 2020). Additional 
complexities arise when considering smaller microplastics and nanoplastics (<100 μm) which are 
currently very difficult to identify, and attempts to quantify them are highly prone to contamina-
tion. New technologies are beginning to address these issues, but it is still early days in the study of 
these smaller particles.

Recent literature on microplastics in the human diet, including seafood (Cox et al. 2019) has led 
to a great deal of public concern relating to the consumption of microplastics. While recent findings 
of high numbers of microplastics released from teabags and baby bottles (Hernandez et al. 2019; Li 
et al. 2020) may have begun to shift public attention away from seafood, much of the early media 
coverage on microplastics was related to seafood, especially fish and shellfish. This may have led to 
concerned consumers reducing their seafood consumption. While research has not yet provided a 
complete picture of the degree to which various seafood items are contaminated with microplastics, 
our knowledge of the contamination of other food items is limited to a much greater extent (Cox 
et al. 2019). In order to characterize any health risks arising for humans due to exposure to micro-
plastic via seafood, consumption will need to be considered in the context of global and regional 
intake and in proportion to other food items and their degree of contamination.

If we want to understand the risk to humans, we need to use comparable, validated, and harmo-
nized (and where possible – standardized) approaches, an aspect of microplastic research that has 
been identified to compromise risk assessments for both the environment and human health 
(VKM 2019). The FAO conducted a thorough review of this situation in 2016 (Lusher et al. 2017) 
which was followed by a barrage of publications investigating uptake and implications to individual 
species. Since 2016, at least 353 studies on fish, 187 on bivalves, 1 on cephalopods, and 27 on seafood 
arthropod species have been published. The high variety of commercially important seafood species 
reported to contain microplastics includes many of the most caught (tonnage) wild and aquaculture 
species (Lusher and Welden 2020). The goal of this chapter is not to repeat the assessment con-
ducted in 2016 (Lusher et al. 2017) or subsequent detailed reviews on seafood uptake (Walkinshaw 
et al. 2020), but rather to present an update on the status of knowledge surrounding microplastics 
in fish and seafood species and the consequences to the seafood supply chain.

13.2  How Microplastics Can Enter Seafood and Transfer 
to Humans

Seafood species can uptake microplastics through a variety of pathways, such as in a wild or aqua-
culture setting. The most studied routes are via ingestion, either directly from the environment or 
indirectly via trophic transfer from prey (detailed in Walkinshaw et al. 2020). The extent to which 
either of these pathways occurs may depend on the feeding and/or dietary strategy of individual 
species. Microplastics can also end up in the gills and digestive tracts of animals due to the uninten-
tional intake of microplastics in seawater during respiration. Ingested and inhaled microplastics 
will mostly be egested by the animal, although there is some potential for translocation and accu-
mulation to occur in tissues beyond the digestive tract, which could lead to human consumption.

13.2.1 Seaweed and Aquatic Plants

Seaweeds are important ingredients in many kinds of seafood, especially in Asian and Polynesian 
cuisine (Mouritsen et al. 2018). Compared to other groups of organisms, macroalgae and macro-
phytes, including seaweeds and seagrasses, are far less studied, with few investigations into either the 
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external presence of microplastics or the impacts of microplastics on their growth and developments 
(Gao et al. 2021). Consequently, only limited research has been carried out on the quantities of micro-
plastics present in seaweeds consumed as seafood.

Gao et al. (2020) demonstrated that seaweed can concentrate microplastics from seawater, with 
Ulva prolifera collected from beaches in Qingdao, China containing an average abundance of 
4603.3 particles/kg dry weight, and Feng et al. (2020a) further showed that drifting U. prolifera 
concentrated microplastics (830.0 particles/g wet weight) at levels higher than attached seaweed 
(490.0 particles/g wet weight). Feng et  al. (2020b) found mean concentrations of 0.06–0.19 
particles/g wet weight trapped by six species of cultured macroalgae in China. It appears that the 
microplastics adhere to thali on seaweed surfaces and become trapped. The presence of microplas-
tics associated with seaweeds has been raised as a possible route of entry for microplastics into food 
supply chains as seaweeds are used in animal feed and food products for humans. Given that 
seaweeds are often described as a superfood and there is increasing cultivation as an aquaculture 
product (Sundbæk et al. 2018), it is necessary to conduct further investigations into the concen-
tration of microplastics and potential transfer to consumers. There is already some evidence show-
ing that seaweed can represent a pathway for microplastic uptake by herbivorous gastropods and 
fish (Goss et al. 2018; Gutow et al. 2016).

In the first study to look at direct human exposure to microplastics through the consumption of 
processed seaweed, between 0.9 and 3.0 particles/g microplastics were identified in 24 brands of 
commercially packaged nori Pyropia spp. (Li et al. 2020). It is possible that the preparation pro-
cesses contributed to the number of microplastics identified. Washing was seen to remove 94.5% of 
trapped particles from Fucus sp. (Sundbæk et  al.  2018), but this was not the case for washing 
Pyropia sp. (Li et al. 2020). The former was a laboratory method whereas the latter was conducted 
in commercial processing facilities. In addition, the packaging process may also contribute to 
microplastics identified in commercial products. Future research should investigate the introduc-
tion of microplastics throughout the processing chain of seaweed products.

There is also potential for smaller microplastics and nanoplastics, which are mostly missed by 
current quantification methodologies, to transfer to humans, either attached to the surface or 
internalized into the cells of seaweed, but little to no research has been done in this area. For 
instance, Y. Chen et al. (2020) reported that microalgae could internalize 2- μm or smaller- sized 
polystyrene microbeads within their cells, although it is not clear whether their methods were 
stringent enough to measure only the particles and not any leached fluorescent dye (Schür 
et al. 2019). Further work is needed to determine whether these findings apply to macroalgae and 
whether other polymer types and particle shapes can be internalized and transferred by seaweeds.

13.2.2 Bivalves

Bivalve mollusks that are commonly consumed as seafood include clams, oysters, mussels, and 
scallops. Most of the bivalves are filter- feeders and can efficiently capture particles in the size 
range of 5–300 μm, with some, less- efficient capture occurring for smaller particles, dependent 
on species (Ward et al. 2019a). During human consumption, the entire soft body of bivalves is 
usually eaten, which is part of the reason they have received so much attention as a transfer risk 
for humans. While many publications have stated that bivalves are non- selective filter feeders, 
they perform particle selection on their gills – also with labial palps for some species – and reject 
many particles prior to ingestion via accumulation and removal as pseudofeces. In general, 
spheres approaching 1 mm will be rejected nearly 100% of the time, with decreasing rejection 
rates down to around 20–30% for particles below 100 μm, while fibers are consistently rejected, 
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across size ranges, about 20%–80% of the time (Ward et al. 2019b). Once ingested, the majority 
of microplastics are egested following a period of between nine hours and five days, with smaller 
particles the slowest to be passed and potentially able to remain in tissues for longer periods 
(Fernández and Albentosa  2019; Graham et  al.  2019; Van Cauwenberghe and Janssen  2014; 
Woods et al. 2018).

Studies over large spatial scales have reported mixed results in terms of patterns in bivalve 
microplastic concentrations, with several studies finding associations between bivalve concentra-
tions and sources of pollution (Bråte et al. 2018, Klasios et al. 2021), and others not (Cho et al. 2021; 
Li et al. 2018). Where associations exist, they are primarily for highly contaminated areas, suggest-
ing that accumulation potential is low, and thus minimal transfer risk to humans when environ-
mental contamination is not high. Given the above evidence, it is likely that human exposure to 
microplastics - as a result of bivalves directly ingesting the particles - will primarily relate to the 
degree of microplastic contamination in the time just preceding harvest in the area where the ani-
mals were grown if no depuration is performed (Section 13.3.2).

13.2.3 Crustaceans

Crustaceans consumed as seafood are primarily within the order Decapoda, including crabs, lob-
sters, crayfish, and shrimp. Krill may also be consumed, although most often it is the extracted oils 
that are consumed as supplements. This route has yet to be investigated, but the oils are highly 
processed so contamination would likely occur during the refinement and packaging of the oils. 
Crabs, lobsters, and crayfish are primarily generalist scavengers and predators, and consume a 
wide range of food items. However, there are some decapods that use suspension feeding, captur-
ing particles from the water column. For example, the Norway lobster (Nephrops norvegicus), an 
important commercial fishery species in Europe, has been demonstrated to feed on particulate 
organic material for nearly half of its diet (Santana et al. 2020). N. norvegicus has also been demon-
strated to show a high frequency of microplastic ingestion (67% ̶ 98% of individuals), and it is pos-
sible that its scavenging feeding strategy, combined with particulate filtering from the water 
column, would make it more susceptible to ingesting microplastics (Cau et  al.  2019; Hara 
et al. 2020; Murray and Cowie 2011; Welden and Cowie 2016). Decapod stomachs contain a chitin-
ous foregut, known as the gastric mill, which may slow the passing of fibrous microplastics, espe-
cially fiber bundles, through their digestive tracts leading to accumulation (McGoran et al. 2020; 
Murray and Cowie 2011; Torn 2020). The animals might then later be able to shed these accumu-
lated particles in their stomach lining during moulting (Welden and Cowie 2016).

The digestive tracts of larger decapod crustaceans, such as crabs, lobsters, and crayfish, which 
are expected to accumulate the most microplastics, are generally not consumed as seafood, and 
usually, muscles are eaten. However, microplastics have been detected in the edible portion of 
some crustaceans, including in abdominal muscles of the commercial shrimp species Pleoticus 
muelleri, the exoskeleton, muscle, and gills of the tiger prawn Panaeus semisulcatus, and the soft 
tissues of the crab Portunus pelagicus, suggesting that microplastics can be transferred to humans 
via consumption of other parts of decapod crustaceans (Abbasi et  al.  2018; Akhbarizadeh 
et al. 2019; Daniel et al. 2021; Fernández Severini et al. 2020). In contrast, the edible tissues of the 
shrimp Metapenaeus dobsoni and Fenneropenaeus indicus were not found to contain microplastics 
(Daniel et al. 2021). In a laboratory study, >20 μm microplastic particles could not translocate into 
the tissue of the brown shrimp Crangon crangon, following ingestion, suggesting that it is the 
smaller, understudied fraction of microplastics that is most likely to transfer from crustaceans to 
humans (Devriese et al. 2015).
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13.2.4 Other Invertebrate Species

Other animals that are eaten as seafood worldwide include cephalopods (squid and octopuses), gastro-
pod mollusks (marine and freshwater snails), holothurians (sea cucumbers), and echinoids (sea 
urchins). The body parts commonly consumed as seafood are the mantle for squid, tentacles for octo-
puses, whole body for gastropods, muscle or whole body for sea cucumbers, and gonads for sea 
urchins. Overall, limited research has been conducted on species from these taxa. A single study found 
that the edible portions of the squid Uroteuthis duvaucelii, contained an average of 7.7 particles/kg 
(Daniel et al. 2020). Few to no studies have looked at a microplastic concentration in seafood gastropod 
species, although laboratory studies have shown that gastropod pedal mucus can retain suspected 
microplastic particles (Gutow et al. 2019). Mohsen et al. (2019) found 0–30 particles and 0–19 parti-
cles/individual in the intestines and coelomic fluid, respectively of farmed sea cucumbers Apostichopus 
japonicus in China. Murano et al. (2020) found that 10-  and 45- μm polystyrene spheres could translo-
cate into the gonads of the sea urchin Paracentrotus lividus. Interestingly, only 1% of 10- μm particles 
reached the gonads in contrast with 12% of 45- μm particles.

13.2.5 Fish

Fish species that are consumed as seafood come from a wide range of habitats, with a variety of feed-
ing strategies, body sizes, and trophic positions. Variations in microplastics uptake by fish species 
are generally attributed to feeding strategy, gastrointestinal structure, and background contamination 
in a habitat (Walkinshaw et al. 2020). For example, planktivorous, filter- feeding species, such as many 
Engraulids and Clupeids (including anchovies and herring) may be more likely to consume microplas-
tics from their environment. When nutrient- rich particle concentrations are high, these fish swim 
with their mouth open and filter particles from the water column using their gill rakers, generally only 
selecting by particle size, which might predispose them to ingest floating/suspended microplastics 
(Drenner et al. 1986; Heidman et al. 2012). Filter- feeding fish will also selectively particle feed under 
certain conditions (James and Findlay 1989), but might then selectively ingest microplastics due to the 
resemblance in size, shape, and/or color to prey (Ory et al. 2017, 2018). These factors might explain 
why filter- feeding, planktivorous species have been found to contain higher concentrations of micro-
plastics in their viscera and gills in comparison with other seafood species (Daniel et al. 2020). On the 
other hand, piscivores would be expected to uptake microplastics either through trophic transfer via 
prey, or feedstock, or accidental ingestion when feeding.

Trophic transfer is the way in which microplastics can move from lower species to predatory spe-
cies when microplastics have been internalized by the prey species (Miller et al. 2020; Walkinshaw 
et al. 2020). It can also refer to the transfer of microplastics from contaminated feedstock in aqua-
culture to the cultured species. Trophic transfer has been demonstrated to occur in fish and other 
organisms (Nelms et al. 2018; Welden et al. 2018). If particles are transferred and accumulated past 
a certain threshold, magnification would occur with increasing trophic position. If trophic biomag-
nification of microplastics is occurring, it would be expected that fish such as tuna and sharks, 
which feed at the top of marine food webs, would be exposed to the highest concentrations of 
microplastics and thus present the greatest risk to humans when eaten as seafood. However, cur-
rent evidence suggests that larger microplastics (generally >100 μm) are not biomagnifying in the 
digestive tract of fishes, or seafood species in general (Covernton et al. 2021; Gouin 2020; Miller 
et al. 2020; Walkinshaw et al. 2020). Still, smaller microplastics might be able to translocate into 
certain tissues and organs, where they may accumulate and magnify (Collard et al. 2017).
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Many commercial fish species have been investigated for the presence of microplastics 
(Danopoulos et al. 2020; Lusher and Welden 2020). When consumed, it is most often the body 
muscle of fish that is eaten, like a fillet, although smaller fish may also be eaten whole. The pres-
ence of microplastics in the digestive tracts of commercial species does not necessarily provide 
direct evidence for human exposure as these organs are not always consumed. However, non- 
edible tissues of fish are often used for other purposes, such as a fish meal for farmed animals 
(fish and poultry), which may further represent a route of entry into human food chains 
(Karbalaei et al. 2020). Current methodological limitations make it difficult to study the pres-
ence of smaller microplastics in fish fillets, although several results have emerged. Ribeiro et al. 
(2020) used pyrolysis to detect mass concentrations of plastics in the edible portions of various 
seafood and found that sardines contained more than 6× as much plastic as crabs, and crabs 
more than 3× as much as oysters, with squids and prawns containing the lowest concentrations. 
Daniel et al. (2020) examined the difference in presence of microplastics between edible (muscle 
and skin) and inedible (gill and viscera) portions of nine commercially important pelagic fish 
from Kerala, India. The authors found that 41.1% of the inedible tissues contained microplastics 
compared with 7% of edible tissues. In contrast, Akoueson et al. (2020) found evidence of micro-
plastics present in the gills and digestive tracts of several seafood fish species, but not in the 
edible flesh. Zeytin et  al. (2020) experimentally incorporated 1–5 μm fluorescently- labeled 
microspheres into feed for European sea bass Dicentrachus labrax and found that one particle 
reached the fish fillet for every 1.8 × 107 ingested microplastics particles, which is equivalent to 
0.00005% of particles. This suggests that translocation of ingested microplastics will be minimal 
in fish, although further work is needed.

13.2.6 Other Marine Vertebrates (Mammals and Sea Turtles)

Even though mammals and reptiles are consumed as seafood in some places around the world, 
there have been limited investigations into microplastic presence in these species (Duncan 
et al. 2019; Zantis et al. 2021). Of the studies that do exist most focus on digestive tracts, which are 
not consumed by humans. Some studies have looked into the guts of hunted whales and seals 
(including commercial and community hunts), these studies have shown limited microplastics 
quantities, and are yet to investigate edible tissues. For example, Beluga whale species, 
Delphinapterus leucas hunted in the Northwest Territories, Canada were found to have between 18 
and 147 microplastics in their digestive tracts (Moore et al. 2020) whereas no microplastics were 
identified in any of the 142 seals harvested from communities around Nunavut, Canada (Bourdages 
et al. 2020). Some investigations on the blubber of live individuals suggest that chemicals associ-
ated with plastics can be identified (Panti et al. 2019), although concentrations could be associated 
with transfer from larger plastic or already contaminated prey species.

13.3  Microplastics in the Seafood Supply Chain

As shown above, microplastics that are internalized by, or in terms of seaweeds – adhered to, species 
targeted as seafood could represent one way in which microplastics enter the seafood supply chain. 
Microplastics may further be introduced along the seafood supply chain up from culture and cap-
ture to the preparation of meals by vendors or during preparation by the consumer (Figure 13.1).
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13.3.1 Culture and Harvesting Conditions

Animals harvested from the wild or culture facilities can ingest microplastics from the capture 
environment as well as during the collection process. In some studies, microplastics matching the 
fishing equipment have been identified in the digestive tract of fish (Lusher et  al.  2013; Neto 
et al. 2020; Possatto et al. 2011). It has been suggested that species grown or reared in mariculture and 
aquaculture facilities might be exposed more to microplastics due to the use of ropes, nets, cages, 
fences, and feeding tubes (Gomiero et al. 2020; Jang et al. 2020; Kazmiruk et al. 2018; Lv et al. 2020). 
Where aquaculture intensity is high and seawater turnover is low, the use of plastic equipment might 
contribute to the ingestion of microplastic by the cultured animals (Chen et  al.  2018, B. Chen 
et al. 2020). However, where aquaculture activity is diffuse and seawater turnover high, the ingestion 
of microplastics by cultured animals will primarily be determined by other inputs (Covernton 
et al. 2019; Li et al. 2016; Schoof and DeNike 2017). Individuals may be exposed to microplastics 
through their feed as well. Several previous studies have shown that fish feed contains microplastics 
(Castelvetro et al. 2020; Gündoğdu et al. 2021; Hanachi et al. 2019; Lv et al. 2020). Furthermore, fish 
meals produced from fish waste pose an additional risk. As they are made from fish waste including 
digestive tracts and other inedible tissues, microplastic exposure could be at a higher level for 
cultured species (Daniel et al. 2020; Gomiero et al. 2020; Hantoro et al. 2019).

13.3.2 Processing

Microplastics could also be introduced into seafood products during processing. For example, Li et al. 
(2020) found that the intermediate processing stages during the commercial production of nori had 
increased numbers of larger microplastic particles (1–5 mm) compared with the preprocessed sam-
ples. Fish and seafood are processed in many different ways, including cleaning, depuration, deshell-
ing, sold alive, cooked, filtered, dried, frozen, and canned.

During Depuration contaminant levels in bivalve shellfish are reduced by placing them in clean 
seawater in facilities where filtration rates are maximized, promoting the removal of harmful sub-
stances from the bivalves via the natural passing of waste (Lee et al. 2008). The shellfish aquaculture 
industry commonly uses this practice to remove contaminants such as fecal bacteria from individuals 
that growers have cultivated in areas where these microbes might occur in harmful amounts. This 
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Figure 13.1 Potential routes for microplastics to enter seafood throughout the supply chain.
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 technique has also been used by microplastics researchers to clear microplastics from the digestive 
tracts of bivalves before analysis (Van Cauwenberghe and Janssen 2014). The feasibility and efficacy 
of depuration for eliminating microplastics from bivalves or other seafood, before human consump-
tion has not yet been investigated from an industry perspective. Laboratory studies have shown that 
depurating bivalves for several days in clean seawater can lower the concentrations of microplastics 
present in their tissues (Van Cauwenberge and Janssen 2014, Saputri et al. 2020). It is possible that 
depurating shellfish could reduce the degree of microplastic contamination in shellfish harvested 
from highly contaminated areas; however, these studies were not carried out under large- scale 
depuration facility conditions. It is highly possible that background contamination from the depura-
tion facility might be a potentially insurmountable issue, and the depuration tanks might become 
more concentrated in microplastics, due to settling and contamination from equipment, than the sea-
water from which the shellfish were harvested.
Canning is a widely used method for fish and shellfish preservation. Approximately 11% of the 

global consumption of fisheries products (17 million tonnes) of prepared and preserved fish, including 
canning (FAO 2020). Canning includes multiple steps which vary with the species used. Fish may be 
washed and dressed, soaked, have viscera removed, be precooked and steamed (Featherstone 2016). 
All of these steps could involve the introduction of airborne particles. Furthermore, additives such as 
salt may be included, which themselves may contain microplastics. Interestingly, a significant correla-
tion was observed between the salt contents of canned fish and microplastics (Akhbarizadeh 
et al. 2020). The most important fish species which are canned are tuna, anchovies, bonito, sardines, 
and mackerels (ElShehawy and Farag  2019). During investigations of canned tuna and mackerel, 
Akhbarizadeh et al. (2020) found that 80% of samples had at least one particle. In contrast, Karami 
et al. (2018) reported that only 20% of 20 different brands of canned sardines and sprats displayed 
microplastics >149 μm. The source of the microplastics was unclear and was predicted to be from the 
fish themselves, food additives, as well as any contact materials during the cleaning and canning 
process. The presence of microplastics (as well as metals and other contaminants) has raised concerns 
for the hygiene and safety of canned seafood. Furthermore, sometimes high temperatures are used for 
sterilization and steaming. Microplastics have been shown to be affected by high temperatures which 
raise concern surrounding the release of any additive chemicals associated with these particles.
Gutting and filleting of fish may reduce the number of microplastics destined for dinner tables. 

The removal of viscera, gills, and digestive tracts will remove any internalized materials but not 
any micro-  or nanoplastics that have translocated into the edible tissues of the fish. However, the 
processing phase itself may introduce microplastics to the surface of filets if there are microplastics 
on the work surfaces or settling from the factory air. The introduction of microplastics during this 
processing step should be further investigated as it is relevant not only in commercial settings but 
also in the home of the consumer preparing their meals.
Dried fish and shellfish are regular food commodities in Asia. In most instances, species are 

dried whole, including the viscera and gills. Karami et al. (2017) investigated samples of commonly 
consumed dried fish from local markets in Malaysia and found that the viscera and gills of these 
species contained fewer numbers of microplastics than the remaining flesh.

13.3.3 Packaging

Packaging could further introduce microplastics to the surface of food products. Two studies have 
thus far investigated microplastics generated from plastic food containers with size between 3 and 
38 mg (Fadare et al. 2020) and 3 to 29 items per package (Du et al. 2020). Furthermore, packing 
materials could transfer the particles to the product, as has been shown for meat products 
(Kedzierski et al. 2020). No parallel studies are available for the packaging of seafood products.
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13.3.4 Transport

Seafood products are often packaged in plastics before transport. The transport itself will probably 
not introduce microplastics to seafood products that are processed and packaged, although depend-
ing on how the products are handled, jostling, compressing, or exposure to sunlight might increase 
degradation of the packaging. The export and import of products such as frozen squid (Daniel 
et  al.  2021) highlight that contaminated seafood products are not contained in one country. The 
exchange of goods within and between countries will influence how a risk assessment can be per-
formed (Hantoro et al. 2019). There are currently no studies investigating how trade could be affected 
related to the growing evidence of microplastic contamination of products.

13.3.5 Cooking and Food Preparation

Recent work has demonstrated that microplastics are generated during the opening of plastic packag-
ing, with generated numbers dependent on the type of plastic (thickness, density, stiffness) (Sobhani 
et al. 2020). As mentioned above, the packing materials may transfer microplastics to a food product. 
Whether these microplastics transfer to the consumer depends on the food preparation method. 
Kedzierski et al. (2020) found that microplastics were hard to remove from meat products by rinsing 
alone and that they could be cooked along with food. In contrast, cooking seafood in water might cause 
transfer into the cooking water and reduce the microplastics content in the food (Renzi et al. 2018). 
Heating seafood in plastic containers or using plastic cooking utensils might further contaminate the 
food with microplastics, especially of smaller fragments, as has been demonstrated to occur in large 
numbers when heating plastic baby bottles and tea bags (Hernandez et al. 2019; Li et al. 2020).

Microplastics may be introduced to seafood products by preparations before and at the point of 
sale the point of sale. An assessment of 41 different vendors of traditionally stuffed mussels at 
Turkish markets revealed that microplastic concentrations varied between vendors. The highest 
average concentrations were identified in Istanbul (0.9 particles/mussel, while the lowest number 
was found in Bodrum with 0.3 particles/mussel (Gündoğdu et al. 2020). Similarly, microplastics 
were identified in delicatessen products (fish, mussels, and tofu) from vendors at local markets in 
Thailand (40.6% of products, Tokhun and Somparn 2020). Supermarkets may also contribute to dif-
ferent levels of microplastics. Supermarket- bought seafood showed significantly different micro-
plastics concentrations with pre- cooked mussels (1.4 per g) contaminated with more microplastics 
than live mussels (0.9 per g) (Li et al. 2018).

Further contamination can occur during both food preparation via fallout from indoor air. 
Catarino et al. (2018) estimated a fallout rate of 1 fiber per 4.32 cm2 for mealtimes and 5 fibers per 
4.32 cm2 for cooking time during 20 minutes and calculated that a 12.5 cm dinner plate would 
receive 114 particles during a 20- minute mealtime. Assuming 33% microplastics, they estimated 
human ingestion of settled microplastics during evening meals as 13 731–68 415 particles/year.

13.4  Consequences of Microplastics in Seafood

Microplastics are a complex contaminant, with toxicity dependent on the size, shape, polymeric 
composition, environmentally adsorbed chemicals, and chemicals added during plastics produc-
tion (Rochman et al. 2019). The consequences to specific species and the seafood supply chain will 
therefore be dependent on the type of microplastic contamination present in the environment of 
the harvested species, the processing area, and where preparation and consumption of the ulti-
mate food product occurs. Furthermore, the transfer and toxicity of any adsorbed chemicals will 
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depend on a variety of factors, including the plastic polymer type, its crystallinity, particle size, age, 
and degree of weathering, as well as environmental pH, salinity, and ionic strength, and the chemi-
cal properties of the contaminant (Fred- Ahmadu et al. 2020). As previously discussed, the lack of 
harmonization among methodologies used by microplastics researchers makes it even more diffi-
cult to perform risk assessments. As a result, there is currently limited data surrounding the com-
plete potential for microplastics to adversely affect human and environmental health in the long 
term, which makes it difficult to inform management action and consumer advice or infer risk to 
seafood supply chains (Faraday 2019).

13.4.1 Producers and Consumers

Current evidence cannot determine whether there have been significant consequences for seafood 
producers related to the direct effects of contamination concerns surrounding microplastics. On 
the other hand, there is evidence that the industry may be adversely impacted, to some extent, by 
public perception of microplastics in seafood. As Deng et  al. (2020) found in a survey of 437 
Shanghai residents, 72.3% of respondents believed that microplastics entered human bodies via 
seafood, while 62.9% believed they entered via water and 49.4% via breathing air. When asked what 
actions they would take if they discovered that seafood contained microplastics, only 9.0% of 
respondents said that they would continue consumption as usual, compared with 16.6% who 
would consider using toothpaste as usual after discovering it contained microplastics. In 2019, 
Völker et al. reported that studies on microplastics in seafood were more likely to be covered by 
media articles communicating a higher level of concern in relation to studies demonstrating global 
abundance or effects on marine organisms. Reduced seafood consumption caused by concerns 
about microplastic would be in opposition to the advice from nutritional authorities recommend-
ing an increase in the consumption of seafood (Smith et al. 2018).

The high intake of seafood (fish and shellfish) in few countries has been raised as a concern for the 
potential implications on consumers and human health (Barboza et al. 2018). Studies from around 
the world have reported varying estimates of human consumption of microplastics from different 
seafood products (Table 13.1). A recent review and meta- analysis by Danopoulos et al. (2020) using 
reported seafood microplastics concentrations and FAO consumption data estimated global micro-
plastics consumption at 0–27 825 particles/person/year for mollusks, 206–17 716 particles/person/
year for crustaceans, and 31–8 323 particles/person/year for fish. They projected that the total maxi-
mum per person yearly uptake from all seafood could be as high as 53 864 particles based on average 
global seafood consumption, but could range up to 298 535 particles for Hong Kong, where per capita 
seafood consumption rates are high, especially of bivalve mollusks. This is within the same order of 
magnitude of yearly consumption for combined sources that have been reported by other studies 
(Cox et al. 2019). However, limited knowledge of microplastics contamination of other food groups 
or dose- dependent hazards to human health makes it currently impossible to conclude whether this 
level of exposure is detrimental to human health, either in the short or long term.

Seafood consumption is one of the pathways for human exposure to microplastics, but it might not 
be the biggest when compared to other routes of exposure. There are still several gaps existing in our 
understanding of human exposure pathways, especially red meat and poultry, dairy, vegetables, 
grains, and rice which occupy a large proportion of humans’ diets. Considering that humans are 
exposed to microplastics in air, drinking water, and more commonly consumed foods, the relative 
dietary exposure from seafood consumption is likely to be low, and maybe overestimated (Barboza 
et al. 2018; Lusher et al. 2017). Many studies on microplastics in seafood report low concentrations. 
Possibly the best example of differing microplastic exposure concentrations for different exposure 
sources reported within a single study was demonstrated by Catarino et al. (2018) who showed that 



Table 13.1 Estimated seafood dietary intake of microplastics by humans (could be horizontal).

Product type Location Seafood consumption (data source) Plastic consumption rate Reference

Molluscs Global 2.5 kg/capita/year (FAO) 500–32 750 items/capita/year Hantoro et al. (2019)

Molluscs Europe 11.8–72.1 g/capita/day (EFSA) 1800–11 000 items/capita/year Van Cauwenberghe 
and Janssen (2014)

Molluscs (Mytilus sp. and 
Modiolus modiolus)

Europe (Spain, 
France, Belgium)

3.08 kg/capita/year (SEAFISH) 4620 items/capita/year Catarino et al. (2018)

Molluscs (Mytilus sp. and 
Modiolus modiolus)

UK 82 g (SEAFISH) 123 items/capita/year Catarino et al. (2018)

Molluscs (5× species) Iran 2.4 kg/capita/year (FAO) 4800 items/capita/year Naji et al. (2018)

Mytilus edulis Korea 0.67 g/capita/day (KNHANES) 29 items/capita/year Cho et al. (2019)

Mytilus edulis UK 100 g live mussels/portion
100 g frozen, chilled, or processed 
mussels/portion

100/100g portion
140/100g portion

Li et al. (2019)

Mytilus galloprovincialis Tunisia 31.2 g/capita/year (consumer)
3510 g/capita/year (fisherman)

25 items/capita/year (consumer)
2757 items/capita/year (fisherman)

Abidli et al. (2019)

Mytilus sp. (stuffed – sold 
by street vendors)

Turkey 0–11 000 items/capita/year based on 
different portion sizes

Gündoğdu et al. 
(2020)

Crassostrea gigas Korea 0.84 g/capita/day (KNHANES) 21 items/capita/year Cho et al. (2019)

Crassostrea gigas Tunisia 27.2 g/capita/year (consumer)
3060 g/capita/year (fisherman)

40 items/capita/year (consumer)
4437 items/capita/year (fisherman)

Abidli et al. (2019)

Carpet shell
Ruditapes decussatus

Tunisia 30.4 g/capita/year (consumer)
3420 g/capita/year (fisherman)

44 items/capita/year (consumer)
4920 items/capita/year (fisherman)

Abidli et al. (2019)

Tapes philippinarum Korea 1.25 g/capita/day (KNHANES) 155 items/capita/year Cho et al. (2019)

Perna viridis, Meretrix 
meretrix

India 121 g per portion 3918 items/capita/year Dowarah et al. (2020)

Patinopecten yessoensio Korea 0.25 g/capita/day(KNHANES) 7 items/capita/year Cho et al. (2019)

Scallop
Pectin maximus

UK 7.5 kg/capita/year (DEFRA)
20.8 kg/capita/year (FAO)

1267 ± 679 items/capita/year
3494 ± 1872 items/capita/year

Akoueson et al. (2020)

(Continued)
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Product type Location Seafood consumption (data source) Plastic consumption rate Reference

Patagonian scallops
Zygochlamys patagonica

UK 7.5 kg/capita/year (DEFRA)
20.8 kg/capita/year (FAO)

2449 ± 808 items/capita/year
6756 ± 2230 items/capita/year

Akoueson et al. (2020)

Hexaplex trunculus Tunisia 39.2 g/capita/year (consumer)
4410 g/capita/year (fisherman)

28 items/capita/year (consumer)
3104 items/capita/year (fisherman)

Abidli et al. (2019)

Bolinus brandaris Tunisia 21.6 g/capita/year (consumer)
2430 g/capita/year (fisherman)

23 items/capita/year (consumer)
2558 items/capita/year (fisherman)

Abidli et al. (2019)

Uroteuthis (Photololigo) 
duvaucelii

India 4.9 kg/capita/year (2016) 13 items/capita/year Daniel et al. (2021)

Crustaceans Global 1.79 kg/capita/year (FAO) 322–1951 items/capita/year Hantoro et al. (2019)

Langoustine
Nephrops norvegicus

Ireland 7 g/day (2014) 15–4471 items/capita/year Hara et al. (2020)

Prawn
Penaeus semisulcatus

Iran 100 g (USEPA) per meal adults
50 g (USEPA) per meal children

36 per meal
19 per meal

Akhabarizadeh et al. 
(2019)

Portunus armatus Iran 100 g (USEPA) per meal adults
50 g (USEPA) per meal children

26 per meal
13 per meal

Akhabarizadeh et al. 
(2019)

Marine fish Global 1.25 kg/capita/year (FAO) 25–32 375 items/capita/year Hantoro et al. (2019)

Marine fish Europe 15.6 kg/capita/year (EFSA) 842 items/capita/year Barboza et al. (2020)

Marine fish Portugal 57.0 kg/capita/year (EUMOFA) 3078 items/capita/year Barboza et al. (2020)

Marine fish Spain 47.7 kg/capita/year (EUMOFA) 2576 items/capita/year Barboza et al. (2020)

Marine fish Italy 31.1 kg/capita/year (EUMOFA) 1679 items/capita/year Barboza et al. (2020)

Marine fish USA 21.4 kg/capita/year (NOAA) 1156 items/capita/year Barboza et al. (2020)

Marine fish Brazil 9.6 kg/year/capita (NOAA) 518 items/capita/year Barboza et al. (2020)

Marine fish
(9 pelagic species)

India 8–9 kg kg/year/capita 40–45 items/capita/year Daniel et al. (2020)

Bartail flathead
Platycephalus indicus

Iran 300 g per week (adults)
50 g per week (children)

555 items/week (adults)
92 items /week (children)

Akhabarizadeh et al. 
(2018)

Table 13.1 (Continued)
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Bartail flathead
Platycephalus indicus

Iran 227 g (USEPA) per meal (adults)
116 g (USEPA) per meal (children)

41 items/meal (adults)
20 items/meal (children)

Akhabarizadeh et al. 
(2019)

Grouper
Epinephelus coioides

Iran 300 g per week (adults)
50 g per week (children)

240 items/week (adults)
40 items/week (children)

Akhabarizadeh et al. 
(2018)

Grouper
Epinephelus coioides

Iran 227 g (USEPA) per meal (adults)
116 g (USEPA) per meal (children)

36 items/meal (adults)
18 items/meal (children)

Akhabarizadeh et al. 
(2019)

Scad
Alepes djedaba

Iran 300 g per week (adults)
50 g per week (children)

233 items/week (adults)
39 items/week (children)

Akhabarizadeh et al. 
(2018)

Liza klunzingeri Iran 227 g (USEPA) per meal (adults)
116 g (USEPA) per meal (children)

61 items/meal (adults)
30 items/meal (children)

Akhabarizadeh et al. 
(2019)

Pickhandle baracuda 
Sphyraena jello

Iran 300 g per week (adults)
50 g per week (children)

169 items/week (adults)
28 items/week (children)

Akhabarizadeh et al. 
(2018)

Haddock
Melanogrammus 
aeglefinus

UK 7.5 kg/capita/year (DEFRA)
20.8 kg/capita/year (FAO)

1614 items/gram/year
4451 items/gram/year

Akoueson et al. (2020)

Seabass
Dicentrarchus labrax

UK 7.5 kg/capita/year (DEFRA)
20.8 kg/capita/year (FAO)

1333 items/gram/year
3677 items/gram/year

Akoueson et al. (2020)

Mackerel
Scomber scombrus

UK 7.5 kg/capita/year (DEFRA)
20.8 kg/capita/year (FAO)

2187 items/gram/year
6032 items/gram/year

Akoueson et al. (2020)

Plaice
Pleuronectes platessa

UK 7.5 kg/capita/year (DEFRA)
20.8 kg/capita/year (FAO)

5828 items/gram/year
16076 items/gram/year

Akoueson et al. (2020)

Canned tuna and 
mackerel (50 samples, 7 
brands)

Iran Adult: 4.94 g/person/day
Children: 1.53 g/person/day

234 items/gram/year
72 items/gram/year

Akhbarizadeh et al. 
(2020)

Canned Sardine and sprat
(20 brands)

US 90 g/capita/year 1–5 items/capita/year Karami et al. (2018)

Data sources reported by cited publications: FAO (Food and Agriculture Organisation of the United Nations), KNHANES (Korea Center for Disease Control and Prevention), 
DEFRA (Department for Environment, Food and Rural Affairs – UK), USEPA (the United States Environmental Protection Agency), NOAA (National Oceanographic and 
Atmospheric Administration – USA), EUMOFA (European Market Observatory for Fisheries and Aquaculture Products), EFSA (European Food Safety Authority), 
SEAFISH- UK (The Sea Fish Industry Authority).
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domestic dust contamination during a meal (13 731–68 415 particles/person/year) may be higher 
than the fiber intake through consumption of mussels (123–4620 particles/person/year).

It is the responsibility of producers to ensure that their products are safe for consumption. As with 
other environmental contaminants, producers can take measures such as routine monitoring to deter-
mine that levels of microplastics in their products are within safe values. Such “safe values” are yet to 
be determined and there are currently no standards or management actions in place for monitoring 
seafood for microplastics. This has also been linked to the limited understanding of the consequences 
of microplastics at environmental levels. In general, standards need to be introduced for monitoring 
microplastics in seafood, including methods that focus on smaller particles and nanoplastics, which 
may be present in the edible tissue. Producers may be able to take preventive steps to reduce micro-
plastic contamination of their products, such as eliminating microplastics from aquaculture fish meals.

13.4.2 Seafood Security

Fisheries and aquaculture provide a large proportion of the world’s food supply, with an estimated 
per capita consumption of 20.5 kg in 2018, providing 17% of animal protein consumption, or 7% of 
all protein in 2017 (FAO 2020). For around 3.3 billion people, fish makes up almost 20% of average 
per capita animal protein intake, and in a few developing countries, fish contributes 50% or more of 
animal protein intake. Food security is defined by the FAO as a situation that exists “when all peo-
ple, at all times, have physical, social and economic access to sufficient, safe and nutritious food that 
meets their dietary needs and food preferences for an active and healthy life” (FAO 1996). There are 
many risks to food security, for example, climate change, eutrophication, and overexploitation of 
fisheries stocks. It is currently unclear whether microplastics pose a risk to global food security.

Preliminary risk assessments have concluded that microplastics do not currently pose a substantial 
risk to marine and freshwater biological communities, which would suggest no current food security 
threat (Everaert et al. 2020; Garrido Gamarro et al. 2020; Koelmans et al. 2020). However, these risk 
assessments are based on traditional toxicology testing, which occurs at the individual level and does 
not consider chronic exposure effects or indirect effects to ecological communities (such as modifica-
tions to species interactions). They are also unable to take into consideration the complex toxicology of 
microplastics, as different polymers, shapes, sizes, and chemical mixtures have different interactions 
with different species. Even under these current assessments, most researchers concede that some 
parts of the global ocean and freshwater bodies will be under significant threat from microplastics 
pollution by the end of the century if emissions continue to rise as currently projected.

Thus, while microplastics may or may not represent a current threat to global food security, pro-
active measures to reduce emissions may be necessary to prevent future threats. Management 
schemes should be developed to test the safety and quality of end products. Having action levels 
will ensure that food safety management regularly checks the presence of microplastics and will 
give clear signals to consumers and stakeholders that the threat to seafood is being adequately 
addressed (Faraday 2019). As the field develops and data and models more thoroughly cover the 
breadth of microplastics types and mixtures, future risk assessments will ideally allow for the 
creation of standards for limiting food security threats due to microplastics exposure.

13.5  Conclusion

The information regarding microplastics in seafood items is globally patchy, with the most data 
existing for bivalve shellfish and the digestive tracts of fish, and missing data for some species and 
regions. Exposure and risks will be associated with regional diets, as well as the levels of  microplastics 
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contamination in the capture environment, and processing, packaging, and food preparation meth-
ods. More in- depth local and global monitoring of the degree on microplastic contamination of the 
edible tissues of seafood species throughout the supply chain will be necessary to inform risk assess-
ments and strategies for mitigating harm to the public. However, these steps will be of limited use 
until comprehensive data and understanding of the human and environmental health effects of 
microplastics and their associated chemicals are present. There is currently enough knowledge 
available to confirm that microplastics are being transferred to humans via seafood, but other routes 
of transfer may be more relevant for overall chronic exposure. More complete knowledge of the 
overall contamination of various food products is needed before the relative contribution of seafood 
can be understood. Acting to regulate seafood projects based on the current best available science 
runs the risk of being counterproductive given the known health benefits of consuming seafood. 
Considering the ubiquitous nature of microplastics, special consideration should be given to under-
standing the chronic effects of human exposure to ensure that seafood or other food products are 
not negatively impacting the health and wellbeing of any human populations, especially those, 
often already impoverished or underrepresented populations, that relies so heavily on the consump-
tion of seafood to meet their dietary needs.

 References

Abbasi, S., Soltani, N., Keshavarzi, B., et al. 2018. Microplastics in different tissues of fish and prawn 
from the Musa Estuary, Persian Gulf. Chemosphere, 205: 80–87. https://doi.org/10.1016/ 
j.chemosphere.2018.04.076

Abidli, S., Lahbib, Y., Trigui El Menif, N. 2019. Microplastics in commercial molluscs from the lagoon 
of Bizerte (Northern Tunisia). Marine Pollution Bulletin, 142: 243–252. https://doi.org/10.1016/ 
j.marpolbul.2019.03.048

Akhbarizadeh, R., Moore, F., Keshavarzi, B. 2018. Investigating a probable relationship between 
microplastics and potentially toxic elements in fish muscles from northeast of Persian Gulf. 
Environmental Pollution, 232: 154–163. https://doi.org/10.1016/j.envpol.2017.09.028

Akhbarizadeh, R., Moore, F., Keshavarzi, B. 2019. Investigating microplastics bioaccumulation and 
biomagnification in seafood from the Persian Gulf: a threat to human health? Food Additives & 
Contaminants: Part A, 36: 1696–1708. https://doi.org/10.1080/19440049.2019.1649473

Akhbarizadeh, R., Dobaradaran, S., Nabipour, I., et al. 2020. Abundance, composition, and potential 
intake of microplastics in canned fish. Marine Pollution Bulletin, 160: 111633. https://doi.org/ 
10.1016/j.marpolbul.2020.111633

Akoueson, F., Sheldon, L. M., Danopoulos, E., et al. 2020. A preliminary analysis of microplastics in 
edible versus non- edible tissues from seafood samples. Environmental Pollution, 262: 114452. 
https://doi.org/10.1016/.envpol.2020.114452

Barboza, L. G. A., Vethaak, A. D., Lavorante, B. R. B. O., et al. 2018. Marine microplastic debris: an 
emerging issue for food security, food safety and human health. Marine Pollution Bulletin, 133: 
336–348. https://doi.org/10.1016/j.marpolbul.2018.05.047

Barboza, L. G. A., Lopes, C., Oliveira, P., et al. 2020. Microplastic in wild fish from North East Atlantic 
Ocean and its potential for causing neurotoxic effects, lipid oxidative damage, and human health 
risks associated with ingestion exposure. Science of the Total Environment, 717: 134625. https://doi.
org/10.1016/j.scitotenv.2019.134625

Bourdages, M. P. T., Provencher, J. F., Sudlovenick, E., et al. 2020. No plastics detected in seal 
(Phocidae) stomachs harvested in the eastern Canadian Arctic. Marine Pollution Bulletin, 150: 
110772. https://doi.org/10.1016/j.marpolbul.2019.110772

https://doi.org/10.1016/j.chemosphere.2018.04.076
https://doi.org/10.1016/j.chemosphere.2018.04.076
https://doi.org/10.1016/j.marpolbul.2019.03.048
https://doi.org/10.1016/j.marpolbul.2019.03.048
https://doi.org/10.1016/j.envpol.2017.09.028
https://doi.org/10.1080/19440049.2019.1649473
https://doi.org/10.1016/j.marpolbul.2020.111633
https://doi.org/10.1016/j.marpolbul.2020.111633
https://doi.org/10.1016/.envpol.2020.114452
https://doi.org/10.1016/j.marpolbul.2018.05.047
https://doi.org/10.1016/j.scitotenv.2019.134625
https://doi.org/10.1016/j.scitotenv.2019.134625
https://doi.org/10.1016/j.marpolbul.2019.110772


13  Microplastics in Fish and Seafood Species382

Brander, S. M., Renick, V. C., Foley, et al. 2020. Sampling and QA/QC: a guide for scientists 
investigating the occurrence of microplastics across matrices. Applied Spectroscopy, 74: 1099–1125. 
https://doi.org/10.1177/0003702820945713

Bråte, I. L. N., Hurley, R., Iversen, K., et al. 2018. Mytilus spp. as sentinels for monitoring microplastic 
pollution in Norwegian coastal waters: a qualitative and quantitative study. Environmental Pollution, 
242: 383–393. https://doi.org/10.1016/j.envpol.2018.08.077

Castelvetro, V., Corti, A., Bianchi, S., et al. 2020. Microplastics in fish meal: contamination level 
analyzed by polymer type, including polyester (PET), polyolefins, and polystyrene. Environmental 
Pollution, 115792. https://doi.org/10.1016/j.envpol.2020.115792

Catarino, A. I., Macchia, V., Sanderson, W. G., et al. 2018. Low levels of microplastics (MP) in wild 
mussels indicate that MP ingestion by humans is minimal compared to exposure via household 
fibres fallout during a meal. Environmental Pollution, 237: 675–684. https://doi.org/10.1016/j.
envpol.2018.02.069

Cau, A., Avio, C. G., Dessì, C., Follesa, M. C., Moccia, D., Regoli, F., Pusceddu, A., 2019. Microplastics 
in the crustaceans Nephrops norvegicus and Aristeus antennatus: flagship species for deep- sea 
environments? Environmental Pollution, 255: 113107. https://doi.org/10.1016/j.envpol.2019.113107

Chen, B., Fan, Y., Huang, W., et al. 2020. Observation of microplastics in mariculture water of Longjiao 
Bay, southeast China: influence by human activities. Marine Pollution Bulletin, 160, 111655. https://
doi.org/10.1016/j.marpolbul.2020.111655

Chen, M., Jin, M., Tao, P., et al. 2018. Assessment of microplastics derived from mariculture in 
Xiangshan Bay, China. Environmental Pollution, 242: 1146–1156. https://doi.org/10.1016/j.
envpol.2018.07.133

Chen, Y., Ling, Y., Li, X., et al. 2020. Size- dependent cellular internalization and effects of polystyrene 
microplastics in microalgae P. helgolandica var. tsingtaoensis and S. quadricauda. Journal of 
Hazardous Materials, 399: 123092. https://doi.org/10.1016/j.jhazmat.2020.123092

Cho, Y., Shim, W. J., Jang, M., et al. 2019. Abundance and characteristics of microplastics in market 
bivalves from South Korea. Environmental Pollution, 245: 1107–1116. https://doi.org/10.1016/j.
envpol.2018.11.091

Cho, Y., Shim, W.J., Jang, M., et al. 2021. Nationwide monitoring of microplastics in bivalves from the 
coastal environment of Korea. Environmental Pollution, 270: 116175. https://doi.org/10.1016/j.
envpol.2020.116175

Collard, F., Gilbert, B., Compère, P., et al. 2017. Microplastics in livers of European anchovies 
(Engraulis encrasicolus, L.). Environmental Pollution, 229: 1000–1005. https://doi.org/10.1016/j.
envpol.2017.07.089

Covernton, G., Collicutt, B., Gurney- Smith, H., et al. 2019. Microplastics in bivalves and their habitat 
in relation to shellfish aquaculture proximity in coastal British Columbia, Canada. Aquaculture 
Environment Interactions, 11: 357–374. https://doi.org/10.3354/aei00316

Covernton, G. A., Davies, H. L., Cox, K. D., et al. 2021. A Bayesian analysis of the factors determining 
microplastics ingestion in fish. Journal of Hazardous Materials, 413: 125405. https://doi.
org/10.1016/j.jhazmat.2021.125405

Cowger, W., Booth, A., Hamilton, B., et al. 2020. Reporting guidelines to increase the reproducibility 
and comparability of research on microplastics. Applied Spectroscopy, 74: 1066–1077. https://doi.
org/10.1177/0003702820930292

Cox, K. D., Covernton, G. A., Davies, H. L. 2019. Human consumption of microplastics. Environmental 
Science and Technology, 53: 7068–7074. https://doi.org/10.1021/acs.est.9b01517

Daniel, D. B., Ashraf, P. M., Thomas, S. N. 2020. Microplastics in the edible and inedible tissues of 
pelagic fishes sold for human consumption in Kerala, India. Environmental Pollution, 266: 115365. 
https://doi.org/10.1016/j.envpol.2020.115365

https://doi.org/10.1177/0003702820945713
https://doi.org/10.1016/j.envpol.2018.08.077
https://doi.org/10.1016/j.envpol.2020.115792
https://doi.org/10.1016/j.envpol.2018.02.069
https://doi.org/10.1016/j.envpol.2018.02.069
https://doi.org/10.1016/j.envpol.2019.113107
https://doi.org/10.1016/j.marpolbul.2020.111655
https://doi.org/10.1016/j.marpolbul.2020.111655
https://doi.org/10.1016/j.envpol.2018.07.133
https://doi.org/10.1016/j.envpol.2018.07.133
https://doi.org/10.1016/j.jhazmat.2020.123092
https://doi.org/10.1016/j.envpol.2018.11.091
https://doi.org/10.1016/j.envpol.2018.11.091
https://doi.org/10.1016/j.envpol.2020.116175
https://doi.org/10.1016/j.envpol.2020.116175
https://doi.org/10.1016/j.envpol.2017.07.089
https://doi.org/10.1016/j.envpol.2017.07.089
https://doi.org/10.3354/aei00316
https://doi.org/10.1016/j.jhazmat.2021.125405
https://doi.org/10.1016/j.jhazmat.2021.125405
https://doi.org/10.1177/0003702820930292
https://doi.org/10.1177/0003702820930292
https://doi.org/10.1021/acs.est.9b01517
https://doi.org/10.1016/j.envpol.2020.115365


  References 383

Daniel, D. B., Ashraf, P. M., Thomas, S.N., et al. 2021. Microplastics in the edible tissues of shellfishes 
sold for human consumption. Chemosphere, 264: 128554. https://doi.org/10.1016/j.
chemosphere.2020.128554

Danopoulos, E., Jenner, L. C., Twiddy, M., et al. 2020. Microplastic contamination of seafood intended 
for human consumption: a systematic review and meta- analysis. Environmental Health Perspectives, 
128, 126002. https://doi.org/10.1289/EHP7171

Dehaut, A., Hermabessiere, L., Duflos, G. 2019. Current frontiers and recommendations for the study 
of microplastics in seafood. Trends in Analytical Chemistry, 116: 346–359. https://doi.org/10.1016/j.
trac.2018.11.011

Deng, L., Cai, L., Sun, F., et al. 2020. Public attitudes towards microplastics: perceptions, behaviors and 
policy implications. Resources, Conservation and Recycling, 163: 105096. https://doi.org/10.1016/j.
resconrec.2020.105096

Devriese, L. I., van der Meulen, M. D., Maes, T., et al. 2015. Microplastic contamination in brown 
shrimp (Crangon crangon, Linnaeus 1758) from coastal waters of the Southern North Sea and 
Channel area. Marine Pollution Bulletin, 98: 179–187. https://doi.org/10.1016/j.
marpolbul.2015.06.051

Dowarah, K., Patchaiyappan, A., Thirunavukkarasu, C., et al. 2020. Quantification of microplastics 
using Nile Red in two bivalve species Perna viridis and Meretrix meretrix from three estuaries in 
Pondicherry, India and microplastic uptake by local communities through bivalve diet. Marine 
Pollution Bulletin, 153: 110982. https://doi.org/10.1016/j.marpolbul.2020.110982

Drenner, R. W., Threlkeld, S. T., McCracken, M. D. 1986. Experimental analysis of the direct and 
indirect effects of an omnivorous filter- feeding Clupeid on plankton community structure. 
Canadian Journal of Fisheries and Aquatic Sciences, 43: 1935–1945.

Du, F., Cai, H., Zhang, Q., et al. 2020. Microplastics in take- out food containers. Journal of Hazardous 
Materials, 399: 122969. https://doi.org/10.1016/j.jhazmat.2020.122969

Duncan, E. M., Broderick, A. C., Fuller, W. J., et al. 2019. Microplastic ingestion ubiquitous in marine 
turtles. Global Change Biology, 25: 744–752. https://doi.org/10.1111/gcb.14519

ElShehawy, S. M., Farag, Z. S. 2019. Safety assessment of some imported canned fish using chemical, 
microbiological and sensory methods. The Egyptian Journal of Aquatic Research, 45: 389–394. 
https://doi.org/10.1016/j.ejar.2019.08.005

Everaert, G., De Rijcke, M., Lonneville, B., et al. 2020. Risks of floating microplastic in the global 
ocean. Environmental Pollution, 267: 115499. https://doi.org/10.1016/j.envpol.2020.115499

FAO. 1996. Rome Declaration on World Food Security. Food and Agriculture Organization of the United 
Nations, Rome, Italy (13 November 1996). Available from: <http://www.fao.org/fileadmin/
templates/faoitaly/documents/pdf/pdf_Food_Security_Cocept_Note.pdf> ().

FAO. 2020. The State of World Fisheries and Aquaculture 2020. Sustainability in action. Food and 
Agriculture Organization of the United Nations, Rome, Italy. https://doi.org/10.4060/ca9229en

Fadare, O. O., Wan, B., Guo, L.- H., et al. 2020. Microplastics from consumer plastic food containers: are 
we consuming it? Chemosphere, 253: 126787. https://doi.org/10.1016/j.chemosphere.2020.126787

Faraday, S. E. 2019. Microplastics as a new, ubiquitous pollutant: strategies to anticipate management 
and advise seafood consumers. Marine Policy, 104: 103–107. https://doi.org/10.1016/j.
marpol.2019.02.020

Featherstone, S. 2016. Canning of fish and seafood. In: Fetherstone, S. (ed.), A Complete Course in 
Canning and Related Processes: Volume 3 Processing Procedures for Canned Food Products, 231–265. 
Woodhead Publishing. https://doi.org/10.1016/C2013- 0- 16340- 4

Feng, Z., Zhang, T., Shi, H., et al. 2020a. Microplastics in bloom- forming macroalgae: distribution, 
characteristics and impacts. Journal of Hazardous Materials, 397: 122752. https://doi.org/10.1016/j.
jhazmat.2020.122752

https://doi.org/10.1016/j.chemosphere.2020.128554
https://doi.org/10.1016/j.chemosphere.2020.128554
https://doi.org/10.1289/EHP7171
https://doi.org/10.1016/j.trac.2018.11.011
https://doi.org/10.1016/j.trac.2018.11.011
https://doi.org/10.1016/j.resconrec.2020.105096
https://doi.org/10.1016/j.resconrec.2020.105096
https://doi.org/10.1016/j.marpolbul.2015.06.051
https://doi.org/10.1016/j.marpolbul.2015.06.051
https://doi.org/10.1016/j.marpolbul.2020.110982
https://doi.org/10.1016/j.jhazmat.2020.122969
https://doi.org/10.1111/gcb.14519
https://doi.org/10.1016/j.ejar.2019.08.005
https://doi.org/10.1016/j.envpol.2020.115499
http://www.fao.org/fileadmin/templates/faoitaly/documents/pdf/pdf_Food_Security_Cocept_Note.pdf
http://www.fao.org/fileadmin/templates/faoitaly/documents/pdf/pdf_Food_Security_Cocept_Note.pdf
https://doi.org/10.4060/ca9229en
https://doi.org/10.1016/j.chemosphere.2020.126787
https://doi.org/10.1016/j.marpol.2019.02.020
https://doi.org/10.1016/j.marpol.2019.02.020
https://doi.org/10.1016/C2013-0-16340-4
https://doi.org/10.1016/j.jhazmat.2020.122752
https://doi.org/10.1016/j.jhazmat.2020.122752


13  Microplastics in Fish and Seafood Species384

Feng, Z., Zhang, T., Wang, J., et al. 2020b. Spatio- temporal features of microplastics pollution in 
macroalgae growing in an important mariculture area, China. Science of the Total Environment, 719: 
137490. https://doi.org/10.1016/j.scitotenv.2020.137490

Fernández, B., Albentosa, M. 2019. Insights into the uptake, elimination and accumulation of microplastics 
in mussel. Environmental Pollution, 249: 321–329. https://doi.org/10.1016/j.envpol.2019.03.037

Fernández Severini, M. D., Buzzi, N. S., Forero López, A. D., et al. 2020. Chemical composition and 
abundance of microplastics in the muscle of commercial shrimp Pleoticus muelleri at an impacted 
coastal environment (Southwestern Atlantic). Marine Pollution Bulletin, 161: 111700. https://doi.
org/10.1016/j.marpolbul.2020.111700

Fred- Ahmadu, O. H., Bhagwat, G., Oluyoye, I., et al. 2020. Interaction of chemical contaminants with 
microplastics: principles and perspectives. Science of the Total Environment, 706: 135978. https://doi.
org/10.1016/j.scitotenv.2019.135978

Garrido Gamarro, E., Ryder, J., Elvevoll, E. O., et al. 2020. Microplastics in fish and shellfish–a threat to 
seafood safety? Journal of Aquatic Food Product Technology, 29(4): 417–425. https://doi.org/10.1080/
10498850.2020.1739793

Gao, F., Li, J., Hu, J., et al. 2020. Occurrence of microplastics carried on Ulva prolifera from the Yellow 
Sea, China. Case Studies in Chemical and Environmental Engineering. 2: 100054. https://doi.
org/10.1016/j.cscee.2020.100054

Gao, G., Zhao, X., Jin, P., et al. 2021. Current understanding and challenges for aquatic primary 
producers in a world with rising micro-  and nano- plastic levels. Journal of Hazardous Materials 406: 
124685. https://doi.org/10.1016/j.jhazmat.2020.124685

Gomiero, A., Haave, M., Bjorøy, Ø., et al. 2020. Quantification of microplastic in fillet and organs of 
farmed and wild salmonids – a comparison of methods for detection and quantification (NORCE 
Report No. 8–2020).

Goss, H., Jaskiel, J., Rotjan, R. 2018. Thalassia testudinum as a potential vector for incorporating 
microplastics into benthic marine food webs. Marine Pollution Bulletin, 135: 1085–1089. https://doi.
org/10.1016/j.marpolbul.2018.08.024

Gouin, T. 2020. Towards improved understanding of the ingestion and trophic transfer of microplastic 
particles – critical review and implications for future research. Environmental Toxicology and 
Chemistry, 39: 1119–1137. https://doi.org/10.1002/etc.4718

Graham, P., Palazzo, L., Andrea de Lucia, G., et al. 2019. Microplastics uptake and egestion dynamics 
in Pacific oysters, Magallana gigas Thunberg, (1793), under controlled conditions. Environmental 
Pollution, 252: 742–748. https://doi.org/10.1016/j.envpol.2019.06.002

Gündoğdu, S., Çevik, C., Ataş, N. T. 2020. Stuffed with microplastics: microplastic occurrence in 
traditional stuffed mussels sold in the Turkish market. Food Bioscience, 37: 100715. https://doi.
org/10.1016/j.fbio.2020.100715

Gündoğdu, S., Eroldoğan, O. T., Evliyaoğlu, E., et al. 2021. Fish out, plastic in: global pattern of plastics 
in commercial fishmeal. Aquaculture, 534: 736316. https://doi.org/10.1016/j.
aquaculture.2020.736316

Gutow, L., Eckerlebe, A., Giménez, L., et al. 2016. Experimental evaluation of seaweeds as a vector for 
microplastics into marine food webs. Environmental Science and Technology, 50: 915–923. https://
doi.org/10.1021/acs.est.5b02431

Gutow, L., Bartl, K., Saborowski, R., et al. 2019. Gastropod pedal mucus retains microplastics and 
promotes the uptake of particles by marine periwinkles. Environmental Pollution, 246: 688–696. 
https://doi.org/10.1016/j.envpol.2018.12.097

Hanachi, P., Karbalaei, S., Walker, T. R., et al. 2019. Abundance and properties of microplastics found 
in commercial fish meal and cultured common carp (Cyprinus carpio). Environmental Science and 
Pollution Research, 26: 23777–23787. https://doi.org/10.1007/s11356- 019- 05637- 6

https://doi.org/10.1016/j.scitotenv.2020.137490
https://doi.org/10.1016/j.envpol.2019.03.037
https://doi.org/10.1016/j.marpolbul.2020.111700
https://doi.org/10.1016/j.marpolbul.2020.111700
https://doi.org/10.1016/j.scitotenv.2019.135978
https://doi.org/10.1016/j.scitotenv.2019.135978
https://doi.org/10.1080/10498850.2020.1739793
https://doi.org/10.1080/10498850.2020.1739793
https://doi.org/10.1016/j.cscee.2020.100054
https://doi.org/10.1016/j.cscee.2020.100054
https://doi.org/10.1016/j.jhazmat.2020.124685
https://doi.org/10.1016/j.marpolbul.2018.08.024
https://doi.org/10.1016/j.marpolbul.2018.08.024
https://doi.org/10.1002/etc.4718
https://doi.org/10.1016/j.envpol.2019.06.002
https://doi.org/10.1016/j.fbio.2020.100715
https://doi.org/10.1016/j.fbio.2020.100715
https://doi.org/10.1016/j.aquaculture.2020.736316
https://doi.org/10.1016/j.aquaculture.2020.736316
https://doi.org/10.1021/acs.est.5b02431
https://doi.org/10.1021/acs.est.5b02431
https://doi.org/10.1016/j.envpol.2018.12.097
https://doi.org/10.1007/s11356-019-05637-6


  References 385

Hantoro, I., Löhr, A. J., Belleghem, F. G. A. J. V., et al. 2019. Microplastics in coastal areas and seafood: 
implications for food safety. Food Additives & Contaminants: Part A, 36: 674–711. https://doi.org/ 
10.1080/19440049.2019.1585581

Hara, J., Frias, J., Nash, R. 2020. Quantification of microplastic ingestion by the decapod crustacean 
Nephrops norvegicus from Irish waters. Marine Pollution Bulletin, 152: 110905. https://doi.
org/10.1016/j.marpolbul.2020.110905

Heidman, M. K., Holley, L. L., Chambers, R. M., et al. 2012. Selective feeding on nutrient- rich particles 
by gizzard shad Dorosoma cepedianum does not involve mechanical sorting. Aquatic Biology, 17: 
129–139. https://doi.org/10.3354/ab00470

Hernandez, L. M., Xu, E. G., Larsson, H. C. E., et al. 2019. Plastic teabags release billions of 
microparticles and nanoparticles into tea. Environmental Science and Technology, 53: 12300–12310. 
https://doi.org/10.1021/acs.est.9b02540

James, A. G., Findlay, K. P. 1989. Effect of particle size and concentration on feeding behaviour, 
selectivity and rates of food ingestion by the Cape anchovy Engraulis capensis. Marine Ecology 
Progress Series, 50: 275–294.

Jang, M., Shim, W. J., Cho, Y., et al. 2020. A close relationship between microplastic contamination and 
coastal area use pattern. Water Research, 171, 115400. https://doi.org/10.1016/j.watres.2019.115400

Karami, A., Golieskardi, A., Ho, Y. B., et al. 2017. Microplastics in eviscerated flesh and excised organs 
of dried fish. Scientific Reports, 7: 5473. https://doi.org/10.1038/s41598- 017- 05828- 6

Karami, A., Golieskardi, A., Choo, C. K., et al. 2018. Microplastic and mesoplastic contamination in 
canned sardines and sprats. Science of the Total Environment, 612: 1380–1386. https://doi.
org/10.1016/j.scitotenv.2017.09.005

Karbalaei, S., Golieskardi, A., Watt, D. U., et al. 2020. Analysis and inorganic composition of 
microplastics in commercial Malaysian fish meals. Marine Pollution Bulletin, 150: 110687. https://
doi.org/10.1016/j.marpolbul.2019.110687

Kazmiruk, T. N., Kazmiruk, V. D., Bendell, L. I. 2018. Abundance and distribution of microplastics 
within surface sediments of a key shellfish growing region of Canada. PLOS ONE, 13: e0196005. 
https://doi.org/10.1371/journal.pone.0196005

Kedzierski, M., Lechat, B., Sire, O., et al. 2020. Microplastic contamination of packaged meat: 
occurrence and associated risks. Food Packaging and Shelf Life, 24: 100489. https://doi.org/10.1016/j.
fpsl.2020.100489

Klasios, N., De Frond, H., Miller, E., et al. 2021. Microplastics and other anthropogenic particles are 
prevalent in mussels from San Francisco Bay and show no correlation with PAHs. Environmental 
Pollution, 271: 116260. https://doi.org/10.1016/j.envpol.2020.116260

Koelmans, A. A., Redondo Hasselerharm, P. E., Mohamed Nor, N. H., et al. 2020. Solving the non- 
alignment of methods and approaches used in microplastic research in order to consistently 
characterize risk. Environmental Science and Technology, 54: 12307–12315. https://doi.org/10.1021/
acs.est.0c02982

Kooi, M., Koelmans, A. A. 2019. Simplifying microplastic via continuous probability distributions for 
size, shape, and density. Environmental Science and Technology Letters, 6: 551–557. https://doi.
org/10.1021/acs.estlett.9b0037

Lee, R., Lovatelli, A., Ababouch, L. 2008. Bivalve depuration: fundamental and practical aspects. FAO 
Fisheries Technical Paper No. 511. Food and Agriculture Organization of the United Nations, Rome, Italy.

Li, D., Shi, Y., Yang, L., et al. 2020. Microplastic release from the degradation of polypropylene feeding 
bottles during infant formula preparation. Nature Food, 1: 746–754. https://doi.org/10.1038/
s43016- 020- 00171- y

Li, J., Qu, X., Su, L., et al. 2016. Microplastics in mussels along the coastal waters of China. 
Environmental Pollution, 214: 177–184. https://doi.org/10.1016/j.envpol.2016.04.012

https://doi.org/10.1080/19440049.2019.1585581
https://doi.org/10.1080/19440049.2019.1585581
https://doi.org/10.1016/j.marpolbul.2020.110905
https://doi.org/10.1016/j.marpolbul.2020.110905
https://doi.org/10.3354/ab00470
https://doi.org/10.1021/acs.est.9b02540
https://doi.org/10.1016/j.watres.2019.115400
https://doi.org/10.1038/s41598-017-05828-6
https://doi.org/10.1016/j.scitotenv.2017.09.005
https://doi.org/10.1016/j.scitotenv.2017.09.005
https://doi.org/10.1016/j.marpolbul.2019.110687
https://doi.org/10.1016/j.marpolbul.2019.110687
https://doi.org/10.1371/journal.pone.0196005
https://doi.org/10.1016/j.fpsl.2020.100489
https://doi.org/10.1016/j.fpsl.2020.100489
https://doi.org/10.1016/j.envpol.2020.116260
https://doi.org/10.1021/acs.est.0c02982
https://doi.org/10.1021/acs.est.0c02982
https://doi.org/10.1021/acs.estlett.9b0037
https://doi.org/10.1021/acs.estlett.9b0037
https://doi.org/10.1038/s43016-020-00171-y
https://doi.org/10.1038/s43016-020-00171-y
https://doi.org/10.1016/j.envpol.2016.04.012


13  Microplastics in Fish and Seafood Species386

Li, J., Green, C., Reynolds, A., et al. 2018. Microplastics in mussels sampled from coastal waters and 
supermarkets in the United Kingdom. Environmental Pollution, 241: 35–44. https://doi.
org/10.1016/j.envpol.2018.05.038

Li, Q., Feng, Z., Zhang, T., et al. 2020. Microplastics in the commercial seaweed nori. Journal of 
Hazardous Materials, 388: 122060. https://doi.org/10.1016/j.jhazmat.2020.122060

Lusher A.L., Welden N.A.C. 2020 Microplastic impacts in fisheries and aquaculture. In: Rocha- Santos, 
T., Costa, M., Mouneyrac, C. (eds.), Handbook of Microplastics in the Environment. Springer, Cham. 
http://doi- org- 443.webvpn.fjmu.edu.cn/10.1007/978- 3- 030- 10618- 8_30- 1

Lusher, A. L., Mchugh, M., Thompson, R. C. 2013. Occurrence of microplastics in the gastrointestinal 
tract of pelagic and demersal fish from the English Channel. Marine Pollution Bulletin, 67(1–2): 
94–99. https://doi.org/10.1016/j.marpolbul.2012.11.028

Lusher, A. L., Hollman, P. C. H., Mendoza- Hill, J. J. 2017. Microplastics in fisheries and aquaculture: 
status of knowledge on their occurrence and implications for aquatic organisms and food safety. 
FAO Fisheries and Aquaculture Technical Paper No. 615. Food and Agriculture Organization of the 
United Nations, Rome, Italy.

Lv, W., Yuan, Q., He, D., et al. 2020. Microplastic contamination caused by different rearing modes of Asian 
swamp eel (Monopterus albus). Aquaculture Research 51: 5084–5095. https://doi.org/10.1111/are.14847

McGoran, A. R., Clark, P. F., Smith, B. D., et al. 2020. High prevalence of plastic ingestion by Eriocheir 
sinensis and Carcinus maenas (Crustacea: Decapoda: Brachyura) in the Thames Estuary. 
Environmental Pollution, 265: 114972. https://doi.org/10.1016/j.envpol.2020.114972

Miller, M. E., Hamann, M., Kroon, F. J. 2020. Bioaccumulation and biomagnification of microplastics 
in marine organisms: a review and meta- analysis of current data. PLOS ONE, 15: e0240792. https://
doi.org/10.1371/journal.pone.0240792

Mohsen, M., Wang, Q., Zhang, L., et al. 2019. Microplastic ingestion by the farmed sea cucumber 
Apostichopus japonicus in China. Environmental Pollution 245: 1071–1078. https://doi.org/10.1016/j.
envpol.2018.11.083

Moore, R. C., Loseto, L., Noel, M., et al. 2020. Microplastics in beluga whales (Delphinapterus leucas) 
from the Eastern Beaufort Sea. Marine Pollution Bulletin, 150: 110723. https://doi.org/10.1016/j.
marpolbul.2019.110723

Mouritsen, O. G., Rhatigan, P., Pérez- Lloréns, J. L. 2018. World cuisine of seaweeds: science meets 
gastronomy. International Journal of Gastronomy and Food Science, 14: 55–65. https://doi.
org/10.1016/j.ijgfs.2018.09.002

Murano, C., Agnisola, C., Caramiello, D., et al. 2020. How sea urchins face microplastics: uptake, tissue 
distribution and immune system response. Environmental Pollution, 264: 114685. https://doi.
org/10.1016/j.envpol.2020.114685

Murray, F., Cowie, P. R. 2011. Plastic contamination in the decapod crustacean Nephrops norvegicus 
(Linnaeus, 1758). Marine Pollution Bulletin, 62: 1207–1217. https://doi.org/10.1016/j.
marpolbul.2011.03.032

Naji, A., Nuri, M., Vethaak, A. D. 2018. Microplastics contamination in molluscs from the northern 
part of the Persian Gulf. Environmental Pollution, 235: 113–120. https://doi.org/10.1016/j.
envpol.2017.12.046

Nelms, S. E., Galloway, T. S., Godley, B. J., et al. 2018. Investigating microplastic trophic transfer in 
marine top predators. Environmental Pollution, 238: 999–1007. https://doi.org/10.1016/j.
envpol.2018.02.016

Neto, J. G. B., Rodrigues, F. L., Ortega, I., et al. 2020. Ingestion of plastic debris by commercially 
important marine fish in southeast- south Brazil. Environmental Pollution, 267: 115508. https://doi.
org/10.1016/j.envpol.2020.115508

https://doi.org/10.1016/j.envpol.2018.05.038
https://doi.org/10.1016/j.envpol.2018.05.038
https://doi.org/10.1016/j.jhazmat.2020.122060
http://doi-org-443.webvpn.fjmu.edu.cn/10.1007/978-3-030-10618-8_30-1
https://doi.org/10.1016/j.marpolbul.2012.11.028
https://doi.org/10.1111/are.14847
https://doi.org/10.1016/j.envpol.2020.114972
https://doi.org/10.1371/journal.pone.0240792
https://doi.org/10.1371/journal.pone.0240792
https://doi.org/10.1016/j.envpol.2018.11.083
https://doi.org/10.1016/j.envpol.2018.11.083
https://doi.org/10.1016/j.marpolbul.2019.110723
https://doi.org/10.1016/j.marpolbul.2019.110723
https://doi.org/10.1016/j.ijgfs.2018.09.002
https://doi.org/10.1016/j.ijgfs.2018.09.002
https://doi.org/10.1016/j.envpol.2020.114685
https://doi.org/10.1016/j.envpol.2020.114685
https://doi.org/10.1016/j.marpolbul.2011.03.032
https://doi.org/10.1016/j.marpolbul.2011.03.032
https://doi.org/10.1016/j.envpol.2017.12.046
https://doi.org/10.1016/j.envpol.2017.12.046
https://doi.org/10.1016/j.envpol.2018.02.016
https://doi.org/10.1016/j.envpol.2018.02.016
https://doi.org/10.1016/j.envpol.2020.115508
https://doi.org/10.1016/j.envpol.2020.115508


  References 387

Ory, N. C., Sobral, P., Ferreira, J. L., et al. 2017. Amberstripe scad Decapterus muroadsi (Carangidae) 
fish ingest blue microplastics resembling their copepod prey along the coast of Rapa Nui (Easter 
Island) in the South Pacific subtropical gyre. Science of the Total Environment, 586: 430–437. https://
doi.org/10.1016/j.scitotenv.2017.01.175

Ory, N. C., Gallardo, C., Lenz, M., et al. 2018. Capture, swallowing, and egestion of microplastics by a 
planktivorous juvenile fish. Environmental Pollution, 240: 566–573. https://doi.org/10.1016/j.
envpol.2018.04.093

Panti, C., Baini, M., Lusher, A., et al. 2019. Marine litter: one of the major threats for marine mammals. 
Outcomes from the European Cetacean Society workshop. Environmental Pollution, 247: 72–79. 
https://doi.org/10.1016/j.envpol.2019.01.029

Possatto, F. E., Barletta, M., Costa, M. F., et al. 2011. Plastic debris ingestion by marine catfish: an 
unexpected fisheries impact. Marine Pollution Bulletin, 62(5): 1098–1102. https://doi.org/10.1016/j.
marpolbul.2011.01.036

Renzi, M., Guerranti, C., Blašković, A. 2018. Microplastic contents from maricultured and natural 
mussels. Marine Pollution Bulletin 131: 248–251. https://doi.org/10.1016/j.marpolbul.2018.04.035

Ribeiro, F., Okoffo, E.D., O’Brien, J.W. et al. 2020. Quantitative analysis of selected plastics in high 
commercial value Australian seafood by pyrolysis gas chromatography- mass spectrometry. 
Environmental Science and Technology, 4(15): 9408–9417. https://doi.org/10.1021/acs.est.0c02337

Rochman, C. M., Brookson, C., Bikker, J., et al. 2019. Rethinking microplastics as a diverse contaminant 
suite. Environmental Toxicology and Chemistry, 38: 703–711. https://doi.org/10.1002/etc.4371

Santana, C. A. Da S., Wieczorek, A. M., Browne, P. 2020. Importance of suspended particulate organic 
matter in the diet of Nephrops norvegicus (Linnaeus, 1758). Scientific Reports, 10: 3387. https://doi.
org/10.1038/s41598- 020- 60367- x

Saputri, D. F. I., Daud, A., Syah, R., et al. 2020. Microplastic depuration on Asaphis Detlorata. 
International Journal Papier Advance and Scientific Review, 1: 37–46. https://doi.org/10.47667/ijpasr.
v1i2.44

Schoof, R. A., DeNike, J. 2017. Microplastics in the context of regulation of commercial shellfish 
aquaculture operations. Integrated Environmental Assessment and Management 13: 522–527. https://
doi.org/10.1002/ieam.1905

Schür, C., Rist, S., Baun, A., et al. 2019. When fluorescence is not a particle: the tissue translocation of 
microplastics in Daphnia magna seems an artifact. Environmental Toxicology and Chemistry, 38: 
1495–1503. https://doi.org/10.1002/etc.4436

Smith, M., Love, D. C., Rochman, C. M., et al. 2018. Microplastics in seafood and the implications for 
human health. Current Environmental Health Reports, 5: 375–386. https://doi.org/10.1007/
s40572- 018- 0206- z

Sobhani, Z., Lei, Y., Tang, Y., et al. 2020. Microplastics generated when opening plastic packaging. 
Scientific Reports, 10: 1–7. https://doi.org/10.1038/s41598- 020- 61146- 4

Sundbæk, K. B., Koch, I. D. W., Villaro, C. G., et al. 2018. Sorption of fluorescent polystyrene 
microplastic particles to edible seaweed Fucus vesiculosus. Journal of Applied Phycology, 30: 
2923–2927. https://doi.org/10.1007/s10811- 018- 1472- 8

Tokhun, N., Somparn, A. 2020. Microplastic contaminations in buffet food from local Markets. Naresuan 
University Journal: Science and Technology, 28: 13–20. https://doi.org/10.14456/nujst.2020.32

Torn, K. 2020. Microplastics uptake and accumulation in the digestive system of the mud crab 
Rhithropanopeus harrisii. Proceedings of the Estonian Academy of Sciences, 69: 35. https://doi.
org/10.3176/proc.2020.1.04

Van Cauwenberghe, L., Janssen, C. R. 2014. Microplastics in bivalves cultured for human 
consumption. Environmental Pollution, 193: 65–70. https://doi.org/10.1016/j.envpol.2014.06.010

https://doi.org/10.1016/j.scitotenv.2017.01.175
https://doi.org/10.1016/j.scitotenv.2017.01.175
https://doi.org/10.1016/j.envpol.2018.04.093
https://doi.org/10.1016/j.envpol.2018.04.093
https://doi.org/10.1016/j.envpol.2019.01.029
https://doi.org/10.1016/j.marpolbul.2011.01.036
https://doi.org/10.1016/j.marpolbul.2011.01.036
https://doi.org/10.1016/j.marpolbul.2018.04.035
https://doi.org/10.1021/acs.est.0c02337
https://doi.org/10.1002/etc.4371
https://doi.org/10.1038/s41598-020-60367-x
https://doi.org/10.1038/s41598-020-60367-x
https://doi.org/10.47667/ijpasr.v1i2.44
https://doi.org/10.47667/ijpasr.v1i2.44
https://doi.org/10.1002/ieam.1905
https://doi.org/10.1002/ieam.1905
https://doi.org/10.1002/etc.4436
https://doi.org/10.1007/s40572-018-0206-z
https://doi.org/10.1007/s40572-018-0206-z
https://doi.org/10.1038/s41598-020-61146-4
https://doi.org/10.1007/s10811-018-1472-8
https://doi.org/10.14456/nujst.2020.32
https://doi.org/10.3176/proc.2020.1.04
https://doi.org/10.3176/proc.2020.1.04
https://doi.org/10.1016/j.envpol.2014.06.010


13  Microplastics in Fish and Seafood Species388

VKM. 2019. Microplastics: occurrence, levels and implications for environment and human health related 
to food. Scientific opinion of the Scientific Steering Committee of the Norwegian Scientific Committee 
for Food and Environment (No. 2019:16). Norwegian Scientific Committee for Food and 
Environment (VKM), Oslo, Norway.

Völker, C., Kramm, J., Wagner, M. 2019. On the creation of risk: framing of microplastics risks in 
science and media. Global Challenges, 4: 1900010. https://doi.org/10.1002/gch2.201900010

Walkinshaw, C., Lindeque, P. K., Thompson, R., Tolhurst, T., Cole, M. 2020. Microplastics and seafood: 
lower trophic organisms at highest risk of contamination. Ecotoxicology and Environmental Safety, 
190: 110066. https://doi.org/10.1016/j.ecoenv.2019.110066

Ward, J. E., Zhao, S., Holohan, B., et al. 2019a. Selective ingestion and egestion of plastic particles by 
the blue mussel (Mytilus edulis) and eastern oyster (Crassostrea virginica): implications for using 
bivalves as bioindicators of microplastic pollution. Environmental Science and Technology, 53: 
8776–8784. https://doi.org/10.1021/acs.est.9b02073

Ward, J. E., Rosa, M., Shumway, S. E. 2019b. Capture, ingestion, and egestion of microplastics by 
suspension- feeding bivalves: a 40- year history. Anthropocene Coasts, 2: 39–49. https://doi.
org/10.1139/anc- 2018- 0027

Welden, N. A. C., Cowie, P. R. 2016. Environment and gut morphology influence microplastic 
retention in langoustine, Nephrops norvegicus. Environmental Pollution, 214: 859–865. https://doi.
org/10.1016/j.envpol.2016.03.067

Welden, N. A., Abylkhani, B., Howarth, L. M. 2018. The effects of trophic transfer and environmental 
factors on microplastic uptake by plaice, Pleuronectes plastessa, and spider crab, Maja squinado. 
Environmental Pollution, 239, 351–358. https://doi.org/10.1016/j.envpol.2018.03.110

Woods, M. N., Stack, M. E., Fields, D. M., et al. 2018. Microplastic fiber uptake, ingestion, and egestion 
rates in the blue mussel (Mytilus edulis). Marine Pollution Bulletin, 137: 638–645. https://doi.
org/10.1016/j.marpolbul.2018.10.061

Zantis, L. J., Carroll, E. L., Nelms, S. E., et al. 2021. Marine mammals and microplastics: a systematic 
review and call for standardisation. Environmental Pollution, 269: 116142. https://doi.org/10.1016/j.
envpol.2020.116142

Zeytin, S., Wagner, G., Mackay- Roberts, N., et al. 2020. Quantifying microplastic translocation from 
feed to the fillet in European sea bass Dicentrarchus labrax. Marine Pollution Bulletin, 156: 111210. 
https://doi.org/10.1016/j.marpolbul.2020.111210

https://doi.org/10.1002/gch2.201900010
https://doi.org/10.1016/j.ecoenv.2019.110066
https://doi.org/10.1021/acs.est.9b02073
https://doi.org/10.1139/anc-2018-0027
https://doi.org/10.1139/anc-2018-0027
https://doi.org/10.1016/j.envpol.2016.03.067
https://doi.org/10.1016/j.envpol.2016.03.067
https://doi.org/10.1016/j.envpol.2018.03.110
https://doi.org/10.1016/j.marpolbul.2018.10.061
https://doi.org/10.1016/j.marpolbul.2018.10.061
https://doi.org/10.1016/j.envpol.2020.116142
https://doi.org/10.1016/j.envpol.2020.116142
https://doi.org/10.1016/j.marpolbul.2020.111210


389

Plastics and the Ocean: Origin, Characterization, Fate, and Impacts, First Edition. Edited by Anthony L. Andrady. 
© 2022 John Wiley & Sons, Inc. Published 2022 by John Wiley & Sons, Inc.

14.1  Introduction

In recent years, there has been an outpouring of research studies which have predominantly focused 
on microplastics, yet the long- term fate of microplastics (including their continual degradation in 
the marine environment) has only recently been deliberated. Microplastic particles in the marine 
environment are subjected to varied ageing and/or weathering processes during their life cycle 
(Figure 14.1). Degradation processes generate even smaller fragments below the micron scale, which 
can subsequently break down at higher rates due to their increasingly larger surface- to- volume ratio 
(Paul et al. 2020). Through ageing, the properties of the polymer change over time, ultimately affect-
ing the polymer composition, the physical integrity, and the surface properties (Paul et al. 2020).

Weathering of microplastics leads to degradation through various processes, including photo- 
oxidation, thermal degradation, hydrolysis, mechanical/physical abrasion (including the applica-
tion of shear stress forces to microplastics with crack failure, yielding fragmentation into smaller 
fragments), and even digestive fragmentation via egestion (Dawson et al. 2018; Enfrin et al. 2020; 
Mattsson et al. 2015; Paul et al. 2020). The biological degradation of plastic polymers in the marine 
environment is dependent on the molecular size, type of polymer, types of additives, degradation 
environment, and type and number of organisms in contact with the polymer (da Costa et al. 2016).

Degradation of plastic marine debris can thus change the chemical and physical characteristics 
of the plastic polymer, its density, and its biological impact (Mattsson et al. 2015). Plastic items 
larger than 5 mm have been traditionally defined as “macroplastics”, while items between 1 μm 
and 5 mm are regarded as “microplastics” (Hartmann et al. 2019). When microscale plastic parti-
cles reach nanoscale size, their degradation products are reclassified as “nanoplastics”. While no 
consensus on the definition of a nanoplastic yet exists, recent literature has generally adopted a 
nanoplastic to be a plastic particle within a size ranging from 1 to 1,000 nm (Gigault et al. 2018), 
with a few stricter definitions classifying nanoplastics as being plastic particles <100 nm in at least 
one dimension (Alimi et al. 2018; Koelmans et al. 2015).

A first, semi- quantitative proof of nanoplastics in the environment has been given by Ter Halle 
et al. (2017), and its formation was proven experimentally by Lambert and Wagner (2016) and 
Gigault et al. (2016). Yet, due to the incredibly small size of nanoplastics, assessing their fate in the 
aquatic environment is extremely challenging (Mintenig et al. 2018). As they generally fall below 
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the detection limit of commonly available collection and identification methods, it is hypothesized 
that nanoplastics may account for the largest percentage of unaccounted plastic marine debris 
(van Sebille et al. 2015; Ter Halle et al. 2016). The existence of agglomerated plastic particles, much 
like suspended particulate matter, may mean that nanoplastics are ubiquitous, and either aggre-
gated in the sediment (though nanoscale particles may be prevented from sedimentation due to 
collisions with water molecules and other ionic species present) or transported over long distances, 
albeit transport pathways of nanoplastics in aquatic systems remains poorly understood (Gigault 
et al. 2018). While some controversy exists as to whether nanoplastics are present in marine waters 
at levels sufficient to be hazardous (Gaylarde et al. 2020; and while quantitative analytical tech-
niques to assess nanoplastic concentrations in the environment are not yet available), it is possible 
to extrapolate their release by fragmentation and degradation of larger plastic pieces.

In fact, evidence of nanoplastic occurrence and production has been successfully identified in 
laboratory settings. A few studies have attempted to produce in  vitro degradation products of 
microplastics via the degradation of larger plastic pieces to better mimic natural breakdown pro-
cesses. For example, the mechanical breakdown of two commonly used polystyrene (PS) items 
(coffee cup lids and expanded PS foam) produced plastic particles with mean diameters between 
125 nm and 173 nm in size in under five minutes of mechanical treatment (Ekvall et al. 2019). 
Additionally, weathering of PS coffee cup lids was performed by exposing 1 cm plastic squares in a 
weathering chamber, complete with UV light and high temperatures (30 °C). Nanoparticle track-
ing analysis showed an increase in the formation of nanoplastics as small as 30  nm over time 
(Lambert and Wagner 2016). In another study, microplastics in advanced states of weathering that 
were collected from the North Atlantic gyre between 1 and 2 mm in size (determined to be com-
posed of predominantly polyethylene) where exposed to a “homemade” photo- reactor (built to 
simulate solar light for degrading plastics). The results detected by a dynamic light scattering probe 
revealed that nanoplastics smaller than 50 nm were produced. Contrary to mechanical aging, it is 
speculated that photo- degradation leads to chemical changes in the polymeric chains, though this 
study was unable to characterize these (Gigault et al. 2016). A recent study using 14C isotope trac-
ers to investigate the degradation and mineralization of PS nanoparticles under UV radiation dem-
onstrated the importance of water in degradation processes and the generation of leachates; 
irradiation in water (compared to air) did not affect the weight- average molecular weight of nano-
plastics but enhanced the oxidation and mineralization of PS nanoplastics, with a significant pro-
duction of small- molecule oxidative products. They determined that these hydrophilic products, 
after leaching into the surrounding water, continued to undergo further degradation and minerali-
zation (though the role of water may depend on the intensity and duration of the photoreactions; 
Tian et al. 2019). While the generation of nanoplastics in the marine environment has not been 
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Figure 14.1 Weathering of macroplastics leads to production of secondary microplastics and ultimately 
secondary nanoplastics.
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actively demonstrated, despite their presence having been recently documented in the North 
Atlantic  subtropical gyre (Ter Halle et al. 2017), these studies producing nanoplastics from larger 
plastic fragments by mimicking natural weathering behaviors are highly suggestive of nanoplastic 
production in situ.

Nanoplastics can be classified into primary and secondary nanoplastics, where primary nano-
plastics are industrially produced for specific purposes (such as inclusion in cosmetics) and sec-
ondary nanoplastics result from plastic waste via degradation processes (Gaylarde et al. 2020; Paul 
et al. 2020). The origin of nanoplastic particles is an important consideration in nanotoxicological 
assays. For example, an engineered nanoplastic particle (an example of primary nanoplastics), 
such as a PS nanosphere, will have a surface chemistry that can be easily manipulated via chemical 
bond formations in a laboratory setting. Many companies utilize various additives not found in the 
environment for better stability of nanoplastic particles. These manufactured particles often dis-
play high sphericity, are strictly monodisperse (characterized by or as particles of approximately 
the same size), and exhibit stable physical and chemical properties (Alpha Nanotech  2021). 
Secondary nanoplastics, on the other hand, are typically the result of unintentional and incidental 
formation due to significant weathering of a larger plastic piece. They are polydisperse (character-
ized by/as particles of varied sizes) and can have an asymmetrical and heterogenous shape, and 
uncontrolled surface chemistries with different chemical species present (both organic and inor-
ganic; Gigault et al. 2018). While both primary and secondary nanoplastics can form aggregates, 
their colloidal behavior may differ depending on the surrounding chemical and physical properties 
of the water column.

One issue of consensus in nanoplastics research thus far is that most studies use laboratory syn-
thesized nanoplastics that likely do not have representative chemical makeup, density, porosity, or 
rugosity as compared to that of environmentally derived nanoplastics and therefore may behave 
significantly differently. For example, the size, surface charge, aggregation behaviors, and shape of 
a nanoplastic particle will often determine the degree of cellular uptake, and thus its possibility to 
reach targets and evoke adverse effects (Kettler et al. 2014). In fact, studies utilizing solely pristine 
PS beads are considered to lack environmental significance, as their properties may diverge from 
those encountered in environmental settings, and the use of varying methodologies, concentra-
tions, and size ranges of utilized plastics yields often incompatible data (Koelmans et al. 2020).

More recent studies have adopted a “top- down” approach to understanding secondary nanoplas-
tic formation by improving the representation of nanoplastic samples to mimic real environmental 
nano- pollutants (El Hadri et al. 2020). For example, nanoprecipitation (the generation of nanopar-
ticles by means of precipitation from solution) generated both polyethylene (PE) and polyethylene 
terephthalate (PET) nanoplastics of 200–800 nm and 50–200 nm in laboratory studies (Balakrishnan 
et al. 2019; Rodríguez- Hernández et al. 2019). Other methods include (i) synthesizing nanoplastic 
particles doped with a chemically entrapped metal tracer (that can be easily detected in complex 
systems), (ii) nanoplastic synthesis with different surface functionalities via soap- free emulsion 
polymerization, (iii) laser ablation to obtain PET nanoplastics with an average dimension of 
100 nm, and (iv) mechanical degradation of PS, PE, environmentally pre- degraded PS, and envi-
ronmentally pre- degraded PE (El Hadri et al. 2020; Magrì et al. 2018; Mitrano et al. 2019; Pessoni 
et al. 2019).

Yet a massive gap in data regarding nanoplastics still exists. Most studies have been unable to 
quantify environmentally relevant concentrations; currently, no standardized optimized sampling, 
concentration, and separation methods are available, and as such, no proper nanoplastic models 
exist (Cai et al. 2020). Thus, it is extremely likely that a large fraction, if not the largest fraction, of 
marine plastic debris (in the form of nanoscale pieces) remains unknown. To adequately address 
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environmental nanoplastic contamination, the effects of nanoplastics on ecosystem health, and 
potential hazards to human health, it is important to continue to characterize nanoplastics in 
hopes of understanding their overarching impact and fate.

Of the estimated 5–13 million metric tons of plastic waste that leaks annually into the ocean 
(Jambeck et al. 2015), the amount of resulting nanoplastics is presumed to be exceptionally high; 
however, this continuous formation of nanoscale plastic particles has been somewhat overlooked 
until recently (Bouwmeester et  al.  2015). It is therefore evident that the comprehension of the 
potential impact of nanoplastics on our environment is imperative to assessing the harm on 
microbes, as well as up through the food chain to ourselves. Thus, understanding the behavior of 
nanoplastics in the marine environment is critical to understanding their potential nanotoxicologi-
cal effects. Since nanoplastics are generally thought to be produced unintentionally from micro-
scale plastic debris, it is likely that they form aggregates with other natural and/or anthropogenic 
materials (Gigault et al. 2018). Consequently, the colloidal behavior of nanoplastics is extremely 
relevant.

14.1.1 Aggregation Behavior of Nanomaterials and Nanoplastics

Our knowledge of nanoplastic behavior draws heavily from the field of nanotechnology. 
Nanoparticles and nanomaterials, having at least one dimension in the nanoscale (1–100  nm; 
Potočnik 2011), often interact with solid surfaces or other particles quite differently than that of 
larger, micrometer- sized particles (Lowry et al. 2012; Petosa et al. 2010). Any nanoparticle will 
have an exceptionally high surface- to- volume ratio. Therefore, even the simplest nanoparticle will 
have a distinct surface chemistry (often different from the core material itself), and that surface 
will be the first aspect of the nanoparticle that the environment or an organism experiences 
(Christian et al. 2008). The core of the nanoparticle (essentially the center) is ordinarily homoge-
nous, whereas the surface can be functionalized with a range of small molecules, polymers, sur-
factants, metal ions, capping agents, and stabilizers (Christian et al. 2008; Lowry et al. 2012).

For particles less than 100 nm in size, Brownian diffusion controls the long- range forces in sus-
pension between the individual nanoparticles, leading to collision events. When this contact 
occurs, it can result in either precipitation of the nanoparticles from solution, repulsion, or attach-
ment (Christian et al. 2008; Hotze et al. 2010; Petosa et al. 2010). The stability of nanoparticles sus-
pended in the liquid medium can be evaluated as the resultant interaction energy (the sum of van 
der Waals and electrical double- layer forces [EDL]), traditionally described by the Derjaguin–
Landau–Verwey–Overbeek (DLVO) theory of colloidal stability, as the two surfaces approach one 
another (Petosa et al. 2010). Once particles collide with each other, the likelihood of attachment, 
or “attachment efficiency” (defined as the ratio of collisions resulting in attachment to the number 
of total collisions), can be controlled by both DLVO interactions and non- DLVO interactions 
(including steric interactions, hydration forces, and magnetic forces for iron- based materials; 
Alimi et al. 2018; Corsi et al. 2020; Hornyak et al. 2016; Petosa et al. 2010). However, it is important 
to note that the heteroaggregation between nanoparticles and particles present in the surrounding 
medium can often represent the interaction of two or more different particle populations, which 
can result in a complex combination of aggregation processes and attachment efficiencies, making 
theoretical and experimental determination challenging (Praetorius et al. 2020).

The increased generation of nanoparticles has resulted in the need to better understand and 
define their complex behaviors and impacts in the aquatic environment (Koelmans et al. 2015). 
The presence of engineered nanomaterials in the biosphere has increased rapidly due to continu-
ous advances in the field of nanotechnology (Lowry et al. 2012), and the high surface- to- volume 
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ratio of nanoparticles results in highly reactive and physiochemically diverse interactions (Nasser 
et al. 2020; Tallec et al. 2019).

Once in the environment, nanoparticles can undergo various processes including chemical 
transformation, sedimentation, and aggregation (Bundschuh et al. 2018) and may exist in the envi-
ronment as free particles, homo- aggregates, or hetero- aggregates (Figure 14.2). Aggregation kinet-
ics is an important determinant of the fate, distribution, bioavailability, and ecotoxicological 
potential of nanoparticles in aquatic environments (Bundschuh et al. 2018; Wang et al. 2020a).

When a nanoparticle is first introduced into a dispersion medium, the ionic strength of the dis-
persion medium will directly influence the Debye length and thus directly influences the particle–
particle electrostatic repulsion. The increase in ionic strength will generate a decrease in the Debye 
length and subsequently a decrease in the electrostatic interaction. The ionic strength where aggre-
gation starts is known as the critical coagulation concentration (CCC) and is typical for colloidal 
systems (Gigault et al. 2018). Similarly, the attachment efficiency is also a typical characteristic of 
colloidal systems and has a value between zero and one describing the probability of a collision 
between particles to result in attachment. If attractive forces dominate, the process is considered 
diffusion limited and the attachment efficiency approaches one (Alimi et al. 2018). The value of 
the attachment efficiency is related to the presence of an energy barrier, where a barrier height 
higher than the energy of the attractive forces between particles decreases the number of effective 
collisions (Praetorius et al. 2020). In this case, repulsive forces influence the likelihood of attach-
ment and the process is considered reaction limited.

Colloidal barriers to aggregation are predominantly due to surface charges or steric stabilization 
of the colloid. In the case of steric stabilization, a long molecule is tethered to the surface of the 
nanoparticle, which has a high affinity for the solvent. The barrier to aggregation is therefore 
dependent on the relative interactions of the polymer chain with itself and with the solvent. For 
aggregation to occur, the solvent must be eliminated between the two particles and from around 
the polymer chains, which is energetically unfavorable and therefore presents a barrier to aggrega-
tion (Christian et al. 2008).

Changes in ionic concentration can also have a dramatic effect on particle stability (Christian 
et al. 2008). According to DLVO theory, increasing the ionic strength (IS) of a solution compresses 
the electrical double layer and decreases repulsive forces, resulting in a higher rate of aggregation 
or deposition (Alimi et  al.  2018). This is especially important for manufactured nanoparticles, 
where engineered functionalization or incidental coatings may greatly impact nanoparticle aggre-
gation by altering the particle surface functionalization (Alimi et al. 2018).

(a) (b) (c)

Figure 14.2 Nanoplastics may exist in the environment as (a) temporary free/unadsorbed particles, 
(b) homo-aggregates(clustersofasinglekindofnanoplastic,occurringlessfrequentlyintheenvironment
exceptwhenconcentrationsareexceptionallyhigh),and(c)hetero-aggregates(nanoplasticsadsorbedto
suspended particulate matter; most probable occurrence). Source:Markuset al.(2016).
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The reactive surfaces of nanomaterials cause them to interact with their surroundings, often 
binding available biomolecules to reduce their surface reactivity (Nasser et al. 2020). For example, 
the aggregation kinetics of carbonaceous nanoparticles (which generally follows DLVO theory), 
such as fullerenes, carbon nanotubes, and graphene oxide, in addition to other nanoparticles such 
as titanium dioxide (TiO2), zinc oxide (ZnO), and cerium dioxide (CeO2), are highly dependent on 
the solution chemistry of the water, specifically electrolytes and Natural Organic Matter (NOM; 
Keller et al. 2010; Li et al. 2018). NOM and other humic substances can result in a nanoscale coat-
ing of the nanomaterials, analogous to protein-  and eco- corona systems (Figure 14.3), which can 
drastically change the aggregation, deposition, and toxic properties of the nanoparticle (Lowry 
et al. 2012). The hetero-aggregation between nanoparticles and biogenic particles can increase the 
bioavailability of nanomaterials, and these biomacromolecule- nanoparticle aggregates may offer a 
way of entry for nanomaterials into cells and subsequently determine the fate of the material in the 
organism (Lowry et al. 2012). An important consideration for several nanoparticles employed in 
the food, cosmetic, and medical industries (such as silver nanoparticles) is that these particles may 
display biocidal properties, making them less attractive to microbial colonization (Schneider 2017). 
This difference, combined with the polydisperse nature of plastic nanoparticles and varying sur-
face charges, may make nanoplastics more likely to be incorporated into extracellular polymeric 
substances (EPSs), as the binding of biomacromolecules can coat the nanoplastic and reduce its 
surface energy, rendering it more stable.

Unlike engineered nanoparticles, the potential effects and interactions of nanoplastics are not 
yet as well understood. Nevertheless, to gain a prognostic assessment of nanoplastic behavior, nan-
oparticles may, to a certain extent, be used as a suitable proxy. To do so, it is important to ascertain 
whether nanoplastics (which are often formed due to the fragmentation and degradation of larger 
plastic pieces) can act as a natural analog for manufactured nanoparticles and whether the aggre-
gation behaviors of nanoplastics are like those of other nanoparticles.

The behavior of nanoplastics (NPs) is likely driven by similar processes as nanoparticles, includ-
ing interactions with macromolecules (such as adsorption of polysaccharides and organic matter), 
leading to the potential development of bio- coronas (within organism) or eco- coronas (in environ-
ment), physical transformations (homo-  or hetero- aggregation), and biological transformations 
(including oxidation and redox mechanisms that may transform the surface layer of a particle; 
Tallec et al. 2019). The surface functionalization of a NP particle is one of the more important 

Nanoplastic Particle Nanoplastic complex
with eco-corona

Figure 14.3 Nanoplastics develop a corona of proteins and other materials upon exposure to the 
environment.
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 factors in determining its aggregation behaviors and can of course be heavily impacted by 
microbial colonization.

In agreement with DLVO theory (which is generally applicable to the aggregation of nanoplas-
tics), the aggregation rate coefficients of most NPs follow distinct reaction- controlled and diffusion- 
controlled regimes (Cai et  al.  2018). Divalent cations destabilize NPs more aggressively than 
monovalent cations due to the higher capacity of charge neutralization from divalent cations (Sun 
et  al.  2020). For polystyrene nanoplastics (PS- NPs), the attachment efficiency increases with 
increasing solution ionic strength until the mass transport- limited aggregation rate is reached 
(where the attachment efficiency is equal to one; Alimi et al. 2018). Thus, high- valence ions (such 
as iron chloride [FeCl3]) more readily induce PS- NP aggregation than low- valence ions (Cai 
et al. 2018). For polystyrene latex (PSL) NPs, the presence of divalent cations (Ca2+ and Mg2+) and 
dissolved organic carbon (DOC) can decrease the surface charge and increase the aggregate size in 
the water column (Zhang et al. 2019). The aggregation of polyethylene glycol terephthalate (PET- 
glycol modified) NPs also increases with increasing electrolyte concentrations (and in this case, 
decreasing solution pH), and attraction forces are stronger in the presence of divalent cations (Ca2+ 
and Mg2+) due to the building of cross- links between the carboxyl and hydroxyl groups on different 
PET NPs compared to monovalent cations (Na+ and L+; Dong et al. 2020).

UV irradiation can play a crucial role in the aggregation processes of nanoparticles in aqueous 
solution. For instance, the dissolution kinetics of polymer- coated cadmium selenium/zinc sulfate 
CdSe/ZnS quantum dots (QDs) is driven by photo- oxidation involving the formation of superoxide 
radicals and affected by various environmental factors, including irradiation intensity, dissolved 
oxygen concentrations, temperature, the presence of humic acid, and surface coatings (Li 
et al. 2012). Arsenic sulfide (As2S3) has been shown to enhance aggregation under UV irradiation 
via HS∙ and OH∙ radical formation, which promotes aggregation to an intermediate species, which 
in turn combine into a larger aggregate through the rapid aggregation of sulfide particles (Kong 
et al. 2018). Polymer- stabilized silver (Ag) particles (coated with gum arabic and polyvinylpyrro-
lidone) have also been shown to irreversibly aggregate to different degrees based on their surface 
coatings once exposed to UV irradiation, with the UV content of sunlight identified as a driving 
force to nanoparticle aggregation (Cheng et al. 2011).

Solution chemistry coupled with UV irradiation can concurrently affect ionic strength and thus 
be a major factor in aggregation of nanoplastics. While the chemistry of a solution containing 
PO4

3− may stabilize most UV- irradiated PS- NPs by inhibiting hydroxyl photogeneration, differing 
salts at differing concentrations can impact aggregation kinetics. Surface functional groups (such 
as - COOH and - NH2) are known as auxochrome groups that have the potential to absorb light 
irradiation and can consequently induce degradation. UV- induced hydroxyl radicals have been 
shown to degrade the surface coatings of PS- NPs, leading to destabilization (with the exception in 
CaCl2 solution due to the negative surface charge). These UV- induced hydroxyl radicals are also 
capable of degrading the amino groups of the amino- modified PS- NPs, decreasing the electrostatic 
repulsion forces among particles. Surprisingly, under UV irradiation, carboxyl- modified PS- NPs 
(due to their high negative surface charge and hydrophilicity) in NaCl and Na2SO4 solutions pro-
mote stability, though aggregation was accelerated in CaCl2 due to the generation of more carboxyl 
groups with UV, which were found to bind with Ca2+ via a bridging effect (Wang et al. 2020c).

Nanoplastics can have especially strong sorption affinities for various compounds (Koelmans 
et al. 2015). PS- NPs can attach to metal calcium–aluminum ion flocculants in a moderately alka-
line environment (pH above 5; Chen et al. 2020). Moreover, charge neutralization mechanisms 
were found to be responsible for the formation of hetero- aggregates with two inorganic colloids 
(Fe2O3 and alginate polysaccharide chains), with low to medium concentrations of alginate 
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 responsible for the formation of larger secondary hetero- aggregate structures (Oriekhova and 
Stoll  2018). The sorption of PAHs (including phenanthrene, anthracene, fluoranthene, pyrene, 
benzo(a)anthracene, chrysene, benzo(b)fluoranthene, benzo(k)fluoranthene, benzo(a)pyrene, 
and benzo[g,h,i]perylene) to PS- NPs was shown to be significantly higher compared to micrometer- 
sized PS, with PAHs being able to reach sorption sites even on small PS- NP aggregates, suggesting 
that the aggregate size has no significant effect on PAH sorption (Liu et al. 2016). Benzo[a]pyrene 
(Bap) has been studied in conjunction with PS- NPs and found to be easily and stably adsorbed to 
itself and the plastic surface, forming a nanocluster (with the nanocluster ultimately increasing 
the cellular toxicity of both compounds; Ji et al. 2020). Additionally, adsorption of PCBs (PCB 118 
and PCB 126) to 70- nm PS- NPs was found to be 1–2 orders of magnitude stronger than to PS- MPs, 
with organic matter and salinity leading to an increase in sorption (Velzeboer et al. 2014).

Tetracycline can also favorably adsorb onto PS- NPs in neutral pH conditions in the presence of 
both Mg2+ and humic acid at a pH of 6 (but can be inhibited in Mg2+ alone at a pH greater than 5; 
Wan et al. 2019). Computational analysis using density functional theory found that the outer sur-
face of nano- PET is nucleophilic in nature, which can allow it to increase the mass transfer and 
intraparticle diffusion of bisphenol A (BPA, a well- known organic compound often used as a build-
ing block of several plastics and plastic additives but also an endocrine disruptor) into the nano-
plastic structure, theoretically allowing for stable complexes to form (with PET exhibiting 
adsorption characteristics more favorable than graphene, carbon nanotubes, activated carbon, and 
inorganic surfaces). While high ionic strength decreased adsorption between nano- PET and BPA, 
it did not completely inhibit BPA adsorption (Cortés- Arriagada 2020). A laboratory study looking 
at the adsorption of 40- nm PS- NPs to BPA and the antibiotic ciprofloxacin (CIP) found that UV- 
aged PS- NPs increased the capacity for both CIP and BPA (to a larger extent than CIP) to adsorb 
onto PS- NPs. Environmental conditions did not seem to have a large effect on BPA adsorption, 
while CIP adsorption was heavily influenced by electrostatic interactions and hydrogen bonding 
(Xiong et al. 2020). CIP demonstrated similar adsorption affinities to 500- and 200- nm PS- COOH 
NPs, with electrostatic interactions, hydrogen bonding, and hydrophobic interactions driving the 
adsorption process (Yilimulati et al. 2021).

Nanoplastics can also be formidable potential adsorbents of trace metals. Metal- based nanopar-
ticles can disrupt the aggregation of different types of PS- NPs (such as unmodified- PS, PS- COOH, 
PS- NH2, and PS- SO3H). For example, CeO2 nanoparticles can destabilize PS- NPs in NaCl and 
CaCl2 solutions due to electrostatic neutralization and adsorption of functional groups. The 
increase in electrolyte concentration will progressively decrease the absolute values of the zeta 
potential, inducing an increase in the attachment efficiency (Li et al. 2020). Up to 97% of lead (II) 
(PB(II)) was found to bind to environmentally microplastic- derived (degraded via UV irradiation 
and mechanical degradation) nanoplastics at pH 7. The adsorption of Pb(II) was greatly influenced 
by pH (the increase in adsorption of Pb(II) was evidenced for pH higher than 4); an increase in pH 
led to an increase in the surface electronegativity in response to surface functional group deproto-
nation. The Freundlich adsorption constant (derived from the linear regression analysis of the 
Freundlich isotherm versus PB(II) concentration) of these nanoplastics with Pb(II) was similar to 
those of ferrihydrite, nano- geothite, and humic acid, all of which are known strong adsorbents of 
metals (Davranche et al. 2019). Additionally, polyethylene nanoplastics (PE- NPs) created from PE- 
microplastics collected in the North Atlantic gyre (dubbed PEN) were compared to reference, com-
mercially available PE- NPs (dubbed PER) for trace metal analysis of 50 metals and metalloids. 
Metal analyses revealed a very high concentration of titanium (Ti), reaching 342 μg/g in PEN 
samples, but no Ti in PER samples. Zinc was detected in both, but much more concentrated in PEN 
(16 μg/g) than the PER (0.187 μg/g). Other metals such as arsenic, chromium, barium, copper, and 
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aluminum were also found to be more concentrated in PEN compared to PER (41, 42, 48, 57, and 
99 times more, respectively). These results are further indicative of the potential adsorption of 
environmental contaminants to plastic nanoparticles (Baudrimont et al. 2020).The high surface 
area of NPs may cause exceptionally strong sorption affinities for bio- macromolecules as well. 
Salts in solution containing and associating with macromolecules (such as sodium alginate [SA], 
bovine serum albumin [BSA], EPS, humic acid, and other sources of NOM) can affect NP stability 
(Gigault et al. 2018). The aggregation behavior of amino- modified PS (PS- NH2) depends heavily on 
the concentration of NOM. In low concentrations, surface charges are neutralized, resulting in 
rapid aggregation, while high concentrations of NOM can reverse charges, restabilizing PS- NH2 
(Yu et al. 2019). Additionally, NOM can suppress the aggregation of unmodified PS- NPs and car-
boxylated PS- NPs (PS- COOH) with monovalent electrolytes (NaCl) due to steric hinderance and 
enhanced stability. In the presence of divalent electrolytes (CaCl2), NOM can continually suppress 
aggregation at low concentrations but accelerate aggregation at high concentrations due to molec-
ular bridging between Ca2+ and carboxyl groups in NOM (Liu et al. 2020; Yu et al. 2019). In FeCl3 
solutions of 0.1 mM and 1 mM concentrations (yielding a high ionic strength), NOM was found to 
increase PS- NP aggregation (Cai et al. 2018).

In seawater- saturated sand, the transport of PS- NPs functionalized with surface carboxyl, sul-
fonic, and low- density amino groups can be drastically enhanced by the presence of humic acid 
through the promotion of steric repulsions, while in contrast, humic acid induces high- density 
amino PS- NP aggregation and restricts its transport (Dong et al. 2020). Negatively charged NOM 
(alginate and Suwannee River humic acid [SRHA, a commonly used reference material for humic 
acid established by the International Humic Substances Society]) has also been shown to signifi-
cantly modify the surface charge of positively charged amidine PS and decrease its zeta potential 
(the measure of the effective electric charge on a nanoparticle’s surface, quantifying the charges 
(Saavedra et al. 2019; Selvamani 2019)).

For PET NPs, the addition of humic acid can significantly inhibit aggregation and promote sta-
bility (this is due to the negatively charged functional groups of HA increasing the negative surface 
charges of the PET NPs, which in some cases are even coated in HA molecules, providing an even 
greater negative charge and ultimately steric hinderance). Removing HA completely from solution 
(and decreasing pH) can significantly increase PET NP aggregation (Dong et al. 2020).

Salt types and ionic strength were shown to have significant effects on the stability of polyethyl-
ene nanoplastics as well. The CCC values of PE- NPs were lower in the presence of CaCl2 compared 
to NaCl and MgCl2, implying that CaCl2 destabilized PE- NPs more aggressively. PE- NPs were 
shown to be less stable than PS- NPs in the aquatic media, though the addition of NOM improved 
the stability of PE- NPs via steric repulsions, implying that PE- NPs will likely be stable in natural 
surface waters (Shams et al. 2020).

Aggregation largely determines the fate, mobility, persistence, bioavailability, and toxicity of par-
ticles in the environment (Alimi et al. 2018; Hotze et al. 2010). The hetero-aggregation between 
nanomaterials and biogenic particles can increase the bioavailability of nanomaterials, and these 
biomacromolecule- nanoparticle aggregates may offer a way of entry for nanomaterials into cells 
and may determine the fate of the material in the organism (if and where particles collect inside 
an organism; Hotze et al. 2010; Lowry et al. 2012). In contrast to microplastics, nanoplastics have 
been found to enter a wide range of organs and have longer retention times (Kögel et al. 2020). 
Binding affinity is thus a function of both inter- particle and particle- cell wall interactions, which 
in turn are influenced by medium hardness and particle concentration (Nolte et  al.  2017). 
Downsizing plastic particles from the microscale to nanoscale can lead to an evident shift in chem-
ical properties (especially surface functional groups), and while physical factors such as water flow 
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intensity play a dominant role in microplastic behavior (microplastics were shown to remain stable 
in all ionic strength solutions), chemical factors dictate the behavior of nanoplastics (Sun 
et al. 2020). The changes in surface functional groups can alter hydrophobicity and surface charges 
of nanoplastics and thus, may affect their adsorption affinities, aggregation behaviors, and may 
result in altered toxicity. Nanoplastics may in fact have a greater biological impact than microplas-
tics due to their smaller dimensions and colloidal behaviors, in addition to their ability to also bind 
metals and other potentially toxic compounds, all of which allow them to cross biological barriers 
and impact cell metabolism (Gaylarde et al. 2020).

14.2  Interactions Between Nanoplastics and Marine Microbiota

Compared to engineered nanomaterials and metal nanomaterials, research on plastic nanoparti-
cles remains in its infancy. Nanoplastics pose a credible yet uncalculated threat to marine organ-
isms; their modus operandi is seemingly different from the micro- fraction and conceivably more 
toxic. Particle size has been identified as an important determining factor both in the extent and 
pathway of uptake within organisms (Oliveira et al. 2019). Considering that nanoplastics have the 
potential to permeate biological membranes and interact directly with organisms of all sizes, the 
characterization of the impacts of nanoplastics to organismal health is critical for ecosystem 
health. Nanoplastics can take on a new biological identity in the marine environment, often dic-
tated by the biomolecular species on their surface (Canesi et al. 2015; Cedervall et al. 2007; Corsi 
et al. 2020).

The biomolecular corona is often the first point of contact between the nanoplastic particle and 
cells and contributes largely to the subsequent fate of a nanoplastic particle in biological systems. 
Differing surface functionalities and adsorbed components of the biomolecular corona can directly 
influence the fate of a nanoplastic particle at the molecular level, which in turn will affect the 
entire cell. In fact, when biological substances approach the nanoplastic surface, the formation of 
a bio-  or eco- layer in the extracellular environment can create a novel biological identity for a 
nanoplastic particle (Pulido- Reyes et al. 2017).

Small disruptions to organisms at the base of the food web (including primary producers who 
provide materials and energy for higher trophic levels) may lead to bioaccumulation and noticea-
ble repercussions ecosystem wide (Chae and An 2017). A handful of studies reviewed below have 
already begun to assess the toxicology of nanoplastic particles to marine microbiota, analyzing 
parameters affecting mortality and a battery of sublethal effects such as growth, reproduction, 
oxidative stress, photosynthesis, and cell membrane integrity.

Understanding the ecotoxicity of nanoplastics to single- celled microorganisms is crucial since 
microbial life is the foundation of Earth’s biogeochemical cycles and ultimately our own health 
and well- being. For example, marine phytoplankton produce half of the oxygen in the air we 
breathe (Karl et al. 2003). Additionally, microbial biofilms are estimated to occupy 40–80% of the 
global biomass on Earth (Flemming and Wuertz 2019); therefore, the expanding habitat of the 
“Plastisphere” – biofilms living on the outer surface of plastic marine debris – represents an impor-
tant focal point for nanoplastics’ impacts (Zettler et al. 2013). EPSs (a possible target for nanoplas-
tic adsorption) comprising of polysaccharides, proteins, lipids, nucleic acids, and extracellular 
DNA (eDNA; Sauer et al. 2007) are central to the formation and maintenance of the biofilm, and 
for many marine microbes, a biofilm is a successful strategy to colonize and survive in dynamic 
environments. While information is available on biofilm colonization of microplastics, this infor-
mation in and of itself is only applicable to the possible colonization of nanoplastic particles, 
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where size selection would be a determining factor for potential microbial colonizers. More likely, 
nanoplastic particles themselves are readily incorporated into biofilm structures, which could have 
community repercussions regarding toxicity. Much of our current knowledge of the impacts of 
nanoplastics on microbial life originates from studies employing readily available polystyrene nan-
oparticles, and it is not yet clear how well these are reflective of what microbes encounter in 
the wild.

14.2.1 Freshwater Proxies for Marine Nanoplastic Ecotoxicological Studies

Because nanoplastics have not been adequately measured in aquatic systems, only predictive eval-
uations are possible. Since freshwater ecosystems are often intermediates between land- based 
sources of pollution and the sea, freshwater models and assays may be relevant to marine ecosys-
tems if specific differences (namely, density, biofilm formation, water chemistry, and attachment 
efficiencies) are considered (Koelmans et al. 2015). Similar aggregation patterns between freshwa-
ter and marine water have not been entirely quantified, though attachment efficiencies are 
expected to be higher in marine water due to higher ionic strengths, whereas collision frequencies 
will likely be lower due to the lower concentrations of natural colloids in the water column 
(Koelmans et al. 2015). Therefore, freshwater nanoplastics may display differing surface function-
alities and exist in different concentrations than marine nanoplastics. Regarding ecotoxicology, 
effects experienced by freshwater organisms may ultimately differ from marine organisms, but 
parallels can be drawn between the types of experiments performed, and possibly even the toxico-
logical impact.

Two separate studies looked at the relationship between freshwater toxin- producing cyanobacte-
rium Microcystis aeruginosa and PS- NPs. In the first study, M. aeruginosa experienced varying 
effects after exposure to commercially purchased PS- NPs depending on the surface functionaliza-
tion of the plastic particle. The synthesis of microcystin (MC) increased both under acute and 
long- term exposure experiments to PS- NH2 compared to control groups, stimulating their extracel-
lular release. For M. aeruginosa, an increase in MC synthesis indicates a need for the cell to protect 
itself from reactive oxygen species (ROS)- induced damage and enhance the fitness of bloom popu-
lations. Microcystin is a known toxin, associated with liver cancer and fatality; therefore, this fore-
shadows a troubling response loop, where nanoplastics might accelerate the release of MC, making 
it more likely for aquatic organisms to be exposed to high concentrations of MC. The results from 
a proteomics analysis of colonies selected from the water surface after 48 hours demonstrated that 
PS- NH2 had a substantial influence on cyanobacterial protein expression, including the potential 
inhibition of photosynthetic activity (downregulation of photosystem II proteins such as PsbB, 
PsbC, and PsbD), weakening the photosynthetic electron transport chain, and reducing the carbo-
hydrate metabolism due to downregulation. Acute exposure to low concentrations of PS- NH2 only 
influenced the light reaction of photosynthesis, while high concentrations impaired both light and 
dark reactions. Additional observations after an acute exposure of PS- NH2 included downregula-
tion of lipopolysaccharide biosynthetic process- related proteins (indicating damage to cell mem-
brane integrity). Green- fluorescent PS- NH2 was observed to validate proteomic results and 
demonstrated that PS- NH2 could penetrate the cell membrane, accumulating inside the cell via 
rupture of the cell membrane (Feng et al. 2020). In the second study, M. aeruginosa was exposed to 
60- nm PS- NPs in concentrations ranging between 25 and 100 mg/L over different growth stages. 
The results indicated that PS- NPs caused dose- dependent inhibitory effects and increase in aggre-
gation rates. Like the previous study, the production and release of MC were promoted with an 
increase in PS- NP concentration (Zheng et al. 2020).
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Another freshwater cyanobacterium, Anabaena (involved in the carbon cycle, including global CO2 
sequestration) was exposed to 70–200 nm secondary (produced via UV irradiation and mechanical 
degradation of commercially purchased primary microplastic) polyhydroxy butyrate (PHB), a bio- 
based, biodegradable, and compostable alternative to conventional plastic polymers (traditionally con-
sidered innocuous to microbes). The growth of Anabaena significantly decreased by 90%, with an 
increase in intracellular ROS levels, severe membrane damage, decreased membrane integrity, and 
alteration of the cytoplasmic membrane potential causing strong depolarization of the membrane. 
Toxicity was confirmed to be from the PHB nanoplastics themselves rather than other abiotic degrada-
tion products released from PHB microplastics such as toxic additives (concluded after ultrafiltration 
removed all PHB nanoplastics and the resulting supernatant was shown to be nontoxic and not differ-
ent from those of the control, which was plastic free; González- Pleiter et al. 2019). This same study 
also analyzed the exposure of the freshwater and soil- dwelling microalga Chlamydomonas reinhardtii 
to PHB- NPs. PHB- NPs caused a significant decrease in algal growth by 95%, an increase in intracel-
lular ROS levels, impacted membrane integrity, and caused significant mitochondrial membrane 
potential depolarization. Negative effects from PHB- NPs were thus reported for both a photosynthetic 
cyanobacteria and a microbial eukaryote (González- Pleiter et al. 2019).

The responses of freshwater microalga Chlorella vulgaris were studied after exposure to commer-
cially purchased micro-  and nano- polystyrene. While control samples were recorded to have a 100% 
increase in chlorophyll a (Chl a) concentration, only a 50% increase was observed in treated samples 
in the exponential phase (when exposed to all PS- NP types). The 20- nm PS- NP exposed treatment 
achieved a reduction of >90% in Chl a concentration. Furthermore, morphological changes were 
noticed after exposure to 20- nm PS- NPs, including shrinkage and loss of spherical shape. After a 28- 
day incubation, a lactate dehydrogenase (LDH) assay (which measures the concentration of the LDH 
enzyme; increased concentrations indicate damage to the cell membrane) was performed, and LDH 
was found to reach a maximum value when cells were exposed to the 20- nm non- functionalized- 
PS- NP, followed by the 20- nm PS- COOH sample, and finally, the 50- nm PS- COOH sample (Hazeem 
et al. 2020). The rate of CO2 depletion resulting from commercially acquired 20- nm amidine- PS and 
carboxyl- PS nanosphere adsorption was also measured in Chlorella sp. as a proxy for photosynthetic 
activity. It was found that the adsorption of both positively and negatively charged plastic beads hin-
dered photosynthesis as a significant decrease in CO2 depletion at and above a PS concentration of 
1.8 mg/L was observed. Exposure to positively charged PS- NPs promoted a significantly higher rate 
of ROS production than negatively charged PS- NPs (Bhattacharya et al. 2010). Freshwater microalga 
Pseudokirchneriella subcapitata also experienced enhanced effects to 20- nm PS- NH2, with overall 
higher adsorption affinity toward the positively charged nanoplastic, whereas adsorption of 110- nm 
PS- COOH increased as a function of medium hardness (Ca2+) due to bridging occurring between the 
COO− groups of the PS- COOH and Ca2+ (Nolte et al. 2017).

As shown above, photosynthetic organisms are essential to the functioning of aquatic ecosys-
tems, and in freshwater, nanoplastics may induce various toxic effects on cells. These seemingly 
small disruptions on microalgal populations may contribute to serious impacts on higher trophic 
levels if initial periods of vulnerability are not followed by adaptive responses, leading to recovery 
(Nava and Leoni 2020). These studies demonstrate the ability of nanoplastics to affect photosyn-
thetic systems in freshwater phototrophs, in addition to inducing increased oxidative stress and 
growth inhibition. To fully understand different mechanisms of detoxification employed as a 
response to nanoplastics, bioavailability and distribution of nanoplastics in experimental systems 
must shift toward a consensus to obtain accurate values of real nanoplastic concentrations that are 
environmentally relevant (Nava and Leoni 2020). Thus, to truly assess the impact of nanoplastics 
in marine ecosystems, marine- based assays are necessary.
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14.3  Impact of Nanoplastics on Marine Phototrophic Microorganisms

Phototrophs (such as cyanobacteria) use light as their energy source to synthesize organic com-
pounds and are widely distributed in marine environments. As primary producers, their presence 
is critical for the pelagic food chain and the overall productivity of marine systems relies on their 
growth. Included are diatoms, who are estimated to be responsible for approximately 40% of global 
primary productivity in the oceans and are recognized for producing EPS matrices – a critical foun-
dation of the biofilm on plastic debris (González- Fernández et al. 2020), and microalgae (impor-
tant in material cycling and energy transportation in the marine ecosystem, as they can assimilate 
nitrogen and phosphorus (among other elements) and are vital food sources for consumers in 
the marine environment). Though limited studies exist on the impact of nanoplastics on marine 
phototrophs, the topic is slowly gaining attention. The selected reviewed studies have been catego-
rized into toxicological impact, including cytotoxicity, genotoxicity, viability, growth, and impact 
on photosynthetic efficiency.

14.3.1 Cytotoxicity, Genotoxicity, and Cellular Stress Responses

Nanoplastics have been shown to generate oxidative stress and initiate various cellular stress 
response pathways to cope with this environmental stressor in various microbial phototrophs. For 
example, the marine diatom Chaetoceros neogracile was exposed to low (0.05 mg/mL) and high 
(5 mg/mL) concentrations of 50 nm and 5 μm commercially purchased PS- NH2. Both high and 
low exposures of C. neogracile to PS- NH2 in the exponential phase demonstrated a significant 
decrease in esterase activity (considered as a proxy for primary metabolism) and a significant 
increase in intracellular ROS production. Overall, exposure to PS- NH2 was shown to impair the 
major cellular and physiological parameters of C. neogracile more drastically during the exponen-
tial phase than during the stationary phase (González- Fernández et al. 2019). Additionally, after 
high PS- NH2 exposure, C. neogracile experienced a decrease in glycolipids, specifically digalactosyl- 
diacylglycerol (DGDG) and monogalactosyl- diacylglycerol (MGDG) in exponential cultures and 
a reduction in the ratio between MGDG and DGDG. The overall membrane fatty acid profile 
increased at high PS- NH2 exposures, indicating that PS- NH2 exposure can lead to an impairment 
of long fatty acid synthesis. Chiefly, PS- NH2 exposure led to significant changes in galactolipids 
and triacylglycerols at both growth phases, affecting the thylakoid membrane structure and cel-
lular energy reserve of C. neogracile (González- Fernández et al. 2020).

The marine diatom Skeletonema marinoi was exposed to varying concentrations (1, 10, and 
50 μg/mL) of 90- nm PS- COOH synthesized from commercially purchased styrene monomers as 
per Besseling et al. (2014) for 15 days. The results showed a concentration- dependent increase in 
both intracellular and extracellular ROS levels, with intracellular ROS levels significantly increas-
ing compared to control samples for both 10-  and 50- μg/mL PS- NP exposures (Bellingeri et al. 2020). 
The sensitivity of another marine diatom Phaeodactylum tricornutum to commercially purchased 
PS- NPs at two different sizes (50 nm and 100 nm) was studied using estimated environmentally 
relevant concentrations (extrapolated from previous studies on naturally derived microplastics) 
ranging from 0.1 to 50 mg/L. After a 24- hour exposure, an increase in oxidative stress biomarkers 
(ROS, O2, and H2O2), damage to the photosynthetic apparatus, DNA damage, and depolarization 
of mitochondrial and cell membranes (from the 5  mg/L exposure) were observed (Sendra 
et al. 2019).

Marine cyanobacterium Synechococcus sp. PCC 7002 (an important primary producer in marine 
ecosystems with a fully sequenced genome, making it an ideal candidate for gene expression 
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 analysis) was exposed to 0.5 mg/mL of commercially purchased polyethylene microplastics and 
nanoplastics (ranging in size from 200 to 9,900  nm) over a 5- day and 10- day exposure period, 
respectively. Samples containing PE- NPs showed a clear increase in lipase/esterase production 
after five days of exposure, with a significant increase in esterase and hydrolase gene expression. 
Extracted RNA was evaluated for RNA integrity, and the yields for both micro- PE and PE- NP expo-
sure were lower than the control samples, which indicates lowered transcription in growth- limiting 
or stressful conditions. Electropherograms of cultures exposed to PE- NPs displayed lower intensi-
ties of both 16S and 23S peaks compared to cultures exposed to micro- PE and control samples. This 
decrease (in addition to forementioned enzymatic and molecular activity modifications) is indica-
tive of hypoxic cultures and could be the result of increased cell stress due to nanoplastic exposure 
(Machado et al. 2020). Cell responses of the marine red microalga Rhodomonas baltica to 50 nm 
commercially purchased polymethylmethacrylate nanoplastics (PMMA- NPs) and PMMA- COOH- 
NPs (at concentrations ranging from 0.5 to 100 μg/mL) caused an increase in ROS production in R. 
baltica with increasing concentration. Oxyl- radical formation (responsible for lipid oxidation) was 
also detected in R. baltica exposed to both PMMA- NP types. Hyperpolarization of the mitochon-
drial membrane and loss of membrane integrity were also noted with both PMMA- NP types. 
Mitochondrial hyperpolarization has been linked to an increase in respiration, where more oxida-
tive phosphorylation can take place, causing a leak of electrons favoring the formation of ROS via 
by- product of ATP- generation (Gomes et  al.  2020). Marine dinoflagellate Karenia mikimotoi 
(responsible for causing “red tide” harmful algal blooms) was exposed to commercially purchased 
PS- NPs of different sizes (65 nm, 100 nm, and 1 μm). Adverse effects were found to be dose- , expo-
sure time- , and size- dependent, demonstrating an increase in oxidative stress with the decrease in 
particle size and increase in exposure concentration and time. Increases were detected in catalase 
(CAT), superoxide dismutase (SOD), and malondialdehyde (MDA) activity to all nanoplastic sizes 
with the greatest increase after exposure to 10 mg/L of 65- nm PS- NPs. The inhibitory rates (used 
as a proxy for effects on growth) after exposure to 10 mg/L were found to reach almost 100% for 
65 nm, 91% for 100 nm, and 18% for 1 μm (Zhao et al. 2020).

Microbial phototrophs have developed a series of strategies to resist environmental stressors, but 
exposure to different plastic nanoparticles has been shown to result in oxidative toxicity in cells, 
including the targeting of lipids (which can be attacked directly by ROS), which ultimately affects 
membrane functions. Microorganisms have developed several strategies to maintain membrane 
integrity, but the loss in membrane integrity can decrease aspects of metabolic activity (such as 
esterase activity; González- Fernández et al. 2020). Both enzymatic and non- enzymatic antioxidant 
systems work together to protect the cell against oxidative stress and reduce ROS generation (Guan 
et al. 2017). The effectiveness of these systems in marine phototrophs will be an important factor 
in determining their adaptability to nanoplastic exposure.

14.3.2 Impacts on Photosynthetic Efficiency

For C. neogracile cultures in the exponential phase, the Chl a content decreased significantly after 
exposure to PS- NH2 compared to controls (while no significant effect on Chl a was observed in 
stationary phase). After four hours of exposure at both exponential and stationary phases and at 
both high and low concentrations, the photosynthetic efficiency was found to decrease, whereas 
after 48 hours of exposure, a decrease was observed only in the exponential phase at high concen-
trations of exposure (González- Fernández et al. 2019). Similarly, C. neogracile was studied at two 
growth phases using the same low and high concentrations of 50- nm PS- NH2 for effects relating to 
pigment and lipid compositions. For specimens in the exponential phase, a decrease of 75% in the 
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quantity of pigments composing the fucoxanthin- chlorophyll protein (FCP) complex (chlorophyll 
c [Chl c2], Chl a, the sub- products of Chl a [allo Chl a and epi Chl a], and fucoxanthin [Fx]) was 
observed at high concentrations of exposure, in addition to a decrease in β- carotene (β- car) and 
phaeophytin (Phx) pigments (González- Fernández et al. 2020).

After a 72- hour exposure to 50-  and 100- nm PS- NPs, the inhibition of chlorophyll content was 
observed for P. tricornutum. The smaller PS- NP size (50 nm) induced greater effects after a 24- hour 
exposure, while the larger PS- NP size (100 nm) induced greater effects at and after 72- hours of 
exposure (though compared to the smaller PS- NP particles, the larger size showed more stability 
overall; Sendra et al. 2019).

Green microalga Platymonas helgolandica was exposed to 70- nm PS- NPs and experienced a 
decrease in photosynthetic pigments. Exposure to 200 μg/L concentrations decreased the Chl a 
and carotene content, while exposure to both 200 and 2000 μg/L concentrations decreased the 
chlorophyll b (Chl b) content compared to the control groups (Wang et al. 2020b).

The exposure of R. baltica to both PMMA- NPs and PMMA- COOH- NPs caused an overproduc-
tion in pigment, namely, Chl a, Chl b, carotenoids, xanthophyll, and peridinin. Photosystem II 
(PSII) performance decreased with exposure; both nanoplastic types yielded an increase in the 
oxygen evolution complex (OEC) and a reduction in the relative electron transfer rate (ETR). OEC 
is a sensitive component in the electron transport chain and its alteration can be directly correlated 
to a reduction in electron transfer between photosystems. Consequently, the inhibition of PSII–PSI 
electron transport can affect all biochemical processes linked to photosynthesis (Gomes et al. 2020).

The ability of nanoplastics to significantly impact photosynthetic machinery is troubling: the 
reduction in photosynthetic efficiency has been linked to alterations in the electron transport chain 
that determines the production of ROS (Sendra et al. 2019) and affects the cell’s metabolic capacity. 
Photosynthetic pigments are targeted by nanoplastics; microalgae, for example, adapt to alterations 
in light availability by modifying pigment composition to optimize photosynthesis, as changes in 
photosynthetic pigment levels are typically a quick response to stressful conditions (González- 
Fernández et al. 2020). This can result in either the overproduction of pigments due to an increase 
in energy demand by the organism, or reduction in pigment production due to a decrease in photo-
synthetic efficiency, highlighting the susceptibility of the organism to nanoplastic exposure.

14.3.3 Viability and Growth

For C. neogracile exposed to 50- nm PS- NH2, the growth rate decreased by 49, 57, and 62% 
compared to controls after 48, 72, and 98 hours of exposure, respectively (González- Fernández 
et al. 2019). After a 48- hour exposure to both PS- NP sizes, growth data for P. tricornutum showed a 
significant inhibitory response compared to controls, with an increase in the percentage of non- 
viable cells since the first hours of exposure, and after a 72- hour exposure, the inhibition of popula-
tion growth was observed (Sendra et  al.  2019). A marine Chlorella sp. was exposed to 200  nm 
commercially acquired aminated, carboxylated, and unmodified PS- NPs (pristine and pre- treated 
in EPS to form eco- corona incorporated PS- NPs). Cell viability was heavily impacted, with PS- 
COOH causing a 45% reduction in viability and 50% increase in ROS, followed by PS- NH2 (35% 
reduction in viability and 35% increase in ROS), and finally unmodified PS- NPs (30% reduction in 
viability and 25% increase in ROS; Natarajan et al. 2020). Diatom Thalassiosira weissflogii (exposed 
to reference PE- NPs and PE- NPs generated from PE collected in the North Atlantic gyre)  showed 
a decrease in algal concentration after 10 hours of exposure to reference PE-NPs (a trend that did 
not reoccur for longer exposures), while growth was inhibited at a concentration of 1000  μg/L (the 
highest concentration tested)  for the gyre- derived PE- NPs (Baudrimont et al. 2020).
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Furthermore, microalgal species Tetraselmis chuii, Nanochloropsis gaditana, Isochrysis galbana, 
and diatom T. weissflogii were exposed to 40- nm PMMA- NPs (prepared by microemulsion polym-
erization of methyl methacrylate [MMA] with SDS as a stabilizer). T. weissflogii and T. chuii were 
the most sensitive and least sensitive, respectively. Growth inhibition was experienced by all spe-
cies after 96 hours. T. weissflogii was significantly affected at concentrations equal to or higher than 
18.8 mg/L. The growth rates of T. chuii and N. gaditana were significantly reduced at concentra-
tions higher than 150 mg/L (Venâncio et al. 2019).

Microalga P. helgolandica experienced significant growth suppression within the first four days 
of exposure to PS- NPs in a dose- dependent manner. The cell density of P. helgolandica in the 2,000 
μg/L exposure group compared to the control group (exposed to no NPs) was approximately 41.4%, 
42.6 %, 55.6 %, and 70.1% less after the first, second, third, and fourth days, respectively. Additionally, 
the heterocyst frequency of microalgae exposed to 2,000 μg/L nanoplastics was significantly higher 
than that in the control groups, while exposure to 200 μg/L led to a smaller, yet noticeable increase 
(Wang et al. 2020b).

The decline in cell viability and growth rate is the principal toxicity indicator (Natarajan 
et al. 2020). ROS generation can correspond to a decrease in cell viability, and nanoplastic exposure 
has been shown to induce significant inhibitory responses on growth. While these studies demon-
strate a decline in cell viability and growth after exposure to different nanoplastic types, it remains 
important to consider the exposure concentration when ultimately determining toxicity responses, 
as these studies used concentrations ranging from μg/mL and μg/L to mg/mL and mg/L.

14.3.4 Intracellular and External Aggregation

When exposed to 5 mg/mL of commercially purchased PS- NPs, Synechococcus sp. remained viable 
in all cases but saw high occurrences of aggregation with PS- NPs, and these aggregates were larger 
and sedimented more rapidly than either the control sample or the freshwater cyanobacterium 
sample. This is indicative that Synechococcus excrete EPS after exposure to PS- NPs to create large 
aggregates, causing the NPs to sink (de Oliveira et al. 2020).

Additionally, confocal imagery of P. tricornutum cells exposed to PS- NPs showed internalization 
of PS- NPs and adsorption of PS- NPs to the cell surface (Sendra et al. 2019). The results of PMMA- NP 
and PMMA- COOH- NP exposure to R. baltica showed that PMMA formed microscale aggregates, 
causing an overall higher impact on physiological parameters than PMMA- COOH- NPs, apart from 
growth, where PMMA- COOH- NPs significantly decreased the cell number at concentrations 
higher than 25 ug/mL (Gomes et al. 2020).

SEM imaging revealed the direct contact between K. mikimotoi cells and PS- NPs, yielding hetero- 
aggregates and damage to the cell wall and membrane. Both the 65 nm and 100 nm sizes attached 
to the transverse, posterior, and/or longitudinal flagella, increasing the difficulty of motion for the 
cells and leading to loss of cellular integrity and leakage/outflow induction of the cytoplasm owing 
to ruptures of the cell wall and cell membrane (Zhao et al. 2020).

P. helgolandica exposed to 200 μg/L and 2,000 μg/L of 70-nm PS-NPs exhibited aggregation 
clusters on the cellular surface, leading to fragmentation, loss of membrane integrity, and cell wall 
deformation. In comparison, the control groups exhibited an intact cellular structure with high 
plumpness, complete shape, and smooth surfaces (Wang et al. 2020b). Green microalga Dunaliella 
tertiolecta was exposed to varying concentrations (0.5, 1, 5, 10, 25, and 50 μg/mL) of 40- nm PS- 
COOH and 50- nm PS- NH2; PS-COOH was shown to form microscale aggregates in the media as 
well as adsorb on microalgae, while PS-NH2 formed nanoscale aggregates (127 nm) in the media 
and inhibited algal growth (Bergami et al. 2017).
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The adsorption of nanoplastic particles onto cell membranes and cell walls can prove to be det-
rimental to microbial organisms. Aggregation clusters can lead to excess fragmentation and loss of 
membrane integrity, while adsorbed particles can hinder photosynthesis through the reduction in 
light intensity and promote ROS production (Koelmans et al. 2015). Internalization of nanoplastic 
particles can in turn lead to intracellular aggregates, which can inhibit various biological systems 
and damage organelle morphology.

14.3.5 Additional Effects

S. marinoi cells reduced their chain length, with exposed samples showing a high percentage of 
single- cell and two- cell length chains (accounting for 95% and 84% of the 10 and 50 μg/L expo-
sures, respectively), compared to the control samples showing only 36% of single- cell and two- cell 
chains, and 46% of four-  and eight- cell chains. TEM analysis showed adhesion of PS- NPs onto the 
surface of the cell, with significant localization in the terminal fultoportula processes (TFFPs), 
which are elongated structures responsible for chain formation and maintenance (chain formation 
in S. marinoi has an adaptive function in reducing grazing mortality; Bellingeri et al. 2020; Bjærke 
et al. 2015).

Marine Chlorella sp. saw changes in eco- corona formation dependent on the surface functional-
ity of PS- NPs. While cells treated with PS- NPs in the absence of EPS experienced declines in cell 
viability (with the highest effects measured for PS- COOH), an increase in cell viability was observed 
with increasing ageing period in a medium containing EPS, presumably due to enhanced eco- 
corona formation over the PS- NPs. Specimens exposed to the EPS- containing medium demon-
strated a significant lessening in oxidative stress and cytotoxic impact due to eco- corona formation. 
The results also demonstrated that negatively charged PS- NPs have a higher binding affinity for 
EPS constituents than positively charged PS- NPs (Natarajan et al. 2020).

P. tricornutum was further investigated to determine the impact of commercially purchased 60- 
nm PS- COOH nanoplastics interacting with EPS, a major fraction of NOM. The EPS was found to 
facilitate the formation of eco- coronas, which in turn was found to alter the biological interactions 
with and toxicity to P. tricornutum by changing the bioavailability of the PS- NP. The results dem-
onstrated that EPS significantly reduced PS- COOH aggregation in seawater, and an important frac-
tion of EPS remained adsorbed onto PS- COOH upon incubation, leading to the formation of an 
eco- corona (Grassi et al. 2020).

EPS can provide an additional protective layer for microbial communities and in certain cases 
might even alleviate toxicity by reducing the concentration of free nanoplastic particles in the cul-
ture medium and inhibit cell internalization of plastic nanoparticles (Pulido- Reyes et al. 2017).

These studies demonstrate that nanoplastics can profoundly alter the metabolic functions of 
phototrophic organisms in a multitude of ways, including growth inhibition, induction of oxida-
tive stress, decrease in photosynthetic efficiency, formation of aggregates, DNA damage, and more, 
depending on the exposure concentration, exposure time, and particle size. As primary producers, 
marine phototrophic microorganisms provide material and energy for higher trophic levels and 
are at the base of biomass production of oceanic waters (Grassi et al. 2020). Harmful effects sus-
tained by marine phototrophic microorganisms can rebound to higher trophic levels, and due to 
their small size and abundance in the water column, they are likely to encounter nanoplastic col-
loids. As primary producers, they may constitute the main pathway for the trophic transfer of 
contaminants (including nanoplastics), yet our understanding of the impact nanoplastics have on 
these organisms remains scarce; therefore, further studies are highly necessary to fully compre-
hend how nanoplastics affect marine primary producers (Grassi et al. 2020).
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14.4  Impact of Nanoplastics on Marine Heterotrophic Microorganisms

Though phototrophic microorganisms are vitally important to primary production in the marine 
environment, heterotrophs (organisms that rely on organic material and remineralize nutrients 
[Dodds and Whiles 2010]) may also associate with nanoplastics in the marine environment, and 
trophic transfer is thus also possible. Heterotrophic bacteria are known to recycle waste and con-
taminants in marine environments and therefore have a high ecological importance. Heterotrophic 
microorganisms are highly connected with various ecosystem components and thus are also suit-
able targets for nano- ecotoxicological research.

14.4.1 Cytotoxicity, Cellular Stress Responses, and Viability

When exposed to 50- nm commercially purchased PS nanobeads, the marine heterotrophic bacte-
rium Halomonas alkaliphilia (gram- negative bacteria with an important role in nitrogen cycling of 
marine environments) experienced a range of toxicological effects. At a concentration of 80 mg/L, 
PS- NPs (but not PS- microplastics) influenced growth responses (cell viabilities increased, attrib-
uted to hormetic responses [biphasic response to exposure] of the cell, which in itself is considered 
a defensive and adaptive response to stress), chemical composition (FTIR analyses showed carbo-
hydrate, polysaccharide, and amide adsorption bands all shifted toward higher wave numbers 
compared to control groups and microplastic treatments, suggesting alteration of the bacterial 
chemical composition related to the size of plastic), and ammonia conversion efficiencies (nano-
plastic exposure yielded an increased in NH4

+–N conversion efficiencies). Both PS- NH2 and 
unmodified- PS- NP treatments (but not PS- microplastics) induced ROS generation (the PS- NH2 
treatment was significantly higher than the unmodified PS- NP treatment; Sun et al. 2018).

The bacterium Shewanella oneidensis MR- 1 (a facultative anaerobe capable of living in a wide 
range of ecological niches, including variable salt concentrations and temperatures) also experi-
enced sub- lethal effects after exposure to 160- nm PS- NPs (synthesized as described by Mitrano 
et al. [2019]). Riboflavin alteration occurred in the presence of PS- NPs (a significant increase in 
riboflavin secretion occurred with all doses up to and including 150 mg/L concentrations, with a 
significant decrease at the highest concentration of 300 mg/L) in both aerobic and anaerobic con-
ditions. No alteration was observed with exposure to TiO2 nanoparticles, thus confirming that the 
response was the result of a particular polymer. S. oneidensis is known to excrete riboflavin and 
other flavin mediators for several bacterial functions, though the function of this flavin response is 
still being investigated (Fringer et al. 2020). Benthic marine microbial foraminifera Ammonia par-
kinsoniana was exposed to 1 mg/L concentrations of commercially purchased 42- nm PS- NP. The 
mitochondria of specimens treated with PS- NPs were swollen and degraded compared to control 
specimens, and ROS production was induced for all exposed specimens. Specimens treated with 
PS- NPs showed an enhanced accumulation of neutral lipids occurring as lipid droplets. Lipid 
droplets (containing primarily neutral lipids such as esterified cholesterol and triglycerides) have 
been hypothesized to sequester contaminants to protect the cell (Ciacci et al. 2019).

Rotifers (classified as “micro- animals” rather than microbes) exhibit a generally low feeding 
selectivity as filter feeders and therefore might be especially susceptible to nanoplastic ingestion. 
Marine rotifer Brachionus plicatilis was exposed to laboratory- synthesized 40- nm polymethylmeth-
acrylate (PMMA- NPs) nanoplastics for 48 hours, and the results demonstrated that the survival of 
the rotifer was greatly affected. Based on size category distinctions for B. plicatilis (SS [100–160 
μm], S [140–220 μm], and L [190–320 μm]), type L rotifers displayed a significant decrease in sur-
vival at concentrations higher than 9.38 mg/L, while types S and SS were only affected at 75 mg/L 
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exposure concentrations. This could mean that larger rotifers are more susceptible to nanoplastic 
toxicity, as their filtration ability is dependent on size and higher ability to incorporate particles 
due to a higher foraging activity (Venâncio et al. 2019). B. plicatilis was also exposed to 40- nm PS- 
COOH and 50- nm PS- NH2 (both commercially purchased). PS- COOH exposure did not cause 
mortality to the rotifer, whereas PS- NH2 caused mortality at a concentration greater than or equal 
to 2.5 μg/mL (Manfra et al. 2017). The LC50 of PS- NH2 in the study of Manfra et al. was 6.62 mg/L, 
whereas the LC50 in the study of Venâncio et al. was >13.3 mg/L, suggesting that PMMA- NPs are 
less toxic than PS- NH2 for B. plicatilis. Contrary to mortality caused by PS- NH2, the exposure of 
B. plicatilis to 100- nm unmodified PS- NPs (commercially acquired) showed no significant effects 
on mortality for rotifers exposed to all concentrations (0.001–10 mg/L) and exposure times (24 and 
48 hours), though swimming behavior and speed were impaired after exposure to all concentra-
tions (Gambardella et al. 2018).

Another marine rotifer, Brachionus koreanus, was exposed to the synergistic effects of 50, 500, 
and 6,000 nm non- functionalized PS- NPs (commercially purchased) and two model organic pol-
lutants: 2,2’,4,4’- tetrabromodiphenyl ether (BDE- 47) and triclosan (TCS). The rotifers were exposed 
to 10 μg/mL of fluorescently labelled PS- NPs to monitor ingestion and plastic accumulation rate. 
A parallel experiment exposed rotifers to 50- nm PS- NPs at different concentrations (0, 0.1, 1, 10, 
and 20 μg/mL) to monitor ROS and conduct MDA assays (to measure the final product of lipid 
peroxidation) and to quantify MXR (multixenobiotic resistance that acts as a first line of defense in 
response to xenobiotics) activity measurements to assess the synergistic effects of POPs and PS- 
NPs. The results indicated that the smaller, nanoscale PS sizes demonstrated a stronger accumula-
tion in the cells compared to the microbeads, which can be indicative of oxidative stress- induced 
damages on lipid membranes. ROS and MDA levels displayed a concentration- dependent increase 
up to 10 μg/mL exposure, indicating that nanoplastics generate oxidative stress and induces oxida-
tive damage on lipid components. MXR activity was partially inhibited by PS- NP pre- exposure, 
which yielded an enhanced toxicity to BDE- 47 and TCS (with population growth and reproduction 
rates showing a further decrease in the pre- exposure group than the chemical only exposure con-
trol; Jeong et al. 2018).

14.4.2 Aggregation and Impacts on Community Composition 
and Biofilm Formation

Flash- red conjugated PS- NPs (fluorescently labelled) were documented in A. parkinsoniana after a 
24- hour exposure at a concentration of 1 mg/L in all chambers (Ciacci et al. 2019). H. alkaliphilia 
experienced adherence of positively charged beads (PS- NH2) onto its cell surface via electrostatic 
activity (Sun et al. 2018). PS- NH2 showed nano- aggregate formation in B. plicatilis, while PS- 
COOH showed micro- aggregate formation (Manfra et al. 2017).

In a study of a panel of heterotrophic marine bacteria, including Marinobacter adhaerens, 
Oceanobacter kriegii, Marinobacter algicola, Cobetia marina, Marinobacter hydrocarbonoclasticus, 
Pseudoalteromonas carrageenovora, and Phaeobacter inhibens, the presence of carboxylated 
PS-NPs had little impact on cell-cell aggregation, with only the 200-ppm concentration signi-
ficantly increasing aggregation of P. carrageenovora and C. marina, whereas amidine PS-NP expo-
sure increased aggregation of all bacterial species. Additionally, lower concentrations of carboxylated 
PS- NPs had no impact on the amount of biofilm formed; however, 200- ppm exposure significantly 
increased biofilm formation for M. adhearens, M. algicola, C. marina, and O. krieggi, and confocal 
laser scanning microscopy of the biofilms revealed that nanoparticles were integrated into the 
biofilm itself. For amidine PS- NPs, a similar effect was observed, except at 200- ppm exposure, 
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biofilm formation significantly decreased for M. hydrocarbonoclasticus, P. inhibins, P. carrageenova, 
M. algicola, and C. marina. The results of this study indicate that mild exposure to PS- NPs will likely 
not have a significant impact on the formation of marine bacterial biofilms, though surface func-
tionalities and concentration can ultimately impact biofilm formation (Okshevsky et al. 2020).

The heterotrophic microbial composition and diversity of Mytilus galloprovincialis (assessed 
through 16S rRNA gene amplification and sequencing) varied after exposure to commercially 
acquired PS- NPs. Control specimens of M. galloprovincialis hemolymph were dominated by 
Shewanella, Vibrio, and Mycoplasma, with these three genera accounting for >60% of abundance. 
Exposure to PS- NH2 resulted in an evident shift in hemolymph microbial composition, demon-
strating an increase for Vibrio (39.2%) and Psychrobium (17.2%), with these two genera thus 
accounting for 56% of relative abundance, while other genera such as Shewanella (8.6%) and 
Mycoplasma (3%) decreased. Though relative abundances changed, the overall membership of the 
representative core community members (consisting of Vibrio, Shewanella, Psychrobium, 
Pseudoalteromonas, Colwellia, and Aureispira) remained stable and constant regardless of PS- NH2 
exposure (Auguste et al. 2020).

Furthermore, after exposure to PS- NPs, an increase in EPS was observed for H. alkaliphilia (sug-
gested to be a potential protective mechanism to nanoplastic exposure; Sun et al. 2018). In S. onei-
densis, PS- NPs associated indirectly with the bacterial EPS and directly with the bacterial membrane 
(binding them so strongly that the associated PS- NPs remained attached after a series of cell- 
washing steps; Fringer et al. 2020). A study by Summers et al. (2018) demonstrated in vitro that 
50- nm and 500- nm PS- NPs readily formed agglomerates in seawater with mucilaginous material, 
revealed to be glycoprotein in composition (isolated from Halomonas sp. TGOS- 10). Marine bacte-
rial EPS was determined to be a key agent in the agglomeration of plastic nanoparticles, with a 
higher number of agglomerates formed as a function of increasing EPS concentration (Summers 
et al. 2018). Several factors impact the capacity of biofilms to retain nanoparticles, including the 
amount of biofilm, bacterial strains, particle size, surface functionalities, media composition, and 
concentrations of nanoparticles (Deschênes and Ells 2020).

These studies demonstrate the importance of nanoplastic particle size on toxicity; it is often a 
crucial factor in determining aggregate formation, cytotoxicity, and growth effects, as smaller nan-
oplastics can permeate membranes with greater ease. In cases where mortality is not an endpoint, 
various sublethal effects have been shown. Furthermore, surface functionality continues to be an 
important factor, as unmodified and negatively charged nanoplastics are often less toxic than posi-
tively charged nanoplastics and more readily incorporated into EPS (at least for multiple studies 
using PS as the polymer of choice). The biotoxicity of nanoplastics is affected by a combination of 
various parameters, including chemical composition, size heterogeneity, composition of surface 
materials, colloidal stability, and morphology.

14.5  Ecosystem Implications

Nanoplastics are extremely small and therefore capable of interacting at the cellular level, result-
ing in another dimension of toxicological concern. These toxicological effects on marine fauna 
are further complicated by the ability of nanoplastics to adsorb onto eco- coronas, or to adsorb a 
wide range of additional molecules to themselves. Current studies have demonstrated that the 
primary toxic effects of nanoplastics on organisms are affected by the surface chemical proper-
ties and particle size of nanoplastics, though other factors, such as exposure concentration, can 
also play a role.
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Marine nanoplastics have recently been detected in natural aquatic ecosystems, including 
 polymers of PE, PS, PVC, and PET sampled from the North Atlantic subtropical gyre (Ter Halle 
et al. 2017). Yet, there is relatively little information available on the abundance and distribution of 
nanoplastic particles, and the ecological relevance of laboratory observations is likely to be low 
since they cannot fully reflect the complexity of aquatic environments (Nava and Leoni 2020). For 
example, large concentrations of nanoplastics have sometimes been used in bench studies to test 
the effects on nanoplastics within short periods of time, and often these test concentrations cannot 
or do not occur naturally in the environment.

Therefore, it is still premature to assign exposure- specific trends to specific taxa, but establishing 
environmentally relevant concentrations of nanoplastics, expanding nanoplastic polymer types 
used in ecotoxicology assays, targeting organisms that regularly interact with marine plastic debris, 
and generating secondary nanoplastics from microplastics collected from the environment are the 
crucial next steps in generating relevant and widely applicable data. Until these challenges are 
adequately addressed, they will continue to hinder the risk assessment of nanoplastics in the 
environment.

If it truly is the case that these tiny plastic nanoparticles can be transferred along the food chain 
to higher trophic level organisms, they may ultimately find their way into the human food chain. 
Table 14.1 summarizes various toxicological effects of nanoplastics on select multicellular marine 
organisms relevant to the seafood industry. Since humans are the ultimate consumer in the aquatic 
food web, the introduction of nanoplastics seems plausible with the continual consumption of 
plastic- containing aquatic products.

14.6  Potential Effects of Nanoplastics on Humans

Due to a lack of in vivo studies on nanoplastic toxicology and human health, most understanding 
of the effects of nanoplastics on human health originates from in vitro studies and extrapolations 
from non- plastic nanotoxicology research (Kihara et al. 2020). To ascertain the exact effects of plas-
tic nanoparticles in human physiological systems, a significant increase in in vitro studies of rele-
vant mammalian model cell cultures, accurate quantification of environmental nanoplastic 
concentrations, and a standardized methodology of sampling procedures and analytical tech-
niques are required (Teles et al. 2020; Zarus et al. 2020). Nonetheless, understanding routes of con-
tamination/exposure, uptake kinetics, and estimations of toxicological impact from non- plastic 
nanoparticle studies can aid in unraveling the potential toxicological effects imposed by bioactive 
nanoplastics.

Potentially adverse effects from nanoplastics may result from a combination of toxicity induced 
by the plastic polymer itself, the chemical composition of the nanoplastic (i.e., leaching of addi-
tives), or the ability of nanoplastics to adsorb, concentrate, and release environmental molecules/
toxins/pollutants into organisms (Revel et al. 2018). Three major exposure pathways to nanoplas-
tics have been proposed: inhalation (primarily impacting the lungs), ingestion (primarily impact-
ing the gastrointestinal [GI] tract), and dermal (via absorption by the skin; Kihara et  al.  2020; 
Lehner et al. 2019).

Inhalation is likely relevant in occupational settings, where bulk plastics undergo mechanical 
and milling stress and may involve nanoplastic- containing aerosols (Kihara et al. 2020; Lehner 
et al. 2019). Due to the large alveolar surface area of the lung (~145 m2) and the very thin tissue 
barrier of >1 μm, nanosized particles have the potential to penetrate the capillary blood system and 
distribute throughout the body (Gehr et al. 1978). This is a cause for concern given that once plastic 



Table 14.1 Toxicologicaleffectsof differentnanoplasticpolymerson variousmarineorganismsrelevantto theseafoodindustry.

Species Common name
Plastic  
polymer Size Concentration Effects

Routes of 
exposure

Global production 
estimates (capture 
and aquaculture) Study

Crassostrea 
virginica

Eastern oyster PS 100 nm 1.3 × 104 
particles/mL

Aggregates enhanced the uptake of PS- NPs; ↑ 
retention times, suggesting that they were 
transported to the digestive gland

Aqueous 
exposure

~118 000 tons 
(2016; aquaculture 
only)

Ward and 
Kach (2009)

Crassostrea gigas Pacific oyster PS- 
COOH; 
PS- NH2

100 nm 0.1, 1, 10, 100 
μg/mL

Aggregates attached to the cell; ROS levels ↑ 
with PS- COOH

Aqueous 
exposure of 
gametes

~573 000 tons 
(2016; 
Aquaculture only)

González- 
Fernández 
et al. (2018)

Mytilus edulis Blue mussel PS 30 nm 0, 100, 200, 
300 μg/mL

Particles adsorbed to gills; ↓ filtering activity; 
production of pseudo- feces

Aqueous 
exposure

~260 000 tons 
(2016)

Wegner et al. 
(2012)

Mytilus 
galloprovincialis

Mediterranean 
mussel

PS- NH2 50 nm 1, 5, 50 μg/
mL

Immune parameters affected; induced 
pre- apoptotic processes; ↑ in extracellular ROS 
and NO (nitric oxide) production

Aqueous 
exposure

~105 000 tons 
(2016; aquaculture 
only)

Canesi et al. 
(2015)

Euphausia 
superba (juvenile)

Antarctic krill PS- 
COOH; 
PS- NH2

50 nm 2.5 μg/mL PS- COOH formed agglomerates; ↑ in exuviae 
production; ↓ swimming activity (PS- NH2 
exposure); Fecal pellet structure changes

Aqueous 
exposure/
ingestion

~273 000 tons 
(2016; catch only)

Bergami 
et al. (2020)

Litopenaeus 
vannamei

Whiteleg 
shrimp

PS 44 nm 50 μg/mL ↑ in the activity of GST and SOD in the 
hepatopancreas; changes in essential amino acids; 
gut microbiome characteristics initially affected but 
microorganisms adapted to the prolonged exposure

Dietary 
exposure

>4 155 000 tons 
(2016; aquaculture 
only)

Chae et al. 
(2019)

Larimichthys 
crocea

Large yellow 
croaker

PS 100 nm 1.8189 × 1013 
items/mL

↓ digestive enzyme activities; change in gut 
bacterial phyla proportion; ↑ of pathogenic 
bacteria; lysosomal activity and specific growth 
rate (SGR) ↓; total mortality of juvenile fish ↑

Aqueous 
exposure

~269 000 tons 
(2016)

Gu et al. 
(2020)

Sparus aurata Gilthead sea 
bream

PMMA 40 nm 0.001, 0.01, 
0.1, 1, 
10 mg/L

Up- regulation of mRNA levels of key genes 
associated with the lipid metabolism; ↑ in 
cholesterol and triglycerides in plasma; ↑in 
erythrocytic nuclear abnormalities (ENAs)

Aqueous 
exposure

>195 000 tons 
(2016)

Brandts et al. 
(2021)

Dicentrarchus 
abrax

European 
seabass

PMMA 45 nm 0.02;0.2; 
2 mg/L

Changes in molecular signaling pathways related 
to the lipid metabolism; ↓ in esterase activity 
levels in plasma and ↓ in levels of alkaline 
phosphatases in skin mucus

Aqueous 
exposure

~191 000 tons 
(2016; aquaculture 
only)

Brandts et al. 
(2018)

Source: Global production estimate data obtained from FAO.org.
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nanoparticles have entered the human body and overcome primary tissue barriers, transport 
through the bloodstream can carry them to secondary organs. It has been shown in vitro that car-
boxylated polystyrene nanoparticles can undergo a “cellular hitchhiking” mechanism by penetrat-
ing into red blood cells as a result of van der Waals, electrostatic forces, hydrogen bonding, and 
hydrophobic forces between the PS and red blood cells, leading to significant prolongation of cir-
culation compared to free plastic nanoparticles of the same diameter (99.9% of unbound particles 
were rapidly eliminated in 2  minutes, compared to over 12 hours with RBC- bound PS- NPs 
(Chambers et al. 2004)). Furthermore, nanoplastics can potentially avoid rapid clearance by the 
liver and spleen and increase its circulation time (Lehner et al. 2019).

Contact with the skin is predicted to occur using personal care products that contain nanoplas-
tics or contaminated water or air, but currently a lack of experimental evidence exists to confirm 
this as a major hazard. The skin provides the body with a protective barrier against external influ-
ences (primarily the stratum corneum), and due to the hydrophobic properties of many plastic 
nanoparticles, significant dermal uptake is not expected, though entry routes via hair follicles and 
injured skin areas have not been explored (Lehner et al. 2019).

Oral ingestion (likely through drinking water and food matrices) is therefore likely to represent 
the main route of entry/exposure route for humans (Lehner et al. 2019). While plastic piping is 
widely utilized in drinking water distribution lines (due to their superior performance in terms of 
portability, corrosion resistance, cost, and service life), data are not yet available as to whether this 
directly leads to nanoplastic contamination in water (Xu et al. 2019). Thus, the presence of nano-
plastics in the food chain and marine products may serve as one of the most important routes of 
entry for humans.

Nanoplastic uptake and accumulation as well as trophic transfer of nanoplastics within aquatic 
organisms have been somewhat demonstrated under experimental conditions, for example, in 
freshwater systems, ~55 nm fluorescently labelled PS- NPs adhered to the surface of algae, were 
present in the digestive organs of the higher trophic level species, even induced histopathological 
changes in fish livers, and were present in the yolk sac of hatched juveniles (Chae et al. 2018). Yet, 
it has not been experimentally confirmed that nanoplastic uptake from dietary contamination 
results in human exposure (Lehner et al. 2019). Considering that the global production of seafood 
is approaching 155 million tons per year (with fish accounting for over 100 million tons per year) 
and over 4.3 billion people rely on fish for 15% of their average per capita intake of animal protein 
(approximately 33 calories per capita per day), ingestion of nanoplastic- contaminated food is of 
growing concern (Fisheries 2012; Ritchie and Roser 2019). PS- NPs have been successfully detected 
in complex food matrices (fish fillet samples) with asymmetric flow field fractionation coupled 
with multi- angle light scattering following enzymatic digestion, without affecting the main char-
acteristics of the nanoplastic and successfully degrading the food matrix. Unfortunately, the results 
could not be replicated for PE- NPs, further highlighting the importance of continued research 
efforts to quantify and detect nanoplastics in the human food chain (Correia and Loeschner 2018). 
Improving detection methods could yield significant insight into trophic transfer, which can lead 
to biological accumulation, where the next trophic level will have higher concentrations of plastic 
nanoparticles (Bouwmeester et al. 2015).

Nanoplastic translocation across the gut could occur due in part to the ability of plastic nanopar-
ticles to penetrate cells and the gut epithelium (Revel et al. 2018). The GI tract has an average 
surface area of 200 m2 and therefore represents the primary exposure site for plastic particle uptake 
(Lehner et al. 2019). Oral ingestion is followed by various steps that ultimately influence the pos-
sible interactions of the nanoplastic particle, including contact with digestive fluids, contact with 
intestinal cells, uptake/transport in the intestine, or even excretion. While on route to the intestinal 
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epithelium, plastic nanoparticles will pass through several different compartments of the 
 gastrointestinal tract, and these interactions may affect the physicochemical properties and sur-
face parameters of the nanoplastic (Paul et al. 2020). The intestinal tissue will try to function as a 
biological barrier, preventing systemic distribution of harmful substances as best as possible (the 
human excretory system should be able to remove up to 90% of ingested microplastics and nano-
plastics [Campanale et al. 2020]). If adopting the more conservative definition of nanoplastics (less 
than or equal to 100 nm), their behavior will likely act in a size- dependent manner. Larger nano-
plastics may remain in the lumen (where the potential exists to cause local irritation of the intesti-
nal tissue or release of adsorbed particles into the lumen), whereas smaller nanoplastics may cross 
the epithelium through either paracellular routes (tight junctions between intestinal epithelial 
cells) and be taken up into enterocytes of the intestinal epithelium or active endocytosis 
(Bouwmeester et al. 2015; Paul et al. 2020). Particles that are not translocated may also influence 
and perturbate the structure and composition of the gut microbiome (stressed organisms may 
demonstrate a greater diversity or turnover of microbial species compared to healthy organisms), 
but studies have yet to comprehensively describe this effect for nanoplastics (Teles et al. 2020).

If nanoplastic particles can circumvent biological barriers, including mucosal barriers, (particu-
larly relevant for particles smaller than 100 nm that may be misidentified as physiological mole-
cules by these barriers and make use of inherent entry mechanisms to cross them, including 
pinocytosis and vesicular phagocytic processes), they may have a greater opportunity to enter the 
bloodstream and circulate (Kihara et al. 2020; Revel et al. 2018). This translocation is both size and 
surface charge dependent (Bouwmeester et al. 2015).

The uptake of plastic nanoparticles will be undoubtedly influenced by their interactions with 
surrounding biological components, such as proteins, phospholipids, or carbohydrates, due to 
their size, surface functionalities, and ionic charges (Lehner et al. 2019). The adsorption of these 
biomacromolecules can result in the formation of a shell, or “protein corona”, around the nano-
plastic particle consisting of various biological constituents; thus, the interactions between organs 
and tissues in the human system will likely occur with protein- coated rather than bare- plastic 
nanoparticles, which may in turn influence the incorporation of the nanoplastic by altering the 
characteristics and surface charges (for example, negatively charged nanoplastics may be internal-
ized by endocytosis, whereas positively charged nanoplastics may be carried by micropinocytosis; 
Lehner et al. 2019; Waring et al. 2018). The formation of these complexes with biomacromolecules 
creates additional contributing factors and further complicates the establishment of causal rela-
tionships between nanoplastics and human toxicology, as both the chemical identity of the protein 
corona and the intrinsic properties of the nanoplastic itself can factor into the determination of 
biochemical processes (Kihara et al. 2020).

The formation of a protein corona can be competitive, and thus the complex will form two dis-
tinctive structures: a “hard” corona, where proteins rapidly and strongly adhere to the nanoplastic 
surface (for human plasma systems, these are generally human serum albumin [has], apolipopro-
teins, and IgG), and a “soft” corona, where proteins are loosely bound atop and can take many 
hours to equilibrate due to high sensitivity from the external environment composition (Beddoes 
et al. 2015; Kihara et al. 2020). Plastic nanoparticle size can also influence the formation of soft 
versus hard coronas: smaller nanoplastics have been shown to have stronger attractions to HSA 
and formed hard corona complexes compared to larger nanoplastics that formed soft corona com-
plexes at pH 5, and these hard corona complexes were more likely to form larger aggregates with 
one another (Kihara et al. 2019).

The presence of a protein corona is not necessarily deleterious; variations in protein types, the 
biological identity of the corona (i.e., the physicochemical properties of the complex formed 
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around the corona), the morphology of the corona complex, and the structure of participating 
proteins (from secondary to quaternary) will all contribute to determining the fate of the protein- 
nanoplastic complex (Kihara et al. 2020). On one hand, the protein corona may result in a loss of 
or alteration to the functionality of the protein, where those tightly bound to the corona may 
undergo partial unfolding of their secondary structure; fully hydrophobic plastics favor and even 
enhance alpha- helical structures, while non- hydrophobic plastics are prone to change alpha- 
helical structures into a beta- loop- like conformation on the surface of the corresponding plastic 
nanoparticle (Hollóczki  2020). Protein coronas may also extend the lifetime of the nanoplastic 
within the biological system (Kihara et al. 2020). On the other hand, the addition of proteins and 
small molecules to the nanoplastic surface may sterically hinder the targeting ligands, reducing 
their capacity, and increase the nanoparticle size by up to several nanometers, affecting its ability 
for uptake through barriers (Beddoes et al. 2015).

Although very limited information on the human toxicity of nanoplastics is available, the poten-
tial risks of engineered nanoparticles may facilitate the understanding of potential effects, though 
not all studies can be readily extrapolated to nanoplastics. Since ionic toxicity can be excluded for 
nanoplastics, only chemically inert nanoparticles should be considered relevant for understanding 
the potential of nanoplastics toxicity: gold (Au) and TiO2 nanoparticles approach this definition of 
inertness (Bouwmeester et al. 2015).

TiO2 nanoparticles have been shown to cross the follicle- associated epithelium (FAE; through 
the in vitro use of a human epithelial colorectal adenocarcinoma cell [Caco- 2] and lymphoblast- 
like Raji- B coculture) and further accumulate in human intestine microfold cells (M- cells) and 
mucus- secreting cells. Though TiO2 nanoparticles did not cause overt cytotoxicity or apoptosis, 
they were shown to induce epithelium impairment (by inducing deregulation of genes encoding 
proteins involved in epithelial structure maintenance) and may possibly persist in gut cells, where 
they may cause chronic damage (Brun et al. 2014). Caco- 2 cells were also utilized in vitro to test Au 
nanoparticle (AuNP) toxicity and were found to be absorbed by intestinal epithelium cells. The 
results indicated that in terms of total particle mass, the smaller the particle size, the lower the 
total amount of AuNPs accumulated in the epithelial cells. Conversely, in terms of total particle 
number, the smaller the particle size, the greater the total accumulation of AuNPs within the epi-
thelial cells. Cytotoxic effects were measured after accumulation of AuNPs, with AuNPs progres-
sively spreading throughout the epithelium cells and eventually accumulating within different 
cellular organelles, including endosomes, lysosomes, Golgi apparatus, mitochondria, and nucleus. 
Depolarization of the mitochondrial membrane (where a decrease in mitochondrial membrane 
potential is an indicator of cell death) was reported, with larger AuNPs yielding overall higher 
toxicity due to the formation of aggregates (Yao et al. 2015). Additionally, the transcriptome profile 
of Caco- 2 cells has been shown to change upon exposure to AuNPs, with smaller AuNPs leading to 
a stronger effect on gene expression. Genes associated with RNA/zinc ion/transition metal binding 
decreased, while genes associated with cadmium/copper ion binding and glutathione metabolism 
increased, along with nuclear factor E2- related factor 2 (Nrf2) responsive genes (a redox and xeno-
biotics sensitive transcriptional factor involved in the proper expression of proteins utilized in cel-
lular adaptation to oxidative stress; Bajak et al. 2015). These studies indicate that the nanoparticle 
size is extremely important in determining the types of effects experienced by epithelial cells: 
while a range of particle size can permeate the epithelial membrane, larger particles are most 
likely to form aggregates and impair cell functionality, whereas smaller particles may be responsi-
ble for genotoxic effects. Combining the results of these kinds of studies with in vitro studies using 
plastic nanoparticles on human cell lines may prove to be the best method in understanding the 
potential toxicological impacts of nanoplastics on humans.
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While the toxicity of TiO2 and Au nanoparticles is relatively well studied, the pathophysiological 
consequences of acute and chronic nanoplastic exposure in human systems remains unclear (Yong 
et al. 2020). We do know that certain plastics (e.g., PS) may release monomers that are directly toxic 
to cells (styrene; Saido et al. 2014). in vitro studies using human cells lines exposed to plastic nano-
particles could offer insight on potential toxicological effects, especially those targeting cell lines 
associated with the GI tract and the circulatory system.

Nanoplastics are expected to reach the human GI tract through the consumption of contami-
nated food products and, in the case of marine examples, contaminated seafood (Yong et al. 2020). 
Ingested nanoplastics would therefore likely encounter the intestinal epithelium, where potential 
translocation could occur, bringing along hazardous adsorbed compounds. A recent study looked 
at the relationship between PET nanoplastics (as independent and complex- bound with one of 
three common contaminants: glyphosate [a widely used herbicide], levofloxacin [an antibiotic], 
and Hg2+ [mercury metal ions, considered to be a highly hazardous chemical to humans]) and 
heterogenous Caco- 2 cells to determine short-  and long- term effects (Magrì et al. 2021). Short- term 
assays evaluated cell viability and detected no evidence of alterations with either NP or NP- 
contaminant complexes nor were oxidative events triggered. The study further investigated poten-
tial long- term effects using metabolomics to collect mechanistic information induced by small 
variations of the basal cellular metabolism. Metabolomic analysis targeted anabolic glycolysis with 
production of lactic acid, with control (untreated) samples displaying a high lactate/glucose ratio, 
indicating that most of the consumed glucose is converted into lactate. In all treated samples, the 
consumption of glucose was significantly higher (indicating the cells may be modifying their 
metabolism in the presence of contaminants), while the glucose/lactate ratio strongly decreased 
(suggesting that glucose was being redirected toward alternative metabolic processes). Additionally, 
an increase in the lactate/alanine ratio indicated a higher reductive and lower oxidative state of the 
cells in response to oxidative stress; both these results suggest cellular effort to compensate for 
increased oxidative stress not distinguishable at a macroscopic level. Overall, all NP- contaminant 
complexes demonstrated higher glucose consumption than NP- only treatments. This study high-
lighted the importance of combining alternative methodologies with standard biological assays to 
fully assess the complex relationship between plastic nanoparticles and the human system, as no 
short- term toxicological effects were measured, but potential long- term effects may exist, similar to 
AuNPs described in Bajak et al. (2015).

In another study looking at translocation with epithelial cells, three in vitro intestinal cell models 
were employed with increasing complexity: a monoculture (Caco- 2), a co- culture with mucus 
secreting HT29- MTX cells (where negatively charged nanoplastics may experience electrostatic 
repulsion and positively charged nanoplastics may undergo mucus entrapment), and a tri- culture 
with M- cells. These cells were exposed to two sizes (50 and 100 nm) of unmodified and positively 
and negatively modified (two types of negatively charged 50  nm) PS- NPs. The results demon-
strated that the presence of mucus significantly reduced the translocation of neutral 50- nm PS- NPs 
but increased the translocation of at least one type of negative 50- nm PS- NP. Translocation was 
clearly affected by size, with 100- nm PS- NPs reaching up to 0.8 % translocation and 50- nm PS- NPs 
reaching up to 7.8%. The study also analyzed the attached protein content and found that the neu-
tral and negatively charged 100- nm PS- NPs had the highest protein content, followed by the neu-
tral and negatively charged 50- nm PS- NPs; however, almost no proteins were detected on the 
50- nm and 100- nm positively charged PS- NPs. The neutral and negatively charged 50- nm PS- NPs 
with the largest number of adsorbed proteins translocated to the highest extent, indicating that a 
protein corona- nanoplastic complex is more likely to interact with epithelial cells versus a nano-
plastic particle itself (Walczak et al. 2015b).
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A similar study exposed two different co- culture models (differentiated Caco- 2/HT29 intestinal 
cells and Caco- 2/HT29 + Raji- B cells) to pristine (50–100 nm) and fluorescent (40–90 nm) PS- NPs 
for 24 hours. The results indicated that exposure to PS- NPs did not induce any apparent toxicity to 
either cell group nor were the cells’ barrier integrity and permeability affected. Despite the absence 
of toxicity, the uptake of PS- NP was detected in both cell groups with the fluorescently labelled 
PS- NPs. Ultimately, while the PS- NPs were able to enter and cross the epithelial barrier of the 
digestive system, they did not exert apparent hazardous effects (Domenech et al. 2020).

The gastrointestinal digestion of the protein coronas of 50- nm positive and negative PS- NPs was 
studied in vitro using a co- culture of Caco- 2 and HT29- MTX cells. Digested and pristine PS- NPs 
differed in translocation rates, with the in vitro gastrointestinal digestion significantly increasing 
the translocation rates of all PS- NPs, except for the unmodified ones. Upon in vitro digestion, trans-
location was 4- fold higher for the positively charged PS- NPs. Digestion was shown to significantly 
reduce the amount of protein in the corona for three of the four types of PS- NPs used and affected 
the composition of the protein corona by decreasing the presence of higher molecular weight pro-
teins and shifting the protein content to low molecular weight proteins. in vitro gastrointestinal 
digestion was shown to significantly affect the protein corona and significantly increase the in vitro 
translocation of differently charged PS- NPs, with overall surface functionalities ultimately affect-
ing their uptake potency (Walczak et al. 2015a).

If nanoplastics can translocate into the circulatory system, blood cells may be affected. Whole 
blood samples from different donors were exposed ex vivo to different concentrations of pristine 
(50–100 nm) and fluorescent (40–90 nm) PS- NPs. No toxicity was detected in the overall white 
blood cell population, though these cells demonstrated a high capacity to uptake PS- NPs. However, 
differences were seen in different lineages: limited uptake in lymphocytes, high uptake in mono-
cytes, and intermediate uptake in polymorphonuclear (PMN) cells. PMN and monocytes experi-
enced a significant increase in the levels of DNA damage, but not in lymphocytes. However, these 
results were dose- dependent (DNA damage was shown for cells exposed to 100 μg/mL) and thus 
may not be environmentally realistic (Ballesteros et  al.  2020). In another study, three different 
human leukocytic cell lines (Raji- B, TK6 [lymphoblasts], and THP- 1 [monocytes]) were exposed to 
50- nm PS- NPs. The monocytic THP- 1 cells had the highest level of particle internalization (even at 
low exposure concentrations, this cell line had the highest ability to internalize particles), but no 
adverse effects were observed (indicating that this cell line seems to be more resistant), while 
Raji- B and TK6 had lesser PS- NP uptake but underwent mild toxicity, ROS production, and nega-
tive genotoxic effects (in concentrations at or above 200 μg/mL). Despite this, the overall effects 
were mild and only detected at very high concentrations that are not expected to be relevant from 
an environmental point of view. Furthermore, no associations between cell uptake and toxicity 
were observed, supporting previously published studies reporting the lack of toxicity of pristine 
PS- NPs (Rubio et al. 2020).

These studies highlight the ability of nanoplastics to translocate in the GI tract and potentially 
even reach the circulatory system, but this translocation event is not always deleterious, yielding 
minimal to no short- term effects on cell viability. Protein corona formation seems to be a common 
and expected event, with differing surface functionalities influencing the protein content. Thus, 
the ability of nanoplastics to form protein coronas and translocate does not necessarily exert a 
health hazard, though more research is needed to determine long- term, chronic effects.

Nanoplastics may induce minor cytotoxic and genotoxic effects on the human cell lines most 
likely to be exposed to nanoplastic particles, but this field of research remains in its infancy. 
The human system is extremely complex, as are the behaviors of plastic nanoparticles. For 
example, it is not known to what extent nanoplastics can be further degraded after ingestion 
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(under acidic conditions found in the gut or inside cells in digestive organelles such as the lyso-
some) nor the extent at which nanoplastics promote the uptake of chemical additives and the 
subsequent leaching of these additives (Lehner et al. 2019). While current research seems to 
indicate that worries of acute toxicity or long- term effects that could significantly enhance cell 
mortality are somewhat unfounded, very little is known about how environmental nanoplastics 
may affect human health (Yong et al. 2020), which may carry different additives and adsorb 
different types of environmental pollutants during their long life in the environment (Lehner 
et  al.  2019). Reported studies rely heavily on model engineered PS- NPs, but other polymers 
such as PE, PP, and PET are the main polymer material present in the natural environment; 
additionally, environmental nanoplastics appear in various shapes and sizes, while model PS 
remains monodisperse (Lehner et al. 2019). The inconsistent use of units, exposure media, and 
plastic polymer type/origin make it difficult to combine exposure and effect data to truly char-
acterize and manage risk, while current bioaccumulation studies may need to be modified to 
account for colloidal chemistry and the relationship between plastic nanomaterial and dynamic 
systems (Handy et al. 2012; Lehner et al. 2019). Reliable analytical methods for identification 
and quantification of nanoplastics in food are lacking, and the detection of nanoplastics in food 
poses a serious challenge because the resolution and contrast between nanoplastics and the 
surrounding food matrix are very low, all of which severely hamper current research efforts 
(EFSA Panel on Contaminants in the Food Chain 2016).

14.7  Outlook and Future Considerations

While the analysis of microplastics is established for particles as small as 1 μm, sub- micrometerscale 
and nanoscale plastic particles face a methodological gap (Schwaferts et  al.  2019). Table  14.2 
attempts to summarize a few of the most widely utilized detection methodologies in nanoplastic 
literature. Another important consideration of laboratory work is sample pre- treatment and estab-
lishment of appropriate separation steps to isolate nanoplastics (such as ultrafiltration, ultracen-
trifugation, evaporation, and flow field fractionation; Wang et al. 2020a). These methodological 
challenges associated with separation and analysis of nanoplastics are one of the greatest chal-
lenges to progressing our understanding of this field.

Despite the use of various analytical tools and instrumentation, no standardized methodology 
exists that can be readily applied to secondary nanoplastics. Most toxicological studies are reported 
against unrealistic environmental conditions, though the ability to determine environmental con-
centrations remains unknown (Barbosa et al. 2020). This is therefore a key limitation to developing 
standardized testing, as the complexity of marine water and realistic nanoplastic concentrations 
are not reflected in test media. The most frequently used nanoplastic polymer in reviewed litera-
ture remains PS; however, this is not consistent with the global plastic demand: PE, PP, and PVC 
have annual plastic productions of 29.7, 19.3, and 10%, respectively, while PS only accounts for 6% 
(Wang et al. 2020a).

Development of sensitive and selective analytical techniques is required to detect and retain 
environmental nanoplastics both as single particles and in bulk/adsorbed form (and accurately 
identify their chemical composition to provide confirmation of nanoplastics in the target system). 
These methods must be selective toward multiple types of plastic polymers found in a variety of 
environmental matrices (sediment, water, biota), while ensuring that applied conditions for remov-
ing these matrices do not alter the plastic particles of interest (Jakubowicz et al. 2020; Wagner and 
Reemtsma 2019).



Table 14.2 Examplesof selectavailablemethodsfor nanoplasticdetection.

Method 
classification Analysis methods Detection range Description

Example studies 
(nanoplastics) Pitfalls of technique

Particle sizes/
distribution; 
light scattering

Dynamic light 
scattering (DLS)

1 nm to ~3 μm Provides a measure of the size of 
nanoparticles from the scattered light in a 
colloidal suspension polymeric solution

Oriekhova and Stoll (2018) Unable to chemically 
identify NPs

Laser diffraction (LD) 10 nm to 10 mm Utilizes diffraction patterns of a laser passed 
through an object

Sun et al. (2020) Unable to chemically 
identify NPs

Nanoparticle tracking 
analysis (NTA)

30 nm to 2 μm Uses scattering of laser light to provide 
information on hydrodynamic diameters of 
individual particles in the low nanometer to 
low micrometer size range

Lambert and Wagner 
(2016); Ekvall et al. (2019)

Unable to chemically 
identify NPs

Electrophoretic light 
scattering (ELS)

1 nm to 3 μm Measures the fluctuation of laser intensity 
generated by particle movement in an 
electric field

Heinlaan et al. (2020) Unable to chemically 
identify NPs

Multiangle laser 
scattering (MALS)

10 nm to 1 μm Uses the scattering of laser light applied at 
different angles to determine the particle 
size; requires monodisperse samples, thus 
often applied in- line with size fractionation 
techniques, such as AF4

Gigault et al. (2016); 
Correia and Loeschner 
(2018); Monikh et al. (2019)

Unable to chemically 
identify NPs

Particle sizes/
distribution; 
separation

Asymmetrical flow 
field flow 
fractionation (AF4)

1 nm to 1 μm Separation of analytes according to their 
diffusive properties, which are directly 
proportional to their hydrodynamic size, by 
applying a crossflow through an 
ultrafiltration membrane

Monikh et al. (2019); 
Gigault et al. (2017); 
Mintenig et al. (2018)

Unable to chemically 
identify NPs

Imaging 
analysis; 
microscopy

Scanning electron 
microscopy (SEM)

<1 nm and up Utilizes high- energy electrons to provide 
information on the material/particle surface

Oriekhova and Stoll (2018); 
Gniadek and Dąbrowska 
(2019)

Quantification difficult

Transmission electron 
microscopy (TEM)

<1 nm and up Utilizes high- energy electrons to provide 
information regarding the interior of the 
analyzed sample/particle

Ekvall et al. (2019) Use may be hindered in 
different matrices; 
quantification difficult

(Continued )
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Method 
classification Analysis methods Detection range Description

Example studies 
(nanoplastics) Pitfalls of technique

Atomic force 
microscopy (AFM)

<1 nm to 1 μm Scanning probe microscopy- based procedure 
(can be coupled with pyramidal tips) to 
assess surface topography in addition to 
nanoscale deformation and adhesion of 
individual NPs

Zimmermann et al. (2020); 
Dazzi et al. (2012)

Artifacts possible due to 
particle movement

Imaging 
analysis; 
spectrometry

Energy- dispersive 
X- ray spectrometry 
(EDS)

nm range Utilizes detectors to discern plastic particles 
from natural organic and inorganic particles 
in sample

Gniadek and Dąbrowska 
(2019)

Elemental information 
not sufficient

UV–VIS 
spectrophotometer

190 nm to 900 nm Measures light absorbance across UV and 
visible light ranges; used to quantify analytes 
in a sample based on absorption 
characteristics

Zhang et al. (2019); Chen 
et al. (2020)

Information on size not 
provided

Chemical 
characterization; 
spectroscopy

Pyrolysis gas 
chromatography mass 
spectrometry 
(Py- GC- MS)

<1 nm to >20 μm Analytical technique that thermally degrades 
a sample via pyrolysis into small molecular 
fragments for subsequent separation/
identification using GC- MS

Zhou et al. (2018); Mintenig 
et al. (2018)

Dry sample needed; 
difficult to use with 
certain polymers; 
preconcentration 
necessary

Raman micro- 
spectroscopy (RM)

> 100 nm Light scattering technique where a molecule 
scatters incident light from a high intensity 
laser; high spatial resolution

Sobhani et al. (2020); 
Gillibert et al. (2019); Lv 
et al. (2020)

Diffraction limit of the 
laser spot hinders imaging 
of smaller nanoparticles

Fourier- transform 
infrared spectroscopy 
(FT- IR)

10 μm + (bulk 
analysis)

Identifies the functional groups present in 
organic/inorganic compounds by measuring 
their absorption of infrared radiation over a 
range of wavelengths; quick analysis time; 
works well for bulk analyses (Berna 2017). 
Best coupled with other techniques for NP 
analysis

Ekvall et al. (2019) Only for bulk analysis

Source: Information in this table was adapted in part from Jakibowicz et al. (2020), Wang et al. (2020), and Schwaferts et al. (2019).

Table 14.2 (Continued)
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The current literature on the toxicological impacts of nanoplastics remains unclear on the actual 
toxicological impact and environmental fate given a true, natural system. To properly assess the 
environmental risk of nanoplastics, studies must be conducted on relevant microorganisms previ-
ously documented to associate with marine plastic debris. Furthermore, it is important for toxicity 
studies to distinguish between nanoplastic- specific toxicity versus toxicity of water- soluble addi-
tives and adsorbed particle additives, as these have been previously demonstrated to generate false 
positive results of acute toxicity in bacteria, freshwater microalgae, and a crustacean (Heinlaan 
et  al.  2020). Additionally, the importance of a corona complex cannot be understated: studies 
should not only derive nanoplastics from environmentally sourced microplastics, but these nano-
plastics may exist in bound form, rendering them more stable, as a corona coating can reduce the 
surface energy of a nanoplastic (Nasser et al. 2020), which may even serve to reduce the toxicity 
experienced by various microorganisms. On the other hand, agglomeration of nanoplastics on the 
cell surface and biofilm surfaces may impact buoyancy in the water column and affect cellular 
membrane structure and integrity. With all these considerations, there may not yet exist an all- 
encompassing takeaway for nanoplastic toxicology.

The degradation of larger plastic polymers in marine environments may yield nanoscale particles. 
Assuming nanoplastics occur in the marine environment (and are not degraded into molecular com-
ponents), as it stands, nanoplastics have such varying and unique shapes and chemical compositions 
that it remains difficult to predict their behaviors in marine systems, including their ability to aggre-
gate, sediment, accumulate, and transfer through the trophic chain. Nanoplastics may theoretically 
constitute a higher particle number but very low mass in a sample, which further highlights the 
importance of hetero- aggregates at the nanometer scale (Jakubowicz et al. 2020). Nanoplastics in 
the marine environment represent a frontier area of research, and continued research efforts will 
undoubtedly help shape our understanding of its impacts in the short and longer term.
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15.1   Introduction: Human Behavior and Marine Plastic Pollution

This chapter summarizes the human dimension in plastic pollution, with a particular focus on 
human behavior and its determinants. Section 15.1 introduces the topic in the context of increased 
public interest in and concern about plastic pollution and explains how human behavior is rele-
vant in the overall system of plastic flow. Section 15.2 briefly reviews antecedents of behavior such 
as risk perception, motivation and social norms. Section 15.3 presents the early results of a scoping 
review of recent behavior change interventions. We close by discussing the international dimen-
sion of behavior research and highlighting some limitations and research gaps.

15.1.1  Media and Problem Awareness

Ocean pollution has been a pressing agenda in public and scientific fora for decades. Yet, it appears 
that public and media interest has only relatively recently reached a high point (SAPEA 2019). To 
illustrate, one example for plastic pollution reaching extensive public audiences was the broadcast-
ing of the BBC documentary series Blue Planet II in December 2017 (Thompson 2019). The docu-
mentary demonstrated how plastic pollution harms oceanic wildlife, and it asserted that a radical 
change is required in how plastics are managed and valued in society. The concurrent surge in 
public awareness, also thereafter termed the “Blue Planet effect” (Hunt 2017) was further ampli-
fied by social sharing of emotional messaging and pleas: Distressing images of charismatic animals 
being tangled in or otherwise affected by plastic were distributed widely within various social 
media channels. Often these images were circulated in an attempt to engender an emotional or 
moral response, which can be an effective technique for inspiring change (Barberá- Tomás 
et al. 2019). The Blue Planet effect is thought to have been a key contributor to policy change, such 
as the ban on a variety of single- use plastic items in the United Kingdom (Schnurr et al. 2018).

However, such a rise in public awareness does not guarantee that people’s attitudes have changed 
to a meaningful extent, or that this awareness has translated into behavior change (see 
Section 15.3.4.1). Changing plastics use in society requires actions that go beyond informing the 
public or evoking an emotional response. Additional motivational and contextual antecedents of 
environmental behavior need to be addressed in order to effect substantial and long- lasting change. 
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Moreover, taking a systems perspective helps understand how plastic flows through economic 
sectors and society to the ocean (Jambeck et al. 2015).

15.1.2  Complexities of the Human–Plastics Interaction

The human element can be found at all stages within the plastics system (Pahl et al. 2017). From 
plastic being manufactured to its post- consumer phase, human decisions at the individual or col-
lective scales contribute to the flow and fate of plastics. The various human operators, such as 
manufacturers and consumers, can have differing motivations for using (or not using) plastic: 
Financial, practical, and environmental considerations are possible reasons for why plastic is cho-
sen over alternative materials. These choices are to some extent dictated by policy makers, eco-
nomic, legal and technical factors, and other regulations and constraints. Therefore, assigning 
responsibility for plastic pollution to a singular entity or focusing on single types of items or mate-
rials is only a starting point, given the complexity and interlinked nature of the plastics system. 
Rather, a solutions- oriented holistic approach where opportunities for intervention are identified 
on various levels and sectors within the system can achieve substantial pollution reduction. Such 
an ambitious global agreement or framework is being suggested by the ad hoc open- ended expert 
group on marine litter and microplastics (AHEG- 4 summary document, 2020, Point 22g), taken 
forward to the 2022 United Nations Environment Assembly (UNEA- 5). From the behavioral view-
point, change opportunities lie particularly in the consumer and waste management sectors in 
both the public and private domain. Purchasing, reusing, recycling, and littering are some of the 
behaviors that are often targeted in behavioral change interventions (see Section 15.3). Efforts to 
change these behaviors are necessary and relevant, and, in contrast to policy or infrastructural 
change, behavior change can happen relatively rapidly (SAPEA 2019). Section 15.2 provides an 
overview of determinants of behavior in the environment and marine plastic litter context.

15.2  Human Behavior

15.2.1  Antecedents of Behavior: Lessons from Environmental Psychology

Why individuals behave the way they do in the environmental context is a key question of interest 
in environmental psychology. Generally agreed- upon antecedents of environmental behavior 
include, but are not limited to, motivational, contextual and habitual factors, knowledge, and 
perceptions of risk (e.g. Pahl and Wyles, 2016; Steg et al. 2014). Motivation refers to the direction 
of effort (which behavior is selected from available options) as well as its intensity (how much 
effort is expended). In the environmental context, primary motives such as a pro- environmental 
lifestyle can be suppressed by competing motives or barriers, such as desire for comfort or convenience 
(Kollmuss and Agyeman 2002). One’s personal attitudes toward the environment and its pressing 
issues, as well as fundamental values and the prevailing social norm are considered important 
determinants of environmental motivations and behavior. One way of changing behavior to be 
more sustainable is by modifying key antecedents of behavior; therefore, we provide this brief 
review. We focus on psychological and contextual antecedents here rather than sociodemographic 
factors due to space constraints.

1) Knowledge
Scholars in environmental psychology have repeatedly asserted that increasing knowledge is not 

in itself, and on its own, an effective strategy for fostering behavior change (Abrahamse and 
Steg 2013; Carmi et al. 2015; Schultz 1999). However, relevant knowledge can trigger or support 
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any goal- directed action. For example, knowledge about environmental consequences of behavior, 
or “connecting the dots,” can motivate behavior to occur for environmental reasons. Also, practi-
cal, “how- to” knowledge has an important function in triggering successful behavior change, for 
example for sorting waste and recycling (see Section 15.3). Similarly, provision of information may 
induce behavior change when the information is carefully tailored to a specific group, for example 
in combination with personally relevant feedback (Abrahamse et al. 2007). Information campaigns 
are more effective when there is collective support from the community: For example, the “Think 
before you flush” campaign, designed to reduce waterborne disposal of sanitary products in the 
UK (reviewed in Ashley et al. 2005), turned out effective in smaller communities characterized by 
high community identity.

2) Risk Perception
What the public and wider society make of the risks associated with plastic pollution plays a role 

in how they react to it. As noted by Syberg et al. (2018), these risk perceptions have shifted dramati-
cally over the last decades. Before the turn of the millennium, plastic pollution was viewed as a 
distant and abstract threat: For example, the so- called Plastic Gyre in the North Pacific was already 
in the public discourse, but it was perceived as far removed from human civilization. Furthermore, 
the public had little knowledge of the harmful impacts of plastic pollution on ecosystems. 
Psychological distance (Liberman and Trope 2008) may be a useful concept for explaining why 
hazards that are distant along multiple dimensions are not perceived as particularly high- risk. For 
example, the Plastic Gyre is both geographically remote to most people, as well as temporally, as 
the accumulation of debris has occurred over decades and therefore cannot be linked to specific 
human populations or behaviors. Therefore, in the late twentieth century, plastic pollution was not 
yet associated with considerable environmental risk and global concern.

However, these days people report seeing plastic pollution or marine litter on a regular basis 
(Hartley et al. 2018; Henderson and Green 2020; European and UK respondents). Macroplastic 
pollution is highly visible, and the public can readily make the connection between plastics use 
and marine pollution. Furthermore, there is now ample evidence for how plastic pollution, and 
more recently microplastics affect marine wildlife (e.g., Anbumani and Kakkar 2018; Steer and 
Thompson  2020). Increasing availability and dissemination of information on such impacts is 
making the risks of plastic pollution more tangible (Syberg et al. 2018). As a result, public risk 
perception is now more reflective of (scientific) reality, and various actors within the plastics sys-
tem have become more receptive and accepting of mitigating actions. The now less elusive nature 
of plastic pollution makes it a focal concern.

How risk perceptions are formed can be investigated by analyzing people’s mental models and 
opinion construction: Anderson et al. (2016) ran a series of focus group interviews with environ-
mentalists, students, and beauticians, in order to capture their understandings of microplastics 
used in cosmetics (microbeads). The interviewees’ responses were prompted with a demonstration 
of the quantities of microbeads filtered from different personal care products. The respondents 
expressed worry and revulsion, and they concluded that microbeads were an unnatural and unnec-
essary addition to these everyday products. This study demonstrates that the “yuck factor,” an 
instinctive emotional reaction and repulsion (Schmidt 2008), is present in responses to microplas-
tics. The yuck factor is especially relevant to hazards that are considered artificial and unnatural, 
and as such it can shape risk perceptions considerably.

3) Attitudinal Orientations and Values
Often the reason that people give to justify a pro- environmental lifestyle is that they care for the 

environment. Environmental attitudes, such as concern, have been traditionally thought of as 
critical predictors of pro- environmental behavior (Huddart Kennedy et al. 2015; Kaiser et al. 1999). 
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For example, findings from the Europe- wide MARLISCO survey showed that concern for marine 
litter (which is mostly plastic) significantly predicted intentions to take action to reduce it (Hartley 
et al. 2018). Yet, recent research asserts that from a consumer’s point of view plastic is much more 
than an environmental concern: Rhein and Schmid (2020) used qualitative inquiry to assess atti-
tudes toward plastic packaging. They found that while many recognize that plastic packaging can 
harm the environment, consumers also value plastic for its positive properties such as durability 
and hygiene, and may be therefore more inclined to ensure appropriate disposal and value recov-
ery. Therefore, the authors suggest that concern may motivate mitigating behaviors, but custom-
ized strategies that acknowledge different consumer profiles are needed in efforts to reduce plastic 
pollution.

Furthermore, attitude toward the natural environment in general can guide action. Nature con-
nectedness, defined as the subjective sense of connection with the natural world, has been shown 
to be associated with pro- environmental behavior (e.g., Martin et  al.  2020). Similarly, affinity 
toward the marine environment, or ocean connectedness, has been linked with more sustainable 
packaging preferences (Nuojua et al., 2022). A similar yet distinguished concept from nature con-
nectedness is biospheric value orientation: Values are higher- order beliefs that guide behavior 
across contexts, and a biospheric value orientation refers to a tendency to assess events and experi-
ences on account of their impact on the natural world (Stern and Dietz 1994). Biospheric values 
have been shown to motivate a range of environmental behaviors (Nguyen et al. 2016; Van der 
Werff et al. 2013). In addition, altruistic values (valuing the wellbeing of others in the society) are 
predictive of pro- environmental behavior, too (Steg et al. 2014). Prakash et al. (2019) showed that 
young consumers who hold altruistic values are more likely to purchase products in eco- friendly 
packaging. While values are considered stable across contexts and therefore difficult to change, 
connectedness to nature may be promoted in several ways. For example, taking part in coastal 
activities that are perceived as particularly meaningful, such as beach cleans (Wyles et al. 2017), or 
fostering ocean literacy (Guest et al. 2015) can help promote connection to nature.

4) Social Norm
The social norm, meaning one’s understanding of what other people do or approve of, can shape 

environmental behavior substantially (Klöckner 2013; Nigbur et al. 2010). There is a strong con-
sensus that waste disposal and littering behaviors are guided by social norms (Schultz et al. 2013). 
For example, locations that are already littered attract more litter, and recycling messages often 
urge people to recycle because others in the community do so too (Thomas and Sharp 2013). De 
Groot et al. (2013) found normative messaging to be even more effective than environmental mes-
saging  in reducing plastic bag use in a supermarket. Social norms on plastics use are likely to have 
shifted as a result of a change in public engagement and policy in recent years. Yet, normative 
messages tend to be more persuasive when they target close- knit communities, as people hold the 
opinions of their valued others in higher regard than those of the wider society (Borg et al. 2020).

5) Contextual Factors
Nevertheless, being environmentally oriented, having the appropriate normative support or 

being highly educated does not always lead to pro- environmental behavior. Behavior is often habit-
ual, and habits tend to be grounded on the prevailing context. For example, littering is more likely 
to occur when there is poor availability of bins, or when the receptacles are not clearly marked 
(Schultz et al. 2013). Similarly, inappropriate flushing of sanitary products is often attributed to 
contextual restrictions such as inconvenient location of the sanitary disposal bin and handwashing 
basin (Hawkins et al. 2019). Consumer behavior can also be limited by product range and price. On 
the other hand, today’s consumers have the option to be selective in their purchasing, as there are 
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various alternatives to plastic in the market. Furthermore, consumer preferences have shifted 
toward more “natural” and organic products, which has contributed toward a reduction in plastic 
use in some of its applications (Wagner and Lambert 2018). In addition to “true” contextual factors 
such as inadequate infrastructure, the perceived context can similarly hinder pro- environmental 
behavior (Box 15.1). For example, consumers in Germany rated price as the main contextual 
 barrier to buying eco- conscious fashion (Wiederhold and Martinez 2018), even though in a quali-
tative inquiry consumers acknowledged that the price barrier is often a matter of perception 
(McNeill and Moore 2015). As this brief overview of context factors suggests, psychological and 
contextual antecedents need to be considered together in any attempts to change behavior.

Box 15.1  Methods in human behavior research.

Environmental psychology research uses rigorous quantitative and qualitative analyses to 
study human actions and perceptions in the environmental context. Quantitative approaches 
are often used to explain behavior or its psychological determinants, with the application of 
statistical analyses that require large study samples. For example, Hartley et al. (2018) sur-
veyed 1133 members of the public in order to obtain a cross- sectional assessment of attitudes 
and behaviors in relation to marine litter, as well as relationships between these concepts. In 
survey- based research the survey items and scales have to be designed carefully, so that they 
capture the essence of the variable of interest in a reliable manner. For example, survey ques-
tions need to be worded in a nonbiased, clear manner. Survey research often relies on self- 
report data, which may be considered a methodological shortcoming due to the potential 
social desirability effects (Van de Mortel 2008). That is, people may want to present them-
selves in a positive light when filling in surveys, although the effect of this bias is not considered 
substantial in environmental research (Milfont 2009; Vesely and Klöckner 2020). Furthermore, 
recording behavior directly may require considerable resources and is therefore often imprac-
tical. With adequate resources in a fitting context the behaviors of the public can be observed 
as they unfold: Schultz et al. (2013) conducted systematic observations of littering behavior in 
nearly 10 000 individuals across 130 locations in the United States.

In addition to quantitative methods, qualitative enquiry is often used in psychology research. 
Qualitative methods aim to uncover more in- depth or nuanced understandings of the studied 
phenomena. For example, Henderson and Green (2020) conducted a focus group study to elicit 
how members of the public engage with and conceptualize emerging information about 
macro-  and microplastic pollution. Plastic pollution research has also seen applications of 
mixed methodology which involves both quantitative and qualitative approaches: McNicholas 
and Cotton (2019) applied an inductive Q- method inquiry to determine areas of agreement 
and disagreement across stakeholder groups on plastic pollution management solutions. Such 
an approach enables application of quantitative techniques without the requirement of a large 
sample size, making it an attractive methodological alternative. However, more traditional 
mixed methods approaches combine large- scale surveys with qualitative elements in order to 
capture a comprehensive account of the behaviors or perceptions of interest. For example, 
Phelan et al. (2020) conducted a survey to assess knowledge and behaviors in relation to plas-
tic waste, as well as focus group discussions to develop solutions to plastic pollution in 
Indonesian coastal communities.

See Pahl and Wyles (2016) for a more extensive summary of human research methods in the 
plastic context.
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Having summarized the main determinants of human behavior, Section 15.3 presents the early 
results of a scoping review of recent academic literature on behavior change interventions 
(2015–2020) designed to reduce plastic consumption and waste in four specific sectors: business 
and retail, tourism and leisure, schools and education, and community.

15.3   Scoping Review of Behavior Change Interventions 
2015–2020

We complemented the selective review of factors linked to behavior in Section 15.2 with a scoping 
review to explore the range and nature of interventions intended to address plastic pollution. This 
type of approach to evidence synthesis was deemed most appropriate as the purpose of the review 
was to identify types of emerging evidence available, as well as to clarify key factors related to recent 
behavior change approaches in the context of plastic pollution (Munn et al. 2018; see Arksey and 
O’Malley 2005; Joanna Briggs Institute 2015, for further details on scoping review methodology).

Behavior change interventions in four key sectors were considered: business and retail (e.g. shops, 
cafés, and advertising); tourism and leisure; schools and education, and community more broadly. 
These sectors were identified as key target areas for efforts to induce transformational change in 
how plastics are used and managed in our current Preventing Plastic Pollution project. Searches for 
relevant academic literature were conducted in three generic databases (Web of Science, Scopus, 
PsychINFO) as well as sector- specific databases (e.g. Business Source Complete), using relevant 
keywords and their variants (e.g. plastic, behavior change, intervention), together with sector- 
specific terms (e.g. consumer, business; tourism, leisure; school, education; public, communities). 
Searches were limited to peer- reviewed articles, written in English, and published between 2015 
and autumn 2020. Using a snowball technique, the list of included studies was extended by search-
ing for relevant forward and backward citations from the located journal articles.

Results of searches were collated, reviewed, and included in the scoping review, regardless of the 
results showing successful change or not. Articles that were regarded as unsuitable for the pur-
poses and scope of the review and duplicates were excluded. The most common reasons for these 
exclusions were absence of an intervention design and lack of assessment of intervention effective-
ness. The search process resulted in a final total of 47 papers out of 377 records after the initial 
search: 10 in the business and retail category; 6 for tourism and leisure; 12 in schools and educa-
tion; and 19 in community), incorporating over 60 individual studies. In the following sections we 
present a qualitative summary of the findings from these behavior change studies for each sector 
separately, illustrated by key findings from the articles rather than all articles exhaustively.

15.3.1  Business and Retail (10 Articles)

The scoping review revealed that regulatory approaches, such as introducing a charge for single- 
use plastic carrier bags (e.g. Thomas et al. 2016) or banning their use altogether (e.g. Macintosh 
et al. 2020), are common in the business and retail sector and came up in searches for behavior 
change. However, the main focus of this chapter is traditional behavior change interventions that 
use the principles reviewed in Section 15.2. We found that these types of studies were often com-
bined with regulation, so this is what we focus on in the remainder.

The majority of interventions undertaken in business and retail centered on investigating the impact 
of information (message) provision and, importantly, how this information was framed in order to 
best encourage pro- environmental behaviors. Several of these studies linked directly with the 
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 aforementioned regulatory approaches. For instance, Muralidharan and Sheehan (2016) investigated 
how and why advertising messages, either framing a single- use carrier bag charge as a “gain” (avoid-
ing the fee) or a “loss” (paying a tax), impacted shoppers’ behavior when considering whether or not 
to bring their own reusable bags to the supermarket. Their study, administered as an online survey, 
suggested that a penalty framed as a “loss” was more effective at encouraging shoppers to bring their 
own reusable bags, than a message framed as a “gain.” They suggest that the terms “tax” and “fee” 
were perceived differently, with people perceiving that having to pay a tax was more restrictive to their 
freedom of choice than avoiding a fee, and was therefore perceived as more of a loss, even though both 
the tax and fee were avoidable.

Later work by Muralidharan and Sheehan (2018) also focused on advertising messaging. Across 
two studies, they evaluated the role of “guilt” on generating favorable attitudes and behaviors 
toward compliance with a carrier bag charge, and investigated how the framing of advertisements, 
either focusing on “egoistic” (making a monetary saving) or “biospheric” (looking after the environ-
ment) values influenced compliance. They found that environmental concern in females was higher 
when they felt more guilt regarding compliance. Furthermore, the type of advertising message 
influenced levels of guilt, with females exposed to the savings advertisement having higher level of 
guilt than those exposed to the environment advertisement. In summary, they suggest that, although 
females in the savings advertisement condition tended to express stronger concern for the environ-
ment, their concern appeared to be motivated by avoiding the carrier bag charge. The study’s 
authors suggest that appealing to egoistic concerns may be more effective than environmental 
concerns when seeking to encourage compliance with such regulatory interventions. However, 
other work on environmental behaviour questions whether egoistic concerns are the best way of 
motivating behaviour (Bolderdijk et al. 2013).

Poortinga and Whitaker (2018) also investigated the impact of message framing, alongside other 
easy to implement measures aimed at encouraging the use of reusable coffee cups. Environmental 
messaging (e.g. posters) highlighted the number of coffee cups ending up in landfill and asked 
customers to bring their own cup. This was displayed in 12 university and business site cafés. 
Additionally, eight sites sold reusable cups and, at four sites, reusable coffee cups were distributed 
free to customers at the start of the intervention. Four of the sites introduced a financial incentive, 
either a discount for customers using a reusable cup or a charge for using a disposable cup. These 
simple measures – environmental messaging and readily available alternatives – increased the use 
of reusable coffee cups. Furthermore, although a discount for bringing one’s own coffee up did not 
significantly affect reusable coffee cup sales, placing a charge on disposable coffee cups did increase 
the use of reusable coffee cups. These findings support Muralidharan and Sheehan’s (2016) work 
suggesting that a loss (a charge/fee) may be more effective than a gain (a discount) when seeking 
to encourage pro- environmental behaviors.

Loschelder et al. (2019) also explored the impact of messaging on disposable coffee cup use. 
Across field and laboratory studies, they found that their use of “dynamic norm” messaging, 
broadly “More and more customers are switching from the to- go- cup to a sustainable alternative. 
Be part of this movement and chose a reusable mug”, had a stronger influence on the increased use 
of reusable mugs compared to other types of “norm” messaging or no message at all. Grebitus 
et al.’s (2020) work focused on investigating bottled water choices by comparing people’s choices 
after receiving, or not receiving, an environmental message. They found that when exposed to an 
environmental message, people were more likely to choose sustainable packaging for bottled water 
and were also more willing to pay for sustainable packaging.

Thongplew and Kotlakome (2019) also sought to reduce single- use plastic consumption by intro-
ducing a suite of interventions at beverage locations (e.g., cafés, convenience stores), in Ubon
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Ratchathani University, Thailand. They sought to reduce the purchase of bottled water by 
providing free drinking water from dispensers and by supplying free reusable bottles. They also 
offered a discount for consumers who brought their own cup to use for other café beverages. Finally, 
in order to monitor consumers’ behaviors, participants were encouraged to download an “app” that 
provided environmental information on the impacts of plastic bottles and cups. The “app” also ena-
bled participants to record the number of plastic bottles and cups they avoided using, and their mon-
etary savings. It is important to note that, culturally, Thai people generally do not drink tap water and 
rely heavily on bottled water; therefore, few consumers owned or used reusable bottles before the 
intervention. The project was launched as part of the university’s “Green Club” and focus group 
feedback suggested that this “social” aspect – being part of a group making change together – was 
important. Additional feedback from the focus group included comments that the water dispensers 
were convenient (although some concerns were raised about hygiene) and reusable bottles were 
practical (although some issues were raised relating to bottle weight and design). Although more 
explicit signage about the discount availability and amount was deemed necessary, a price reduction 
was viewed as an additional incentive and benefit, rather than a main motivating factor. Furthermore, 
participants were not in favor of an increased discount as they thought this may increase the overall 
beverage cost. Overall, the “app” was not thought to be particularly useful and was rarely used after 
download. Finally, although the interventions increased the number of reusable plastic bottles and 
cups used, feedback suggested that these sustainable actions would be limited to the university set-
ting: consumers did not consider using the reusable bottles in other settings. Ofstad et al. (2017) also 
noted that although university staff and students at a Norwegian university reported increased 
recycling following the implementation of a new recycling scheme on campus, their sustainable 
actions did not extend to increased recycling at home.

Several other studies have focused on sustainable packaging and the waste management of 
single- use plastics. Klaiman et al. (2016) explored the impact of information from a video on con-
sumers’ preferences and willingness to pay for different types of common beverage packaging. 
The video information significantly and positively affected consumer preferences and demand for 
packaging recyclability. Furthermore, willingness to pay for recyclable material was highest for 
plastic packaging compared to other types of packaging, such as glass, carton or aluminum. 
Interestingly, although further work by Klaiman et al. (2017) also revealed how providing infor-
mation could influence preferences for packaging material, it did not significantly affect recycling 
behavior.

Product labeling is another form of information provision. “Certification schemes,” private regu-
lations initiated by nongovernmental organizations or companies, aim to convey responsible pro-
duction practices (Misund et al. 2020), thus enabling consumers to make more informed choices 
about their purchases. Misund et al. (2020) explored consumers‘ willingness to pay for products 
certified as microplastic- free, across three European countries: Norway, Germany and Portugal. 
Although participants generally preferred products (e.g., salmon, toothpaste, bottled water) that 
were certified as microplastic- free, they were rarely willing to select these items if there was a price 
premium attached. Interestingly, there were cross- country differences, with Portugal being the 
most willing to pay a price premium and Norway the least willing.

Asking people to make a commitment to undertake their stated pro- environmental action(s) 
appears another effective way to encourage behavior change. Rubens et al. (2015) asked super-
market shoppers to commit to stop using free plastic bags by signing a poster. Observations of 
participating shoppers revealed that those who had made this public and personal commitment 
were less likely to take the free plastic bags than shoppers in other conditions (e.g., no commit-
ment made).
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15.3.2  Tourism and Leisure (6 Articles)

Information provision and message framing can also be effective in a tourism and leisure context. 
Grazzini et al. (2018) investigated whether a message framed as a loss (to the environment, e.g., in 
terms of additional environmental resources used) or a gain (e.g. less resources used, better for 
wildlife, etc.) was more effective at influencing hotel guests’ recycling behaviors. These loss-  and 
gain- framed messaged were paired with either a “concrete” message about how to recycle or an 
“abstract” message explaining why it was important to recycle. Overall, they found that any type of 
message encouraging recycling was more effective at promoting recycling than no message at all. 
However, guests’ recycling behaviors were significantly greater when exposed to a loss- , rather 
than gain- , framed message. Furthermore, matching a loss- framed message with a concrete mes-
sage about how to recycle was particularly effective, due to greater perceived self- efficacy.

Dolnicar et  al. (2019) sought to investigate whether sharing a hotel’s monetary savings with 
guests would encourage more sustainable behaviors. Their intervention, encouraging guests to opt 
out of a room clean, was framed in one of three ways: to reduce their environmental impact; to 
reduce the hotel’s costs, which would be shared with them in the form of a free drink; or a combi-
nation of both approaches. They found that encouraging hotels guests to voluntarily opt out of a 
room clean in return for a free drink was the most effective way to reduce the number of daily room 
cleans. Appeals based on a combination of environmental and financial benefits were also effec-
tive; appealing to guests to opt out of a room clean for environmental reasons alone was the least 
effective approach. Although not directly related to plastic consumption or waste management, it 
may be possible to apply this approach in such contexts.

Information and messaging can come in numerous forms, and can be delivered in a variety of 
ways, including media campaigns, posters and information leaflets, television documentaries, and 
personal interactions. Although filling a knowledge deficit gap does not necessarily result in actual 
behavior change, there are some instance in which provision of previously unknown information 
can be of use. For instance, Sisson et al. (2020) surveyed over 200 students about their awareness 
and likely use of a reusable cup program, that reduces the need for single- use plastics at live events 
(r.Cup – www.rcup.com). They found that nearly 95% of students were not previously aware of the 
program, but, after exposure to the infographic, over 80% reported that they were likely to use the 
program in the future.

Mellish et al. (2019) chose to deliver their information in the form of an educational talk on Zoos 
Victoria’s education program, “When Balloons Fly”. The talk focused on the threats of balloons to 
wildlife and encouraged visitors to use a wildlife- friendly alternative (bubbles) instead. Following 
the talk, visitors were invited to make a pledge (either in a pledge book or on a pledge board) to use 
bubbles instead of balloons at their next outdoor event. The study evaluated visitors’ knowledge, 
attitudes, and behaviors (intended and actual), relating to the use of balloons over a six- month 
period. Mellish and colleagues found that visitors had a better understanding of the threats of bal-
loons immediately after their visit and reported that they were more likely to replace balloons with 
bubbles in the future. Follow- up surveys suggested that fewer balloons had been purchased and 
used by visitors, and that visitors had also encouraged others not to use balloons. The authors of 
this study also noted that when visitors received a pre- talk survey, which included take- home 
information, visitors had more positive attitudes and were significantly less likely to use balloons. 
They suggest that the pre- survey may have “primed” visitors, thus promoting better engagement 
with the conservation- education material.

Zelenika et al. (2018) investigated ways of reducing contamination across waste streams at a 
public event, testing three different types of intervention: bin tops with signage; bin tops with 

http://www.rcup.com
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 signage plus 3D items; and staffed bins. Staffing the bins with volunteers who verbally instructed 
visitors on where to put their waste resulted in the least contamination of recycling bins. Hottle 
et al. (2015) also tested the effect of staffing waste and recycling bins at a series of three baseball 
games and found that staffing the bins resulted in the lowest contamination rates, further high-
lighting this as an effective intervention.

Willis et al. (2019) sought to reduce single- use plastic bottle litter by introducing free filtered 
water refill stations at key littering “hotspots” along the Brisbane River. Although they found some 
evidence of reduced littering, they suggested that the intervention may have been more effective if 
implemented in areas where consumers purchase bottled water, rather than in locations where 
they dispose of their empty bottles.

15.3.3  Schools and Education (12 Articles)

All of the behavior change interventions included (13 interventions, 12 papers) were educational in 
nature. Three of these interventions, all conducted in Hong Kong (Chow et al. 2017; So et al. 2016; 
Yeung et al. 2017), involved comparisons of different teaching approaches centered around knowl-
edge about the waste hierarchy as well as classification and sorting of plastic waste. Chow et al. 
(2017) used direct teaching, hands- on and simulation game- based approaches with primary school 
pupils in Hong Kong. The direct teaching approach involved teacher- centered information provision 
about plastic waste and its management, while in the hands- on teaching group pupils engaged in 
observation of their surroundings and experimental activities as “scientists.” The simulation game- 
based approach entailed teacher- led role- play where the pupils acted as citizens of a “plastic city” and 
learned to connect their daily activities to environmental problems. While none of these approaches 
were effective in changing recycling and waste management intentions, all of them were successful 
in increasing the pupils’ knowledge about plastic waste and the waste hierarchy.

Yeung et al. (2017) found similar teaching approaches to be more effective in older students at a 
Hong Kong university. They compared the simulation game- based approach to guided inquiry 
involving on- campus observation tasks, experiments and data collection via interviews and inter-
net searches. While both approaches equally increased knowledge on plastic waste and behavioral 
intentions relevant to reducing, reusing and recycling, only the gaming simulation approach suc-
cessfully increased pro- environmental attitudes toward waste management. The gaming simula-
tion involved real- life dilemmas, such as realizing financial gains and enhanced social status at the 
expense of the environment, and once the participants had reflected afterward on the decisions 
they made in the game, they expressed remorse over their actions. Therefore, according to Yeung 
et al. (2017), the activity likely caused the students to critically re- evaluate their values concerning 
the environment. Furthermore, it is likely that the “tragedy of the commons” element in this type 
of learning activity holds more relevance and potential for attitude change in the older demo-
graphic, as opposed to school pupils (such as in Chow et al. 2017). Although children have been 
shown to demonstrate strategies to overcome such common- pool resource dilemmas (Koomen and 
Herrmann 2018), they may be less likely to engage in critical re- evaluation of values as a result.

An additional four studies (Hartley et al. 2015, 2018; Hsiao et al. 2016; Mapotse et al. 2017) reported 
success in changing at least some plastic- related behaviors. For example, Hartley et al. (2015, 2018) 
studied the impacts of two educational interventions in promoting litter- reducing behaviors in 
schoolchildren. The first one (Hartley et al. 2015) involved activities including artwork, demonstra-
tions and mini- experiments, to educate UK pupils on marine plastic pollution. Hartley et al. (2018) 
used a two- minute video contest to get pupils across 12 locations in Europe to engage with the issue 
of marine litter as well as potential solutions. Both interventions increased knowledge as well as 
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concern regarding marine litter in the partaking children. More importantly, both interventions were 
successful in promoting self- reported behaviors such as picking up litter, buying goods with less 
packaging and encouraging family and friends to take action at follow- up. These findings were 
particularly encouraging, because as pointed out by Hartley et al. (2015), simply increasing concern 
and worry about an environmental issue can make children feel powerless, but when paired with 
evidence that the children have also engaged in actions to reduce the problem, such interventions are 
valuable means of helping make a positive change.

Furthermore, according to more qualitative observations, interventions by Hsiao et al. (2016) and 
Mapotse et al. (2017) were successful in changing behavior: Hsiao et al. (2016) applied a qualitative 
methodology, as the pupils were only five years old. Their intervention involved teaching activities 
based around eight picture books, two of which introduced the pupils to the impacts of and solutions 
to litter, including recycling and reuse. According to the educators’ “environmental concept check-
list” interviews, pupils had learned to bring their own tissues when leaving the house, avoid buying 
excessively packaged goods, as well as bring their own shopping bags. In addition, the educators 
reported that following the picture book intervention, no plastic soymilk cups were left unrecycled; 
however there was no reduction in use of plastic bags in the school. Furthermore, Mapotse et al. 
(2017) observed an increase in litter bin use following a series of “pupils as researchers” activities, 
including a litter- pick in the school yard, in a South African school. These examples illustrate alterna-
tive ways in which behavior change can be assessed and evaluated, through interviews and observa-
tions, and even in groups of pupils who are not yet literate (Hsiao et al. 2016).

In addition, out of three holistic educational interventions that involved field trips to collect 
plastic debris from coastal areas (Locritani et al. 2019; Owens et al. 2018; Torres et al. 2019), only 
Locritani et al. (2019) report success in changing some plastic- relevant behaviors. In their “work- 
related learning internship,” Italian pupils aged 16–17 monitored marine litter, examined it using 
microscopes and engaged in discussions on potential solutions. Following the intervention, pupils 
reported increased levels of picking up litter and encouraging others to reduce litter, but their litter 
disposal or consumer behavior did not change. Furthermore, Owens et al. (2018) did not assess 
plastic- related behaviors directly, but their undergraduate seminar module on marine debris and 
policy was successful in increasing other environmental behaviors. However, these behaviors also 
increased in the control group (laboratory- based environmental class), and pro- environmental atti-
tudes only changed in the control group. Finally, Torres et al. (2019) implemented a similar learn-
ing module in middle-  and high- school students in the USA, but willingness to change personal 
behaviors to reduce marine litter was only assessed in a small sub- group (n = 31) of participants. 
Around half of these students reported that they were very likely to take litter- reducing action after 
partaking in the learning module. These approaches are examples of valuable citizen science activ-
ities that may further knowledge regarding the types and quantities of marine litter, as well as raise 
awareness about the issue. As suggested by Torres et al. (2019), it is imperative that such holistic 
educational interventions connect the issue of marine litter to specific actions that can address the 
core causes of litter, in order to effect behavior change.

Two out of the 12 interventions (Hartley et al. 2018; Hoang et al. 2016) did not include a measure of 
environmental behavior, whether observed, self- reported or intended behavior. For example, Hartley 
et al. (2018) assessed the impact of an online training course on European educators’ perceived confi-
dence, skills and competence in relation to teaching about marine litter. The training course was suc-
cessful in increasing these perceptions, but it did not make educators (who were already concerned) 
more concerned about marine litter. The educators also manifested positive intentions to integrate 
what they had learned into their teaching. This kind of “higher- order” evaluation of intentions to 
embed plastic pollution related content in teaching activities can be employed when there are no 
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means of directly reaching the target group (here: schoolchildren) or when teaching about plastic 
pollution cannot be enforced, only recommended. Second, Hoang et  al. (2016) evaluated a brief 
30- minute environmental activity, including a waste separation game and teaching about elementary 
concepts of waste management, in three Vietnamese elementary schools. They did not measure 
behavior, but they found that pupils’ knowledge on plastic bags, as well as on food waste collection and 
treatment systems, improved significantly post- intervention. Furthermore, their study was the only 
one out of the reviewed studies to have incorporated a follow- up measure: Their findings showed that 
the gains in knowledge were maintained two months after the intervention. While such brief educa-
tional sessions are not likely to cause immediate quantifiable changes in environmental behavior, they 
can nonetheless help guide pro- environmental behaviors that are dependent on knowledge (such as 
waste sorting, see Section 15.2.1.1).

Finally, outside the schools context and open to any participants, Tabuenca, Kalz and Löhr 
(2019), investigated the impact of a “massive open online course” (MOOC) on marine litter, devel-
oped and organized by the Open University of the Netherlands and the United Nations Environment 
Programme (UNEP). Of particular interest was the influence of the course on participants’ “envi-
ronmental activism”. Results revealed that participants who completed a post- MOOC question-
naire believed themselves to be a “slightly more active person” in helping to tackle marine litter, 
than those who completed a pre- MOOC questionnaire. Although this finding was statistically sig-
nificant, there was, however, no significant difference between pre-  and post- MOOC questionnaire 
means relating to whether participants thought the course would help them with actions that 
would combat marine litter.

15.3.4  Community (19 Articles)

Out of the four categories, we found most studies in the broader community category, so we sub- 
divided these into reducing and recycling behaviors in this section. This approximately reflects the 
split in the studies found.

1) Reducing Plastic Consumption
People gain information from, and are influenced by, a variety of sources, including family mem-

bers, peers, their community, professional bodies, NGOs, and government agencies (see also social 
norms in Section 15.1). The media, as mentioned in Section 15.1.1, is another source of informa-
tion that can be influential, especially when a “celebrity” figure is involved. The “Blue Planet II” 
documentary series, presented by naturalist and broadcaster Sir David Attenborough, has been 
credited with changing consumer behavior by raising awareness of the issue of plastic pollution 
(Dunn et al. 2020). Evidence of reduced plastic consumption by those who viewed the documen-
tary, however, appears limited, prompting Dunn et al. (2020) to investigate further. Following ran-
domized control trials, using revealed preferences toward plastic or paper packaging as a measure 
of plastic consumption, it was concluded that viewing a single episode of Blue Planet II was 
unlikely to change behaviors, although it did positively influence environmental knowledge. The 
authors suggest, however, that Blue Planet II documentaries increased media attention of marine 
plastic pollution overall and encouraged discussions, including at policy level, which may ulti-
mately effect wider societal change.

In addition to broader values (see Section  2.1.3.2), religious beliefs may also influence pro- 
environmental behavior. For instance, in Islam, nature is to be respected and damage to the envi-
ronment is forbidden; this has led some to suggest that a return to religious traditions may help 
deal with environmental crises (Siyavooshi et al. 2019). With this in mind, Siyavooshi et al. (2019) 
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aimed to investigate the effectiveness of using Islamic values and environmental knowledge on 
willingness to purchase environmentally friendly containers as alternatives to plastic containers. 
Attendees at a large religious assembly received either brochures containing environmental 
 messages or religious messages about environmental protection; the control group received no 
information brochure. Both environmental and religious messages increased willingness to purchase 
environmentally friendly alternatives, compared with the control group, with religious messages 
increasing willingness the most.

Heidbreder and Schmitt (2020) used Christian Lent as a “window of opportunity” for encourag-
ing behavior change. Lent, the 40- day period leading to Easter in the Christian calendar, is often 
used by people to reform their habits, usually by “giving up” something that they enjoy, such as 
chocolate. Heidbreder and Schmitt’s study aimed to reduce plastic consumption by encouraging 
three groups of students to undertake a plastic “fast” for Lent. One group of students undertook 
the challenge with no additional information, whereas the other two groups answered reflective 
questions, and were giving information about either the problems of plastic (to strengthen moral 
norms) or actions (to strengthen perceived behavioral control). All three groups reduced their plas-
tic consumption, but the provision of information did not enhance the reduction effects.

Heidbreder et al. (2020) used an established campaign, “Plastic Free July”, as their “window of 
opportunity” to effect behavior change. Pre- campaign, all participants were challenged to reduce 
their plastic consumption; around half of participants received information about how to reduce 
their plastic consumption, the others received no information. Following this intervention, and in 
contrast to the study above, those who had received information on ways to reduce their plastic 
consumption used slightly, but significantly, less plastic than those who had received no “how- to” 
information.

2) Improving Recycling Practices
Almost half of the interventions aimed at encouraging behavior change in communities focused 

on improving waste management practices of the general public. Overall, studies tested a range of 
interventions aimed at increasing recycling rates and reducing recycling bin contamination. The 
location of the recycling and waste bins was found to be an important contextual factor in increas-
ing recycling: the closer and more convenient the bins were, the greater the recycling rate (e.g. 
DiGiacomo et al. 2018; Miller et al. 2016). Furthermore, placing recycling and waste bins together, 
rather than apart, also improved recycling rates and accuracy (Leeabai et al. 2019). Interestingly, 
removing waste bins from classrooms and offices, and positioning them further away, but next to 
recycling bins, still increased actual (Fritz et al. 2017) or self- reported recycling behaviors (Ofstad 
et al. 2017), in a university setting.

Recycling bin signage can also impact recycling rates. Deciding whether to use images (photo-
graphs), icons, or words may be the first point of consideration when considering signage design. 
Wu et al. (2018) found that using images significantly improved the speed and accuracy of “vir-
tual” sorting of different litter items, compared with using words alone. There was also a trend that 
icons were better than words, although not statistically significant. Standardizing the spatial con-
figuration of waste categories (e.g. consistently from left to right: waste, paper, recycling, compost), 
rather than displaying categories in a random order, also resulted in more efficient sorting. 
Displaying images of permitted items only was more effective than displaying both permitted and 
nonpermitted items, but only when icons were used; there were no such differences when pictures 
were used. Placing actual items (e.g. plastic bottle, disposable coffee cup) as examples or visual 
prompts, however, appears to have minimal or no effect on recycling rates (Miller et  al.  2016; 
Zelenika et al. 2018).
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Cheung et al. (2018) found that coupling a new eight- compartment recycling bin with an information 
and instruction poster significantly improved the separation and cleanliness of recycled plastics, 
compared with other recycling options (eight- compartment bins without a poster, or single- 
compartment bins with or without a poster). Weekly feedback posters, showing improvements or 
declines in recycling compared with previous weeks, improved recycling further.

Meng and Trudel (2017) used icons in their study in the form of negatively valenced emoticons 
(red “frowny” faces). When placed on waste bins (vs no emoticon) as “point- of- decision” prompt, 
students’ recycling increased from 46 to 62%, even though the recycling bin was located three feet 
further from their path than the waste bin. Photographs of cute animals have also been found to be 
effective at increasing recycling rates. In an online survey, Wang et al. (2017) found that, for some 
people, viewing a poster of a cute animal, rather than a noncute animal, increased their recycling 
intentions. A follow- up study in the field investigated the effect of “active” (e.g. active cute animal 
running toward the viewer, with “Recycle NOW!”) vs “passive” (e.g. stationary cute animal, with 
“Recycle please”) messaging, and found that active messaging was more effective at encouraging 
recycling than passive messaging (Wang et al. 2017). Furthermore, the effect was sustained over 
the eight- week experimental period. Although not everyone responds to cute animals in the same 
way, cuteness has been used in prosocial appeals (e.g. advertising campaigns for wildlife organiza-
tions), as it is thought to trigger an instinct to nurture and protect (Wang et al. 2017).

Another way to encourage recycling was explored by Winterich et al. (2019) who studied whether 
“product transformation salience” (recyclables being turned into new products) increased recy-
cling. In a series of six studies, recycling messages that showed recyclable materials (e.g., plastic 
bottles, aluminum cans) being turned into a new product were more effective in encouraging 
recycling than a message to recycle alone.

Although the above findings provide a range of simple yet effective ways in which recycling rates 
can be optimized, there are instances in which the packaging itself can hinder recycling efforts. 
For instance, despite the interest in replacing petroleum- based plastics with bio- plastics (from 
biomass), consumers’ familiarity with these items, particularly their end- of- life disposal options, is 
poor (Taufik et al. 2020). While petroleum- based plastic can generally be recycled, options for bio- 
plastics vary: some can be recycled, others cannot; and some bio- plastics are compostable. 
Although recyclable bio- plastics can be recycled in much in the same way as their petroleum- 
based counterparts, composable bio- plastics usually require the biodegradation process to occur in 
an industrial composting facility (Taufik et al. 2020). Although consumers perceive compostable 
bio- plastics to be more environmentally friendly than petroleum- based plastics, only around 37% 
of consumers disposed of it correctly (in organic waste). In contrast, correct disposal rates of recy-
clable bio- based and petroleum- based plastics into the recycling waste bins were much higher 
(around 80 and 90%, respectively; Taufik et al. 2020). Authors of this study suggest that increasing 
consumers’ familiarity with bio- based products could help improve the correct end- of- life disposal 
of these products.

Overall, the above studies focus on ways to optimize existing recycling practices, focusing on 
clearer product recycling information, improved signage and prompts, or optimal placement of 
bins. However, for some countries, even establishing an effective solid waste selective collection 
(recycling) system can be problematic: in low- middle income countries, predominately those in 
the Global South, a “lack of awareness, infrastructure, administrative support and knowledge 
about recycling are the main barriers for its operation, reducing the possibility of successes” 
(Ferronato et al. 2020). A project undertaken in a Bolivian university found that adding new recy-
cling bins for plastic and paper waste, introducing information banners above the bins, and imple-
menting a series of information events and activities (e.g., free, voluntary seminars and waste 
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management courses), resulted in modest, yet promising, adoption of the new waste management 
system, which could be further improved with continued information campaigns to raise aware-
ness and knowledge of environmental issues (Ferronato et al. 2020).

In Thailand, numerous universities have already implemented programs aimed at encouraging the 
reduction, reuse and recycling (3Rs) of waste on campus (Tangwanichagapong et al. 2016). In 2014, 
in order to become a “green campus,” the Asian Institute of Technology implemented several initia-
tives, largely voluntary or incentive- driven, to tackle waste: these initiatives included the installation 
of packaging- waste segregation bins, a plastic bin reduction campaign, and a “cash- for- trash” 
program (Tangwanichagapong et al. 2016). Survey feedback from 12% of the campus population 
revealed significant differences between those who had actively participated in the 3Rs initiatives 
and those who had not. Active participants had a better knowledge and understanding of the waste 
management hierarchy, and were more likely to believe in recycling for better waste management; 
they were also more supportive of a plastic bag charge and more likely to avoid using plastic bags. 
Although there was no difference in self- reported waste disposal behaviors, the cash- for- trash 
program was more effective at reducing the amount of recyclable packaging in the solid waste stream, 
than the recyclable packaging- waste separation project. It was concluded that incentive- driven 
initiatives were more effective at reducing waste to landfills and encouraging behavior change, 
than voluntary approaches (Tangwanichagapong et al. 2016).

Although initiatives, such as installing bin schemes, can increase recycling and reduce the quan-
tity of waste sent for disposal, there is, generally, less focus on measuring actual or self- reported 
behaviors, or on reducing consumption (Torres- Pereda et al. 2020). This may be especially true for 
countries in the Global South: Torres- Pereda et al. (2020) point out that while Global North coun-
tries have had some success in reducing and recycling waste, evidence of effective waste manage-
ment initiatives for their country of study, Mexico, is limited. Torres- Perada et al. (2020) assessed 
the impact of an Environmental Education Intervention (EEI) aimed at reducing waste genera-
tion, and encouraging more sustainable behaviors, among members of a national institution. The 
EEI included a wide range of approaches such as information campaigns (e.g., about the 3Rs and 
disposable materials, such as plastic bottles); community engagement activities (e.g. a recycling 
challenge, craft activities, waste management workshops and focus groups); installation of bins 
and water fountains; and a reusable cup discount scheme. Results of these interventions revealed 
a reduction in the generation and use of single- use disposable and nonecological materials, such 
as plastic bottles and polystyrene containers. Furthermore, there was some evidence of “spillover” 
of pro- environmental behaviors into the home.

15.4   Plastic Pollution and Behavior in the Global South

As seen in Section 15.3, a number of behavioral studies on plastic pollution in the Global South 
have emerged in recent years. This is a necessary development as published behavioral research 
has traditionally targeted Global North communities, and thus findings from these studies may 
lack relevance to other nations or cultures (Henrich et al. 2010). Although the basics of (environ-
mental) behavior are considered consistent across cultural and geographic groups (Fang et al. 2017), 
there are important international differences. Firstly, social and public pressure to engage in 
pollution- reducing practices may be lacking in some contexts. For instance, Strydom (2018) found 
that the majority of urban South Africans reported a lack of social support from their friends, 
neighbors and municipalities for recycling. However, social norms and conventions regarding 
environmental behavior are to some extent dictated by existing values (Aoyagi- Usui et al. 2003; 
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Harris 2006) and could change very rapidly. For example, Garcia et al. (2019) noted that religion, 
especially in Muslim communities, could be an important consideration in efforts to tackle plastic 
pollution, as Islamic values encourage sustainable reuse and condemn polluting the environment. 
Moreover, some countries in the Global South (and beyond) have experienced significant economic 
growth only recently, and thereby postmaterialist values are likely manifested differently in these 
countries in comparison to the Global North (Oreg and Katz- Gerro 2006). Such developments in 
value orientations are relevant for consumption practices, including purchasing and disposal of 
plastic. Gender is an additional factor. For example, and in line with other environmental litera-
ture, Zambrano-Monserrate et al. (2020) showed that those Ecuadorian families where the head of 
the household was a woman, was highly educated or took part in social organizations, were more 
likely to use alternatives to plastic bags when shopping.

Simmons and Fielding (2019) conducted a study on the psychological predictors of sustainable 
waste management practices in Indonesian coastal communities. Unlike in Western samples 
where social norm is frequently a key predictor of environmental behavior, in this Indonesian 
sample it was not. Instead, a positive attitude toward appropriate waste disposal as well as a sense 
of confidence in one’s ability to dispose of waste properly predicted sustainable waste management 
intentions. Furthermore, those who showed stronger intentions of responsible waste management 
also thought that marine ecosystems were changing for the better. This finding was contrary to the 
researchers’ expectations, as traditionally perceptions that the environment is degrading work 
toward motivating pro- environmental behavior (e.g. Keshavarz and Karami 2016).

In a similar vein, a study on office workers in Thailand found that believing in one’s ability to 
change waste management behaviors to be more sustainable predicted a range of waste reducing, 
reusing and recycling behaviors (Janmaimool 2017). However, perceiving environmental pollut-
ants caused by waste as a severe threat did not influence people’s self- reported green purchasing or 
waste avoidance behaviors, only disposal and recycling. The author suggests that in the studied 
population, green purchasing practices are likely governed by competing factors such as general 
environmental awareness and income level. That is, these consumers do not readily make the connec-
tion between what they buy and how severe they perceive the state of waste pollution to be.

The examples here illustrate that perceiving a sense of control in how one manages waste is 
amongst the key variables predicting sustainable waste management behaviors (Graham- Rowe 
et al. 2015; Pakpour et al. 2014). Often these perceptions of control reflect the contextual confines 
of behavior, such as properties of the waste infrastructure and management system: When the 
system works, the public are confident in using it and feel in control. Similarly, they may feel more 
confident about changing their behavior when the context permits such change. In many low- 
income countries in the Global South, adequate waste infrastructure is lacking, and the recovery 
of recyclable waste relies on an informal and unregulated recycling sector (Gall et  al.  2020). 
Therefore, determinants of sustainable waste management behavior, as well as effective tech-
niques for changing these behaviors, may look different in the Global South in comparison to 
Global North communities.

Similar to the Global North where the marine plastic pollution crisis has mobilized communities 
to take action, such as engage in clean- ups, opportunities may arise in the Global South. For exam-
ple, across the African and South- American context, responses to plastic pollution may help 
develop environmental stewardship (Jambeck et  al.  2018), create jobs, especially for women 
(Gutberlet et al. 2017), as well as encourage creativity and innovation (Schmaltz et al. 2020) – espe-
cially in communities that are cohesive and close to the natural environment, which oftentimes 
provides their livelihood, and that have strong values and the ability to change rapidly given sup-
port and empowerment.
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15.5   Research Gaps and Limitations

15.5.1  Scoping Review

Clearly, literature on behavior change in the context of plastic pollution is growing. This is a wel-
come development, which extends earlier work that focused on perceptions, attitudes and, in some 
cases, behaviors, at a single point in time, a snapshot approach that did not capture the effects of 
interventions to change behavior. However, it is also clear that research on behavior change can be 
improved. First, details on both intervention and evaluation methods were missing in many pub-
lished articles. Much like discussions in the natural science around harmonization of assessment 
methods (e.g., Provencher et al. 2020), reporting needs to be improved in order to improve the sci-
ence of behavior change. Second, and linked to the first point, we need to systematically assess the 
quality of the studies undertaken to gain a better understanding of what works, perhaps copying 
methods from the health and medical sciences on evaluating interventions. It is noticeable that the 
“gold standard” for testing interventions in those disciplines, randomized controlled trials, is not 
(yet) applied in the context of plastic pollution. Whether this is due to lack of training or funding 
or other reasons remains to be seen.

We included a broad range of studies within our criteria, which gave us varied geographical and 
cultural contexts (for further discussion see Section 15.4), as well as different processes of change 
and methods. Due to the different sectors we targeted, we used broad search terms, which made 
the screening process rather difficult and iterative. We would welcome suggestions on how to 
narrow down searches while not losing the complexity and variety in approaches. Even though we 
focused the search on behavior change, studies used very different definitions of behavior. Many 
focused on self- reports or antecedents of behavior (see Section 15.2), with only a minority using 
objective behavioral indicators or observations. Again, this could be a consequence of lack of training 
or funding. For future research we encourage using more direct measures of behavior and better 
research designs, for example including experimental designs with control groups wherever 
possible (see Pahl and Wyles 2016).

Finally, and although this is difficult to say with certainty given the overall small numbers, there 
appeared to be fewer examples of effective interventions for the tourism and leisure sector, com-
pared with other sectors. This is concerning considering that tourism has a considerable environ-
mental footprint, for example, polluting air and water and generating waste in some of the most 
precious areas (Dolnicar et al. 2019). This could be because increasing pro- environmental behavior 
can be difficult in a tourism context due the generally hedonic nature of tourism, which typically 
centers on enjoyment and relaxation (Dolnicar et al. 2019). Many people, including members of 
environmental organizations, do not act in a particularly environmentally friendly way while on 
holiday (Juvan & Dolnicar, 2014; Dolnicar et al. 2019), countering, for instance, that holidays are a 
special treat or that destination economies and communities benefit from visits. More research on 
interventions in the tourism sector would be worthwhile, for example concentrating on the grow-
ing sector of environmental tourism, especially if we could learn how to transfer good behavior 
from one context to another, for example, home to holidays or vice versa.

15.5.2  Public Acceptability

While several approaches have been trialled in efforts to reduce plastic pollution (as reviewed in 
Section  15.3), what is currently lacking is research on the public acceptability of the various 
approaches. For example, the food packaging industry has seen promising advancements recently 
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(Guillard et al. 2018; Huang et al. 2018), but retailers may be hesitant to commit to novel packaging 
solutions when consumer uptake is unknown or uncertain (but see Neves et al. 2020). Therefore, 
research on public perceptions is needed to help inform the design and development of innovative 
solutions and alternatives, even before research focuses on actual behavior. Similarly, all steps of 
the consumer journey, including disposal, should be considered when examining public accept-
ance. That is, it is important that consumer uptake meets appropriate disposal options (as high-
lighted in Taufik et al. 2020).

15.5.3  Economic Value of Behavior Change Interventions

Furthermore, research that quantifies the economic value of behavior change interventions may 
be needed to persuade various stakeholders to commit to these approaches. That is, while we have 
evidence on the impacts of behavioral interventions on attitudes, knowledge and (self- reported) 
behaviors, quantification of this impact in terms of ecological or economic effects and benefits is 
lacking and could help win over decision- makers not yet convinced. These impacts could be esti-
mated, for example, with respect to gains in ecosystem services (Beaumont et al. 2019). Quantifying 
behavior change in this way, perhaps in combination with lifecycle approaches, may also help with 
identifying the most critical points of behavioral intervention within the plastics system.

15.6   Remaining Challenges

Although increased public awareness of plastic pollution creates prospects for behavior change, 
there are obstacles that are currently limiting the potential for this change. For example, consum-
ers tend to assign responsibility for plastic pollution to companies and manufacturers (Hartley 
et al. 2018). This “diffusion of responsibility” (also discussed in Heidbreder et al. 2019) may reduce 
the momentum for change through behavioral interventions. Therefore, coordinated efforts where 
industries work toward providing product alternatives and refill options, and where consumers are 
nudged toward these options, may work best to motivate sustained behavior change (Jia et al. 2019), 
combining top- down and bottom- up approaches (Pahl, Richter and Wyles 2020).

Everyday consumer decisions are still largely driven by convenience and price as well as functional 
and aesthetic properties of products (Gidlöf et al. 2017). Consideration for plastic waste and pollution 
is therefore likely not a first priority on the consumer agenda, except for those items that have been 
explicitly and consistently linked with marine plastic pollution (such as straws or plastic bottles; 
Marazzi et al. 2020). For items that contribute to plastic pollution more indirectly, making this link is 
more complicated. Furthermore, often the consumers’ desire for convenience is tied to habitual behav-
ior that can be difficult to interrupt. While the UK plastic bag ban was successful in getting consumers 
to question their need for a plastic bag when faced with a cost (Poortinga et al. 2016), inducing a simi-
lar disruption in habitual behavior across other consumer contexts remains a challenge.

It is also important to note, that habit disruption can have unfavorable consequences. For exam-
ple, when introducing a ban on plastic bags, failure to ensure availability of viable and affordable 
alternatives can lead to emergence of “black markets for plastic” (e.g., Paul and Mironga 2020). 
When plastic bags can be obtained from an informal source, consumers fail to see the value in intro-
ducing a ban in the first place. The resulting resistance and dissatisfaction with overt governmental 
efforts to reduce plastic pollution does not help the aim of more responsible management of plastics.

Another challenge that should be recognized in light of recent events is the increase in single- 
use plastic pollution following the COVID- 19 pandemic (Thames21  2020). Personal protective 
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equipment such as disposable face masks, as well as single- use cups used to minimize spreading of 
the virus are now littering the environment. The pandemic has helped enforce certain consump-
tion habits that to some degree rely on plastic packaging, such as increased the popularity of online 
deliveries of food and other goods (Vanapalli et al. 2021). In some countries bans on single- use 
plastics have been relaxed temporarily during the pandemic (Silva et al. 2020), which may have led 
to consumer confusion and disproval, especially in those consumers who had already adjusted to 
the plastic- reducing lifestyle. Therefore, the pandemic is likely to have repercussions to consumer 
behavior and waste management practice. Nevertheless, while public health and safety rightfully 
remains the priority on the global agenda, responsible management of single- use plastic waste 
may now be more important than ever.

15.7   Conclusion

The contribution of this chapter is to provide an overview of the role of human behavior in the 
context of plastic pollution. We have reviewed social and behavioral science approaches to explain-
ing behavior and provided insights from a scoping review assessing behavior change interventions 
between 2015 and 2020. We find that a variety of methods and approaches are used and human 
behavior is increasingly the focus of research. However, research and assessment methods should 
be improved, and quantification of behaviors as well as wider impacts following behavior change 
interventions is lacking. With better evidence we can direct future efforts to one of the most valu-
able resources in the fight against plastic pollution: People everywhere in the plastic system.
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16.1   Introduction to the Governance of Plastic Pollution

Policy plays an important role in stimulating action across multiple sectors and can target actors 
and stakeholders across the plastics value chain. Supportive actions include awareness and educa-
tion, which can be included in the design of policies. More recently, policy and regulatory frame-
works have developed beyond post- pollution punitive actions to “upstream” preventive actions, 
including economic instruments to incentivize desired behavior change within industry and 
consumers.

Underpinning the development of policy has been the ongoing development of our under-
standing of the issue. Since the early 1970s, scientists have reported on the presence of plastic 
wastes in the environment, warning about the impacts on biodiversity. More recently, the 
socio- economic impacts are being investigated, including the possible effects on human 
health. These issues have been reflected in policy to a lesser degree. Other areas not well 
reflected are the many sources of microplastics other than microbeads in cosmetics and, also 
to a disappointingly lesser degree, pre- production plastic pellets. The latter shortcoming is 
despite an industry voluntary program being in place for a number of years and proven suc-
cessful, albeit with some shortcomings.

Science is therefore critical in supporting the development of policy. Monitoring the effects of 
plastics and associated chemicals on the environment and socio- economic outcomes provides the 
quantitative and qualitative data necessary to review the effectiveness of policy and regulatory 
frameworks in place. Research into the design of products, including new materials, provides 
another important component of the science–policy interface.

Ultimately, science and policy should be complementary, aiming to reach a point where waste 
management is not playing catch- up or requiring a never- ending cycle of reverse engineering of 
the constant stream of new products and materials placed on the global market. The complexity of 
these products and materials, along with the volume, has presented a difficult environment to 
navigate and manage.

16
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16.1.1  Evolving Concepts of Marine Litter Governance

Marine litter has played a crucial role in raising global awareness of the issue of plastic pollution. 
The focus for many years was therefore on regulating maritime activities, particularly abandoned, 
lost or otherwise discarded fishing gear (ALDFG), and dumping of wastes generated on land and 
discharge of operational garbage from vessels and ocean platforms. Marine litter, however, is a 
symptom of a more complex problem and results from a failure of governance on both land and sea.

As land- based sources of marine litter became recognized as a major contributor, the link to 
improved solid waste management practices was increasingly promoted. Strengthening national 
action in this regard has therefore been a consistent component of international and regional legal 
and policy frameworks.

In more recent years, policy focus has turned to the actions taken further “upstream” in the 
value chain. These actions include product design, waste reduction, and financial and/or physical 
responsibility for products at the end of life.

Environmental principles have also progressed from the precautionary principle and polluter 
pays to extended producer responsibility, sustainable consumption and production, circular econ-
omy, and environmental justice, to name a few (Raubenheimer and Urho 2020).

As our understanding of the issue of marine plastic litter and the drivers thereof has matured, 
action has progressed from a remedial nature (removal from the coastal zone through, for example, 
beach cleans), to mitigation (reducing the effect of leakage through, for example, capture devices), 
and finally to prevention (reducing the generation of problematic products and materials through, 
for example, waste reduction practices). The latter has been promoted as more cost effective than 
mitigation and remediation (Lebreton and Andrady 2019).

Thus, the focus has moved from marine plastic litter being a marine issue originating from sea- 
based sources, to a waste management issue originating from land- based sources, to the more 
systemic approach of sustainable consumption and production and resource efficiency 
(Raubenheimer and Urho 2020).

Awareness raising has been a common theme and has also progressed from consumer awareness 
of the impacts of marine litter to education on the solutions and industry responsibility. Increasingly, 
awareness through action is employed through citizen science, particularly in gathering data dur-
ing beach cleans.

eWaste has been a focal point of international discussions for a number of years. More recently, 
much of the focus has been on plastic packaging, including beverage containers, shopping bags, 
and other single- use items, particularly related to the hospitality sector. Research is now highlight-
ing the contribution by the fisheries, construction and demolition, and agricultural sectors, 
amongst others. Quantification of these sources is still in its infancy. Microbeads and textiles were 
considered the major components of marine pollution by microplastics, but research is again indi-
cating that other sources, such as car tires, are of far greater concern (Eunomia 2018).

Another focal area rapidly gaining recognition is the contribution of the plastics life cycle to 
climate change (CIEL 2019a). Although the risks to humans and the environment from chemicals 
associated with the plastics life cycle have been documented to a some degree for particular life 
cycle phases, the true extent of the cumulative impact of chemicals across the full life cycle is 
poorly understood (CIEL 2019b).

16.1.2  Industry Involvement

The cost of marine litter, and plastic pollution more generally, is increasingly recognized as an 
externality to those businesses that produce and use plastic products. Estimations of costs of a 
1% decline in global marine ecosystem services are in the region of $500 billion annually 
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(Beaumont et al. 2019). It is therefore appropriate that industry contributes to the management 
of plastic pollution throughout the life cycle of the products they produce, giving effect to the 
polluter pays principle. Implementation of this approach ranges from voluntary commitments 
by industry to regulatory and co- regulatory mechanisms administered in conjunction with 
government.

16.2   Overview of Legal and Policy Instruments

16.2.1  International Instruments

There is no single binding agreement at the international level that governs marine litter or the full 
life cycle of plastics. Instead, there is a mix of binding and voluntary instruments at the interna-
tional and regional level that have, to varying degrees, application to the issue of marine litter. This 
may be explicit or inferred through broader measures, such as those targeting solid waste manage-
ment. A 2017 UNEP report grouped the existing international and regional instruments by their 
primary focus into those that are pollution oriented, chemicals and waste oriented, and biodiver-
sity and species oriented (UNEP 2017).

16.2.1.1  Pollution Prevention
The United Nations Law of the Sea Convention (UNCLOS) is considered the framework agreement 
that sets the overarching obligation to protect and preserve the marine environment (Article 197), 
including from pollution and extractive activities. Prevention is promoted, together with reduction 
and control of marine pollution (UNCLOS 1982).

Although UNCLOS does not explicitly refer to plastic pollution, the definition of pollution pro-
vided would include plastics and microplastics, namely,

the introduction by man, directly or indirectly, of substances or energy into the marine envi-
ronment, including estuaries, which results or is likely to result in such deleterious effects 
as harm to living resources and marine life, hazards to human health, hindrance to marine 
activities, including fishing and other legitimate uses of the sea, impairment of quality for 
use of sea water and reduction of amenities. (Article 1)

UNCLOS sets the common themes of cooperation at the global and regional levels (Article 197), 
including for research (Article 200). In addition, rules, standards, and recommended practices and 
procedures for the prevention, reduction, and control of pollution of the marine environment 
should be based on appropriate scientific criteria (Article 201). Capacity building and assistance 
for developing states in scientific research is mandated (Article 202). States must also monitor the 
state of the marine environment, particularly for those activities they are responsible for (Articles 
204 and 206) and share their findings in this regard (Article 205).

Many international and regional instruments include the precautionary principle, now regarded 
as customary law (Warner and Marsden 2012). Although the principle is not explicitly mentioned 
in UNCLOS, it can be argued that it is embodied in part XII, section 1 of UNCLOS on the general 
provisions for protection and preservation of the marine environment (Articles 192–196). More 
specifically applicable to the prevention of marine plastic litter, UNCLOS establishes a global duty 
to prevent marine pollution from land- based sources (Article 207), from vessels (Article 211), and 
by dumping (Article 210).

The definition of dumping provided by UNCLOS includes “any deliberate disposal of wastes or 
other matter from vessels, aircraft, platforms or other man- made structures at sea” and is further 
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elaborated in the Convention on the Prevention of Marine Pollution by Dumping of Wastes and Other 
Matter 1972 (London Convention 1972) and its 1996 Protocol (London Protocol 1996). Both the 
London Convention and London Protocol regulate the dumping of wastes at sea that were gener-
ated on land. Contracting parties must “take all practicable steps to prevent the pollution of the sea 
by the dumping of waste and other matter that is liable to create hazards to human health, to harm 
living resources and marine life, to damage amenities or to interfere with other legitimate uses of 
the sea.” Annex I lists the wastes and matter that are banned from dumping (Article IV) and 
includes “persistent plastics and other persistent synthetic materials, for example, netting and 
ropes, which may float or may remain in suspension in the sea in such a manner as to interfere 
materially with fishing, navigation or other legitimate uses of the sea.” Industrial wastes are also 
included in Annex I, but dredged material and sewage sludge are explicitly excluded from this 
category. In recognition of the potential presence of plastics in dredged material, the IMO is 
reviewing the process for approving permits for the dumping of such matter. In contrast to the 
London Convention, the London Protocol provides a blanket ban on the dumping of all material 
unless listed in Annex I of the protocol (Article 4). This ban includes the incineration at sea of 
wastes generated on land (Article 5). The duty to prevent, reduce, and, where practicable, elimi-
nate such pollution is also extended into marine internal waters (Article 7). In addition, the export 
of wastes for the purpose of dumping or incineration at sea is prohibited (Article 6).

Article 211 of UNCLOS is given effect through Annex V of the International Convention for the 
Prevention of Pollution from Ships (MARPOL 1973). The discharge of garbage from vessels, as well 
as fixed or floating platforms, is prohibited in all maritime zones (Regulation 3.2), even if wastes 
are mixed or contaminated with a small amount of plastics (Regulation 6.4). Specific reference is 
made to fishing gear in the definition of garbage (Regulation 1.9). A definition of plastics is also 
provided, meaning “all garbage that consists of or includes plastic in any form, including synthetic 
ropes, synthetic fishing nets, plastic garbage bags and incinerator ashes from plastic products” 
(Regulation 1.13). Exceptions are allowed in specific emergency situations listed (Regulation 7). 
Any accidental loss or discharge of fishing gear specifically that may present a “significant risk” to 
the marine environment or a navigation hazard must be reported (Regulation 10.6). Fishing gear is 
further addressed in the United Nations Agreement for the Implementation of the Provisions of the 
United Nations Convention on the Law of the Sea of 10 December 1982 relating to the Conservation 
and Management of Straddling Fish Stocks and Highly Migratory Fish Stocks (Fish Stocks 
Agreement 1995) and the FAO Code of Conduct for Responsible Fisheries (Code of Conduct 1995, 
discussed below). Garbage management plans and garbage record books must be maintained for 
larger vessels only (Regulation 10), and adequate port reception facilities must be provided that are 
appropriate for the types of vessels frequenting the port (Regulation 8).

Microplastics are not directly addressed at the international level, except for the voluntary 
Honolulu Strategy (discussed below). Emerging science has shown the presence of microplastics 
in the air (Zhang et al. 2020), thus adding wind and rain as pathways for these pollutants to enter 
the marine environment. UNCLOS mandates that states adopt regulations to prevent, reduce, and 
control marine pollution from or through the atmosphere (Article 212). This applies to sovereign 
air space as well as vessels or aircraft of their registry.

Covering a smaller geographic scope, but an important pathway for wastes to enter the oceans, 
the Convention on the Law of Non- Navigational Uses of International Watercourses (UN Watercourses 
Convention, 1997) aims to protect and preserve the ecosystems of watercourses situated in more 
than one state (Article 20). This includes preventing pollution of the watercourse, defined as “any 
detrimental alteration in the composition or quality of the waters of an international watercourse 
which results directly or indirectly from human conduct” (Article 21). Harm to human health and 
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safety are also to be prevented. Watercourse states must “take all appropriate measures to prevent 
the causing of significant harm to other watercourse States” (Article 7) and must cooperate and 
regularly exchange data and information in this regard (Articles 8 and 9). In addition, water quality 
objectives and criteria must be jointly set, practices to address pollution from point and non- point 
sources must be established, and lists established of substances that may pollute that should be 
prohibited, limited, investigated, or monitored (Article 21.3). The marine environment is explicitly 
mandated for protection and preservation, as well as estuaries (Article 23).

The Global Programme of Action for the Protection of the Marine Environment from Land- based 
Activities (GPA) is the primary non- binding instrument that aims to protect the marine environment 
from land- based pollution through a source- to- sea approach. With application to marine plastic lit-
ter, the GPA has listed marine litter and wastewater as priority source categories since 2012. This 
intergovernmental mechanism promotes technical and policy support, including demonstration 
sites, toward a strengthened global coordinated response to the issue of marine litter (UNEP 2020). 
The Global Partnership on Marine Litter (GPML) is the primary mechanism for driving this.

The Honolulu Strategy: A Global Framework for Prevention and Management of Marine Debris 
(Honolulu Strategy 2011) was developed by UNEP and the National Oceanic and Atmospheric 
Administration (NOAA) Marine Debris Program as a voluntary framework to guide national 
action. Three primary goals aim to reduce the amount and impact of (i) land- based sources of 
marine debris introduced into the sea; (ii) sea- based sources of marine debris, including solid 
waste, lost cargo, abandoned, lost, or otherwise discarded fishing gear (ALDFG) and abandoned 
vessels; and (iii) accumulated marine debris on shorelines, in benthic habitats, and in pelagic 
waters. Monitoring and evaluation are a strong focus of each goal, and a list of suggested actions is 
provided for each strategy listed under each goal. These actions include measures for pre- 
production pellets and other microplastics, as well as product design. Although the Honolulu 
Strategy does not set targets or timelines for achieving the goals and does not aim to replicate cur-
rent efforts toward integrated solid waste management, it provides a solid foundation for preven-
tive and restorative action at the national level. Extended producer responsibility is not addressed 
in the strategy. However, market- based instruments are promoted to support solid waste manage-
ment, particularly waste minimization (Honolulu Strategy 2011).

The IMO Action Plan to address marine plastic litter from ships was adopted in 2018 by the IMO’s 
Marine Environment Protection Committee (MEPC). Importantly, this voluntary instrument relates 
to all ships, including fishing vessels that are mostly exempt from the MARPOL Annex V regulations 
for maintaining garbage management plans and garbage record books. Measures are to be completed 
by 2025 (paragraph 3.1) and implemented in cooperation with the Food and Agriculture Organization 
of the United Nations (FAO), UNEP, the Joint Group of Experts on the Scientific Aspects of Marine 
Environmental Protection (GESAMP), Regional Fisheries Management Organisations (RFMOs), 
and the Regional Seas Conventions and Action Plans, amongst others. Activities focus on assessing 
the contribution to marine plastic litter from ships, the availability and adequacy of port reception 
facilities, whether marking of fishing gear should be mandatory, promoting reporting the loss of fish-
ing gear, and consideration of a mandatory reporting of container losses at sea to better understand 
the number of losses. These are to be supported by training of vessel personnel on the impacts of 
marine plastic litter and strengthened international cooperation (IMO 2018).

16.2.1.2  Chemicals and Waste
The Stockholm Convention on Persistent Organic Pollutants (Stockholm Convention 2001) has the 
objective of protecting human health and the environment from persistent organic pollutants 
(POPs). The POPs listed in the Convention must be prohibited from production and use, and the 
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import and export of these are to be regulated in accordance with the convention (Article 3). Export 
is permitted for the purpose of environmentally sound disposal, as allowed for in the Convention. 
The inclusion of POPs in the production of plastics is therefore regulated by the Stockholm 
Convention. In addition, stockpiles of wastes that may contain chemicals regulated by the 
Convention may not be disposed of in such a way that leads to the recycling, recovery, reclamation, 
direct reuse, or alternative uses of the POPs they may contain, and such wastes may also not be 
exported unless this is done in accordance with agreed international procedures (Article 6). Parties 
to the Convention must develop national plans of implementation for the management of POPs 
and update these on a regular basis (Article 7).

Within the existing international legal framework, the Basel Convention on the Control of 
Transboundary Movements of Hazardous Wastes and Their Disposal (Basel Convention 1989) may 
hold the greatest potential for preventing marine plastic litter. The Convention provides for waste 
minimization and environmentally sound management of wastes and promotes the principle of 
proximity, requiring wastes to be treated in the state they are generated where possible (Article 4). 
The Convention was amended in 2019 to strengthen the regulation of trade in plastic waste. Annex 
VIII to the Convention lists wastes requiring the exporting party to obtain prior informed consent 
from the importing country before the transaction can take place. This annex was amended to 
include a new entry (A3210) to clarify which plastic wastes would fall into this category and be 
considered hazardous wastes. Annex IX saw an entry removed (B3010) and replaced with a new 
entry (B3011) that describes plastic wastes that may be considered non- hazardous, and the trade 
thereof would not require procedures for prior informed consent to be initiated. Such wastes are 
described as being “almost free from contamination and other types of wastes,” with some group-
ings of commonly recycled resins being provided, in order to facilitate recycling at the destination 
with minimal preparatory treatment processes. A third amendment was made to Annex II, insert-
ing a new entry (Y48) that covers all other plastic wastes of a mixed nature that do not fall within 
the previous two categories of hazardous or non- hazardous. Such wastes are subject to prior 
informed consent procedures. Importantly, parties to the Basel Convention may not trade wastes 
covered by the Convention with non- parties, unless an agreement exists between the countries 
that meets the standards set by the Convention.

The Strategic Approach to International Chemicals Management (SAICM) is a voluntary frame-
work that promotes the sound management of chemicals. This expands on the POPs regulated 
under the Stockholm Convention and would include all chemicals used in the manufacture of 
plastics and their final treatment at the end of life, although these do not expressly address the 
plastic life cycle. The aim of this multi- stakeholder platform was that by 2020, the production and 
use of chemicals would minimize significant adverse impacts on human health and the environ-
ment. Chemicals in products has been a key focal area of SAICM (2019), and attention has turned 
to plastic products in particular, including microplastics. The mandate of SAICM came to an end 
in 2020. The Beyond 2020 process was launched in 2017, and the role of SAICM was highlighted in 
“promoting safer chemicals policy through toxics reduction, elimination and substitution to avoid 
and ultimately eliminate the adverse toxic impacts,” including suggestions of eliminating toxics in 
plastic production and prohibiting technologies for burning plastic waste (IPEN 2017). It is possi-
ble that the new framework will include goals specific to plastics and associated chemicals.

16.2.1.3  Biodiversity and Species Protection
The Convention on Biological Diversity (CBD 1992) addresses the conservation of biodiversity. In 
this context, the impact of marine litter broadly on marine species was recognized in a number of 
decisions adopted by the parties. These include voluntary guidance on preventing and mitigating 



16.2  verview of Legal and Policy  nstruments 461

the impacts of marine debris on marine and coastal biodiversity and habitats, suggesting economic 
incentives, market- based instruments, reducing the production and consumption of plastics, best 
practices in resource- efficient and closed product- to- waste cycles, and assessing legislation to pre-
vent primary and secondary microplastics, as well as deposit schemes and extended producer 
responsibility within the fishing sector (CBD 2016). Such guidance is designed to assist contracting 
parties in developing national action plans for the conservation and sustainable use of biological 
diversity, as mandated by the Convention (Article 6).

The Agreement for the Implementation of the Provisions of the United Nations Convention on the 
Law of the Sea of 10 December 1982 relating to the Conservation and Management of Straddling Fish 
Stocks and Highly Migratory Fish Stocks (UN Fish Stocks Agreement) is an implementing agreement 
of UNCLOS, elaborating on Article 63 (paragraph 2) and Article 64 of the Convention. Its objective 
is restricted to the conservation and management of straddling fish stocks and highly migratory fish 
stocks in the high seas (beyond national jurisdiction) and areas under national jurisdiction where 
these stocks occur (Tsamenyi and Hanich  2012). The precautionary approach (Article 6) and 
ecosystem- based approach are promoted (Articles 5[d] and [e]). According to Article 5(f) of the UN 
Fish Stocks Agreement, states must minimize pollution, waste, discards, and catch by lost or aban-
doned gear, including through the development and use of selective, environmentally safe and cost- 
effective fishing gear and techniques. Vessels flying the flag of contracting parties should also be 
required to mark fishing gear to allow for identification as per international systems (Article 18.3). 
The agreement applies to other fishing entities whose vessels fish on the high seas for regulated 
stocks (Article 1.3). Regional fisheries bodies should promote compliance with the agreement.

The Code of Conduct for Responsible Fisheries is a voluntary instrument that is global in scope 
and provides principles and standards applicable to the conservation, management, and develop-
ment of all fisheries (Article 1). It echoes the UN Fish Stocks Agreement by promoting the mini-
mization of pollution, waste, discards, catch by lost or abandoned gear, catch of non-  target species, 
both fish and non- fish species, and impacts on associated or dependent species, including through 
the development and use of selective, environmentally safe, and cost- effective fishing gear and 
techniques (Article 7.2.2).

Parties to the Convention on the Conservation of Migratory Species of Wild Animals (CMS 1979) 
adopted a resolution in 2017 on the management of marine debris (UNEP/CMS/Resolution 12.20). 
Measures promote addressing of knowledge gaps in the management of marine debris; commer-
cial marine vessel best practice (including prevention of ALDFG and deliberate abandonment of 
fish aggregating devices); industry action, public awareness, and education campaigns; and col-
laboration and policy interventions (CMS 2017).

Table 16.1 provides a list of the existing international binding and voluntary instruments adapted 
from the 2017 UNEP report that could be applied to the prevention and management of marine 
plastic litter, including the geographic scope covered based on land, maritime areas within national 
jurisdiction and maritime areas beyond national jurisdiction. Orange indicates those instruments 
that explicitly mention marine debris, marine litter, or plastics.

16.2.2  Global Targets

The issue of marine litter is not new to the global arena. Resolutions adopted by the United Nations 
General Assembly (UNGA) and the newly formed United Nations Environment Assembly (UNEA) 
are voluntary but reflect international consensus on issues to be prioritized, often accompanied by 
actions that all countries agree are desired on a global level. Since 1989, UNGA resolutions have 
recognized issues directly or indirectly related to marine plastic pollution. The importance of 
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Table 16.1  International legal and policy framework applicable to marine plastic litter.

Primary focus Agreement Binding/ voluntary Geographic scope

Pollution United Nations Convention on the 
Law of the Sea (UNCLOS)

Binding Land
Sea – within national jurisdiction
Sea – beyond national jurisdiction

The Convention on the Prevention 
of Marine Pollution by Dumping 
of Wastes and Other Matter 1972 
(London Convention) and its 1996 
Protocol (London Protocol)

Binding Sea – within national jurisdiction

Annex V of the International 
Convention for the Prevention of 
Pollution from Ships (MARPOL)

Binding Sea – within national jurisdiction
Sea – beyond national jurisdiction

The Convention on the Law of 
Non- Navigational Uses of 
International Watercourses (1997) 
(International Watercourses 
Convention)

Binding Land (shared watercourses)

Global Programme of Action for 
the Protection of the Marine 
Environment from Land- based 
Activities (GPA)

Voluntary Land
Sea – within national jurisdiction
Sea – beyond national jurisdiction

Honolulu Strategy Voluntary Land
Sea – within national jurisdiction
Sea – beyond national jurisdiction

IMO Action Plan to address 
marine plastic litter from ships

Voluntary Sea – within national jurisdiction
Sea – beyond national jurisdiction

Chemicals 
and waste

The Stockholm Convention on 
Persistent Organic Pollutants 
(Stockholm Convention)

Binding Land
Sea – within national jurisdiction
Sea – beyond national jurisdiction

The Basel Convention on the 
Control of Transboundary 
Movements of Hazardous Wastes 
and Their Disposal (Basel 
Convention)

Binding Land
Sea – within national jurisdiction

Strategic Approach to International 
Chemicals Management (SAICM)

Voluntary Land
Sea – within national jurisdiction
Sea – beyond national jurisdiction

Biodiversity 
and species

The Convention on Biological 
Diversity (CBD)

Binding Land
Sea – within national jurisdiction
Sea – beyond national jurisdiction

The Agreement for the 
Implementation of the Provisions 
of the United Nations Convention 
on the Law of the Sea of 10 
December 1982 relating to the 
Conservation and Management of 
Straddling Fish Stocks and Highly 
Migratory Fish Stocks (United 
Nations Fish Stocks Agreement)

Binding Sea – within national jurisdiction
Sea – beyond national jurisdiction



16.2  verview of Legal and Policy  nstruments 463

 effective waste management in protecting the marine environment from pollution was highlighted 
in 1989 (UNGA 1989b), as well as the risks that lost or abandoned fishing nets pose to living marine 
resources and ecosystems (UNGA 1989a, 2002, 2005, 2008b). Waste management was highlighted 
as a way to prevent marine debris (UNGA 2005) and recycling, reuse, and reduction promoted, as 
well as the role of economic incentives (UNGA 2008a). Microplastics only featured in 2015 when 
the negative impacts of this pollutant on ocean health and marine biodiversity were emphasized 
(UNGA 2015).

Illustrating the importance of the issue at the global level, resolutions on marine litter and 
microplastics have been adopted at each of the four UNEA meetings, the first of which was held in 
2014. The fourth meeting saw two resolutions adopted, one addressing marine litter and micro-
plastics (UNEA 2019b) and the other on single- use plastics (UNEA 2019a). Consensus has been 
found in promotion of the precautionary approach (UNEA 2014), sustainable consumption and 
production, the polluter pays (UNEA 2016), resource efficiency (UNEA 2017), and the circular 
economy (UNEA 2019b). Design, production, and use that employ the resource- efficient approach 
have been suggested to address the growing issue of single- use plastics (UNEA 2019a).

In the absence of an international binding agreement to address marine litter, the only instru-
ments at the global level that address marine plastic pollution explicitly are the Honolulu Strategy, 
adopted in 2011, and the IMO Action Plan to address marine plastic litter from ships, adopted in 
2018. Both instruments are voluntary, do not address the full life cycle of plastics and neither set 
reduction targets. However, targets have been agreed at the global level under other fora. The out-
come document of the United Nations Conference on Sustainable Development, titled “The Future 
We Want,” set the first real global target in 2012. A commitment was made to take action based on 
collected scientific data to achieve “significant reductions” in marine debris by 2025 in order to 
prevent harm to the coastal and marine environment (UNGA 2012). In 2017, the resolution on 
marine plastic litter and microplastics adopted at the third UNEA meeting set a target of “long- 
term elimination of discharge of litter and microplastics to the oceans” (UNEA 2017). The most 
meaningful target at the global level can be found within the 17 Sustainable Development Goals 
(SDGs) adopted by all UN member states in 2015 as part of the 2030 Agenda for Sustainable 
Development. SDG14 aims to conserve and sustainably use the oceans, seas, and marine resources, 
setting a global target to prevent and “significantly reduce” marine debris by 2025 (UN 2015). A 
number of indicators have been developed to enable the measurement of the reduction in plastic 
debris density as per target 14.1.1.b. Seventeen monitoring parameters are listed, such as litter 
found in different environmental compartments, biota ingestion rates and entanglement. Eleven 
of the 17  monitoring parameters are suggested for consideration by countries. These include 
“Plastic pollution potential (based on the use and landfilling of plastics)” and “Other parameters 
related to plastic consumption and recycling” (UN 2020).

Primary focus Agreement Binding/ voluntary Geographic scope

FAO Code of Conduct for 
Responsible Fisheries (Code of 
Conduct)

Voluntary Sea – within national jurisdiction
Sea – beyond national jurisdiction

The Convention on the 
Conservation of Migratory Species 
of Wild Animals (CMS)

Binding Land
Sea – within national jurisdiction
Sea – beyond national jurisdiction

Table 16.1  (Continued)
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16.3   Regional Instruments

UNCLOS requires states to cooperate in the adoption of laws and regulations to address 
land- based sources of marine pollution, including from rivers, estuaries, pipelines, and 
outfall structures (Article 207). States must also harmonize their policies at the regional 
level toward achieving this goal. A number of regional fora have adopted instruments 
applicable to the issue of marine plastic litter and also specific to the broader issue of 
marine litter. These include UNEP’s Regional Seas Programme and various economic fora, 
such as the European Union (EU), the Group of Seven (G7), the Group of Twenty (G20), the 
Asia- Pacific Economic Cooperation (APEC), and the Association of Southeast Asian 
Nations (ASEAN). While the focus of the Regional Seas Programme tends toward research 
and monitoring of the issue within the coastal and marine environment, the opportunity 
exists within the economic fora to foster a value chain approach, promoting upstream and 
downstream activities, as well as policy interventions and market- based instruments to 
deliver on the global goals agreed upon.

16.3.1  The Regional Seas Programme

The Regional Seas Programme was launched in 1974 under the UNEP umbrella. In total, 146 
coastal states are members of one or more of the 18 Regional Seas Conventions and Action Plans 
(RSCAPs). These operate under varying legal frameworks. Of the 18 RSCAPs, 14 have adopted 
legally binding overarching conventions. Four therefore operate within a voluntary framework. Of 
the 14 RSCAPs that have adopted conventions, nine have adopted protocols to the convention that 
addresses land- based sources of marine pollution. However, four of these protocols are not yet in 
force. The first marine litter action plans were adopted in 2007/2008, and since 2013, a number of 
action plans have been adopted or are under development/review, covering nearly all of the 
RSCAPs. The Regional Plan on Marine Litter Management in the Mediterranean was adopted in 
2013 and is the only legally binding action plan within this framework. This is because Article 15 
of the protocol on land- based sources for the region makes it mandatory for parties to adopt rele-
vant action plans that outline measures and timetables for their implementation (paragraph 1). 
These measures and timetables will become binding after a specified time period for those parties 
that have not notified the secretariat of their objection (paragraph 3; LBS/A Protocol for the 
Mediterranean 1980).

The mandate set by the legal instruments of the RSCAPs is broadly similar within the context of 
marine plastic pollution. For example, the Convention on the Protection of the Marine Environment 
of the Baltic Sea Area (Helsinki Convention 1992) mandates the prevention of pollution by deliber-
ate dumping (Article 11) and from ships (Article 8), giving effect to Articles 210 and 211 of 
UNCLOS, respectively. Incineration at sea is also prohibited (Article 10). The Convention for the 
Protection of the Marine Environment of the North- East Atlantic (OSPAR Convention  1992) 
requires the prevention of pollution from land- based sources (Article 3), outlining mandatory 
measures in Annex I. Similarly, Annex II outlines measures to be implemented for the prevention 
of pollution by dumping and incineration as per Article 4 of the Convention. This region has, 
therefore, not adopted protocols specific to these two sources of pollution. Other regions have 
adopted protocols to specifically address dumping, such as the Black Sea, the Mediterranean, and 
the South Pacific regions.
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In the Mediterranean region, Article 1 of the LBS/A Protocol for the Mediterranean establishes 
an obligation for contracting parties to the Protocol to:

take all appropriate measures to prevent, abate, combat and eliminate to the fullest possible 
extent pollution of the Mediterranean Sea Area caused by discharges from rivers, coastal 
establishments or outfalls, or emanating from any other land- based sources and activities 
within their territories, giving priority to the phasing out of inputs of substances that are 
toxic, persistent and liable to bioaccumulate.

Point sources as well as diffuse sources are specified within the scope of the Protocol, including 
coastal disposals, rivers, outfalls, canals, or other watercourses, including ground water flow, or 
through run- off and disposal under the seabed with access from land. In addition, polluting sub-
stances that may be transported by the atmosphere (Article 4), which would include microplastics, 
are included. Where applicable, permit systems must be established to regulate discharges from 
point sources, and standards and criteria set for sea- water quality for the protection of human 
health, living resources, and ecosystems (Article 6). Monitoring, scientific cooperation, technical 
assistance (Articles 8–10), and reporting timeframes (Article 13) are also mandated. Although 
plastics are not specifically mentioned as a pollutant, Annex I lists sectors recognized as common 
sources of plastic pollution, including the textile industry, tourism, agriculture, aquaculture, 
municipal solid waste, sewage sludge disposal, and incineration of wastes.

The Regional Seas Programme provides the most comprehensive geographic coverage of instru-
ments specific to the prevention and management of marine plastic litter. The adoption of regional 
marine litter action plans has increased in recent years, with some regions completing a review of 
their plans or in the process thereof. As mentioned, these are voluntary instruments with the 
exception of the Mediterranean region. The only region that has no instrument specific to marine 
litter, or is in the process of developing one, is the Antarctic.

Measures outlined in Regional Seas marine litter action plans are commonly grouped into 
actions that address land- based sources (e.g. solid waste management, wastewater treatment 
plants, dumping, and littering), sea- based sources (e.g. fisheries, aquaculture, and shipping), 
removal activities (e.g. beach cleans and fishing gear), monitoring and reporting, cooperation and 
education, and awareness. The emphasis varies, depending on the region, the maturity of solid 
waste management services and the level of engagement by the public. Actions listed are suggested 
for consideration in national programs of measures (OSPAR  2014). Increasingly, joint regional 
actions to be undertaken by the administering body are listed separately to national actions (UNEP- 
CAR/RCU 2014). Regional actions include the development of guidelines that further elaborate 
options to address specific measures, issues and sources in the region, as well as identify and con-
tribute to research priorities. A common research topic is the sources of primary and secondary 
microplastics (HELCOM 2015). The development of regionally harmonized monitoring programs 
is another common regional goal, supported by training (COBSEA 2019).

National actions have progressed from a list of broader actions listed in earlier regional action 
plans, such as improving waste management services, to including regulatory and policy measures 
that go beyond enforcement of littering and dumping prohibitions. Increasingly, regional action 
plans are promoting bans on certain single- use plastic items, container deposit schemes, and 
extended producer responsibility schemes, amongst others. Key performance indicators have also 
been included for the number of participating countries that adopt such regulatory measures 
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(SPREP 2018). The principles of circular economy, sustainable consumption and production, and 
resource efficiency are also promoted. However, the development of indicators to measure a reduc-
tion in plastic litter in the marine environment has been limited to only a few regions, such as the 
Mediterranean, Baltic Sea, and North- East Atlantic where data are more robust.

16.3.2  The European Union and Other Regional Economic Fora

The European Union (EU) has established a comprehensive legal framework which includes 
instruments that explicitly address marine plastic litter, in particular the adoption of upstream 
preventive measures. The overarching Marine Strategy Framework Directive (MSFD) provides the 
foundation for protecting the marine environment from plastic pollution. Indicators have also 
been defined within this framework for the amount of litter washed ashore and/or deposited on 
coastlines; the amount of litter in the water column (including floating on the surface) and depos-
ited on the seafloor; the amount, distribution and, where possible, composition of microparticles; 
the amount and composition of litter ingested by marine animals; and the number of individuals 
of each species which are adversely affected due to litter (e.g. by entanglement).

Since the adoption of the MSFD in 2008, a number of additional binding Directives and Strategies 
have placed greater emphasis on the issue of plastic pollution. In 2018, the European Strategy for 
Plastics in a Circular Economy (European Commission 2018) was adopted that lists recommended 
measures for national authorities and industry, including measures to specifically reduce pollution 
of the marine environment from plastics and microplastics. The subsequent Directive on single-
use plastics and fishing gear (EU 2019b) bans a number of single- use plastics and promotes the 
adoption of national measures to reduce the consumption of plastic beverage and food containers. 
Where sustainable alternatives to single- use products are not available, extended producer respon-
sibility schemes are promoted to cover the costs of waste management, cleanup, and awareness 
raising. Fishing gear is also targeted for extended producer responsibility schemes. The 2019 
Directive on port reception facilities for the delivery of waste from ships (EU 2019a) importantly 
targets fishing and other maritime activities to deliver waste to ports through the use of economic 
incentives, supported by the provision of adequate port reception facilities, mandatory delivery of 
wastes, and improved monitoring procedures.

Other regional economic fora that have adopted voluntary instruments to address marine litter spe-
cifically are the G7, the G20, APEC, and ASEAN. The G7 marine litter action plan (G7 2015) recog-
nizes the role of policy instruments, including economic incentives, market- based instruments, and 
public private partnerships in combating marine litter. Individual and corporate behavior change is 
promoted through public awareness and education. The G20 marine litter action plan emphasizes the 
polluter pays principle, extended producer responsibility, and the promotion of the socio- economic 
benefits to be gained from preventing marine litter (G20 2017). Subsequently, the G20 adopted an 
Implementation Framework for Actions on Marine Plastic Litter in 2019, promoting a life cycle 
approach to prevent and reduce discharge of plastic litter to the oceans (G20 2019a). In 2019, the APEC 
endorsed a roadmap on marine debris (APEC 2019a), followed by a Compendium of Policies and 
Preventive Measures to Reduce Land- based Marine Debris in APEC Economies (APEC 2019b). The 
roadmap promotes consideration of applying approaches for sustainable materials management as a 
method to strengthen end- markets for plastic wastes, thereby driving sustainable waste management. 
The ASEAN Framework of Action on Marine Debris (ASEAN 2019) encourages national authorities 
to strengthen markets for sustainable products and recyclable materials by working with industry to 
“develop and promote product sustainability and circularity criteria.” The use and disposal of single- 
use plastic products is recognized as unsustainable and should be addressed.
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16.3.2.1  Regional Targets
The only binding target set at the regional level specific to marine litter is in the European Union 
(EU). The MSFD sets a binding target for EU Member States to achieve a status where “properties 
and quantities of marine litter do not cause harm to the coastal and marine environment” by 2020 
(EU 2008). The Directive on single-use plastics and fishing gear sets a target of 77% separate collec-
tion of plastic bottles, increasing to 90% by 2029. For PET bottles, a 25% recycled content target has 
been set from 2025, with all plastic bottles requiring recycled content from 2030 (EU 2019b).

The regional marine litter action plan for the Baltic Sea promotes the development of regional 
and national actions that aim to achieve a significant quantitative reduction of marine litter by 
2025 compared to 2015 (HELCOM 2015). In some regions, an expiry date is placed on the marine 
litter action plan, placing an implied target on implementation of the measures listed. For exam-
ple, the Pacific action plan has a timeframe of 2018–2025 to coincide with the Cleaner Pacific 
2025 – Pacific Regional Waste and Pollution Management Strategy 2016–2025 (SPREP 2016).

Under the presidency of Japan, the Osaka Blue Ocean Vision sets the target agreed by the 
G20  member states to “reduce additional pollution by marine plastic litter to zero by 2050” 
(G20 2019b). Similarly, under the presidency of Canada, the G7 Ocean Plastic Charter was endorsed 
in 2018 by five of the seven member countries and the European Union. Described as “a new part-
nership with businesses” to reduce plastic waste, the Charter includes commitments by leading 
industry actors toward measurable targets of 100% reusable, recyclable, or recoverable plastics by 
2030; increasing recycled content by at least 50% in plastic products by 2030; and to recycle and 
reuse at least 55% of plastic packaging by 2030 and recover 100% of all plastics by 2040. Importantly, 
the establishment of secondary markets for plastics is included to support the targets for actual 
recycling, reuse, and recovery (G7 2018).

16.4   National Regulations and Policies

The international and regional legal and policy instruments form a framework of priority actions 
agreed by states. These, however, are given effect at the national level where implementation is key 
to the effectiveness of this framework. Implementation by government authorities, the private sec-
tor, and other actors can be promoted through national regulatory measures, voluntary measures, 
or a combination thereof in a co- regulatory manner.

Responses by national authorities to the issue of marine litter more generally initially tended 
toward the enforcement of littering and dumping fines, combined with public awareness cam-
paigns. Recent research has indicated that bans, taxes, and levies to reduce consumption of plastic 
bags have been introduced in 43 countries, while single- use plastic products or packaging is banned 
in 25 or more countries. As of 2018, these initiatives covered an estimated two billion people (Pew 
Trusts 2020).

Focusing on effective solid waste management as a means to manage plastic waste, the Plastics 
Policy Playbook (Ocean Conservancy 2019) provides targeted measures across five guiding princi-
ples, particularly those aimed at improving the economic feasibility of waste management. These 
guiding principles are as follows: (i) combine measures across the value chain, (ii) engage and 
include the informal sector, (iii) drive consumer awareness and behavior change, (iv) inspire politi-
cal will, and (v) improve enforcement at national and local levels.

The Organisation for Economic Co- operation and Development (OECD) hosted a workshop in 
2020 to take stock of current policies to reduce marine plastic litter and discuss options toward 
longer- term goals. In addition to improved enforcement, bans on single- use plastics where 
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 appropriate alternatives exist, cleanups, and awareness raising, it was recognized that leakage of 
plastics into the environment takes place along the entire plastics value chain. Upstream measures 
were therefore important (improved design, reduced consumption of unnecessary plastics, and 
reuse models), as well as downstream measures (improved sorting and collection, recycling, and 
capture technologies) and specific policies to prevent leakage of microplastics (OECD 2020).

Waste management is a core component in preventing marine plastic pollution. The social 
aspects thereof are increasingly being recognized, particularly the role of women (GA Circular 2019) 
and waste pickers in developing countries. National authorities are strongly encouraged to protect 
the livelihoods of these sectors when designing policies, particularly extended producer responsi-
bility schemes which may formalize their functions within the private sector.

A number of countries have developed national action plans, strategies, and roadmaps specific 
to marine litter. These include South Korea, Indonesia, and Vietnam. Canada has developed a zero 
plastic waste strategy, and Finland adopted a national plastics roadmap. Kenya has a plastic action 
plan, Thailand adopted a roadmap on plastic waste management, and Malaysia developed a road-
map toward zero single- use plastics. These all serve as examples of instruments that will directly 
or indirectly contribute to a reduction in marine plastic litter, designed to meet the needs and con-
text of each country.

16.4.1  National Targets

There are few national targets specific to marine litter. The 3rd National Marine Litter Management 
Plan of Korea aims to reduce marine plastic litter by 50% by 2030. The Indonesian marine plastic 
debris action plan operates from 2017 to 2025 and aims to achieve a 70% reduction in marine litter 
by 2025. Vietnam’s marine litter action plan is to be implemented by 2030 and aims to eliminate 
plastic litter from land- based and ocean- based sources. Targets have been set as follows:

By 2025 By 2030

Reduce marine plastic litter by 50% Reduce marine plastic litter by 75%

Prevent the use of single- use plastics and non- 
biodegradable plastic bags in 80% of coastal tourism 
areas and activities

Prevent the use of single- use plastics and non- 
biodegradable plastic bags in 100% of coastal tourism 
areas and activities

80% of marine protected areas are free of plastic 
litter

100% of marine protected areas are free of plastic 
litter

Collect 50% of abandoned, lost, or discarded fishing 
gear

Collect 100% of abandoned, lost, or discarded fishing 
gear, and eliminate disposal of fishing gear into the 
sea

Conduct nationwide beach clean- up campaigns at 
least twice a year

16.5   Conclusion

The risk that marine plastic pollution presents to the health of marine ecosystems has been recog-
nized for nearly five decades, yet legal and policy frameworks have lagged behind the constantly 
evolving science. A number of instruments exist at the international and regional level to guide 
national implementation. However, no single instrument exists at the international level to 
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 manage the issue across the global plastics value chain. Monitoring progress specific to the reduc-
tion of marine plastic litter across multiple instruments with varying objectives will be challenging 
(UNEP 2017).

The existing framework has evolved over recent years to include principles and approaches that 
could address the issue upstream, moving beyond improvements to waste management and envi-
ronmental monitoring of the presence of plastic pollution. A circular economy approach and eco- 
design criteria could assist in improving rates of collection and sorting and enhancing the economic 
feasibility of sustainable end- of- life treatment of plastics. To progress discussions at the global level 
on the need for a binding global agreement to prevent plastic pollution, the Government of Norway 
has commissioned a report outlining possible elements of such an agreement, submitted to the ad 
hoc open- ended expert group on marine litter and microplastics (Raubenheimer and Urho 2020) 
established at the third session of UNEA.

While the global begin the potentially lengthy process of negotiating a new binding global 
agreement of a new binding global agreement, efforts continue within the existing framework. 
The Regional Seas Programme has continued to strengthen and expand the regional marine litter 
action plans. The Basel Convention plastic waste amendments came into force on 1 January 2021. 
The Plastic Waste Partnership recently established under the Basel Convention provides a platform 
to engage industry in seeking options within the mandate of the Convention. UNEP continues to 
strengthen the Global Partnership on Marine Litter, providing a multi- stakeholder platform and an 
international #Clean Seas campaign to raise awareness and encourage pledges.

In addition to the legal and policy framework outlined in this chapter, industry and non- 
government organizations are tackling the issue. Marine plastic litter and waste management have 
risen to greater prominence on government agendas. It remains to be seen whether the collective 
political will is sufficient to address the systemic integration of plastics into everyday life and the 
rapidly increasing production rates associated with the global reliance on the material.
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